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INTRODUCTION

Increasing atmospheric CO2 concentrations are
expected to strongly impact both marine organisms
and ecosystem processes via ocean acidification
(Doney et al. 2009). By 2100, global atmospheric CO2

concentrations are projected to reach up to 1150
parts per million by volume (ppmv; IPCC 2013), caus-
ing sea surface pH to decrease by 0.3−0.5 units
(Caldeira & Wickett 2005). Although the biological

responses to decreased seawater pH are complex,
variable, and species-specific, ocean acidification
will likely have profound effects on many marine
calci fying organisms, on some noncalcifying phyto-
plankton, and more generally, on marine food webs
and ecosystems (Guinotte & Fabry 2008, Doney et al.
2009, Connell & Russell 2010).

Some coastal waters may be particularly suscepti-
ble to ocean acidification over the course of this cen-
tury, especially in regions with high riverine inputs or
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strong mixing (Strong et al. 2014). Such systems can
have high concentrations of total suspended solids
due to inputs of lithogenic particles in freshwater or
resuspension of bottom sediments (Geyer et al. 2004).
The Hudson River estuary (New York, USA), the Eel
River shelf (California, USA), and the Amazon shelf
(Brazil) can all experience suspended sediment con-
centrations in excess of 1000 mg l−1 (Geyer et al.
2004). On a global scale, changes in climate and land
use may increase riverine sediment inputs to coastal
marine ecosystems by the end of this century (Yang
et al. 2003, Ito 2007).

Coastal areas of the Persian Gulf may be vulnera-
ble to the interactive effects of ocean acidification
and lithogenic particle loads. The Persian Gulf mar-
ine ecosystem is predicted to have one of the highest
cumulative anthropogenic impacts by the end of this
century (Halpern et al. 2008). Additionally, coastal
waters in the region are strongly influenced by high
concentrations of suspended sediments ranging from
125 to 2295 mg l−1 from the Shatt al-Arab River (Gail-
lardet et al. 1999, Al-Yamani 2008) and, to a lesser
extent, atmospherically forced mineral dust from the
Arabian Peninsula (Tindale & Pease 1999, Mackey et
al. 2010). Over the course of this century, high con-
centrations of both atmospheric CO2 and suspended
lithogenic particles will likely impact marine organ-
isms within the ecosystem.

Lithogenic particles play an important role in car-
bon cycling, storage, and climate (Turner & Millward
2002, Jickells et al. 2005, Mahowald et al. 2010). Sed-
iments and dust contain iron (Fe; Martin 1990, Duce
& Tindale 1991), as well as other bioactive trace met-
als such as nickel (Ni) and cadmium (Cd; Modaihsh
1997, Sunda et al. 2005, Mackey et al. 2012). The
bioactive trace metals mobilized from lithogenic par-
ticles can stimulate phytoplankton growth at rela-
tively low concentrations (Morel & Price 2003, Ho et
al. 2013, Twining & Baines 2013). In addition, litho-
genic particles (Moore et al. 2009, Srinivas & Sarin
2013) and trace metals such as Ni (Ho 2013) have
been shown to stimulate oceanic nitrogen fixation.
However, some trace metals supplied by mineral par-
ticles can also be toxic at high concentrations (Paytan
et al. 2009, Jordi et al. 2012). Trace elements such as
Cd, copper (Cu), and lead (Pb) have been shown to
negatively affect the growth of marine phytoplank-
ton (Brand et al. 1986, Echeveste et al. 2012, Herzi et
al. 2013). Sub-lethal toxic effects of Cu and Pb have
been described for the harmful dinoflagellate
Cochlodinium polykrikoides (Ebenezer & Ki 2012).
Despite varying sensitivities and growth responses to
trace metals among phytoplankton species (Sunda

1989), potential future changes in lithogenic particle
inputs could significantly impact marine biogeo-
chemical dynamics (Mahowald et al. 2010).

While many studies have examined the individual
effects of CO2 or trace metals on phytoplankton
physio logy (e.g. Morel & Price 2003, Doney et al.
2009), few studies have explored the combined inter-
actions of ocean acidification and trace metal chem-
istry on phytoplankton growth (Millero et al. 2009).
Ocean acidification can impact the biogeochemistry
of lithogenic trace metals by altering their solubility
and speciation, including their capacity to form com-
plexes with organic ligands (Eggleton & Thomas
2004, Millero et al. 2009, Hoffmann et al. 2012).
Decreased seawater pH has been shown to alter the
chemical speciation of Fe, leading to significant
impacts on the uptake rates of Fe by phytoplankton
(Shi et al. 2010). Both seawater pH and complexing
agents have been shown to impact the bioavailability
and uptake rates of zinc (Zn) and Cd (Xu et al. 2012).
In high-nutrient, low-chlorophyll (HNLC) waters of
the North Pacific, ocean acidification has been shown
to influence Fe uptake from desert dust deposition
(Mélançon et al. 2015). However, no studies have
examined the potential toxic effects of lithogenic
trace metals on the growth of phytoplankton (e.g. C.
polykrikoides) under varying ocean acidification sce-
narios. This is a critical area of research that requires
attention (Hoffmann et al. 2012).

In the present study, the dinoflagellate C. poly -
krikoides was used as a model organism to assess the
interactive effects of increasing atmospheric CO2 and
trace metal release from sediments on the growth of
a harmful algal bloom (HAB) species. C. poly -
krikoides blooms have been observed in the Persian
Gulf and Sea of Oman (Richlen et al. 2010, Al-Azri et
al. 2014), and have been associated with mass mor-
talities of fish and shellfish in the region (Al Gheilani
et al. 2011, Saeedi et al. 2011). In the present study,
sediments collected from Oman were added to batch
cultures to assess the toxicity of lithogenic trace
 metals under 3 different CO2 conditions: 400 ppmv
(current atmospheric levels), 800 ppmv (projected
‘business-as-usual scenario’ levels in 2100), and
1200 ppmv (projected ‘worst-case scenario’ levels in
2100; IPCC 2013). The concentrations of bioactive
trace metals released from the sediments and the
growth responses of the model organism C. poly -
krikoides were examined over 35 d. In addition, a
toxicity bioassay experiment was performed to assess
C. polykrikoides growth responses under a range of
concentrations of Cd or Ni (2 potentially toxic litho-
genic trace metals) at ambient CO2 over 29 d.
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The research objectives were threefold: (1) to as -
sess the changes in trace metal concentrations re -
leased from sediments under high CO2, (2) to exam-
ine the physiological responses of C. polykrikoides to
high suspended sediment loads under elevated CO2,
and (3) to determine the toxicity responses of C.
polykrikoides to Cd and Ni. Based on previous stud-
ies (e.g. Millero et al. 2009), the release of trace met-
als from sediment was predicted to increase under
increasing CO2 (Hypothesis 1). In addition, based on
other recent studies (e.g. Paytan et al. 2009), in -
creased concentrations of dissolved lithogenic trace
metals were predicted to negatively affect the
growth of C. polykrikoides (Hypothesis 2). This is the
first study to examine the synergistic, toxic effects of
sediment on the growth of a HAB species under high
CO2. It is also the first study to examine the toxicity
responses of C. polykrikoides to Ni and Cd. Such
information is essential to improve understanding of
the changing biogeochemical dynamics associated
with anthropogenic ocean acidification in marine
ecosystems.

MATERIALS AND METHODS

Algal culture and media

Culture isolates of Cochlodinium polykrikoides
(strain CP1) came from Flanders Bay in Long Island,
NY, USA (Gobler et al. 2008, Tang & Gobler 2009).
This culture strain (the ‘American/Malaysian’ ribo-
type) was the same strain as that identified in the Per-
sian Gulf and Sea of Oman in 2008−2009 based on
ribosomal RNA sequence data (Iwataki et al. 2008,
Richlen et al. 2010). Cultures were maintained at a
constant temperature of 24.7 ± 0.04°C (mean ± SEM)
in an incubator fitted with a bank of 34 W cool white
lights with a light intensity of ~100 µmol quanta m−2

s−1 and with a photoperiod of 11.5 h light :12.5 h dark.
Seawater was collected from Corson’s Inlet in

Dennis ville, NJ, USA (salinity 34), 0.2 µm capsule-
 filtered, and autoclave-sterilized. Three types of
modified L1 media (Guillard & Hargraves 1993) were
prepared using coastal seawater as the base: (1)
media with no added trace metals, EDTA, or silicate,
used for the CO2/sediment incubation experiment (in
all treatments including the reference cultures), (2)
media with no added Cd or silicate, used for growing
the cultures and for the Cd bioassay experiment, and
(3) media with no added Cd, Ni, or silicate, used for
the Ni bioassay experiment. Note that the media
used in the bioassay experiment contained EDTA

disodium salt dihydrate (1.17 × 10−5 M), a synthetic
chelator that binds to metal ions in media (Sunda et
al. 2005).

All polycarbonate culture flasks and Teflon/Tygon
tubing used for the incubation experiments were
soaked in 5% HCl (technical grade) for at least 3 d
and rinsed with ultrapure water (Millipore Milli-Q).
All Teflon bottles used for the collection and storage
of trace metal samples were soaked in 2% detergent
(Micro-90) for 1 d, rinsed with deionized (DI) and
ultrapure water, acid-soaked (10% HCl, technical
grade) for 3 d, acid-soaked (1% HCl, reagent grade)
for another 3 d, rinsed with ultrapure water, and
stored with acidified ultrapure water (0.024 M HCl,
quartz-distilled).

Sediment

Sediment was obtained from an undisturbed,
 terrestrial source point near the coast in Muscat,
Oman (23.607° N, 58.595° E). The sediment particles
were size-fractionated to collect the 60−100 µm frac-
tion using acid-cleaned, sonicated synthetic nylon
screens. This size fraction of particles was within the
range of sediment grain sizes observed in the Persian
Gulf (Emery 1956). The trace metal composition of
the sediment was determined in the Class-1000/100
Geochemistry facilities at the National High Mag-
netic Field Laboratory (NHMFL; Tallahassee, FL,
USA) via microwave digestion (CEM MARS Xpress)
with nitric acid (HNO3) and hydrofluoric acid (HF),
followed by quantification using high-resolution
magnetic sector inductively coupled plasma-mass
spectrometry (ICP-MS; Thermo ELEMENT 2; Morton
et al. 2013). The trace metal composition of the sedi-
ment was compared to that of upper continental crust
(Rudnick & Gao 2003) and Oman ophiolite (Hanghøj
et al. 2010; Table S1 in the Supplement at www. int-
res. com/ articles/ suppl/ a080 p139 _ supp. pdf).

CO2/sediment incubation experiment

C. polykrikoides cultures were maintained in a
total of 3 CO2 treatments (400, 800, and 1200 ppmv)
in an ocean acidification experimental design consis-
tent with recommendations from Cornwall & Hurd
(2016). Five days prior to the start of the experiment,
the media in each of the reservoir headers were
purged continuously using 3-component compressed
gas mixtures of CO2 (400, 800, or 1200 ppmv), 21%
O2, and balance N2. One day prior to the start of the
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experiment, C. polykrikoides cells were centrifuged
(300 RCF, 3 min), resuspended, and acclimated in L1
media with no added trace metals, EDTA, or silicate.
At the start of the experiment, after the desired pH
levels were maintained in the reservoirs, 1 l of the
compressed gas-amended media from each of the
reservoir headers was carefully siphoned into each of
5 culture flasks per CO2 treatment. Aliquots of accli-
mated C. poly krikoides cells were then transferred
into 3 experimental flasks (culture with sediment)
and one reference flask (culture without sediment)
per treatment to yield initial cell concentrations of 2.4
× 103 cells l−1 in each flask. Cell concentrations were
low in order to prevent changes in pH or dissolved
oxygen over time. Equal aliquots (500 mg) of the size-
fractionated sediment were added to each of the 3
experimental flasks and 1 sediment blank flask (sed-
iment only, no culture) per treatment. The flask con-
taining only sediment was used as a blank for chloro-
phyll a (chl a) concentrations. The amount of
sediment added in this incubation experiment was
within the range of observed levels of suspended
solids in coastal waters of the Persian Gulf (Gaillardet
et al. 1999, Al-Yamani 2008).

The flasks were randomly positioned in the incuba-
tor and gently swirled at least once a day over the
course of the 35 d batch culture incubation experi-
ment. Cultures were maintained over an extended
period of time, since trace metals have been shown to
exhibit a broad range of dissolution rates from min-
eral particles (Mackey et al. 2015). The media in the
reservoirs (not in the culture flasks) were continu-
ously purged with compressed gas throughout the
experiment. The headspace of each bubbled reser-
voir was connected to the headspaces of all 5 associ-
ated flasks to maintain constant pH and dissolved
oxygen concentrations. In order to show that the C.
polykrikoides cells in the experimental treatments
were trace metal-limited, L1 trace metals and EDTA
were added to the reference flask in each treatment
after 16 d to stimulate C. polykrikoides growth
(Fig. S1 in the Supplement). Trace metals and EDTA
were not added to the experimental flasks containing
sediment. Samples were obtained throughout the
experiment by careful airtight siphoning of approxi-
mately equal volumes from all flasks.

Since the pH and dissolved oxygen of overlying
water have been shown to impact trace metal release
from sediments (Atkinson et al. 2007), and since algal
cultures can impact the concentrations of dissolved
gases during exponential growth, both pH and dis -
sol ved oxygen were monitored throughout the
course of the incubation experiment to ensure that

these concentrations remained constant in the
growth media. Measurements of pH on the National
Bureau of Standards (NBS) scale were obtained
using a bench-top pH meter calibrated against NBS
buffers (Thermo Scientific Orion Star A211) to deter-
mine relative differences in pH among treatments
(Table S2 in the Supplement). Dissolved oxygen con-
centrations were measured using a 4-channel fiber-
optic sensor with an external probe for automatic
temperature compensation (FireSting; Table S2).

Trace metal samples collected at the start of the ex-
periment (following sediment addition), after 22 d,
and after 35 d of incubation were 0.22 µm-filtered
through ultrapure water-rinsed polyvinylidene fluo-
ride (PVDF) filters with modified acrylic housings us-
ing rinsed polypropylene/polyethylene (PP/PE) sy-
ringes. Samples were stored in trace metal-clean
Teflon fluorinated ethylene propylene (FEP) bottles,
immediately acidified (0.024 M HCl, quartz-distilled),
and stored double-bagged (Uline Minigrip) at room
temperature for less than a month until trace metal
pre-concentration, extraction, and analysis via ICP-
MS. Dissolved trace metals including Fe, Cd, Ni, Cu,
Zn, Pb, manganese (Mn), and cobalt (Co) were quan-
tified in the trace metal-clean facilities at the NHMFL.
Aliquots of the filtered, acidified samples were UV-
oxidized in the FEP bottles for 1.5 h to release metals
(e.g. Cu and Co) from organic ligands, and subsam-
pled (5 ml) into quartz tubes. Each sample aliquot was
spiked with 2 standards: (1) an enriched stable isotope
standard (57Fe, 111Cd, 62Ni, 65Cu, 68Zn, and 207Pb) to
quantify concentrations by isotope dilution, and (2) a
monoisotope standard (Mn and Co) to quantify con-
centrations by standard additions (Milne et al. 2010).
Trace metals were extracted from the seawater matrix
using an automated form of the extraction procedure
used by Milne et al. (2010) with a chelating resin col-
umn containing Nobias Chelate PA-1 resin as de-
scribed by Biller & Bruland (2012). Samples were
buffered in-line with ammonium acetate (0.4 M) to pH
5.5−5.8. Metals were eluted from the column with
0.5 ml of HNO3 (1.0 M, quartz-distilled) at a pre-con-
centration factor of ~10. Eluted samples were analyzed
along with isotope dilution calibration standards
using high-resolution magnetic sector ICP-MS
(Thermo ELEMENT 2; Table S3 in the Supplement).
Concentrations of dissolved trace metals were deter-
mined in experimental treatments and background
pure L1 media (Table S3). The rates of change of dis-
solved trace metals were also determined within each
treatment (Table S4 in the Supplement).

Nutrient samples were 0.22 µm syringe-filtered
and frozen at −80°C until analysis. Concentrations of
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phosphate, nitrate, nitrite, ammonium, and silicate
were determined using a modular nutrient analyzer
(Seal Analytical AA3 AutoAnalyzer; Table S5 in the
Supplement).

In vivo fluorescence was measured using a
bench-top fluorometer (Turner Designs Trilogy).
Chl a concentrations were calculated using a cali-
bration of in vivo fluorescence and extracted chl a
(R2 = 0.999; JGOFS 1996, Huot & Babin 2011; Table
S6 in the Supplement). Growth responses of C.
polykrikoides were assessed using chl a concentra-
tions rather than cell counts (e.g. Ebenezer & Ki
2012) due to the interference of sediment particles
in cell count measurements. Chl a concentrations
were correlated with cell counts in pooled data
from all experimental treatments (R2 = 0.604; data
not shown). Subsamples of C. polykrikoides culture
were preserved in neutral Lugol’s iodine solution
(2% final concentration) and counted using a
bench-top automated particle ana lysis instrument
(FlowCam B3 Series) fitted with a 4× objective and
a 300 µm field-of-view flow cell. Growth rates were
determined using the exponential growth equation
of chl a concentrations over the exponential phase
of growth at the last 4 time points from 19 to 35 d
(R2 > 0.911, except at 1200 ppmv where growth
was inhibited; Table S7 in the Supplement). Growth
rates for reference cultures were determined in the
same way. C. polykrikoides cell morphology was
examined after 37 d of incubation using a multi-
photon confocal microscope (Nikon A1R MP) at the
Herbert Irving Comprehensive Cancer Center at
Columbia University. Images were obtained in
order to provide a qualitative assessment of the
combined effects of CO2 and trace metals on C.
polykrikoides morphology.

Toxicity bioassay experiment

C. polykrikoides batch cultures were maintained in
a total of 5 Cd treatments and 6 Ni treatments over a
range of relevant concentrations based on dissolved
trace metal concentrations from the CO2/sediment
incubation experiment. The trace metals Cd and Ni
were chosen for the bioassays based on temporal
trends in the CO2/sediment incubation experiment.
In addition, Cd has been reported to be toxic to
phytoplankton (Brand et al. 1986, Echeveste et al.
2012, Herzi et al. 2013).

One day prior to the start of the experiment,
batches of modified L1 media were prepared under a
range of total Ni concentrations (0 to 300 nM) or Cd

concentrations (0 to 3 nM) by performing serial addi-
tions of either nickel(II) sulfate hexahydrate (NiSO4

.

6H2O) or cadmium(II) chloride (CdCl2) into 100 ml of
L1 media in culture flasks. Positive controls were
prepared in L1 media with no added Cd or silicate
(10 nM Ni, 0 nM Cd). Also 1 d prior to the start of the
experiment, C. polykrikoides cells were centrifuged
(300 RCF, 3 min), resuspended, and acclimated in
either L1 media with no added Cd or silicate (for the
Cd bioassay experiment) or L1 media with no added
Cd, Ni, or silicate (for the Ni bioassay experiment). At
the start of the experiment, aliquots of acclimated C.
polykrikoides cells were transferred into 3 experi-
mental replicates in each Cd and Ni treatment to
yield initial cell concentrations of 9.8 × 103 cells l−1 in
each flask. Cell concentrations were low to allow
time for trace metal toxicity responses and to observe
growth rates comparable to those in the CO2/sedi-
ment incubation experiment.

Cultures were randomly positioned in the incuba-
tor, gently swirled at least once a day, and main-
tained at ambient CO2 conditions over the course of
the 29 d exposure. Chl a concentrations were ob -
tained as described in the previous subsection and
were linearly correlated with cell counts in pooled
data from all experimental treatments (R2 = 0.933;
data not shown). Subcultures for cell counts were
preserved as described in the previous subsection
and counted using a compound microscope fitted
with a 10× objective using a Sedgewick-Rafter
counting slide. Growth rates were determined from
exponential increases in chl a at the last 4 time
points from 10 to 29 d, as described in the previous
subsection (R2 > 0.992; Table S8 in the Supplement).
Dose-response curves were generated (10 to 300 nM
Ni and 0 to 3 nM Cd), and effective concentration
values at 50% and 90% of the observed maximal
growth effects (EC50 and EC90, respectively) were
calculated based on percent reductions in growth
rate relative to the positive control (Table S9 in the
Supplement). Note that EC50 and EC90 values were
calculated using total added trace metal concentra-
tions (e.g. Ebenezer & Ki 2012) in media containing
EDTA.

Photosynthesis-irradiance (PI) curves were gener-
ated during exponential growth after 21 d under a
range of Ni concentrations (0 to 300 nM) or Cd con-
centrations (0 to 3 nM) using a bench-top Fluor -
escence Induction and Relaxation (FIRe) system
(Gorbunov & Falkowski 2004) as described by Gor-
bunov et al. (2001). PI curves were used as physiolog-
ical assays for Ni and Cd since both trace metals have
been shown to impact photosystem II (PSII; Sunda
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1989, Boisvert et al. 2007, Perreault et al. 2011). Rela-
tive rates of photosynthetic electron transport were
calculated according to the following equation, as
de scribed by Suggett et al. (2011):

electron transport rate = I · aPSII · φPSII (1)

where I is the actinic light intensity, aPSII is the ab -
sorption cross-section of PSII, and φPSII is the quan-
tum efficiency of photochemistry under actinic light.
Note that the rates of electron transport were relative
measures of photosynthesis since values were not
normalized to unit chl a and rates were not measured
in units of carbon fixation or oxygen production. The
slope of the light-limited portion of the PI curve (α)
was determined using a linear regression of the first
5 light levels (R2 > 0.972; Table S10 in the Supple-
ment). Differences in maximum relative rates of elec-
tron transport (Pmax; µmol electrons m−2 s−1) were
determined using Michaelis-Menten curve-fitting
over irradiances of 0 to 600 µmol quanta m−2 s−1

(Ritchie 2008; Table S10).
Free metal ion concentrations of Cd and Ni were

obtained using Visual MINTEQ software, version
3.1. Input data included pH, temperature, ionic
strength (0.701 M at salinity 34; Pilson 1998),
partial pressure of CO2, concentrations of major
components of natural seawater at salinity 34, cal-
culated according to Pilson (1998; Table S11 in the
Supplement), concentrations of components of
media in each treatment (examples in Table S12 in
the Supplement), and mean measured dissolved
trace metal concentrations (CO2/ sediment incuba-
tion experiment only).

Statistical analyses

Data were analyzed using Prism GraphPad soft-
ware, version 7. Linear regressions were applied to
pH, dissolved oxygen, and dissolved trace metal data
to determine significant changes over time. Paired
t-tests at 95% confidence were used to analyze
macronutrient data to determine significant differ-
ences between the initial and final time points. One-
way ANOVA with multiple comparisons and Fisher’s
least significant difference (LSD) tests were applied
to dissolved trace metal, macronutrient, growth rate,
and α and Pmax data to determine significant differ-
ences among treatments. Two-way ANOVA with
multiple comparisons and Fisher’s LSD tests were
applied to pH and dissolved oxygen data to assess
significant differences among treatments at all sam-
pling time points.

RESULTS

CO2/sediment incubation experiment

The trace metal analysis of the size-fractionated
sediment used in the incubation experiment indi-
cated that the sediment from Oman contained 0.10 ±
0.01 ppm Cd and 454 ± 18 ppm Ni (mean ± SEM;
Table S1). The sediment was strongly enriched in Ni
and slightly enriched in Co compared to the upper
continental crust, but not compared to Oman ophio-
lite (Table S1).

The measured pH remained constant in each treat-
ment between 0 and 35 d (linear regression; Table S2).
At all sampling time points, pH values were signifi-
cantly different among treatments (2-way ANOVA,
p < 0.001; Table S2). The measured pHNBS values at
400, 800, and 1200 ppmv CO2 were 8.13 ± 0.01, 7.89 ±
0.01, and 7.74 ± 0.01, respectively (mean ± SEM). Dis-
solved oxygen concentrations remained constant in
each treatment between 0 and 35 d (linear regression;
Table S2). Dissolved oxygen concentrations were not
significantly different among treatments at all sam-
pling time points (2-way ANOVA; Table S2).

Dissolved Fe concentrations significantly increased
over time at 1200 ppmv CO2 (linear regression, p =
0.0017; Table S4). After 35 d, concentrations were
significantly elevated at 1200 ppmv CO2 compared to
400 ppmv (1-way ANOVA, p = 0.0086; Fig. 1) and
800 ppmv CO2 (p = 0.0060). Concentrations were sig-
nificantly different from background media after 35 d
at 1200 ppmv CO2 (1-way ANOVA, p = 0.0007;
Table S3). Dissolved Cd concentrations increased
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over time between 0 and 35 d at 1200 ppmv CO2 rel-
ative to the other treatments, but the trend was not
significant (linear regression; Table S4). Cd concen-
trations were not significantly different among CO2

treatments after 35 d (1-way ANOVA; Fig. 1). Con-
centrations of dissolved Cd were not significantly dif-
ferent from the background media (1-way ANOVA;
Table S3). Dissolved Ni concentrations increased
over time at 400 ppmv (linear regression, p = 0.0014;
Table S4), 800 ppmv (p < 0.001), and 1200 ppmv CO2

(p = 0.0008). After 35 d, Ni concentrations were sig-
nificantly higher at 1200 ppmv CO2 compared to
400 ppmv (1-way ANOVA, p = 0.0009; Fig. 1) and
800 ppmv CO2 (p = 0.0334). Concentrations were sig-
nificantly different from background media after 22 d
in all CO2 treatments (1-way ANOVA, p < 0.001;
Table S3) and after 35 d in all treatments (p < 0.05).

Dissolved Mn concentrations increased over time
at 400 ppmv (linear regression, p < 0.001; Table S4),
800 ppmv (p = 0.0040), and 1200 ppmv CO2 (p <
0.001). However, Mn concentrations were not signif-
icantly different among treatments after 35 d (1-way
ANOVA; Table S3). Mn concentrations were signifi-
cantly different from background media after 35 d
in all CO2 treatments (1-way ANOVA, p < 0.001;
Table S3). Dissolved Co concentrations did not
increase over time (linear regression; Table S4). After
35 d, Co concentrations were significantly higher at
1200 ppmv CO2 compared to 400 ppmv (1-way
ANOVA, p = 0.0419; Table S3) and 800 ppmv CO2

(p = 0.0385). Co concentrations were significantly dif-
ferent from background media after 35 d at 400 ppmv
(1-way ANOVA, p = 0.0064; Table S3) and 800 ppmv
(p = 0.0059), but not at 1200 ppmv CO2. Dissolved
Cu, Zn, and Pb concentrations did not increase over
time (linear regression; Table S4) and were not sig-
nificantly different among treatments after 35 d (1-
way ANOVA; Table S3). Cu concentrations were sig-
nificantly different from background media after 35 d
at 800 ppmv CO2 (1-way ANOVA, p = 0.0362;
Table S3), but not at 400 or 1200 ppmv CO2. Zn and
Pb concentrations were not significantly different
from background media after 35 d (1-way ANOVA;
Table S3). Zn concentrations were especially high
relative to those in surface seawater (Sunda 1994).

Nitrate, nitrite, and silicate concentrations were not
significantly different between the initial and final
time points in all CO2 treatments (paired t-test;
Table S5). Ammonium concentrations increased over
time at 400 and 800 ppmv CO2 (linear regression, p =
0.0025 and p = 0.0439, respectively; Table S5), but
not at 1200 ppmv CO2. It is possible that ammonium
concentrations increased in the culture flasks at 400

and 800 ppmv CO2 as a result of metabolic waste pro-
duction. Ammonium concentrations also increased in
the media containing sediment without culture (data
not shown), suggesting a possible abiotic effect from
sediment. Phosphate concentrations decreased over
time at 800 ppmv CO2 (linear regression, p = 0.0294;
Table S5), but not at 400 or 1200 ppmv CO2. Phos-
phate, ammonium, nitrite, and silicate concentra-
tions were not significantly different among treat-
ments after 35 d (1-way ANOVA; Table S5). Nitrate
concentrations were significantly different at 800
and 1200 ppmv CO2 (1-way ANOVA, p = 0.0452;
Table S5). Macronutrient concentrations were high
enough to not be limiting during exponential growth.

Based on chl a concentrations in experimental re -
plicates, cell biomass decreased at high suspended
sediment concentrations at elevated CO2 (Fig. 2).
Growth rates calculated from the exponential in creases
in chl a concentrations significantly de creased at
1200 ppmv CO2 compared to 400 ppmv (1-way
ANOVA, p = 0.0048; Fig. 3) and 800 ppmv CO2 (p =
0.0207). Growth rates in the reference flask in all treat-
ments exceeded 0.2 d−1 over the same time period
(Table S7). Confocal microscopy images ob tained at
the end of the incubation experiment indicated de-
creased cell size and autofluorescence of Cochlodinium
poly krikoides cells following sediment additions at
1200 ppmv compared to 800 ppmv CO2 (Fig. 4).

Toxicity bioassay experiment

C. polykrikoides growth rates in all Cd and Ni bio -
assay treatments were significantly decreased com-
pared to the positive control (1-way ANOVA, p <
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0.05; Fig. 5a). Dose-response curves based on mean
percent reductions in growth rate relative to the pos-
itive control indicated dose-dependent, sigmoidal
responses of C. polykrikoides growth to both Cd and
Ni (Fig. 5b). Note that the toxicity responses repre-
sent the effects of added total trace metals in the
presence of EDTA to the base seawater media. EC50

and EC90 were determined using the dose-response
curves (Table 1).

PI curves obtained after 21 d during exponential
growth were used to calculate relative differences in
α and Pmax parameters for Cd and Ni (Fig. 6). In the
Ni experiment, α parameters in all experimental
treatments were not significantly different from those
in the 0 nM Ni treatment, with the exception of
60 nM Ni (1-way ANOVA, p = 0.0262; Table S10).
Pmax parameters in all treatments were significantly
different from those in the 0 nM Ni treatment (1-way
ANOVA, p < 0.01; Table S10). In the Cd experiment,

α and Pmax parameters in all experimental treatments
were significantly different from those in the 0 nM
Cd treatment (1-way ANOVA, p < 0.01; Table S10).
The PI curves for Cd and Ni indicated decreased
overall photosynthetic capacity at high Cd and Ni
concentrations.

Based on the comparison of mean free metal ion
concentrations in the CO2/sediment incubation
experiment and the toxicity bioassay experiment
(Table 2), the calculated Ni2+ concentrations were
lower in the Ni bioassay experiment due to complex-
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Trace metal EC50 (nM) EC90 (nM)

Cd 0.44 ± 0.01 1.53 ± 0.01
Ni 25.3 ± 1.1 44.6 ± 1.2

Table 1. Effective concentration values at 50% and 90% of
the observed maximal Cochlodinium polykrikoides growth
(EC50 and EC90; mean ± SEM; n = 3 for all treatments) 

derived from the Cd and Ni dose-response curves
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calculated from exponential increases in chl a between 19
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Fig. 4. Confocal microscopy images of representative
Cochlodinium polykrikoides cells after 37 d in media with
high suspended sediment concentrations at (a) 800 and (b) 

1200 ppmv CO2. Scale bar = 25 µm
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ation with EDTA. The mean background-corrected
Ni2+ concentration at 1200 ppm after 35 d of incu -
bation in the CO2/sediment experiment (54.8 nM;
Table 2) was orders of magnitude higher than the
mean Ni2+ concentration in the 300 nM Ni bioassay
treatment (0.13 nM). The calculated Cd2+ concentra-
tions in the CO2/sediment incubation experiment
were within the range of the concentrations tested in
the Cd bio assay experiment (Table 2). The mean
background-corrected Cd2+ concentration at
1200 ppm after 22 and 35 d in the CO2/sediment
experiment (0.003 nM; Table 2) was similar to the
mean added Cd2+ concentration in the 0.3 nM Cd
bioassay treatment (0.005 nM).

DISCUSSION

This is the first investigation of the toxic, synergis-
tic effects of trace metals mobilized from suspended
sediments and high CO2 on phytoplankton growth
rates and photosynthesis. This study fulfilled the
objectives and addressed the research needs: (1) to

elucidate the effects of specific components of min-
eral particles on individual phytoplankton species,
consistent with recommendations from Paytan et al.
(2009), (2) to examine the biological responses to
multiple environmental factors including ocean acid-
ification, consistent with recommendations from Do -
ney et al. (2009) and Hoffmann et al. (2012), and (3) to
determine the implications of ocean acidification on
noncalcifying marine organisms, consistent with rec-
ommendations from Connell & Russell (2010).

Results of the CO2/sediment incubation experi-
ment support Hypothesis 1 (see the ‘Introduction’)
that lithogenic trace metal concentrations would
increase under increasing CO2. In this study, high
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treatments)

Treatment Cd (nM) Cd2+ (nM) Ni (nM) Ni2+ (nM)

400 ppmv CO2 (with sediment)
0 d 0.0 −9.0 × 10−6 0.2 −0.3

22 d 0.0 −9.0 × 10−6 16.9 12.0
35 d 0.0 −9.0 × 10−6 18.4 13.1

800 ppmv CO2 (with sediment)
0 d 0.0 4.0 × 10−6 3.3 2.4

22 d 0.0 4.0 × 10−6 37.7 28.0
35 d 0.0 4.0 × 10−6 48.4 35.9

1200 ppmv CO2 (with sediment)
0 d 0.0 9.0 × 10−6 7.3 5.6

22 d 0.1 3.4 × 10−3 68.9 51.6
35 d 0.1 3.4 × 10−3 73.2 54.8

Cd toxicity bioassay (without sediment)
0 nM Cd 0.0 1.7 × 10−9 10.0 3.4 × 10−3

0.3 nM Cd 0.3 5.2 × 10−3 10.0 3.4 × 10−3

0.6 nM Cd 0.6 1.0 × 10−2 10.0 3.4 × 10−3

1.5 nM Cd 1.5 2.6 × 10−2 10.0 3.4 × 10−3

3.0 nM Cd 3.0 5.2 × 10−2 10.0 3.4 × 10−3

Ni toxicity bioassay (without sediment)
0 nM Ni 0.0 1.7 × 10−9 0.0 3.3 × 10−11

10 nM Ni 0.0 1.7 × 10−9 10.0 3.4 × 10−3

30 nM Ni 0.0 1.7 × 10−9 30.0 1.0 × 10−2

60 nM Ni 0.0 1.8 × 10−9 60.0 2.1 × 10−2

150 nM Ni 0.0 1.8 × 10−9 150.0 5.8 × 10−2

300 nM Ni 0.0 1.9 × 10−9 300.0 1.3 × 10−1

Table 2. Mean total Cd and Ni concentrations and calculated
free Cd2+ and Ni2+ concentrations for all experimental treat-
ments in the CO2/sediment incubation experiment, calcu-
lated from differences between trace metals in experimental
treatments and in background L1 media, and in the toxicity
bioassay experiments under a range of Cd or Ni. Free metal
ion concentrations (determined using  Visual MINTEQ) in the
CO2/sediment experiment were calculated using measured
dissolved trace metals (Table S3 in the Supplement), while
those in the toxicity bioassay experiments were calculated
using the amounts of trace metals added. Ni2+ concentrations
in the Cd toxicity bioassay were identical because total
added Ni was constant (10 nM). Cd2+ values in the Ni toxicity
bioassay were consistently low because no Cd was added
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CO2 (low pH) conditions increased the concentra-
tions of dissolved Fe and Ni due to mobilization from
sediments (Fig. 1; Tables S3 & S4). Increasing dis-
solved trace metal concentrations over time at
1200 ppmv CO2 likely resulted from increased leach-
ing from sediment, e.g. as a result of increased solu-
bility (Millero et al. 2009) or increased total free
metal concentrations (Millero et al. 2009, Xu et al.
2012). The increasing total dissolved Fe concentra-
tions at high CO2 may have been driven by increased
free Fe(II) concentrations (Millero et al. 2009) com-
bined with decreased Fe uptake due to growth inhi-
bition or decreased bioavailability (Shi et al. 2010). It
is important to note that adsorption of Fe on the walls
of the culture bottles could have also affected the
concentrations of dissolved Fe over the course of the
incubation experiment (Fischer et al. 2007).

Dissolved Cd concentrations increased at high CO2

(Fig. 1; Tables S3 & S4), but the trend was not signif-
icant, likely because most of the Cd signal originated
from the seawater media base. Calculated free Cd2+

concentrations also increased with CO2 (Table 2).
Increasing Ni concentrations at high CO2 (Fig. 1;

Tables S3 & S4) were likely caused by increased free
metal concentrations leaching from the sediment,
assuming that natural complexing agents were pres-
ent in the L1 media (Millero et al. 2009, Xu et al.
2012). Calculated free Ni2+ concentrations increased
both as a function of time and CO2 concentration
(Table 2). The sediment used in this study was highly
enriched in Ni content relative to average crustal
abundance (Table S1), so it is possible that this sedi-
ment had relatively high Ni solubility and/or
bioavailability. However, the solubility and bioavail-
ability of Ni from the Oman sediment are not known.

Although the sediment was also enriched in Co,
dissolved Co concentrations did not increase over
time in the incubation experiment (Table S3). It has
been shown that dissolved Co is intensely complexed
in seawater (Baars & Croot 2015), but it is not known
how or to what extent dissolved Co concentrations
will change with ocean acidification.

Growth responses in this study indicated that
Cochlodinium polykrikoides experienced increased
lithogenic trace metal toxicity under increasing CO2

conditions. Sediment inputs together with high CO2

significantly decreased growth rates (Fig. 3). Con -
focal microscopy images qualitatively illustrated the
combined impacts of lithogenic trace metals and CO2

on cell morphology (Fig. 4). The inhibition of C.
polykrikoides growth at high CO2 was not the result
of increased CO2 (decreased pH) alone, since the
growth rate in the reference flask (culture, no

 sediment) at 1200 ppmv CO2 was similar to that in
the reference flasks at 400 and 800 ppmv CO2 (all
>0.2 d−1; Fig. 3). The biological response was not
caused by the sediment alone, since C. polykrikoides
growth rates were significantly higher following sed-
iment additions at 400 and 800 ppmv compared to
1200 ppmv CO2 (Fig. 3). Decreased growth rates
were not caused by changes in dissolved oxygen, pH,
or macronutrient concentrations over the 35 d incu-
bation period (Tables S2 & S5). There were no signif-
icant reductions in individual nutrient concentrations
or changes in stoichiometric ratios in the C. poly -
krikoides culture media (Table S5).

Results of the toxicity bioassay experiment support
Hypothesis 2 (see the ‘Introduction’) that increased
concentrations of trace metals mobilized from sedi-
ments would negatively affect the growth of C.
polykrikoides. Growth rates significantly decreased
under increasing Cd or Ni concentrations (Fig. 5a). In
addition, the biological responses of C. polykrikoides
to Cd and Ni were dose-dependent (Fig. 5b). Based
on the PI curves from this study (Fig. 6), it is possible
that high concentrations of both Cd and Ni impacted
photo synthetic electron transport from PSII. Ni has
been shown to cause conformational changes in the
oxygen-evolving complex of PSII and inhibit electron
transport activity (Boisvert et al. 2007). Cd has been
shown to act on several inhibitory sites (on the donor
and acceptor side of PSII) and also decrease rates of
electron transport (Perreault et al. 2011). However, it
is also possible that Cd and/or Ni inhibited growth
and decreased photosynthetic electron transport
rates via another toxicity mechanism (Sunda 1994).

Determining the cause of the toxicity response in
the CO2/sediment incubation experiment is not
straightforward. Many predictions of trace metal
bioavailability assume that the concentration of the
free metal ion drives uptake and toxicity (Sunda &
Huntsman 1998, Domingos et al. 2015). Therefore,
free metal Cd and Ni concentrations were compared
in the CO2/sediment incubation experiment and the
Cd and Ni toxicity bioassay experiments (Table 2). In
the bioassay experiments, toxic effects were ob -
served at very low Cd2+ and Ni2+ concentrations,
indicating that C. polykrikoides was sensitive to both
free Cd and Ni (Table 2). However, the concentra-
tions of Ni2+ were lower in the bioassay compared to
the CO2/sediment experiment as a result of complex-
ation (Table 2). It is therefore possible that: (1) total
Ni rather than free Ni concentrations explained the
toxic effect at high CO2, or (2) there was an additive
or synergistic effect of free Ni with another factor
(e.g. free Cd, Zn, or Cu) at high CO2.
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Concentrations of total dissolved Zn and Cu were
high relative to surface seawater (Sunda 1994, Morel
& Price 2003; Table S3). The average concentrations
of free Zn2+ and Cu2+ calculated at 1200 ppmv CO2

after 35 d (141 nM and 3.6 nM, respectively; data not
shown) were within the ranges shown to be toxic to
marine phytoplankton (Brand et al. 1986, Sunda
1994, Miao et al. 2005). Although Zn and Cu did not
exhibit significant  temporal or CO2-dependent
trends (Table S4), it is possible that either Zn or Cu
contributed to the increasing toxicity of suspended
sediments at high CO2.

It is also possible that the calculated Ni2+ in the
CO2/sediment incubation experiment was overesti-
mated due to complexation by a ligand or an agent
not represented in the Visual MINTEQ speciation
calculation. The extent of complexation of trace met-
als to ligands (e.g. biotic ligands, inorganic species)
or particles (e.g. humic substances, iron manganese
oxides, clays) can significantly impact their bioavail-
ability and toxicity (Sunda & Huntsman 1998, Meyer
et al. 1999, Domingos et al. 2015). Ligand composi-
tion was not measured in this study, but it is possible
that the sediment or the organism itself altered the
composition of metal-chelating agents in the media
and caused free Ni to become complexed (Sunda &
Huntsman 1998, Sunda et al. 2005).

Several studies have shown that free metal ion
 concentrations do not always best predict toxicity
responses in the presence of biotic ligands (e.g.
Meyer et al. 1999, De Schamphelaere et al. 2005).
For example, external cellular Cu (the concentration
of Cu removed from algae by adding EDTA) better
 predicted the toxicity responses of freshwater green
algae under a range of pH than free Cu2+ (De
Schamphelaere et al. 2005). It is possible that the
modeled free ion concentrations were not the best
predictors of toxicity in the CO2/ sediment incuba-
tion experiment.

If, instead, total dissolved Cd and Ni concentrations
adequately predicted the toxicity responses of C.
polykrikoides in this study, total Cd likely did not
cause the toxicity response in the CO2/sediment
incubation experiment since most of the Cd signal
originated from the seawater media base. Dose-
responses were, however, consistent with Ni toxicity
in the CO2/sediment incubation experiment. Al -
though the toxicity of total Ni likely increased at high
CO2, there may have been some other factor(s) con-
tributing to toxicity. It is possible that the presence of
some other undetected trace metal(s) or chemical(s)
present in the sediment and/ or some additive or syn-
ergistic effect (e.g. from the relatively high dissolved

Zn or Cu concentrations) could have contributed to
the toxic response at high CO2.

Additional experiments are required to better
understand the combined effects of CO2 and sus-
pended sediments on the growth of phytoplankton.
In particular, the interactive toxic effects of specific
components of sediment (e.g. different free metals)
need to be characterized. Additionally, the impacts of
ocean acidification on metal complexing agents need
to be examined (Millero et al. 2009, Xu et al. 2012).
Finally, the combined effects of suspended sediments
and ocean acidification in other regions of the world
need to be assessed using other phytoplankton spe-
cies and different sediment sources. Toxicity respon -
ses to trace metals dissolved from sediments likely
vary significantly depending on phytoplankton spe-
cies and sediment composition (Brand et al. 1986,
Paytan et al. 2009, Mackey et al. 2012). Such studies
would improve understanding of the complex im -
pacts of ocean acidification on marine biogeochemi-
cal dynamics.

The experimental results presented here indicate
that high suspended sediment concentrations could
deliver potentially toxic concentrations of trace ele-
ments (e.g. total Ni) to coastal marine ecosystems
such as the Persian Gulf over the course of this
 century. The results strongly suggest that beyond a
certain threshold, a combination of increased CO2

(decreased pH) together with elevated suspended
sediment concentrations could significantly decrease
growth rates and photosynthesis of marine phyto-
plankton, as shown in the case of C. polykrikoides.
Under moderate CO2 conditions, sediments may not
be inhibitory to C. polykrikoides growth. Growth
rates may decrease significantly at high CO2 and
high dissolved Ni concentrations; however, some
other factor(s) present in sediments could also con-
tribute to the biological response. These results may
help improve predictions of ecosystem-biogeochemi-
cal models over the course of this century.
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