
MARINE ECOLOGY PROGRESS SERIES
Mar Ecol Prog Ser

Vol. 471: 11–22, 2012
doi: 10.3354/meps10013

Published December 19

INTRODUCTION

Since the early 1900s, human activities have more
than doubled the amount of reactive nitrogen (N) on
Earth, leading to increased N delivery to estuaries
and coastal oceans via riverine transport, direct
wastewater treatment discharge, and atmospheric
deposition (Nixon et al. 1996, Vitousek et al. 1997).
This upswing in N to coastal systems has caused
widespread eutrophication (Smith 2003), resulting in
increased incidences of coastal hypoxia (Rabalais et
al. 2001, Diaz & Rosenberg 2008) and harmful algal
blooms (Paerl 2002). Despite this heavy N loading to
coasts, as much as 75% of this biologically reactive N
may be removed through denitrification before it
reaches the open ocean (Howarth et al. 1996, Peter-
son et al. 2001). Coastal wetlands, in particular, are

very efficient at removing reactive N (White &
Howes 1994, Hey 2002). For this reason, salt marsh
nutrient cycling and N removal has been studied
worldwide, e.g. in Massachusetts, USA (Valiela &
Teal 1979), the United Kingdom (Abd. Aziz & Ned-
well 1986), coastal Louisiana, USA (DeLaune et al.
1989), coastal North Carolina, USA (Thompson et al.
1995), NW France (Bouchard & Lefeuvre 2000),
Venice, Italy (Eriksson et al. 2003), and Portugal
(Caçador et al. 2007).

In salt marshes in general, and in older, higher
marshes in particular, the majority of marsh area is
flooded by tidal water only during the high spring
tides. Therefore, these systems rely heavily on inter-
nal nutrient cycling, with about half of their nutrients
coming from internal regeneration (White & Howes
1994, Anderson et al. 1997, Teal & Howes 2000). As a
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result, the dominant form of reactive N typically
found in salt marshes is ammonium (NH4

+; Valiela &
Teal 1979). As salt marshes become increasingly
influenced by human activity, anthropogenic N loads
to these systems also increase. However, although
NH4

+ is the more common species of N in marshes,
the most efficient way to remove N is via denitrifica-
tion; therefore, nitrate (NO3

−) transformation path-
ways are critical for permanently removing anthro-
pogenic N from marsh systems (Howes et al. 1996).

Two NO3
− transformation processes are most com-

monly found in salt marshes. The first is denitrifica-
tion, the process in which NO3

− serves as the terminal
electron acceptor for oxidizing organic matter in
anoxic sediments (Burgin & Hamilton 2007). Denitri-
fication is a multi-step pathway that transforms NO3

−

into inert N2 gas via nitrite (NO2
−), nitric oxide (NO),

and nitrous oxide (N2O), effectively removing NO3
−

from the system. Denitrification in salt marsh sedi-
ments is largely a coupled process with nitrification
because the reactive N must be in the form of NO3

− to
be removed from the system as N2. As ambient NO3

−

concentrations tend to be low, denitrifiers rely on
nitrification to transform readily abundant NH4

+ to
limiting NO3

− via NO2
− (Valiela & Teal 1979, Thomp-

son et al. 1995, Hamersley & Howes 2002, Dollhopf et
al. 2005). The second process is dissimilatory nitrate
reduction to ammonium (DNRA), a microbially medi-
ated pathway that transforms NO3

− into NH4
+ via

either fermentive processes or, more commonly, the
oxidation of reduced sulfur (Brunet & Garcia-Gil
1996, An & Gardner 2002, Burgin & Hamilton 2007).
Both types of DNRA reduce NO3

− to NH4
+ via NO2

−,
subsequently keeping reactive N within the system
(Burgin & Hamilton 2007, Dong et al. 2009). In addi-
tion, another process that can influence NO3

− in salt
marsh sediments is anaerobic ammonium oxidation,
or anammox. Anammox is the oxidation of NH4

+ with
NO2

− by chemolithoautotrophs under anaerobic con-
ditions to produce N2. As the NO2

− is mostly derived
from the reduction of NO3

−, anammox also con-
tributes to the removal of NO3

− from the system
 (Burgin & Hamilton 2007).

Rates of denitrification in salt marshes (e.g. Caffrey
et al. 2007, Hopkinson & Giblin 2008) tend to be
higher than rates in other coastal sediments (e.g.
Seitzinger 1988, Eyre & Ferguson 2002, Seitzinger et
al. 2006, Fulweiler et al. 2007). Recently, DNRA has
been found to be an important pathway in salt
marsh ecosystems (Hopkinson & Giblin 2008, Koop -
Jakobsen & Giblin 2010). To date, anammox is con-
sidered to be a much less prevalent pathway in
 shallow marine ecosystems than denitrification and

DNRA (Dalsgaard et al. 2005). Increased NO3
− con-

centrations have the potential to enhance all of these
processes. However, denitrification has been more
widely studied and is a much better constrained pro-
cess than either DNRA or anammox. The rates of
these 2 primary NO3

− transformation pathways in the
marsh (denitrification and DNRA) may depend
largely on the availability of NO3

− as well as that of
labile carbon, reduced sulfur, and sulfide oxidizing
bacteria (Christensen et al. 2000, Burgin & Hamilton
2007). It is the balance between denitrification and
DNRA that helps determine, at least in part, whether
salt marshes act as sinks of anthropogenic N.

Several studies have looked into the effect of simu-
lated increases in anthropogenic N on salt marsh N
cycling and have found denitrification to be stimu-
lated by fertilization (e.g. Valiela et al. 1976, Koch et
al. 1992, Lee et al. 1997, Hamersley & Howes 2005,
Caffrey et al. 2007, among many others). While these
studies typically focus on N cycling on the marsh
platform, salt marshes primarily receive anthro-
pogenic nutrients in their tidal creeks via runoff and
groundwater input (Howes et al. 1996). Additionally,
while the high marsh only floods with spring tides,
the unvegetated sediments in salt marsh tidal creeks
flood twice daily. Therefore, these sediments are
exposed to this excess N for much longer periods of
time than the rest of the marsh. Consequently, there
are increased opportunities for transformation of
anthropogenic N within the tidal creek sediments
(Teal & Howes 2000, Koop-Jakobsen & Giblin 2010).
As a result, these environments have been found to
be important contributors to overall salt marsh N
cycling (Kaplan et al. 1979, Abd. Aziz & Nedwell
1986, Thompson et al. 2000, Eriksson et al. 2003,
Hamersley & Howes 2003, Dollhopf et al. 2005, Koop-
Jakobsen & Giblin 2010). Salt marsh tidal creeks
have often been found to have considerably higher
rates of denitrification than any other portion of the
vegetated marsh (e.g. Anderson et al. 1997, Thomas
& Christian 2001, Koop-Jakobsen & Giblin 2010). In
fact, although these areas often comprise <20% of
total marsh area, they may be responsible for as
much as 60% of total marsh denitrification (Kaplan
et al. 1979). Additionally, tidal creek sediments are
capable of denitrifying the majority of NO3

− entering
through groundwater (Harvey & Odum 1999, Teal &
Howes 2000, Tobias et al. 2001). This denitrification
capacity gives salt marsh tidal creeks the potential to
remove much of the terrestrially derived N that
enters the marsh before it can be exported to coastal
receiving waters (Teal & Howes 2000, Hamersley &
Howes 2003), making these areas important contrib-
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utors to the N removal ecosystem
service that salt marshes provide.

The present study quantified the
summer nutrient dynamics within
salt marsh tidal creek sediments and
their response to fertilization. By
 taking advantage of a unique site of
long-term tidal water fertilization,
we evaluated the summer response
of salt marsh tidal creeks to increas-
ing N loads. In addition, we com-
pared these directly measured fluxes
with isotope pairing rates measured
in the same creeks by Koop-Jakobsen
& Giblin (2010).

MATERIALS AND METHODS

Study site

Core and water samples were
taken from tidal creek beds within
the salt marsh system associated with the Plum Island
Estuary Long Term Ecological Research Site (PIE
LTER, http://ecosystems.mbl.edu/pie) located in Row -
ley, Massachusetts, USA. This salt marsh system lies
on the northeastern Atlantic coast of the USA, con-
nects to the Gulf of Maine through the Plum Island
Sound estuary (average salinity = 27.4), and has a
total area of 39.8 km2, making it one of the largest
salt marsh systems in this region (Buchsbaum et al.
2009). Additionally, the system receives ~89 × 106 m3

of freshwater input, primarily from the Parker,
 Rowley, and Ipswich rivers (Buchsbaum et al. 2009).
Two different creeks in this system (42° 44’ N,
70° 50’ W)—1 fertilized and 1 reference creek—
were sampled in the summers of 2010 and 2011.
These creeks experience semi-diurnal tides with an
average tidal range of ~3 m and, despite upstream
freshwater input, are entirely tide dominated with
virtually no water in the creeks at low tide. One
creek has been fertilized from May to September
every year since 2004 with ~70 µM NO3

− (above
ambient levels; see Table 2) added directly to the
creek water on the incoming tide as part of a long-
term fertilization study known as ‘trophic cascades
and interacting control processes in a detritus-based
aquatic eco system’ (TIDE; Deegan et al. 2007, John-
son et al. 2009). This fertilization influences ~0.2 km2

of marsh annually (Drake et al. 2009). The direct
addition of liquid fertilizer to the creek water more
accurately mimics the delivery of N runoff to marshes

than the typical plot-based high marsh fertilization
(e.g. Caffrey et al. 2007). Our second site, which had
no NO3

− fertilizer amendment but is similar in size
and hydrological characteristics, served as a refer-
ence creek (Fig. 1).

Core sampling

Triplicate cores were collected on 3 occasions:
August 2010, June 2011, and August 2011. Samples
of the tidal creek bed were taken by hand using clear
polyvinyl chloride cores (5 cm diameter × 32 cm tall).
The cores were inserted directly into the creek bed
sediment at low tide to a depth of ~15 cm, while
keeping the sediment surface undisturbed. The cores
were then stored in coolers to keep them cool and
dark. In the same creeks, water was collected at high
tide, filtered to 0.2 µm, and stored in 20 l carboys.
Both cores and filtered site water were transported
back to Boston University for incubation, where they
were placed in a water bath in an environmental
chamber set to ambient creek water temperature.

Whole core incubations

Cores were left in the water bath overnight with air
gently bubbling the overlying water. In the morning,
this water was carefully siphoned out and replaced
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Fig. 1. Map of southern
New England, USA, and the
Plum Island Estuary Long
Term Ecological Research
Site (PIE LTER, http://
ecosystems.mbl.edu/pie).
The fertilized creek has
been fertilized throughout
each growing season since
2004, while the reference 

site is unfertilized
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with the filtered site water. The cores were filled to
the top and then fit with gas-tight lids without any air
headspace or bubbles. A magnetic stir bar (~30 revo-
lutions min−1) on the core tops allowed for enough
water movement to prevent stratification within the
core but not enough to disturb the sediment surface.
Cores were incubated in the dark. Replicate water
samples were collected in gas-tight 12 ml Exetainer
vials (Labco) for later analysis of dissolved N2 and
Ar. These samples were taken at 5 time points until
the dissolved oxygen in the cores dropped at least
2 mg l−1 (62.5 µmol O2 l−1, typically 6 to 8 h). Dis-
solved oxygen concentrations were measured using
a luminescent dissolved oxygen meter (Hach) at each
time point. Once the desired drop in oxygen was
attained, final samples were taken, and the incuba-
tion was stopped before the dissolved oxygen level
reached 2 mg l−1 (hypoxia). The caps were then
removed from the cores, and the overlying water was
gently bubbled with air overnight. The next morning,
the water was carefully siphoned off and replaced
with filtered site water. Again, we capped the cores
with a gas-tight lid and no air headspace for the
 second incubation for nutrient fluxes. Water samples
for nutrient analysis were also collected at 5 time
points until the oxygen dropped by at least 2 mg l−1.
Samples for NO3

−, NO2
−, NH4

+, and dissolved in -
organic phosphorus (DIP) analysis were filtered
through a 0.7 µm glass fiber filter (Whatman GF/F),
collected in 30 ml acid washed, polypropylene bot-
tles that had been leached with Milli-Q water, and
stored frozen until analysis. At the end of the incuba-
tions, we removed sub-samples of sediment from
each core (down to 1 cm in 0.5 cm increments) for
sediment density, porosity, and chlorophyll a (chl a)
analysis. These samples were also frozen prior to
analysis.

Gas and nutrient analysis

Water samples were analyzed for dissolved N2 and
Ar using the N2/Ar technique on a quadrupole
 membrane inlet mass spectrometer against an air -
equilibrated, deionized water standard at constant
in situ temperature (Kana et al. 1994). This method
requires no sample preparation and only a small
sample size (<10 ml) and allows rapid sampling (20 to
30 samples h−1) with a precision of <0.03% for N2/Ar.
This method gives net N2 fluxes only. That is, it is
a measurement of total denitrification minus total
N fixation, and specific N transformation pathways
cannot be distinguished. For this reason, positive N2

fluxes indicate net denitrification, while negative
fluxes indicate net N fixation.

Dissolved inorganic nitrogen (DIN) and DIP sam-
ples were analyzed colorimetrically on a SEAL Auto-
analyzer 3 using standard colorimetric techniques
(Strickland & Parsons 1968, Grasshoff et al. 1983). The
practical detection limits of the SEAL Auto analyzer 3
are 0.247, 0.066, 0.013, and 0.005 µM for ammonium,
nitrate, phosphate (PO4

3–), and nitrite, re spectively
(K. Czapla pers. comm.). We also routinely compare
our laboratory standards to external standards (OSIL
environmental instruments and systems) for each
nutrient species; this comparison shows that analysis
of each species has a precision of <4.0%.

Analysis of sediment characteristics

Frozen sediment samples were thawed, sonicated,
and extracted in 25 ml of 90% acetone overnight
(Dalsgaard et al. 2000). Extracted samples were then
centrifuged, and 2 ml aliquots were extracted and
analyzed for chl a and pheophytin fluorescence (Tril-
ogy Fluorometer, Turner Designs). Sediment density
and porosity were determined by drying a known
volume of sediment from the top portion of each core
(0 to 1 cm, in 0.5 cm increments) at ~60°C until a
 constant weight was achieved. Sediment density was
then measured by water displacement, and porosity
was also calculated (Dalsgaard et al. 2000).

Data analysis

We calculated fluxes from the sediment by running
a linear regression through each of the 5 incubation
sample points plotted against time. Any flux regres-
sions with an r2 > 0.65 were considered significant
(Prairie 1996). The slope of the linear regression was
then multiplied by the volume of overlying water in
the core and divided by the core area to arrive at a
flux of either dissolved gas or nutrients in µmol
m−2 h−1. Positive flux values indicate a release from
the sediment, while negative values signify sediment
uptake. Oxygen to NH4

+ (O:N) and NH4
+ to DIP (N:P)

 ratios were calculated using the flux values and on a
molar basis. We only used positive fluxes, and for
DIN, this includes the NH4

+ flux alone because it was
the only positive DIN flux (Teague et al. 1988). All
statistical analyses were carried out in R. We used
2-way analysis of variance to test for significant dif-
ferences in dissolved nutrient and gas fluxes between
creeks and among sample dates (α = 0.05). The sig-
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nificance of each relationship between various nu -
trient and gas fluxes was calculated using linear
regression models, and all errors are reported as
standard errors.

RESULTS

Sediment characteristics

All of the measured sediment characteristics were
very similar between the 2 creeks. There were no
significant differences between the fertilized and
 reference creeks in bulk density, porosity, or chl a
content (Table 1). The pheophytin concentration was

slightly higher in the fertilized creek (2.1 ± 0.3 versus
1.8 ± 0.1 µg cm−3 in the reference, n = 9), but the dif-
ference was not significant. This is surprising as we
might expect sediment chl a to be stimulated by fer-
tilization. However, the chl a level was only higher,
but not significantly so, in the fertilized creek com-
pared to the reference creek in August 2011 (0.9 ± 0.3
and 0.5 ± 0.2 µg cm−3, respectively, n = 9).

Dissolved oxygen

Sediment oxygen demand (SOD) was lowest in the
reference creek in August 2011 (−1272 µmol m−2 h−1)
and greatest in the fertilized creek in June 2011
(−7855 µmol m−2 h−1). There was no significant differ-
ence in SOD between the fertilized and reference
creeks except in August 2011, when the fertilized
creek had significantly more oxygen uptake than the
reference creek (p = 0.05; Fig. 2a). We also observed
no significant difference in oxygen uptake between
August 2010 and August 2011. However, in both
creeks, SOD was significantly higher in June 2011
than in either of the August sampling events (p <
0.01; Fig. 2a).

15

Creek Bulk Porosity Chl a Pheophytin 
density (µg cm−3) (µg cm−3)

Fertilized 1.12 ± 0.1 0.50 ± 0.2 1.23 ± 0.3 2.10 ± 0.3
Reference 1.17 ± 0.0 0.49 ± 0.03 1.25 ± 0.2 1.84 ± 0.1

Table 1. Sediment bulk density, porosity, chl a, and pheo-
phytin values from the top 1 cm of sediment averaged over
all 3 sample dates for each creek. Mean ± SE is shown (n = 9)

Fig. 2. (a) Sediment oxygen, (b) NO2
−+NO3

−, (c) NH4
+, and (d) PO4

3− fluxes across the sediment water interface over the course
of the present study for the fertilized (shaded bars) and reference creeks (open bars). Positive values indicate release from 
sediment, while negative values represent sediment uptake. Please note the difference in scale among panels. Mean ± SE 

is shown and n = 9 for each variable
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Dissolved inorganic nutrients

The fertilized creek had significantly higher (p <
0.01) ambient concentrations of both NH4

+ and NO2
−

(30.0 ± 6 and 83.2 ± 13 µM, respectively, n = 9) than
the reference creek (15.8 ± 4 and 5.4 ± 0.5 µM,
respectively, n = 9). Both creeks exhibited NO3

−

uptake on all sample dates, but rates were signifi-

cantly higher in the fertilized creek (−258 ± 43 µmol
m−2 h−1, n = 9) than in the reference creek (−41.2 ±
19 µmol m−2 h−1, n = 9, p < 0.001). The highest sedi-
ment NO2

− uptake was observed in August 2011
(Fig. 2b). NO2

− flux was small compared to NO3
− flux

in both creeks but large when compared with other
reported fluxes (Aurand & Daiber 1973, Gardner &
McCarthy 2009, Chen et al. 2010), with values rang-
ing from −21.5 to 14.4 µmol m−2 h−1. Additionally,
both creeks showed NH4

+ efflux in August 2010 and
2011, with no significant difference between fertil-
ized and reference creeks. However, in June 2011,
the fertilized creek had a zero NH4

+ flux, while the
reference creek saw NH4

+ uptake (Fig. 2c). The NH4
+

fluxes in both creeks were significantly correlated
with NO2

− fluxes (Fig. 3c; r2 = 0.79, p < 0.001). The
O:N ratio was not significantly different between the
2 creeks but was higher than predicted by the Red-
field ratio (22 and 21 ± 4 for the fertilized and refer-
ence creeks, respectively, n = 9).

PO4
3− fluxes in the creeks were quite variable. In

August 2010, we observed mean PO4
3− fluxes indi-

cating uptake in the fertilized creek and release in
the reference creek (−4.1 ± 0.9 and 3.7 ± 5.0, respec-
tively, n = 9). The following summer, there was mean
PO4

3− uptake in both creeks in June 2011 and release
from both creeks in August 2011 (Fig. 2d). There
were no significant differences in PO4

3− flux between
the sample dates. On occasions with both positive
NH4

+ and DIP fluxes, the N:P ratio exhibited a large
range (15.7 to 198.5), with an average N:P ratio of
83.0 ± 29 (n = 6).

Dissolved N2

Net N2 fluxes did not vary significantly between
sampling dates (Table 2). However, on average, we
observed significantly higher net N2 fluxes in the
 fertilized creeks compared to the reference (162.7 ±
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Fig. 3 (a) Net denitrification versus initial water column
nitrate concentration (y = 1.2x + 59.3, r2 = 0.73, p = 0.019). (b)
Average net denitrification versus sediment oxygen demand
(y = 0.04x – 3.6, y = 0.02x – 3.5 for fertilized and reference,
respectively; (r2 = 0.99, p < 0.01 for both lines). (c) Ammo-
nium flux versus nitrite flux for both creeks on all 3 sample
dates (y = 14.5x + 205.2, r2 = 0.79, p < 0.001). d: fertilized
creek values; s: reference creek values. Linear regressions
were the best fit for all 3 data sets. Mean ± SE is shown,
which reflects variability between individual cores (a and b, 

n = 3). Please note the difference in scale among panels

Sample         Creek                [NO3
−]                N2-N 

date                                         (µMol)       (µmol N m−2 h−1)

Aug 2010      Fertilized        38.6 ± 0.7         141.8 ± 94.5
                     Reference       6.7 ± 0.3           64.9 ± 7.5
Jun 2011       Fertilized      120.6 ± 13.0     225.5 ± 156.0
                     Reference       5.9 ± 0.3       −70.2 ± 175.3
Aug 2011      Fertilized        91.0 ± 1.0       121.0 ± 102.5
                     Reference       3.7 ± 0.1         7.5 ± 20.2

Table 2. Initial water column NO3
− concentrations and net

N2 fluxes for each sample date averaged over triplicate cores
in both the fertilized and reference creeks. Mean ± SE is 

shown (n = 3)
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32 and 0.74 ± 39 µmol N m−2 h−1, respectively, n = 9,
p = 0.034). All creeks exhibited net denitrification
overall except the reference creek in June 2011,
which showed a net N flux of −70.2 ± 175 µmol N2-N
m−2 h−1 (n = 3). This mean negative rate was driven by
very high rates of N2-N fixation in one of the 3 June
cores, which had a net N2 flux of −400.3 µmol N2-N
m−2 h−1. This was one of 2 net N fixing cores over the
course of the present study. On one other occasion,
we observed net N fixation in a sediment core, also
from the reference creek, in August 2010 (−23.2 µmol
N2-N m−2 h−1). Average net denitrification (excluding
incidences of net N fixation, 162.7 ± 32 and 61.3 ± 21
for fertilized and reference creeks, respectively, n = 7)
varied significantly with average initial water column
NO3

− concentration in both creeks (Fig. 3a; r2 = 0.73,
p = 0.019). Net denitrification also varied significantly
with average O2 flux in both creeks. However, the
slope of this relationship was different for each creek
(Fig. 3b; r2 = 0.99, p < 0.01 for both lines).

DISCUSSION

Sediment oxygen demand

The SOD in the tidal creeks was within the
reported range of other salt marsh and tidal creek
studies (e.g. Caffrey et al. 2007). The fact that the
SOD was similar between the 2 creeks is supported
by the similarities in sediment characteristics (Table 1),
reassuring us that these creeks are indeed very simi-
lar environments. It also indicates that fertilization,
at least during these summer months, did not have
a large influence on rates of oxygen-consuming
 processes (such as aerobic organic matter decom -
position). However, oxygen uptake was significantly
higher in both creeks in June 2011 than in either Au-
gust sampling. This was surprising given that June
2011 had the coolest temperatures of the 3 dates (22
versus 26°C). Since this is a relatively small difference
in temperature, the change in SOD was likely driven
by other factors. For example, the chl a to pheophytin
ratio was highest in June (0.7 ± 0.05, n = 3) as opposed
to August 2010 and 2011 (0.4 ± 0.09 and 0.5 ± 0.06,
 respectively, n = 3). This suggests that there was a
higher ratio of living to dead microphytobenthos,
which, in a dark incubation, could indicate higher
oxygen consumption by both autotrophs and het-
erotrophs (Ferguson et al. 2003). Additionally, the vis-
ible redox layer was deepest in both creeks in June,
indicating a larger zone of aerobic processes and
therefore higher oxygen uptake (Brune et al. 2000).

Benthic nutrient fluxes

PO4
3− uptake in the fertilized creek was often cou-

pled with NH4
+ release, indicating that biological

processes in these sediments were retaining P. Addi-
tionally, though N:P ratios were variable in both
creeks, the ratios were high (average 83.0 ± 29,
n = 6), indicating that much more N than P was being
released from the sediment. N:P ratios of benthic
fluxes are indications of the nutrient ratios available
for primary production, and our observed ratios sug-
gest that P might be limiting to creek primary pro-
duction. In addition, the overall high N:P ratios and
incidences of sediment PO4

3− uptake suggest that
 heterotrophic processes in these sediments may also
have been P limited. This is consistent with other
studies examining the impact of excess N on salt
marsh ecosystems. Specifically, Van Wijnen &
Bakker (1999) and Sundareshwar et al. (2003) found
that salt marsh vegetation and sediment microbial
communities were P limited under N saturating
 conditions.

Net N2

The net N2 fluxes in the fertilized creek were
higher than those reported from British salt marsh
tidal creek studies, while those in the reference creek
were within the reported range (Abd. Aziz & Ned-
well 1986, Koch et al. 1992). Additionally, our fertil-
ized creek rates were within the reported range of
other New England studies (Kaplan et al. 1979,
Koop-Jakobsen & Giblin 2010) as well as an Italian
study (Eriksson et al. 2003). However, our rates were
a great deal lower than those reported in tidal creek
sediments on the Georgia coast, USA (3517 µmol N2-
N m−2 h−1; Dollhopf et al. 2005). The difference here
is likely due to the high density of bioturbating
macrofauna in these marsh systems that have been
shown to stimulate coupled nitrification-denitrifica-
tion (Dollhopf et al. 2005).

Net N fixation is uncommon but not unheard of in
salt marsh sediments and may be an important N
source for N limited marshes (DeLaune et al. 1989,
White & Howes 1994). Our N fixation appeared to be
linked particularly with the NH4

+ flux. In June 2011,
when NH4

+ flux was negative in the reference creek,
we also saw net N fixation, and at the same time, the
fertilized creek had a zero NH4

+ flux and its lowest
rates of net denitrification (Fig. 2c, Table 2). Addi-
tionally, the N:P ratio was lowest in June in the
 reference creek, with a value of 15.7. Though this is
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almost exactly the Redfield ratio, the fact that it was
so much lower than the other sampling dates (more
than 5× lower than our observed average) indicates
that in June, microbial activity in these creeks was
starved for N. This contrasted with the creeks in
August, which had much higher N:P ratios and large
effluxes of NH4

+ (Fig. 2c).
The significantly higher rates of NO3

− uptake in the
fertilized marsh coincided with higher rates of net
denitrification (Fig. 2b, Table 2). As in other salt
marsh studies, this increase in NO3

− uptake and in
denitrification was driven by the fertilization (e.g.
Koch et al. 1992, Lee et al. 1997, Hamersley & Howes
2005). The initial NO3

− concentration in the overlying
creek water and rates of net denitrification were
highly correlated in both creeks, indicating that de -
nitrification was NO3

− limited and that the additional
NO3

− supply in the fertilized creek was driving higher
rates of denitrification (Fig. 3a). Though this was a
linear relationship, it would likely shift at very high
NO3

− concentrations. It has been shown in estuarine
sediment that as N load increases, a smaller percent-
age of the added DIN gets denitrified (Seitzinger &
Nixon 1985). Though denitrification can be limited or
inhibited by factors such as deeper oxygen penetra-
tion or sulfide interaction with either nitrifiers or deni-
trifiers (Sørenson 1978, Joye & Hollibaugh 1995),
SOD was not significantly different between the
creeks, indicating that these factors should be rela-
tively equal between the 2 sites. Likely, there would
be a certain threshold of NO3

− at which denitrification
would be limited by some other factor, such as phos-
phate or organic matter avail ability in the fertilized
creek (Cornwell et al. 1999). At this point, rates of
denitrification would not continue to increase but
would either plateau despite increasing N availability
or begin to de crease as another, more competitive
process for the conditions (such as DNRA) began
to dominate, as has been reported in estuaries
(Seit zinger & Nixon 1985). Though we did see
this happening in this system (Table 3), the NO3

−

concentrations in the creeks were low enough
that denitrification still represented a sizable por-
tion of NO3

− removal, at rates that were elevated
compared to the reference creek.

In addition to being well correlated with NO3
−,

the rates of net denitrification (excluding net N
fixing cores) in both creeks were highly corre-
lated with SOD, though the slope of the regres-
sion was twice as high for the fertilized creek
than for the reference (0.04 and 0.02, respec-
tively; Fig. 3b). This relationship is indicative of
coupled nitrification-denitrification, while the

relationship between net denitrification and NO3
−

indicates direct denitrification. Thus, it is likely that
both direct denitrification and coupled nitrification-
denitrification are occurring. This has also been
found in isotope pairing studies of salt marshes in
which both direct and coupled denitrification have
been measured together (Hamersley & Howes 2005,
Koop-Jakobsen & Giblin 2010).

In fact, in 2010, Koop-Jakobsen & Giblin published
an isotope pairing study that was conducted in these
same creeks in August 2006. In their study, both
direct and coupled denitrification occurred. How-
ever, direct denitrification was much more important
in the fertilized creek (Koop-Jakobsen & Giblin
2010). Overall, Koop-Jakobsen & Giblin (2010) found
higher rates of denitrification than those we meas-
ured in the fertilized creek (332.1 ± 73.5 and 162.3 ±
32 µmol N m−2 h−1, respectively, n = 9 for the present
study) and lower values than ours in the reference
creek (20.6 ± 2.4 and 61.3 ± 21 µmol N m−2 h−1,
respectively, n = 9; Table 3). The difference between
denitrification rates in the 2 studies was primarily in
the fertilized creek. This is likely a result of the fact
that, though we eliminated net N fixing cores for this
comparison, our N2 fluxes also accounted for any co-
occurring sediment N fixation, while the Koop-
Jakobsen & Giblin (2010) study was a measure of
denitrification only. Additionally, although these 2
studies were done in the same creeks at the same
time of year, they were 4 yr apart, and differences
between our results may also be reflecting natural,
annual variability within this system. However, these
differences were not statistically significant, and
given that different methods were used and meas-
urements were from different years, there was
remarkably good agreement between the 2 studies.
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Creek Denitrification DNRA % total NO3
− up-

(µmol N m−2 h−1) (µmol N m−2 h−1) take as DNRA

Koop-Jakobsen & Giblin (2010)
Fertilized 332.1 ± 73.5 307.3 ± 82.1 48
Reference 20.6 ± 2.4 21.7 ± 3.1 51

Present study
Fertilized 162.6 ± 32 132.0 ± 43.1 45
Reference 61.3 ± 21 7.69 ± 4.4 11

Table 3. Denitrification rates, dissimilatory nitrate reduction to
ammonium (DNRA) rates, and percentage of total NO3

− uptake as
DNRA in the fertilized and reference creeks from Koop-Jakobsen
& Giblin (2010) and the present study. For comparison purposes,
the denitrification values from the present study are net values
and do not include the 2 instances of net fixation. Mean ± SE is 

shown (n = 9 for the present study)
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DNRA

Denitrification is just one of the NO3
− transforma-

tion processes that occurs in salt marsh systems, and
it cannot account for the entire NO3

− flux found in the
present study (Fig. 2). This is especially true for the
fertilized creek, where the average NO3

− flux was
−258.1 ± 44 µmol N m−2 h−1 (n = 9), but the average N2

flux was only 162.7 ± 33 µmol N2-N m−2 h−1 (n = 9),
leaving nearly 100 µmol N m−2 h−1 unaccounted for.
Based on this result and the large efflux of NH4

+ we
observed in August, we hypothesize that this NO3

−

went to DNRA in these creeks. DNRA has been
found to be an increasingly important NO3

− trans -
formation process in marshes (Hopkinson & Giblin
2008); it can account for anywhere from 0 to 60% of
total NO3

− reduction (Tobias et al. 2001, Ma & Aelion
2005, Koop-Jakobsen & Giblin 2010) and could
account for the ‘missing’ NO3

− flux in our creeks.
If we assume that denitrification and DNRA were

the dominant NO3
− uptake pathways in our creeks,

as has been previously shown (Hopkinson & Giblin
2008), we can calculate potential rates of DNRA by
subtracting the denitrification rate from the absolute
value of the NO3

− uptake rate. In doing this, we
assume that any of the cores in which the N2 flux
rates were negative (N fixing) or less than the magni-
tude of the NO3

− flux had a DNRA rate of zero. By
this calculation, we see that the potential rates of
DNRA were significantly higher (p = 0.013) in the
 fertilized creek than in the reference creek (132.0 ±
43 and 7.7 ± 4 µmol N m−2 h−1, respectively, n = 9;
Table 3). Additionally, DNRA represented a larger
percentage of the total NO3

− uptake than denitrifica-
tion in the fertilized creek (45%) versus the reference
creek (11%; Table 3). The limitation of this calcula-
tion is that in the NO3

− flux, we only measured NO3
−

that was taken up from the water column, but we
could not account for NO3

− that was produced in the
sediment by nitrification, making these estimates of
DNRA rates conservative, particularly in the refer-
ence creek where coupled nitrification-denitrifica-
tion has been found to be dominant (Koop-Jakobsen
& Giblin 2010).

Our rates of DNRA are calculated rates and are
lower, but comparable, to those measured in these
same creeks in 2006 by Koop-Jakobsen & Giblin
(2010) (307.3 ± 82 and 21.7 ± 3 µmol N m−2 h−1 in the
fertilized and reference creeks, respectively). How-
ever, unlike the rates in our study, Koop-Jakobsen &
Giblin (2010) found that the DNRA rates represented
relatively equal percentages (~50%) of the total NO3

−

uptake in both creeks (Table 3). This difference may,

again, be due to the fact that our calculated rates of
DNRA can only account for direct NO3

− uptake and
not for that supplied by nitrification. Though nitrifi-
cation was not found to be a dominant process in the
fertilized creek, it was in the reference creek (Koop-
Jakobsen & Giblin 2010). Therefore, our calculated
DNRA rates may be an underestimation, particularly
in the reference creek.

Whether measured or calculated, DNRA rates were
higher in the fertilized creek in both our study and
that of Koop-Jakobsen & Giblin (2010). Additionally,
they were generally higher than rates found in estu-
arine sediments (Christensen et al. 2000, An & Gard-
ner 2002). As DNRA is thought to be controlled by
labile carbon and sulfide availability as well as that of
NO3

−, it is not surprising that it is an important path-
way in salt marshes (Burgin & Hamilton 2007, Hop-
kinson & Giblin 2008, Koop-Jakobsen & Giblin 2010).
Salt marshes in general, and fertilized creeks like the
one in the present study in particular, are ideal
places for DNRA to occur. The mostly anoxic sedi-
ments of salt marshes are well known hot spots for
sulfide production, providing an ideal environment
for the chemolithoautotrophs that carry out DNRA
through the reduction of NO3

− and the subsequent
oxidation of reduced sulfur forms, such as hydrogen
sulfide (Burgin & Hamilton 2007).

Additional evidence for DNRA in these creeks
comes from the NO2

− and NH4
+ fluxes. We observed

a strong correlation (r2 = 0.79, p < 0.001) between the
fluxes of NH4

+ and NO2
− (Fig. 3). Although these

fluxes were generally larger in the fertilized creek,
the regression also fit the unfertilized reference
creek (Fig. 3). Measureable fluxes of NO2

− in marine
sediments are uncommon, and because it is an inter-
mediate for so many N cycle processes, determining
its source can be challenging. However, the strong
correlation of NO2

− efflux to NH4
+ efflux indicated

that at least the first step of DNRA was occurring at
these creeks. The other N cycle processes that affect
NO2

− would likely yield a different pattern with
NH4

+. For example, nitrification consumes NH4
+ and

produces NO2
− as an intermediate and would there-

fore yield a relationship in the opposite direction of
the one we observed. Also, anammox consumes both
NO2

− and NH4
+, ultimately producing N2; therefore,

we would expect to see a correlation between NH4
+

and NO2
− uptake, not release. While denitrification

can release NO2
− as an intermediate in the second

step, it does not directly affect NH4
+, so we would not

expect to see any correlation between NH4
+ and

NO2
− with denitrification alone. Finally, it has been

proposed that NO2
− is an important intermediary
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product of DNRA, particularly when DNRA domi-
nates over denitrification (Rysgaard et al. 1996, An &
Gardner 2002, Dong et al. 2009, Gardner & McCarthy
2009). In this process, we might then expect to see an
efflux of both intermediary NO2

− and of NH4
+, the

end product. This is exactly what we observed in our
creeks. The present study is the first time this rela-
tionship between NH4

+ and NO2
− has been reported

in a salt marsh ecosystem. The tightly correlated
relationship between NO2

− and NH4
+ indicates that

DNRA was not only present but also was a prevalent
N transformation process in these creeks, which
would keep reactive N cycling within this  system.

DNRA also represented a larger percentage of total
NO3

− transformation than denitrification in the fertil-
ized creek in the present study (Table 3). This, again,
was likely the result of the fertilization and a differ-
ence in biochemistry between denitrification and
DNRA. Michaelis-Menten kinetics describe a reac-
tion rate (in this case, DNRA or denitrification) as a
function of the substrate concentration (in this case,
NO3

−). Denitrification and DNRA have been found to
have very different values of Km (the substrate con-
centration at which the reaction rate is half of the
maximum; Dowd & Riggs 1965). Denitrification has a
Km value ranging from ~5 to 10, while that of DNRA
ranges from ~100 to 500 (Jørgensen 1989). Thus,
denitrifiers have a higher reaction rate at low NO3

−

concentrations than the organisms carrying out
DNRA, whereas DNRA has a higher reaction rate
than denitrification at high NO3

− concentrations.
Therefore, DNRA may outcompete denitrification at
higher concentrations of NO3

−, while lower NO3
−

concentrations may favor denitrification (Jørgensen
1989). If this holds true, future anthropogenic nutri-
ent loading may push sediment processes in favor of
DNRA over denitrification, as in the fertilized creek
studied here, which in turn favors keeping more
reactive N in the system.

CONCLUSIONS

Salt marshes serve as a buffer between the terres-
trial and marine environments and perform the criti-
cal ecosystem service of helping to remove excess
reactive N via denitrification before it reaches coastal
receiving waters. Increasing anthropogenic nutrient
runoff may potentially push these systems toward
higher rates of DNRA instead of denitrification.
Under this scenario, salt marsh systems would have a
reduced N filtering capacity, and more anthro-
pogenic N would be exported to coastal receiving

waters. We found denitrification rates in the salt
marsh tidal creeks to be comparable to those found in
vegetated marsh environments (Caffrey et al. 2007).
These unvegetated portions of the marsh receive the
brunt of anthropogenic nutrient runoff and are
exposed to it for much longer time periods than the
marsh platform, making them key contributors to
overall salt marsh N removal. As salt marshes pro-
vide a key ecosystem function of N removal, excess N
loading, as stimulated in this long-term tidal creek
fertilization, may be altering the functionality of
these ecosystems, thereby jeopardizing their ability
to affectively remove reactive N from the biosphere.
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