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ABSTRACT: We experimentally assessed the uptake, loss and resulting tissue distribution of Am, Cd,
inorganic Hg(II), methylmercury (MeHg), Se and Zn in 2 North American populations (Nova Scotia
and South Carolina) of juvenile Atlantic silverside Menidia menidia from aqueous and dietary
sources using a radiotracer technique. Northern silversides (Nova Scotia) have a higher rate of ingestion and growth compared to their southern (South Carolina) counterparts to overcome a shorter
growing season. Uptake rate constants from the dissolved phase were highest for MeHg and lowest
for Cd. Assimilation efficiencies of ingested metals were highest for MeHg (82 to 89%) and lowest for
Am (0.3 to 1.9%). No pronounced difference in metal uptake was noted between the 2 populations,
except for MeHg after aqueous exposure, and Cd after dietary exposure, where South Carolina fish
retained more metal. Elimination rate constants did not vary significantly between populations and
exposure routes (except for Hg(II) after a dietary exposure) indicating that both populations process
metals at the same rate. The tissue distribution of each metal in the fish varied among metals and
exposure routes. Using a metal bioaccumulation model, the calculated steady-state body burden of
metal was highest for Zn, and lowest for Am. Calculated body burdens were higher in South Carolina
silversides for Am, Cd, and Zn. For all metals except Am, the diet is the dominant exposure route. Of
the metals investigated, MeHg and Zn in both populations and Cd in the South Carolina population
are expected to biomagnify at this trophic step.
KEY WORDS: Metals · Fish · Bioaccumulation · Growth rate · Ingestion rate
Resale or republication not permitted without written consent of the publisher

INTRODUCTION
Understanding metal bioaccumulation in fish is
important for evaluating the risk of metal exposure to
the fish themselves, their predators, and potentially
human consumers of contaminated seafood. Fish, like
other aquatic organisms, are exposed to metals via the
dissolved phase and their diet. Often, studies using fish
only focus on either the dissolved (Jeffree et al. 2006)
or dietary (Reinfelder & Fisher 1994a, Ni et al. 2000,
Baines et al. 2002, Mathews & Fisher 2008a,b) exposure route, and few studies combine the 2 exposure
routes to calculate total body burdens (Xu & Wang
2002, Wang & Wong 2003, Pickhardt et al. 2006). Studies have shown that diet is the dominant exposure
pathway for metals in freshwater and marine fish (Xu
& Wang 2002, Pickhardt et al. 2006, Mathews & Fisher
2009). Dietary exposure accounts for 40 to 88% of inor-

ganic Hg (Hg(II)), > 68% of Cd, > 95% of Zn, 97% of
Se, and > 98% of methylmercury (MeHg) body burden
when fish are fed crustacean prey (Xu & Wang 2002,
Pickhardt et al. 2006). While dietary studies have
focused on prey choice as an influence on the assimilation efficiency (AE; defined as percentage of ingested
metal which crosses the gut lining) of various metals,
few have investigated the physiological factors governing metal bioaccumulation in fish, including the
effects of ingestion rate and growth rate (Xu & Wang
2002, Zhang & Wang 2006).
Previous studies using marine invertebrates (copepods and mussels) indicate that AE is dependent on
ingestion rate: when food is in low supply gut passage
time increases, allowing digestive enzymes to solubilize a greater proportion of ingested metal, therefore
increasing the AE (Wang & Fisher 1996, Xu & Wang
2001). This relationship has also been noted in fish,
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with higher Se and Zn AEs at lower ingestion rates in
the mangrove snapper Lutjanus argentimaculatus (Xu
& Wang 2002) and grunt Terapon jarbua (Zhang &
Wang 2006). No concise relationship has been found
for Cd, with higher AEs at lower ingestion rates in
L. argentimaculatus (Xu & Wang 2002), but no significant relationship between ingestion rate and AE in T.
jarbua (Zhang & Wang 2006). Prior studies have also
shown that growth rate can influence metal concentrations in aquatic animals, with faster growers having
lower metal concentrations than slower growers due to
somatic growth dilution. Daphnia pulex fed high quality algae labeled with MeHg grew 3.5 times faster than
those fed poor quality algae, resulting in somatic
growth dilution, and lower steady-state body burdens
(Karimi et al. 2007). This has also been noted in
Atlantic salmon Salmo salar, with faster growing fish
having a lower body burden of Hg (Ward et al. 2010).
The Atlantic silverside Menidia menidia inhabits
estuaries, bays and salt marshes along the east coast of
North America, from the Gulf of Newfoundland,
Canada, to northern Florida, USA (Johnson 1975), and
undergoes an annual lifecycle with <1% of breeding
adults reaching 2 yr old (Conover & Ross 1982). M.
menidia is a model organism to investigate the role of
ingestion rate and growth rate on the body burden of
various metals. There are latitudinal differences in
ingestion rate and growth rate throughout the species
range, with northern populations having a higher rate
of ingestion and growth than southern populations
(Conover & Present 1990, Present & Conover 1992).
This counter-gradient variation evolved to overcome
the shorter growing season, and size-selective winter
mortality at higher latitudes (Conover & Present 1990).
At the end of the growing season, the body length of
M. menidia is the same throughout the species range,
indicating that the northern fish grow faster throughout the shorter growing season (Conover & Present
1990). However, there are trade-offs associated with
higher rates of physiological processes, with northern
fish experiencing reduced swimming performance,
and therefore increased predation pressure (Billerbeck
et al. 2001, Lankford et al. 2001). Rates of metal uptake
and loss from water and diet, and the resulting body
burden, could be significantly different between the
2 endpoints of this species range, due to the documented differences in physiological rates in juvenile
M. menidia.
To assess the effects of different ingestion and growth
rates on metal bioaccumulation, we conducted a series
of controlled laboratory pulse-chase experiments to
investigate the rate of metal (Am, Cd, Hg(II), MeHg,
Se, and Zn) uptake and loss after aqueous and dietary exposure, and the resulting tissue distribution, in 2
populations of the Atlantic silverside (Nova Scotia and

South Carolina; representing populations near the
northern and southern limit of the species range) using
a radiotracer technique. For dietary exposures, radiolabeled diatoms (Thalassiosira pseudonana) were fed
to invertebrate prey (brine shrimp Artemia franciscana
nauplii), which were then fed to juvenile Atlantic silversides. Calculated kinetic parameters describing
metal bioaccumulation in these fish were entered into
a biokinetic model (Wang et al. 1996) to calculate the
steady-state metal concentration in both populations,
the primary uptake route for each metal, and the
potential for each metal to biomagnify at this trophic
step.
Metals were chosen based on their chemical characteristics and environmental concern. Se and Zn are
biologically essential, whereas Am, Cd and Hg are
non-essential metals. We chose metals with varying
binding preferences for sulfur, nitrogen, and oxygen,
which influences their protein association. Am is a
Class A (oxygen-seeking) metal, Hg a Class B (sulfurseeking) metal, and Cd and Zn are borderline metals
(Nieboer & Richardson 1980). These metals have a
wide range of AEs in herbivores (Reinfelder & Fisher
1991, Wang & Fisher 1998), which has been correlated
with the cytoplasmic distribution of metals in phytoplankton food (Reinfelder & Fisher 1991, 1994b), and
this, in turn, can affect the assimilation efficiency of
metals in fish when fed crustacean prey (Reinfelder &
Fisher 1994a). Cd, Hg(II), MeHg, Se and Zn are found
at elevated levels in coastal water (Kennish 1997).
MeHg is of particular concern due to the associated
health risks in humans (Guallar et al. 2002, Chang et
al. 2008), resulting in seafood consumption advisories.
Am is a synthetic actinide, produced from the decay of
241
Pu, and has been released as nuclear waste into
coastal water and from nuclear weapons fallout (Park
et al. 1983). Am is a particle-reactive trivalent cation,
which remains sorbed to the cell surface and not transported into the cell (Reinfelder & Fisher 1991). It is
expected that this element behaves similarly to many
other particle-reactive nonessential trivalent metals,
such as many of the rare earth elements.

MATERIALS AND METHODS
Experimental conditions. All experiments were carried out in 0.2 µm sterile filtered (Millipak 200, Millipore) Southampton seawater (SHSW), collected 5
miles offshore of Southampton (Long Island, NY, USA;
salinity = 34, pH 7.9, dissolved organic carbon = 115 ±
19 µM C [mean ± SD, n = 3]). Background metal concentrations were analyzed by ICP-MS at the Trace Element Analysis Core Facility, Dartmouth College (total
Hg), and Rutgers Inorganic Analytical Laboratory, Rut-
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gers University (Cd, Se, Zn). Phytoplankton and invertebrate prey were held at 18 ± 0.5°C, and fish at 21 ±
0.5°C. All experimental organisms were held under a
14 h light:10 h dark cycle.
Fish maintenance and acclimation. Juvenile F1 and
F2 generation laboratory-reared Atlantic silversides
Menidia menidia from Nova Scotia (44° N) and South
Carolina (33° N) were used in this study. Both populations were of the same age (approximately 2 mo). Nova
Scotia fish were 59 ± 5 mm (mean ± SD) long, with a
mean wet weight (wt) of 0.9 ± 0.18 g , while South Carolina fish were 38 ± 5 mm long, with a mean wet wt of
0.32 ± 0.1 g . Fish were spawned and raised at the Flax
Pond Marine Laboratory (Oldfield, New York) from
field-collected fish following a protocol described elsewhere (Conover & Present 1990, Present & Conover
1992) and transferred to our laboratory at least 3 wk
before the start of experiments where they were acclimated to SHSW, and fed a daily diet of brine shrimp
(Artemia franciscana) nauplii. Brine shrimp nauplii was
the chosen prey species because it is representative of
crustacean zooplankton, and studies have shown that
Atlantic silversides survive best when fed this prey in
the laboratory (Beck & Poston 1980). At least 4 d prior
to each experiment, 8 to 10 fish from each population
were transferred to individual containers with 600 ml
SHSW and an airstone to acclimate to experimental
conditions. Fish were starved for 24 h prior to experiments to allow for total gut clearance. The experimental temperature was set at 21°C because both populations experience it during the spawning season in the
wild (Conover & Present 1990), and fish are held at this
temperature at the Flax Pond Marine Laboratory.
Fish exposure to aqueous metal. Radioisotopes were
added to SHSW and allowed to equilibrate for at least
6 h. Atlantic silversides from each population (n = 8 to
10) were exposed to 250 ml of radiolabeled SHSW in
individual containers. Radioisotope additions per fish
were 5.9 kBq 241Am, 5.4 kBq 109Cd, 1.6 kBq 203Hg(II),
0.6 kBq MeHg, and 13 kBq 65Zn. This corresponds to
the following metal concentrations: 0.98 nM 241Am,
0.27 nM 109Cd, 0.23 nM 203Hg(II), 0.25 nM MeHg, and
3.00 nM 65Zn. Exposure time was 12 h for Am and
MeHg, and 36 h for Cd, Hg(II), and Zn. Exposure
period varied between metals to allow an exposure
time sufficient to radiolabel the fish while minimizing
the likelihood of metal loss from the fish during this
uptake period. 75Se uptake from the dissolved phase
was not investigated because aqueous selenite shows
little reactivity for fish (Besser et al. 1993). Fish were
not fed during the labeling period, so dissolved metal
was the only source for the fish. At the end of the exposure period fish received two 30 s rinses in filtered
unlabeled SHSW to remove excess radioisotope, and
were immediately radioassayed. They were then re-
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turned to individual containers containing 600 ml unlabeled SHSW to depurate for 6 d, during which they
were fed unlabeled brine shrimp nauplii. Radioactivity
in the fish was analyzed at regular intervals throughout the first 24 h, and then daily for another 5 d. Fish
were fed brine shrimp nauplii daily and underwent
regular water changes throughout the depuration
period. After 6 d, the fish were euthanized in 450 ppm
MS222 (tricaine methane sulphonate), and dissected
into 3 body compartments: head (including gills), viscera, and body (skeleton, fillet, fins, and skin). Tissue
samples were immediately radioassayed, dried in an
oven at 60°C for 24 h, and the dry wt recorded. Not all
fish initially exposed to the radiolabeled SHSW survived throughout depuration, therefore only data from
fish which survived the whole experiment are shown
in the results (n = 4 to 9 per population). No toxic
effects of metal exposure (death, excess mucus production, abnormal swimming behavior) were observed
during the metal uptake period. Juvenile Atlantic silversides are very sensitive to handling (Present &
Conover 1992), which this mortality is attributed to.
Fish exposure to dietary metal. The marine diatom
Thalassiosira pseudonana was uniformly radiolabeled
for 4 d with radioisotopes in 1 l SHSW, amended with
nutrients at f/2 concentrations (Guillard & Ryther 1962),
but modified so no Cu, Zn, and EDTA were added.
Radioisotope additions were 79 kBq 241Am, 216 kBq
109
Cd, 71 kBq 203Hg(II), 61 kBq MeHg, 55 kBq 75Se, and
183 kBq 65Zn. This corresponds to 3.50 nM 241Am, 0.66
nM 109Cd, 3.00 nM 203Hg(II), 2.00 nM MeHg, 3.96 nM
75
Se, and 3.32 nM 65Zn. At the end of uptake, algal cells
were filtered through a 3 µm polycarbonate membrane, rinsed with unlabeled SHSW to remove excess
radioisotope, resuspended in 500 ml non-radiolabeled
SHSW to attain a cell density of 1 × 106, and allowed to
equilibrate for 4 h. Approximately 2000 brine shrimp
(Artemia franciscana) nauplii were added to the algal
suspension and allowed to feed for 20 h. Nauplii were
then filtered through a 10 µm polycarbonate membrane, rinsed to remove excess radioactivity from the
carapace, and added to 50 ml unlabeled SHSW to
make a brine shrimp slurry. One ml of slurry (approximately 60 brine shrimp nauplii) was presented to 8 fish
from each population, and these were allowed to feed
for 45 min. No feces were produced during the feeding
period. After feeding, fish were removed from their
container, and immediately radioassayed. Fish were
then returned to individual containers with 600 ml
unlabeled SHSW and fed unlabeled brine shrimp nauplii to purge their guts of unassimilated radiolabeled
food. At each time point, feces were collected and
radioassayed to monitor the gut passage time of unassimilated radiolabeled food. The 6 d depuration,
euthanization, and dissection procedure followed that
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described previously. Only data from fish that survived
the entire experimental period are shown (n = 5 to 8
per population).
Radioisotopes and radioanalysis. 109Cd (t ! = 463.3 d)
and 65Zn (t ! = 244.1 d), both dissolved in 0.1 N HCl,
were purchased from Los Alamos National Laboratory,
241
Am (t ! = 432.7 yr, dissolved in 3 NHNO3) was purchased from Amersham, 75Se (t ! = 119.8 d, as selenite,
dissolved in 0.1 N HCl) was purchased from Isotope
Products, and 203Hg(II) (t ! = 46.6 d, dissolved in 1 N
HCl) was obtained from Georgia State University.
MeHg (CH3203Hg(II)), held in deionized water, was
synthesized in our laboratory from Hg(II) using a
method described by Imura et al. (1971), Rouleau &
Block (1997), and Bancon-Montigny et al. (2004).
Experimental radioisotope additions were in µl quantities, and equimolar volumes of sodium hydroxide
(NaOH) were added to neutralize the acid added during radiolabeling. The pH was monitored and unaffected by the radioisotope addition. 241Am and 75Se,
and 109Cd and 65Zn were double-labeled (2 isotopes in
the same experimental container), while 203Hg(II) and
MeHg were single-labeled.
Radioactivity in the fish was assayed non-invasively
using a Canberra deep-well NaI(Tl) γ-detector, allowing the same fish to be analyzed throughout depuration, therefore reducing biological variability. Counting times did not exceed 5 min to reduce stress on the
fish, yet allowed propagated counting errors typically
≤ 5% to be obtained. However, propagated counting
errors could reach 25% by the end of depuration if
most of the radioactivity was lost and counts were close
to background level. Water, feces, and dissected fish
tissue samples were radioassayed using an inter-calibrated LKB Pharmacia-Wallac 1282 CompuGamma CS
gamma counter for either 5 min (241Am, 109Cd, 65Zn), or
10 min (203Hg, 75Se). All sample counts were adjusted
for background radioactivity and radioactive decay.
The γ-emissions of 109Cd, 241Am, 203Hg, 75Se, and 65Zn
were detected at 22, 59.5, 279, 400, and 1115 keV,
respectively.
Modeling metal bioaccumulation in fish. The bioaccumulation of metals in fish, like other aquatic organisms, can be defined as a balance between metal
uptake and loss from aqueous and dietary sources.
This was originally described by Thomann (1981), and
then modified by Wang et al. (1996) and Reinfelder et
al. (1998). This model has been successfully tested
using marine invertebrates (Fisher et al. 1996, 2000,
Wang & Fisher 1998), and more recently freshwater
and marine fish (Wang & Wong 2003, Pickhardt et al.
2006). Kinetic parameters derived from laboratory
experiments can be used to model predicted values in
the field. Under steady-state conditions the equation is
as follows:

Css = (ku · Cw)兾(g + kew) + (AE · IR · Cf)兾(g + kef)

(1)

where Css is the steady-state concentration of metal in
an organism (µg g–1), ku is the uptake rate constant
from the dissolved phase (ml g–1 d–1), Cw is the dissolved metal concentration in water (µg ml–1), g is the
growth rate constant (d–1), kew is the loss rate constant
after dissolved exposure (d–1), AE is the assimilation
efficiency of ingested metal (%), IR is the ingestion rate
(g g–1 d–1), Cf is the metal concentration in food (µg
g–1), and kef is the loss rate constant after dietary exposure (d–1).
Radioactivity in fish at the end of uptake was used
to calculate ku, by dividing radioactivity in individual
fish (g–1 dry wt) by radioactivity in ml–1 water and by
time (d). AE and ke values were calculated by fitting an
exponential regression between the 48 h and 144 h
depuration time points. The AE was determined to be
the y-intercept, and ke was the slope of the curve. The
biological half-life (tb !) of a metal in the fish after
aqueous and dietary exposure is defined as the time
it takes for 50% of the metal to be excreted, and is
calculated as:
(2)
tb ! = ln 2/ke
We used food consumption data from Billerbeck et
al. (2000) to calculate the weight-specific ingestion rate
(food consumption divided by dry wt of fish), resulting
in an ingestion rate of 0.58 g g–1 d–1 for Nova Scotia silversides and 0.37 g g–1 d–1 for South Carolina silversides. Growth rate constants were calculated using the
following allometric relationship between length and
weight:
W = a · Lb

(3)

where W is the fish weight (g), L is the fish length (cm),
and a and b are allometric coefficients (a = 0.006, b =
3.023; Jessop 1983). L values are the average length of
fish used in this study (Nova Scotia 5.9 cm, South Carolina 3.8 cm). The growth rate relationship can be calculated from the derivative of the allometric equation
with respect to time, described as follows:
dW/dt = a · b · Lb –1 · (dL /dt)

(4)

For dL /dt we applied 0.082 cm d–1 for Nova Scotia
silversides (Jessop 1983), and 0.027 cm d–1 for South
Carolina silversides (Sosebee 1991). The calculated
daily growth rate (0.051 g d–1 Nova Scotia, 0.007 g d–1
South Carolina) was then divided by the average wet
wt of the fish used in this study (Nova Scotia 0.9 g,
South Carolina 0.32 g) to calculate a growth rate constant of 0.057 d–1 for Nova Scotia silversides and
0.022 d–1 for South Carolina silversides.
The Cw values used were background metal concentrations in SHSW (Cd, Hg, Se, Zn) or literature values for Am (Cochran et al. 1987), and MeHg (Hammer-
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Table 1. Menidia menidia. Uptake rate constants (ku) and efflux rate constants (kew)
schmidt & Fitzgerald 2006), and were as
in Atlantic silversides from Nova Scotia (NS) and South Carolina (SC) after aqueous
follows: 1.9 × 10–15 µg ml–1 Am, 0.17 ng
exposure in Southampton seawater. Statistically significant differences (by t-test)
–1
–1
–1
ml Cd, 3.3 pg ml Hg, 0.03 pg ml
between each kinetic parameter and the 2 populations are represented by * (p < 0.05)
–1
–1
MeHg, 0.03 ng ml Se, and 8.7 ng ml
and ** (p < 0.01). n = 4 to 9 per population; nd: not determined
Zn. Cf values for zooplankton (dry wt)
were obtained from the literature, and
Population
ku (ml g–1 d–1)
kew (d–1)
are as follows: 2.5 µg g–1 Cd, 1.3 µg g–1
Mean
SE
Range
Mean
SE
Range
Se, and 167 µg g–1 Zn (Fisher et al.
Am
NS
11
1
7–17
0.038
0.008
0.016–0.065
2000). We used a mean total Hg value
SC
13
1
11–15
0.023
0.013
0.003–0.060
of 0.22 µg g–1 (IAEA 2004). MeHg
Cd
NS
0.8**
0.04
0.6–0.9
0.052
0.004
0.039–0.063
accounts for 75% of total Hg in crustaSC
1.3**
0.1
1.0–1.8
0.076
0.015
0.034–0.124
cean zooplankton (Francesconi & LeHg(II)
NS
15
2
7–25
0.071
0.004
0.056–0.094
SC
17
2
14–22
0.075
0.009
0.057–0.099
nanton 1992), so we applied a Cf value
MeHg
NS
1155** 289
361–2631
0.006*
0.002
0.002–0.014
of 0.165 µg g–1 for MeHg, and 0.055 µg
SC
4375** 501
2653–5761
0.014*
0.002
0.005–0.018
g–1 for Hg(II). The Am Cf was calculated
Se
NS
nd
nd
nd
nd
nd
nd
by multiplying the Cw by the concenSC
nd
nd
nd
nd
nd
nd
tration factor of Am in zooplankton
Zn
NS
1.9**
0.1
1.6–2.1
0.061
0.005
0.047–0.071
(4000, IAEA 2004) to obtain a value of
SC
5.0**
0.8
3.2–7.1
0.056
0.015
0.018–0.101
7.6 × 10–12 µg g–1.
Eq. (1) can be rearranged to calculate the relative importance of dissolved versus dietary
Am, Cd, Hg(II), MeHg, and Zn respectively. Am and
Hg(II) ku values showed no significant differences in
exposure routes to the steady-state body burden of
metal using the following equation:
the rate of metal uptake between the 2 populations
(t-test, p > 0.05), while there was a significant difference
R = [(AE · IR · Cf)兾(g + kef)]兾Css · 100
(5)
for Cd, MeHg and Zn (p < 0.01). Both populations had
higher ku values for MeHg than Hg(II). Calculated
where R is the percentage attributed to dietary expodry wt concentration factors (CF), defined as dpm (dissure. Eq. (1) can also be rearranged to calculate the
integrations per minute) g–1 fish divided by dpm ml–1
trophic transfer factor (TTF), which indicates the
dissolved in seawater, show that all metals were more
potential for a metal to biomagnify at this trophic step
enriched in fish than in the surrounding water (CF > 1),
based upon the ratio of metal in the predator to metal
and South Carolina silversides had consistently higher
in the prey. TTF is calculated as follows:
CF values for all metals. South Carolina CF values
TTF = (AE · IR)兾(g + kef)
(6)
(mean ± 1 SE) were 6.4 ± 0.4 for Am, 2.0 ± 0.2 for Cd,
25 ± 2.7 for Hg(II), 2155 ± 247 for MeHg, and 7.4 ± 1.2
A TTF > 1 indicates that a metal is likely to biomagfor Zn. Nova Scotia CF values were 5.7 ± 0.7 for Am,
nify at this trophic step, while a TTF < 1 indicates that
1.2 ± 0.1 for Cd, 22 ± 2.7 for Hg(II), 569 ± 142 for MeHg,
biomagnification is unlikely (Reinfelder et al. 1998).
and 2.8 ± 0.1 for Zn. Dry wt CFs can be converted to
wet wt CFs by dividing the former by 4.5 (dry wt is 22%
of the wet wt value for Menidia menidia).
RESULTS
After aqueous exposure in SHSW, depuration curves
indicated a rapid elimination of metal within the first
Uptake of metals from the dissolved phase
24 h, and then slower physiological turnover for the
following 5 d (Fig. 1). After 24 h of depuration the perFor all metals examined, most of the added metal recentages of metal eliminated were as follows: 34%
mained in the dissolved phase (that is, not taken up by
Am, 23% Cd, 24% Hg(II), 5% MeHg, and 20% Zn
the fish) throughout the exposure period. The percentfrom Nova Scotia silversides, and 46% Am, 39% Cd,
age of added metal associated with fish at the end of ex26% Hg(II), 13% MeHg, and 40% Zn from South Carposure was 0.06 to 0.17% for Am, 0.04 to 0.09% for Cd,
olina silversides. South Carolina silversides consis1.1 to 2.1% for Hg(II), 31 to 33% for MeHg, and 0.17 to
tently retained a lower percentage of the initial metal
0.22% for Zn. The calculated uptake rate constants
body burden throughout depuration. At the end of 6 d
from the dissolved phase (ku) were consistently higher
in the South Carolina population (Table 1). ku values
depuration, the percentages of initial metal remaining
(ml g–1 d–1) were highest for MeHg (1155 and 4375), folwere 46% Am, 61% Cd, 51% Hg(II), 92% MeHg and
59% Zn in Nova Scotia silversides, and 44% Am, 43%
lowed by Hg(II) (15 and 17), Am (11 and 13), Zn (1.9 and
Cd, 47% Hg(II), 79% MeHg, and 38% Zn in South
5), and Cd (0.8 and 1.3). ku values were 1.2, 1.6, 1.1, 3.8,
Carolina silversides (Fig. 1). Efflux rate constants after
and 2.6 times higher in South Carolina silversides for
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aqueous exposure (kew) are given in Table 1. For Nova
Scotia silversides, the efflux rate constant (d–1) of Hg(II)
(0.071) > Zn (0.061) > Cd (0.052) > Am (0.038) > MeHg
(0.006). For South Carolina silversides, Cd (0.076) =
Hg(II) (0.075) > Zn (0.056) > Am (0.023) > MeHg
(0.014). No significant difference between kew for the 2
populations was noted except for MeHg (p < 0.05).

Uptake of metals from diet
In both silverside populations, AEs for MeHg greatly
exceeded those for all other metals. For Nova Scotia silversides, AE was highest for MeHg (89%), followed by
Zn (24%), Cd (15%), Se (10%), Hg(II) (8%), and lowest
for Am (0.3%). For South Carolina silversides AE was
highest for MeHg (82%), followed by Cd (39%), Zn
(29%), Hg(II) (15%), Se (13%), and lowest for Am
(1.9%) (Table 2). The AEs for Am were given as percentage remaining after 48 h of metal loss; exponential
regressions could not be fitted to the data due to near
complete elimination of the radioisotope. The AEs for
MeHg, Se, and Zn are similar for the 2 populations, but
the slight difference in MeHg AEs was found to be statistically significant (t-test, p < 0.05). South Carolina silversides assimilated 6.3 times more Am, 2.6 times more
Cd (both significant, p < 0.05), and 1.9 times more
Hg(II) (not significant, p > 0.05) than Nova Scotia silversides. When comparing the 2 Hg species, Nova Scotia
and South Carolina silversides assimilated 11 times and
5.5 times more MeHg than Hg(II), respectively.
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Fig. 1. Menidia menidia. Metal retention in Atlantic silversides from Nova Scotia and South Carolina after aqueous
exposure in Southampton seawater (n = 4 to 9 per population).
160 Retention is expressed as percent of initial body burden after
exposure. Values represent means ±1 SE

After feeding, all metals were eliminated from both silverside populations following a 2-compartment loss pattern: the rapid loss during the first several h corresponded to defecation of unassimilated metal, and the
slower loss over the remaining depuration period corresponded to physiological turnover of metal (Fig. 2).
Within the first 24 h, 99.5% Am, 85% Cd, 88% Hg(II),
10% MeHg, 87% Se, and 76% Zn was lost from the
Nova Scotia population, and 98.6% Am, 63% Cd, 86%
Hg(II), 18% MeHg, 83% Se, and 70% Zn was lost from
the South Carolina population. At the end of 6 d depuration, the percentages of initial metal remaining were
0.3% Am, 11% Cd, 5% Hg(II), 84% MeHg, 6% Se, and
17% Zn for Nova Scotia fish, and 1.2% Am, 30% Cd, 4%
Hg(II), 76% MeHg, 7% Se, and 22% Zn for South Carolina fish (Fig. 2). Efflux rate constants after dietary exposure (kef) varied by metal, and except for Hg(II), did not
vary between the 2 populations (Table 2). For the Nova
Scotia population, the efflux rate (d–1) of Se (0.109) >
Hg(II) (0.086) > Cd (0.073) > Zn (0.058) > MeHg (0.011),
and for the South Carolina population, Hg(II) (0.194) > Se
(0.105) > Cd (0.052) = Zn (0.051) > MeHg (0.013).

Tissue distributions and corresponding metal
concentrations
Fig. 3 shows the tissue distribution (as percentage of
total dpm in whole fish) of Am, Cd, Hg(II), MeHg, and Zn
in Atlantic silversides at the end of depuration after
aqueous exposure in SHSW. Tissue distribution varied
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versides (32%), whereas South
Carolina fish had a greater percentage associated with the
body (42% versus 30%).
Fig. 4 shows the tissue distribution (as percentage of total
–1
kef (d )
dpm in whole fish) of Cd, Hg(II),
SE
Range
MeHg, Se, and Zn in Atlantic silnd
nd
versides at the end of depuration
nd
nd
after feeding on radiolabeled
0.017
0.043–0.155
brine shrimp nauplii. Tissue dis0.009
0.026–0.092
tribution for Am could not be de0.014
0.040–0.139
termined due to near complete
0.055
0.038–0.455
elimination of the radioisotope.
0.001
0.007–0.013
Tissue partitioning varied by
0.002
0.006–0.017
metal, and except for Hg(II),
0.008
0.081–0.140
there was no difference in the
0.017
0.064–0.164
body partitioning of each metal
0.008
0.041–0.083
between the 2 populations. Cd
0.003
0.039–0.062
and MeHg were predominantly
associated with the body (80 to
84% Cd, 51 to 57% MeHg), whereas Zn was mainly associated with the head (49 to 52%). Se was mainly distributed between the head (44 to 45%) and body (41 to
44%). The tissue distribution of Hg(II) varied significantly between the 2 populations: the percentage
associated with the body was higher in Nova Scotia fish
(67%) than in South Carolina fish (15%), while the percentage associated with the viscera was higher in South
Carolina fish (72% versus 28%).

Table 2. Menidia menidia. Assimilation efficiencies (AE) and efflux rate constants (kef)
in Atlantic silversides from Nova Scotia (NS) and South Carolina (SC) after feeding on
brine shrimp (Artemia franciscana) nauplii. Statistically significant differences (by
t-test) between kinetic parameters and the 2 populations are represented by * (p < 0.05).
n = 5 to 8 per population; nd: not determined
Population
Mean

AE (%)
SE
Range

Mean

Am

NS
SC

0.3*
1.9*

0.06
0.70

0.13–0.7
0.21–5.0

nd
nd

Cd

NS
SC

15*
39*

3
10

5–28
7–54

0.073
0.052

Hg(II)

NS
SC

8
15

2
3

3.2–13
7.6–26

0.086
0.194

MeHg

NS
SC

89*
82*

0.8
4

86–92
68–94

0.011
0.013

Se

NS
SC

10
13

0.8
1.5

8–14
9–18

0.109
0.105

Zn

NS
SC

24
29

4
6

11–39
15–61

0.058
0.051

by metal, but apart for Cd, did not vary between the 2 silverside populations for each metal. Am and Hg(II) were
mainly associated with the head (64 to 69% Am, 49 to
55% Hg(II)), whereas Zn was distributed between the
head (37 to 40%) and body (44%). Am was the only
metal to show no association with the viscera (0 to 1%).
MeHg was predominantly associated with the body (70
to 72%). Cd had a higher association with the viscera in
Nova Scotia silversides (47%) than in South Carolina sil100

100

100
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Hg(II)

10
10

Metal retained (%)

10
1
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1
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100
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Fig. 2. Menidia menidia. Metal retention in Atlantic silversides from Nova Scotia and South Carolina after pulse feeding on brine
shrimp (Artemia franciscana) nauplii (n = 5 to 8 per population). Retention is expressed as percent of initial body burden after
exposure. Values represent means ±1 SE
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Fig. 3. Menidia menidia. Metal partitioning in Atlantic silversides from Nova Scotia (NS) and South Carolina (SC) at the end
of depuration after aqueous exposure in
Southampton seawater. Bars represent the
percentage of total body burden associated with each tissue compartment (head,
viscera, body). Values represent means
±1 SE; n = 4 to 9
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The body distribution of Cd, Hg(II), MeHg, and Zn
varied with exposure route (Figs. 3 & 4). At the end of
depuration after aqueous exposure, Cd was distributed
throughout the 3 tissue compartments, whereas after
dietary exposure, Cd was mainly associated with the
body. Hg(II) had a higher percentage associated with
the head after aqueous exposure, but after dietary
exposure it was predominantly associated with the vis-

SC

Fig. 4. Menidia menidia. Metal partitioning in Atlantic silversides from Nova Scotia (NS) and South Carolina (SC) at the
end of depuration after dietary exposure.
Bars represent the percentage of total
body burden associated with each tissue
compartment (head, viscera, body). Values represent means ±1 SE; n = 5 to 8.
Tissue distribution for Am could not be
determined because its concentration was
below detection at the end of depuration

cera (South Carolina population) or body (Nova Scotia
population). MeHg had a higher percentage associated with the body, and lower percentages associated
with the head and viscera after an aqueous exposure.
Zn was predominantly associated with the head after a
dietary exposure, whereas it was nearly evenly distributed between the head and body after an aqueous
exposure.
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Table 3 shows the weight-normalized radioactivity
concentration (Bq g–1) of each metal in tissue compartments at the end of depuration after aqueous
and dietary exposures. Comparisons can be made between populations after aqueous exposure to each
individual metal as all fish were exposed to the same
dissolved metal concentration, whereas no comparison
can be made between populations after dietary exposure to each metal as fish consumed different amounts
of food. After aqueous exposure, radioactivity concentrations of Cd, Hg(II), and Zn were highest in the viscera, and South Carolina silversides had higher tissue
burdens; whereas the Am concentration was highest in
the head for both populations, and Nova Scotia silversides had a higher tissue burden. For MeHg, South
Carolina fish had a higher body burden in all tissue
compartments, but the tissue burden was highest in
the viscera for South Carolina fish, and distributed
between the head and body in Nova Scotia fish. After
dietary exposure, Hg(II), MeHg, and Se tissue concentrations were highest in the viscera for both populations, whereas Cd was most concentrated in the body.
Zn was most concentrated in the viscera in Nova Scotia fish, compared to the head in South Carolina fish.

Modeling metal bioaccumulation in
Menidia menidia
The biological half-life (tb!) of metals in both silverside populations are shown in Table 4. For metals in
which aqueous and dietary exposure routes could be
compared, the tb! values were highest for MeHg (50 to
116 d), followed by Am (17 to 30 d), Zn (11 to 14 d), Cd
(9 to 13 d), and lowest for Hg(II) (4 to 10 d). The tb! for
Se could only be calculated after a dietary exposure (6
to 7 d). For Cd, Hg(II), and Zn there was little differ-

Table 4. Menidia menidia. Biological half-lives (tb !; d) of metals in Nova Scotia (NS) and South Carolina (SC) populations
of the Atlantic silverside after aqueous and dietary exposure.
ke values used are in Tables 1 & 2. nd: not determined
Population

Aqueous tb !

Dietary tb !

Am

NS
SC

18
30

17a
17a

Cd

NS
SC

13
9

9
13

Hg(II)

NS
SC

10
9

8
4

MeHg

NS
SC

116
50

63
53

Se

NS
SC

nd
nd

6
7

Zn

NS
SC

11
12

12
14

a

We used a kef of 0.04 d–1, calculated for juvenile striped
bass (Baines et al. 2002), due to near-complete elimination
of the radioisotope in our experiments

ence in tb! among populations and exposure routes.
There was little difference between the tb! values of
MeHg between exposure routes for the South Carolina
silversides, but a large difference for Nova Scotia
silversides; the tb! was also 2.3 times greater in the
Nova Scotia population than in the South Carolina
population after aqueous exposure. The tb! of Am was
1.7 times higher in South Carolina silversides after an
aqueous exposure. We could not determine the kef
after dietary exposure due to near complete elimination of the radioisotope, so for our model we applied a
value of 0.04 d–1 calculated for juvenile striped bass
(Baines et al. 2002). Assuming it takes 7 tb! for all
radioisotopes to be eliminated from an organism, the
residence time of each metal can be calculated. After

Table 3. Menidia menidia. Radioactivity concentration (Bq g–1) of metals in fish tissues (head, viscera, and body) after aqueous
and dietary exposure. NS = Nova Scotia, SC = South Carolina. Values represent means ±1 SE; nd: not determined. n = 4 to 9 per
population for aqueous exposure and 5 to 8 per population for dietary exposure
Population
Am
Cd
Hg(II)
MeHg
Se
Zn

NS
SC
NS
SC
NS
SC
NS
SC
NS
SC
NS
SC

Head

Aqueous exposure
Viscera

Body

Head

Dietary exposure
Viscera

Body

144 ± 12
114 ± 22
33 ± 7
75 ± 47
113 ± 8
113 ± 9
948 ± 173
2803 ± 280
nd
nd
219 ± 26
612 ± 58

17 ± 8
0±0
128 ± 24
342 ± 211
144 ± 16
174 ± 25
817 ± 152
4733 ± 1217
nd
nd
219 ± 30
1718 ± 1201

37 ± 10
23 ± 7
12 ± 1
22 ± 6
26 ± 3
22 ± 1
941 ± 204
3318 ± 306
nd
nd
73 ± 4
189 ± 35

nd
nd
116 ± 39
303 ± 124
8±3
8±3
3184 ± 920
4173 ± 637
936 ± 78
1030 ± 75
4303 ± 451
8255 ± 1665

nd
nd
1372 ± 601
9842 ± 6856
97 ± 48
146 ± 80
6169 ± 1701
9728 ± 4217
2192 ± 478
1470 ± 336
5112 ± 1266
6986 ± 1189

nd
nd
2537 ± 640
14338 ± 3812
89 ± 17
8±1
4799 ± 1528
4982 ± 829
474 ± 51
554 ± 52
1892 ± 291
3006 ± 394
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aqueous exposure, the calculated residence times (d)
of each metal in Nova Scotia and South Carolina silversides, respectively, were as follows: Am (126, 210), Cd
(91, 63), Hg(II) (70, 63), MeHg (812, 350), and Zn (77,
84). After dietary exposure, they were: Am (153, 153),
Cd (63, 91), Hg(II) (56, 28), MeHg (441, 371), Se (42,
49), and Zn (84, 98).
Model-predicted body burdens of metals in both silverside populations at steady-state (Css) were highest
for Zn (202 and 246 µg g–1 for Nova Scotia and South
Carolina silversides, respectively), followed by Cd
(1.7 and 4.9 µg g–1), MeHg (1.3 and 1.4 µg g–1), Se (0.45
and 0.49 µg g–1), Hg(II) (18 and 15 ng g–1), and lowest
for Am (3.6 × 10–10 and 1.4 × 10– 9 ng g–1) (Table 5). The
calculated body burden was 4, 2.9, 1.1, 1.1, and 1.2
times higher for Am, Cd, MeHg, Se, and Zn, respectively, in South Carolina silversides, and 1.2 times
higher for Hg(II) in Nova Scotia silversides. Diet was
the dominant source for Cd, Hg(II), MeHg, and Zn,
accounting for > 96% of accumulated metal. Diet is
assumed to account for 100% of accumulated metal for
Se (Stewart et al. 2010). Am was the only metal for
which the aqueous phase accounted for a significant
percentage of accumulated metal (38.3 to 61.1%)
(Table 5). TTFs were <1 for Am, Hg(II), and Se, indicating that these metals would not be expected to biomagnify in juvenile Menidia menidia, whereas TTFs
were ~1 for Zn and >>1 for MeHg in both populations,
and >1 for Cd in South Carolina silversides (Table 5),
indicating that biomagnification is likeliest for MeHg
at this trophic step.
Table 5. Menidia menidia. Model-predicted metal body burdens at steady-state (Css), percent of body burden attributed
to dietary exposure, and trophic transfer factors (TTFs) for
Nova Scotia (NS) and South Carolina (SC) Atlantic silverside
populations. Kinetic parameters used are in Tables 1 & 2.
Css units are µg g–1 (Cd, MeHg, Se, Zn) and ng g–1 (Am, Hg(II))
Population

Css

% attributed to diet

TTF

Am

NS
SC

3.6 × 10–10
1.4 × 10– 9

38.3
61.1

0.02a
0.11a

Cd

NS
SC

1.7
4.9

> 99.9
> 99.9

0.67
1.95

Hg(II)

NS
SC

18
15

97.9
96.1

0.32
0.26

MeHg

NS
SC

1.3
1.4

> 99.9
> 99.7

7.6
8.7

Se

NS
SC

0.45
0.49

100
100

0.35
0.38

Zn

NS
SC

202
246

> 99.9
> 99.8

1.2
1.5

a
We used a kef of 0.04 d–1, calculated for juvenile striped
bass (Baines et al. 2002), due to near-complete elimination
of the radioisotope in our experiments

DISCUSSION
Aqueous uptake of metals
Our results show that the rate of metal uptake from
the dissolved phase varied by metal. For all metals and
both populations, CFs were >1, indicating fish are
more enriched in metal than the surrounding water.
CFs and kus were higher in fish from South Carolina
than from Nova Scotia, indicating that body size may
influence the rate of metal uptake, as observed by
Zhang & Wang (2007). We attribute this difference to
the larger surface area to volume ratio in South Carolina silversides, which were smaller. Differences in
respiration rate between the 2 populations could also
account for some of the difference, but respiration
rates were not measured during this study.
The MeHg ku values obtained in this study (1155 and
4375 ml g–1 d–1) are similar to those found for the
marine sweetlips Plectorhinchus gibbosus (4515 ml
g–1 d–1, Wang & Wong 2003) and the freshwater redear
sunfish Lepomis microlophus (1280 ml g–1 d–1, Pickhardt et al. 2006), but higher than those determined for
the freshwater mosquitofish Gambusia affinis (185 to
338 ml g–1 d–1, Pickhardt et al. 2006). Our Hg(II) ku values (15 and 17 ml g–1 d–1) are slightly lower than those
observed in freshwater fish (38 to 78 ml g–1 d–1, Pickhardt et al. 2006), and 10-fold lower than that observed
in marine fish (195 ml g–1 d–1, Wang & Wong 2003). Our
values could be lower than observed in other studies
due to Hg(II) binding to dissolved organic matter. The
higher MeHg ku compared to Hg(II) ku (77 times higher
in Nova Scotia silversides, and 257 times higher in
South Carolina silversides) is consistent with previous
reports for other fish (Wang & Wong 2003, Pickhardt et
al. 2006), indicating that Hg(II) is absorbed less efficiently than MeHg. Hg(II) uptake is considered to be a
more passive process due to Hg forming uncharged,
inorganic complexes in water (Mason et al. 1996),
whereas MeHg uptake across the gills is thought to be
an energy-mediated process (Andres et al. 2002).
Our uptake rate constants for Am (11 and 13 ml
g–1 d–1) are consistent with observations in juvenile sea
bream Sparus auratus (10 ml g–1 d–1, Mathews et al.
2008), and Cd uptake (0.8 and 1.3 ml g–1 d–1) is similar
to that observed in other marine species, including sea
bream (5 ml g–1 d–1) and mangrove snapper Lutjanus
argentimaculatus (5.1 ml g–1 d–1, Xu & Wang 2002). Am
is highly particle-reactive (Fisher & Reinfelder 1995),
accounting for its higher uptake rate than the other
metals examined (except Hg(II) and MeHg). Cd uptake
rates here are lower than what would be expected for
freshwater fish, due to complexation of Cd2+ with Cl– in
saline water resulting in reduced bioavailability. A
prior study using the tidewater silverside Menidia
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beryllina showed that fish accumulate less Cd via the
dissolved phase at higher salinities (Jackson et al.
2003). Our Zn uptake rates (1.9 and 5.0 ml g–1 d–1) are
similar to that noted in the sea bream (4 ml g–1 d–1,
Mathews et al. 2008), but lower than that observed in
the mangrove snapper (10 ml g–1 d–1, Xu & Wang 2002).

Assimilation efficiencies
The wide range of AEs (0.3% for Am to 89% for
MeHg) observed in our study indicates that they are
highly variable among metals. The AE ranking we
noted is consistent with the observations of Reinfelder
& Fisher (1991) in copepods, who found that AEs in
these animals are related to the percentage of metal
associated with the cytoplasm in phytoplankton food.
Apart from Cd, no pronounced difference was noted in
metal AEs between the 2 populations.
Our MeHg AE values (89% for Nova Scotia, 82% for
South Carolina) are slightly lower, but comparable to
other literature values for freshwater, estuarine, and
marine fish fed zooplankton prey (89 to 95%; Wang
& Wong 2003, Pickhardt et al. 2006, Mathews & Fisher
2008a). For both populations, MeHg assimilation greatly
exceeded Hg(II) assimilation, being 11-fold higher in
Nova Scotia silversides, and 5.5-fold higher in South
Carolina silversides. This difference in assimilation
could be a result of fish gut chemistry, with MeHg
being more readily desorbed from ingested food, and
passively and actively transported across the intestinal
wall (Leaner & Mason 2002). Furthermore, it has been
noted that MeHg AEs are higher than Hg(II) AEs in
fish, because a larger percentage of MeHg in zooplankton is associated with the soft tissue (Lawson &
Mason 1998). This higher assimilation of MeHg in zooplankton is attributed to the accumulation of MeHg in
algal cytoplasm, while inorganic Hg remains largely
bound to cell surfaces (Mason et al. 1995). The calculated Hg(II) AEs in this study (8% for Nova Scotia, 15%
for South Carolina) are similar to those observed in
other freshwater and marine fish (8.5 to 27%; Wang &
Wong 2003, Pickhardt et al. 2006), but much lower
than those observed in the freshwater mosquitofish
(42 to 51%, Pickhardt et al. 2006). However, those
authors noted that after 2 d depuration, some mosquitofish were still producing radioactive feces, suggesting a longer gut passage time than for the Atlantic
silverside (< 8 h). This allows more time to solubilize
the metal in the gut, resulting in a higher AE.
Cd assimilation showed the greatest variation between the 2 silverside populations. The AEs observed
(15% for Nova Scotia, 39% for South Carolina) are
within the range noted for other estuarine and marine
fish fed zooplankton prey (21 to 28%; Baines et al. 2002,
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Mathews & Fisher 2008b). However, our values were
higher than those observed for killifish Fundulus
heteroclitus (7%, Mathews & Fisher 2008a), grunt Terapon jarbua (6.3%, Zhang & Wang 2006), and mangrove
snapper (9.8%, Xu & Wang 2002) fed zooplankton prey.
These differences in AEs could be due to the variation
in Cd bioavailability among different zooplankton prey
items. Ni et al. (2000) noted that when the mudskipper
Periophthalmus cantonensis and glassy Ambassis urotaenia were fed brine shrimp nauplii the AEs resembled our values (26 to 32%), but when the fish were fed
copepods, the AEs decreased to 10 to 14%. This was
also noted in another study in which uniformly radiolabeled copepods were fed to silversides (Menidia
menidia, M. beryllina), resulting in an AE of 3% (Reinfelder & Fisher 1994a). This pronounced difference in
Cd AE between the 2 populations cannot be attributed
to differences in feeding behavior: Cd was double-labeled with Zn, and there was no significant difference
in Zn AEs between silverside populations.
Am had the lowest AEs of all the investigated metals.
Our Am AE values (0.3 to 1.9%) are lower than other
values noted in fish fed zooplankton prey (4 to 6%;
Baines et al. 2002, Mathews & Fisher 2008b). Nearly all
Am had been lost from both silverside populations
within the first 8 h of depuration, and if the fish were
radioassayed more frequently during this time, Am
could be used as a tracer to calculate an accurate gut
passage time, as noted for copepods (Fisher & Reinfelder 1991). Low Am AEs in fish can be attributed to a
low Am AE in zooplankton, which in turn is attributed
to the low percentage of Am associated with cytoplasm
in phytoplankton (Reinfelder & Fisher 1991, 1994b).
Also, Am is not known to share cellular uptake channels with other elements, unlike Cd, another biologically non-essential element which can be taken
up through Ca and Zn uptake channels (Brzóska &
Moniuszko-Jakoniuk 2001, Franklin et al. 2005).
Zn and Se are both biologically essential, regulated
metals found in proteins, and used as cofactors in
enzymes (Eisler 1985, 1993). Both metals showed little
variation in assimilation between the 2 populations.
The Zn AEs reported in this study (24% in Nova Scotia,
29% in South Carolina) are comparable to those
obtained for grunt (23%), striped bass (23 to 40%), and
mudskipper (21%) fed zooplankton prey (Ni et al.
2000, Baines et al. 2002, Zhang & Wang 2006). Our values are higher than those reported for glassy (5 to
17%, Ni et al. 2000), mangrove snapper (14.5%, Xu &
Wang 2002), sea bream (14%, Mathews & Fisher
2008b), and silversides (6%, Reinfelder & Fisher 1994a).
This difference could be attributed to the different partitioning of Zn between the exoskeleton and soft body
tissue of the zooplankton prey. Our Se AEs (10% for
Nova Scotia, 13% for South Carolina) are lower than

222

Aquat Biol 10: 211–226, 2010

AEs calculated for other fish fed zooplankton prey (29
to 77%; Reinfelder & Fisher 1994a, Baines et al. 2002,
Xu & Wang 2002, Zhang & Wang 2006, Mathews &
Fisher 2008b), for reasons not apparent.
For Am, Cd, and Hg(II), South Carolina fish assimilated more metal than Nova Scotia fish, but the difference was only statistically significant for Am and Cd
(t-test, p < 0.05), and Cd was the only metal where a pronounced difference was noted. Although Am showed
the largest difference between the 2 populations, nearly
all of the radioisotope was lost, so radioactive counts in
the fish were not high above background level, resulting
in a large propagated counting error which could influence our values. The higher metal AE in South Carolina
fish could possibly be explained by an estimated 1.6
times lower ingestion rate. Xu & Wang (2002) noted that
as the ingestion rate of the mangrove snapper increased
from 0.05 to 0.57 g g–1 d–1 the AE of Cd, Se, and Zn decreased substantially (from 24 to 7%, 69 to 54%, and 43
to 17% respectively), indicating that metal assimilation
from the diet is dependent on ingestion rate, a parameter
that is commonly ignored in dietary studies. This relationship suggests that a higher ingestion rate allows less
time for food-bound metal to have contact with the gut,
resulting in less metal becoming solubilized and
bioavailable. We did not measure gut passage time in
our study, but observed that, for both populations, the
most radioactive feces were produced within the first 4 to
8 h after feeding. However, Xu & Wang (2002) noted that
at high ingestion rates (as in both our silverside populations: 0.37 and 0.58 g g–1 d–1) there is no difference in Cd,
Se, and Zn AEs, indicating that ingestion rate only has an
influence on AE when food is in low supply. This is consistent with our findings for Se and Zn, but not for Cd.
Nova Scotia silversides have a 1.8 to 2.2 times higher
growth efficiency (defined as percentage of consumed
energy used to create biomass), as well as a higher
ingestion rate than South Carolina silversides (Present
& Conover 1992). Nova Scotia silversides also accumulate lipids at a faster rate than South Carolina fish
(Schultz & Conover 1997). MeHg was the only metal
which Nova Scotia fish assimilated more than South
Carolina fish. Although the difference in AE between
the 2 populations was 7%, it was found to be statistically significant (p < 0.05), and the increased lipid content may enable Nova Scotia fish to accumulate more
MeHg from their diet, resulting in a higher AE.

Efflux rates after aqueous and dietary exposure
The similar efflux rates between the 2 population
and exposure routes (except for South Carolina silversides after Hg(II) exposure where the efflux rate was
2.6 times higher after a dietary exposure) could be

attributed to a similar routine metabolic rate at the
experimental temperature we used. Billerbeck et al.
(2000) found that the metabolic rate (measured as O2
consumption) was comparable for the 2 populations at
17°C and 22°C (our experiments were conducted at
21°C), but was significantly higher in Nova Scotia silversides at 28°C. Therefore, the physiological turnover
of metal within tissues would be expected to be similar,
consistent with the comparable efflux rates for metals
in both populations. The similarity in metabolic rate
could also explain why the uptake rates of Am and
Hg(II) were similar in the 2 populations. The high
efflux rates for all metals except MeHg after dietary
exposure indicate that digestive processes aid in the
rapid removal of metal. This was particularly evident
for Hg(II) in South Carolina silversides, where it was
primarily localized in the gut, and had the highest
efflux rate of 19% d–1. The high efflux rates after aqueous exposure indicate that different pools of metals are
rapidly turned over in the fish and excreted, and unlike
in dietary exposure, egestion does not play a role.
Our kew values for Am, Cd, Hg(II), MeHg, and Zn are
similar to those determined in other studies (Wang &
Wong 2003, Pickhardt et al. 2006, Mathews et al. 2008).
However, our values for Am, Cd, and Zn are higher
than those for turbot (Jeffree et al. 2006). The latter
study used larger, more mature fish with lower metabolic rates than the juveniles we used. Our Cd and Zn
efflux rates were higher than those observed by Xu &
Wang (2002). They used fish of a similar size to ours,
but silversides may have a higher metabolic rate than
mangrove snappers due to rapid growth, which would
account for this difference. Our Hg(II) kew values are at
least 1.7 times higher than those noted for freshwater
fish (Pickhardt et al. 2006). This difference could be
due to osmoregulatory differences between freshwater
and marine fish: marine fish actively drink water to
replace what is lost from tissues and through salt
removal across gills, and if Hg(II) is excreted unselectively through the same ion-transport channels used
for salt removal, the efflux rate will be higher.
Our kef values for MeHg are consistent with those obtained in other studies of fish fed zooplankton prey
(Wang & Wong 2003, Pickhardt et al. 2006, Mathews &
Fisher 2008a). Our kef values for Cd, Se, and Zn are also
within the ranges noted in other studies where fish
were fed zooplankton prey (Xu & Wang 2002, Mathews
& Fisher 2008a,b), but unlike for MeHg, there is greater
variability in these efflux rates among studies. Our
Hg(II) kef values were higher than those determined for
freshwater fish (Pickhardt et al. 2006), but the Nova
Scotia silverside kef was consistent with that of marine
sweetlips (Wang & Wong 2003), whereas the South
Carolina silverside kef was 2.0 times higher. At the end
of 6 d depuration, Hg(II) was primarily associated with

Dutton & Fisher: Intraspecific comparisons of metal bioaccumulation in fish

the gut in South Carolina silversides, accounting for the
high kef, suggesting that metal loss should be monitored for a longer period of time. Wang & Wong (2003)
noted that during the first 7 d of metal loss in fish, Hg(II)
efflux rates were higher after both dietary and aqueous
exposures, and decreased significantly between 9 and
28 d of metal loss (kef decreased from 0.096 to 0.055 d–1,
kew decreased from 0.072 to 0.029 d–1). Our Cd and Zn
efflux rates were higher than those noted for larger,
more mature sea bream and turbot fed fish prey (Mathews et al. 2008), suggesting that size influences the loss
of assimilated metal. This is consistent with the findings
of Baines et al. (2002), who found lower efflux rates
of assimilated Cd and Zn in 88 d old striped bass
(0.03 d–1 for both metals) than in 43 d old fish (0.07 d–1
Cd, 0.013 d–1 Zn), consistent with the inverse relationship of metabolic rate and age.

Distribution of metals in fish tissue
Tissue partitioning varied by metal and exposure
route. The gills are considered to be the primary uptake site for metals during an aqueous exposure for
most metals, and the digestive tract after a dietary
exposure. Except for Hg(II) after dietary exposure, and
Cd after aqueous exposure, the tissue partitioning of
each metal did not vary between the 2 populations
after either aqueous or dietary exposure, indicating
that both populations physiologically processed metal
in the same way. After aqueous exposure, Am was
mainly associated with the head (64 to 69%), consistent with what has been observed in other studies
(Jeffree et al. 2006, Mathews et al. 2008). Am is a Class
A metal (Nieboer & Richardson 1980), with a strong
binding preference to the mineral phase within organisms. The head may have had the highest percentage
because it is predominantly bone. Tissue partitioning
after dietary exposure could not be determined due to
near complete elimination of the radioisotope. After
dietary exposure, Se crossed over the gut lining and
was transported around the body, consistent with the
findings of Baines et al. (2002) and Xu & Wang (2002).
Zn tissue partitioning was split mainly between the
head and body after an aqueous exposure, and primarily associated with the head after a dietary exposure.
Our tissue distribution data is consistent with other
studies looking at either aqueous or dietary uptake of
Zn (Baines et al. 2002, Mathews et al. 2008). Zn is a
borderline metal (Nieboer & Richardson 1980) with
some association for both the mineral and protein
phase, and therefore could be expected to bind to both
bone in the head region and protein within body tissue.
Other studies describing Cd behavior in fish after dietary exposure indicate that tissue distribution varies
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by species. Both silverside populations used in our
study had the highest percentage of Cd associated with
the body (80 to 84%), consistent with observations of
striped bass (Baines et al. 2002). Other studies have
shown that Cd remains associated with the gut (Xu &
Wang 2002, Mathews & Fisher 2008a). Why some fish
are better protected from Cd uptake across the intestine is not fully understood. Studies using rainbow trout
Oncorhynchus mykiss have shown that Cd shares the
same uptake pathway as Ca2+ in the gills and intestinal
tract, and a diet enriched in Ca2+ can inhibit Cd uptake
at these exposure sites by downregulating the Ca2+ uptake pathway in the gills and intestine (Franklin et al.
2005, Wood et al. 2006). However, we did not measure
Ca2+ levels in our prey item to conclude whether this
could have an influence in our study. Alternatively, due
to their high growth rate, silversides could rapidly assimilate Ca2+ to form their skeleton, allowing Cd to be
taken up across the gut lining. However, tissue concentrations of Cd were highest in the body, followed by the
viscera. The high concentration of Cd in the viscera
combined with the high efflux rate indicates that some
of the assimilated Cd is detoxified and excreted by the
silversides after dietary exposure. After aqueous exposure, the highest percentage of Cd was associated with
the viscera in Nova Scotia silversides, and the body in
South Carolina silversides, but the highest Cd concentration was in the viscera for both populations. Other
studies have also noted a high percentage of Cd associated with the viscera in marine fish (Jeffree et al. 2006,
Mathews et al. 2008), but this percentage decreases
throughout depuration indicating a redistribution of Cd
over time. Marine fish actively drink seawater to osmoregulate, and a study has shown that even though
aqueous Cd accumulation decreases with an increase
in salinity, the percentage body burden of Cd associated with the viscera increases with salinity, suggesting
drinking is an uptake mechanism for Cd in marine fish
(authors’ unpubl. data). The higher percentage of Cd
associated with the viscera in Nova Scotia silversides
could be due to a higher drinking rate, but this was not
measured in our study.
Our results show that the 2 species of mercury
we examined behaved very differently. At the end of
depuration after aqueous exposure, 49 to 55% of Hg(II)
remained associated with the head, consistent with
findings in mosquitofish and redear sunfish (Pickhardt
et al. 2006), whereas 70 to 72% of MeHg was associated with the body, which is higher than noted previously (~55%, Pickhardt et al. 2006). After dietary exposure, 51 to 57% of MeHg body burden was associated
with the body, consistent with that found in killifish
(58%, Mathews & Fisher 2008a) and redear sunfish
(55%, Pickhardt et al. 2006). MeHg has been shown to
solubilize more readily than Hg(II) during digestion
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and be transported across the intestine wall through an
amino acid transport pathway, where it is redistributed
around the body via the blood (Leaner & Mason 2002,
2004) and bound to protein due to its strong affinity for
sulfur. After dietary exposure, a greater percentage of
Hg(II) was associated with the viscera in South Carolina silversides, whereas Nova Scotia silversides had
a higher percentage associated with the body; reasons
for this difference are not apparent. Pickhardt et al.
(2006) also noted a difference in the percentage of
Hg(II) associated with the viscera between different
freshwater fish species. The long retention time of
Hg(II) in the gut, as noted in the South Carolina silverside population and other fish studies (Pickhardt et al.
2006), may allow some Hg(II) to become methylated by
gut bacteria as seen in freshwater piscivorous fish
(Rudd et al. 1980). This was not observed in our study,
and the high South Carolina silverside Hg(II) kef
(19% d–1) suggests this is unlikely.

Metal bioaccumulation and biomagnification in
Menidia menidia
When the calculated kinetic parameters from this
study were entered into the biokinetic model, the predicted steady-state body burden (Css) was higher in the
South Carolina population for Am, Cd, and Zn. The difference in predicted Css values for Am, Cd, and to a
lesser extent Zn between the 2 populations can in part
be attributed to higher AEs in South Carolina silversides. In Nova Scotia silversides, the rapid growth to
overcome the shorter growing season and size-selective
winter mortality is attributed to a higher ingestion rate
and growth efficiency compared to South Carolina silversides (Conover & Present 1990, Present & Conover
1992). The higher growth rate may result in significant
somatic growth dilution of accumulated metals, possibly reducing the metal concentration in the tissues. A
field study focusing on the growth rate of Atlantic
salmon has shown that Hg burdens are lower in faster
growing fish, and this is attributed to somatic growth
dilution (Ward et al. 2010). Many bioaccumulation
studies do not consider growth rate in the biokinetic
model, as the value is usually small compared to the
efflux rate (Luoma & Rainbow 2005). However, for
juvenile Atlantic silversides, the rapid growth rate
must be included to predict accurate body burdens.
For MeHg and Se, the higher ingestion rate in Nova
Scotia silversides is offset by the higher growth rate,
resulting in comparable Css values to those in South
Carolina silversides. Nova Scotia silversides had a
higher Hg(II) body burden, which can be attributed to
a higher Hg(II) kef in the South Carolina population.
Our Css values for each metal are comparable to the

findings of other studies (Baines et al. 2002, Pickhardt
et al. 2006, Mathews & Fisher 2009).
For Cd, Hg(II), MeHg, and Zn, the diet contributed to
> 96% of the metal body burden. This is consistent with
the results of other studies using fish fed zooplankton
and fish prey (Xu & Wang 2002, Pickhardt et al. 2006,
Mathews & Fisher 2009) for Cd, MeHg, and Zn. However, Pickhardt et al. (2006) noted that diet contributed
73 to 88% of the Hg(II) burden in mosquitofish, and 40
to 55% in redear sunfish, significantly lower than our
calculated values. Differences between the 2 studies
can be traced to the much higher ku values for Hg(II)
observed for mosquitofish and redear sunfish than we
found for Atlantic silversides. Due to the low particle
reactivity of selenite in the dissolved phase, we predict
that 100% of Se is accumulated from the diet, consistent with other findings (Xu & Wang 2002, Stewart et
al. 2010). Am was the only metal where the aqueous
phase had a large influence on steady-state body burden due to its very low AE, as also noted for other fish
species (Mathews & Fisher 2009). Water quality criteria
need to recognize that dietary uptake is the dominant
exposure route for most metals in marine fish.
The Atlantic silverside is not a commercially harvested fish, but it represents an important link
between lower trophic levels and its predators. Studies
have shown that juvenile silversides primarily feed on
copepods (Adams 1976, Gilmurray & Daborn 1981),
and are preyed upon by piscivorous fish and sharks
(Hartman & Brandt 1995, Rountree & Able 1996, Buckel
et al. 1999). Of the metals examined in both silverside
populations, Am, Hg(II), and Se are not expected to
biomagnify (TTFs < 1) due to relatively low assimilation and high elimination rates (resulting in a short biological half-life). This is consistent with the findings of
Xu & Wang (2002), Wang & Wong (2003), Mathews &
Fisher (2008a,b), and Mathews et al. (2008). MeHg is
clearly expected to biomagnify (TTF > 1), due to high
assimilation and low elimination, as noted in other
estuarine and marine fish (Wang & Wong 2003, Pickhardt et al. 2006, Mathews & Fisher 2008a). Zn was
shown to biomagnify slightly in both populations, and
Cd in the smaller South Carolina fish. Some studies
have shown that Zn is not expected to biomagnify
(Mathews & Fisher 2008b, Mathews et al. 2008), while
others have predicted Zn will if the ingestion rate and
assimilation efficiency are high enough (Xu & Wang
2002, Mathews et al. 2008). TTF could also be a function of body size: Zhang & Wang (2007) noted that as
body size increased, the TTF of Zn decreased. Cd has
been found to biomagnify in freshwater fish (Croteau
et al. 2005), but not in estuarine and marine fish (Xu &
Wang 2002, Mathews & Fisher 2008a,b). Apart from
that of Hg(II), TTFs were slightly higher in South
Carolina silversides, an observation we attribute to
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higher AEs in South Carolina silversides (except
MeHg) and a higher growth rate in Nova Scotia silversides resulting in somatic growth dilution in juvenile
Menidia menidia.
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