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ABSTRACT: We present a novel approach for the simulation of the impacts of ﬁnﬁsh aquaculture on
sedimentary redox dynamics, based on the coupling of a ﬁsh farm waste deposition model (DEPOMOD) and a knowledge-based reactive transport model (RTM) of early diagenesis. The integrated
model was applied to a salmon ﬁsh farm located in a Scottish fjordic sealoch. The major diagenetic
processes of the reaction network were ﬁrst identiﬁed on the basis of literature information and historic data. Next, the organic carbon (OC) ﬂux at a pristine site near the farm was estimated by ﬁtting
the vertical proﬁles of pore water and solid-state chemical species measured in the ﬁeld. DEPOMOD
was then used to predict the ﬂuxes of OC due to the release of uneaten feed and faeces at various distances away from the farm. These ﬂuxes were added to the background ‘natural’ ﬂuxes and used as
forcing functions for the RTM. Comparison of the simulated transient proﬁles with data collected at
an impacted site revealed that the RTM model satisfactorily predicted the transient dynamics of the
system. We discuss the use of the model for cost-effective environmental impact assessments, site
selection and the optimization of husbandry practices.
KEY WORDS: RTM · DEPOMOD · Transient simulation · Loch Creran · Atlantic salmon · Benthic
mineralization
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INTRODUCTION
In the last decade, an increasing availability of surﬁcial marine sediment datasets (including pore water
and solid-phase chemistry data) stimulated the development of complex reaction–transport numerical
models (RTM) of early diagenesis. These models offer
a realistic representation of sediment biogeochemistry
(e.g. Berg et al. 2003, Jourabchi et al. 2005, Thullner et
al. 2005, Dale et al. 2008a) and are particularly suitable
to simulate the vertical redox zonation coupled to the
process of organic carbon (OC) oxidation, which is
controlled by the availability of electron acceptors and

the Gibbs free energy associated with each metabolic
pathway (Morel & Hering 1993). Moreover, the inclusion in the reaction network of re-oxidation processes
of the reduced compounds produced during OC decomposition, as well as an accurate parameterization of
diffusion and advection processes, enables the unravelling of sedimentary cycles and ﬂuxes of redoxsensitive species (Thuller et al. 2007).
In addition, the recent development of user-friendly
RTM codes (Regnier et al. 2002, 2003, Meysman et al.
2003a,b, Aguilera et al. 2005) has stimulated their use
by an expanding scientiﬁc community. So far, however, early diagenetic numerical models were cali-
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brated and/or tested by comparing model outputs at
steady state with rate and concentration proﬁles
observed in sediment (Thullner et al. 2005), whereas
little work has been done on analysing the performances of these models in reproducing transient
states, responding to time- or space-variable forcing
conditions (e.g. Soetaert et al. 1996, Luff & Wallmann
2003, Dale et al. 2008a,b). From a methodo- logical
standpoint, this analysis can be regarded as a test for
evaluating model robustness (sensu Gribble 2001), i.e.
the ability of a system to continue to operate correctly
across a wide range of operating conditions.
The application of early diagenesic models to predict
changes in geochemical cycles due to anthropogenic
perturbations are limited (e.g. Canavan et al. 2006).
From this perspective, aquaculture site selection and
monitoring represent potential new areas of application for RTMs. As the human population continues to
expand, its reliance on farmed ﬁsh production as a
source of protein is expected to increase (Naylor et
al. 2000), in turn increasing the demand for aquatic
resources. However, further sustainable development
of aquaculture requires a careful assessment of their
impacts, not only on pelagic ecosystems, but also on
the benthic environment (Black 2001).
The need to forecast and monitor organic enrichment
resulting from intensive marine aquaculture has led to
the development of numerical models that provide an
estimate of the response of the macrobenthic community to increased OC rain (Cromey et al. 2002a). In
these models, the representation of the impact of aquaculture is based on empirical correlations between OC
ﬂuxes and macrobenthic community indices. However,
recent work indicates that geochemical measures perform better than methods based on macrofaunal community analysis due to their cost-effectiveness; this has
consequently increased the interest in early diagenesic
studies (Hargrave et al. 1997, Wildish et al. 1999,

2001). In this regard, early diagenesic models could be
used for the mechanistic simulation of the impacts of
aquaculture on geochemical processes.
In the present work, a RTM of early diagenesis is
applied to simulate the concentration proﬁles of redox
species in sediments of a fjordic sea loch, at sites which
were exposed to high OC ﬂuxes from aquaculture. The
model was ﬁrst calibrated on pore water and sediment
chemistry data collected at a pristine site under steadystate conditions. Secondly, the steady-state boundary
conditions were perturbed by adding the ﬁsh farmderived OC rain calculated by a particle-tracking
model (DEPOMOD). Simulations were then performed
to analyse the model response to the establishment of a
new ﬁsh farm, and the transient proﬁles predicted by
the model were compared with ﬁeld data. The evaluation of the performance of the coupled models (DEPOMOD + RTM) was part of a larger EU research initiative focused on the development and testing of
numerical models for aquaculture site selection and
monitoring (www.ecasa.org.uk).

MATERIALS AND METHODS
Study site and field data description. Loch Creran is
a fjordic sea loch located on the west coast of Scotland,
with a surface area of approximately 10 km2 and a
maximum depth of 50 m (Fig. 1). The mean freshwater
input is 286 × 106 m3 yr–1, and it has a relatively short
ﬂushing time of 3 d (Edwards & Sharples 1986). The
loch has 4 main basins separated by narrow sills; the
study site is located in a basin that is 9 km long and has
a maximum depth of 49 m. The loch is relatively sheltered from wave action and has a freshwater runoff of
286 × 106 m3 yr–1. The important topographical features
of Loch Creran are the 2 sills between the farm location
and the fully marine Firth of Lorne. These sills have

Fig. 1. Map of Scotland showing a portion of Loch Creran
with sampling stations (R), bathymetry (in m) and ﬁsh
farm location (
)
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depths of 7 and 11 m, with deeper water on either side
of them. Despite these topographic features, the site
location is reasonably well ﬂushed, with a ﬂushing
time of 3 d and a moderate current. The loch can be
thermally and/or salinity stratiﬁed depending on
season and rainfall. For a detailed description of the
loch’s morphology, cf. Tett & Wallis (1978) and
Edwards & Sharples (1986). Salmon farming has been
practiced in this loch for >10 yr, and ﬁsh cages are periodically re-sited to minimise environmental impacts
and allow benthic recovery. The area sampled in the
present study was impacted by organic deposits from
a salmon farm that had been established in March
2006. The farm has a maximum consented biomass of
1.5 × 106 kg yr–1. Atlantic salmon Salmo salar are
reared in 6 circular net cages of 22 m diameter, with a
net depth of 14 m.
A detailed biogeochemical survey was carried out at
3 stations, in order to calibrate/validate the early diagenesis model. Station location, cage arrangement and
bathymetry of the area are depicted in Fig. 1. Samples
were collected on 17 August 2006, approximately 6 mo
after the establishment of the ﬁsh farm. Three stations
were sampled: B10, situated 10 m from the edge of the
cage; B40, away from the cage, but still within the
depositional footprint; and Bc, a non-impacted control
site. Samples were collected from RV ‘Calanus‘ using a
Bowers & Connelly megacorer (core i.d. = 100 mm;
Barnett et al. 1984). Nickell et al. (2003) reported the
results from a video survey, characterising this area of
Loch Creran as soft and muddy sediments.
Cores were placed in stands and kept under running
seawater until returned to the laboratory. The following day, each 10 cm long sediment core was sliced into
1 cm layers in a glove bag under nitrogen and maintained at 4°C, in order to obtain high resolution data for
each chemical variable. Slices sub-sampled for OC and
total phosphorous were kept frozen at –20°C; pore
water was extracted by centrifuging slices obtained
under nitrogen, and kept refrigerated (4°C) for analysis. Porosity was determined by weighing wet sediment, freeze drying and re-weighing. The spectrophotometric analysis of pore water ammonia was based
on the standard Berthelot method adapted by O’Dell
(1993). The analysis of total (inorganic and organic)
phosphorus in the sediment was based on the
classic molybdate/ascorbic acid and spectrophotometric method described by Strickland & Parsons (1972),
with modiﬁcation by Aspila et al. (1976). Organic carbon (CHN) samples were lyophilised, ground and
acidiﬁed to remove inOC (Tung & Tanner 2003) prior
to analysis with a LECO CHN-900 auto analyser
(LECO Corporation). For pore water sulphate determination, aliquots of the samples were diluted 100 times,
and sulphate was measured on a Dionex System 14 ion
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chromatograph (Dionex Corporation) with an AG4A
guard column, an AS4A separator column and suppressed conductivity detection. A calibration line was
constructed using known concentrations of a standard
sulphate solution, from which the concentrations of the
samples were determined (S. M. Harvey pers. comm.).
Iron and manganese concentrations in pore water
were determined using a PE 4300DV inductively coupled plasma-atomic emission spectrometer (Perkin
Elmer Life & Analytical Sciences, Inc.). Calibrations
were prepared from commercially available singleelement standard solutions (CPI International) and
were matrix matched to seawater with respect to
sodium, potassium, calcium, magnesium and strontium. Pore water solutions were diluted by a factor of
20 in 5% v/v nitric acid solution and determined in
axial mode.
Model description. The benthic–pelagic exchange
was simulated using 2 models (Fig. 2):
(1) A particle-tracking and resuspension model,
DEPOMOD (Cromey et al. 2002a), which predicts the
ﬂux of organic matter (OM) to the seabed due to the
release of waste food and faeces; and
(2) A 1-dimensional early diagenesis model, hereafter termed EDM, implemented by means of the biogeochemical reaction network simulator (BRNS) (Regnier et al. 2003, Aguilera et al. 2005).

Fig. 2. Schematic representation of the integrated numerical
models
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The DEPOMOD-derived ﬂux of OC from uneaten
food and faeces released by the ﬁsh farm provides the
boundary condition for the EDM.
The set up of the 2 coupled models involved 4 steps:
(1) The EDM was calibrated by comparing model
output at steady state with the set of data collected at a
site outside the ﬁsh farm deposition footprint (Stn BC).
This step provided an estimate of the background OC
deposition ﬂuxes;
(2) OC ﬂuxes at 2 stations located near the ﬁsh farm
were predicted by DEPOMOD (Stns B10 and B40);
(3) OC ﬂuxes predicted by DEPOMOD were added
to the background ﬂuxes, and the EDM was then run
for the transient state;
(4) Transient proﬁles predicted by the model were
compared with data collected at the 2 stations located
near the ﬁsh farm.
The study of the transient diagenesis involved 2 simulations: Run 1 for the ‘nominal’ conditions and Run 2
for a sensitivity test, carried out by varying the OC ﬂux
at the boundary of the EDM.
Deposition model. DEPOMOD is a local-scale,
2-dimensional model, which applies a Lagrangian
method to simulate particle movement throughout the
water column. Particles were advected using as input
time series of water velocity at different depths, either
recorded using current meters or estimated by means
of a hydrodynamic model. Turbulence was represented
as a random walk. Resuspension was related to critical
values of current velocity at the seabed (Cromey et
al. 1998, 2002b). As an output, see Fig. 2, the model
provided 2-dimensional maps of OM ﬂux at the
seabed. The model was validated for Scottish sea lochs
(Cromey et al. 2002a,b) and is currently used for regulatory purposes by the Scottish Environment Protection
Agency (www.sepa.org.uk).

DEPOMOD predictions of carbon ﬂux at the sediment –water interface (SWI) were obtained using a time
series of farmed ﬁsh biomass from March to August
2006 (average 40 × 103 kg). Cage layout and husbandry
data, provided by the ﬁsh farm company (www.
scottishseafarms.com/), along with the other parameters used in the simulation are speciﬁed in Table 1.
Hydrographic data had been collected at the site as
part of regulatory requirements; summary statistics are
presented in Table 2. All 3 meters (surface; mid-water;
near-bed) showed residual water movement to the
W-NW or SW, which is seaward. The residual is most
pronounced on the surface layer due to freshwater runoff, and the tidal cycle is clearly deﬁned with the nearbed meter, but less clear with the upper meters.
The carbon contents of feed and faeces were
estimated on the basis of the references reported in
Table 3. The water content of feed, usually set to
the default value of 9% in DEPOMOD (Cromey et
al. 2002a), was adjusted to 5.5%, see references in
Table 3. No information on digestibility was available,
and the default value of 85% was thus used.
The loss of carbon mass between the surface and sea
bed was accounted for by determining, from settling
velocities and depth at the site (27 m), the time necessary for the feed (5.4 min) and faeces (14.1 min) to settle. Carbon accounted for 27.7% of faecal mass using
the 10 min immersion time from Chen et al. (2003). A
3% mass loss of carbon was used for feed pellets for a
pre-conditioning time of 0 h (Stewart & Grant 2002).
This represented an immediate loss in mass of the food
pellet in the model and simulates loss of mass from
dust and fragmentation.
Early diagenesic model. The EDM solves a set of
partial differential equations (PDEs) describing the
conservation of the mass of solid (Eq. 1) and dissolved

Table 1. Input data used for DEPOMOD model
Input data

Loch Creran

Data source

Grid cell size (m) – square grid
Number of cages
Cage dimensions
Number of current velocity data sets used
Height of moorings above sea bed (m)
Length of current velocity record (d); model time step (min)
Months used for feed input
Average biomass (kg)
Speciﬁc feeding rate (SFR; % biomass d–1)
Feed input (kg cage–1 d–1):
Food settling velocity (cm s–1; mean; SD)
Faecal settling velocity (cm s–1; mean; SD)
Dispersion coefﬁcients kx; ky; kz (m2 s–1)
Trajectory evaluation accuracy (s)
Mean tidal height (m)

10
6
Circular 22 m diameter; 14 m depth
3
25; 14; 2
18; 60
Mar–Aug 2006
40 × 103
2.98
190 (average value Mar–Aug 2006)
Normal distribution (8.3; 1.5)
Normal distribution (3.2; 1.1)
0.1; 0.1; 0.001
60
1.8

–
Farmer
Farmer
Provost (2001)
Provost (2001)
Provost (2001)
–
Farmer
Farmer
Estimated using SFR and biomass
DEPOMOD default value
DEPOMOD default value
DEPOMOD default value
DEPOMOD default value
Admiralty tide tables
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Cappellen & Wang (1996). Microbially mediated primary redox reactions (PRR) account for the main pathways of OC degradation, while secondary redox reactions (SRR) describe the most important processes of
Instrument
Max.
Mean
Residual
Residual
re-oxidation of the reduced products generated during
depth
speed
speed
direction
speed
OC oxidation.
–1
–1
–1
(cm s )
(cm s )
(° True)
(cm s )
The EDM accounted for all major metabolic pathSurface
33.0
8.2
279
3.5
ways of OC decomposition, including methanogenesis,
Mid-water
24.9
4.5
224
0.3
even though no direct evidence, for instance the presNear-bed
24.8
5.1
285
0.6
ence of gas bubbles, was found at our study site, for the
existence of this pathway. This decision was based on
the consideration that this is a major mineralisation
(Eq. 2) species in a vertical sediment column (e.g.
pathway in coastal environments subjected to a high
Berner 1980, Boudreau 1997), such that:
OC load (Dale et al. 2008a).
(1)
∂ [(1 − φ )C s ]
∂C s ⎤
∂ [ ω (1 − φ )C s ] ∂ ⎡
According to Hargrave et al. (1993), Wildish et al.
+ (1 − φ ) ∑ R
=−
+
D (1 − φ )
(1993) and Pitta et al. (1998), the modiﬁcations of sedi∂t
∂z
∂z ⎥⎦
∂z ⎢⎣
ment geochemistry induced by enhanced OC deposi∂φCw
∂ω φCw ∂ ⎡
∂C
=−
Dφ w ⎤ + φ ∑ R
+
tion are evident in dissolved nutrient and sulphide
(2)
∂t
∂z
∂z ⎣⎢
∂z ⎦⎥
concentrations, particulate OC proﬁles and oxygen
penetration depth. For these reasons, we neglected
where Cs and Cw are, respectively, the concentration
various precipitation/dissolution and adsorption reacof solid and dissolved species, t denotes the time, z
tions considered in some previous works (e.g. Jourabdenotes the depth below the SWI, φ is sediment porochi et al. 2005, Dale et al. 2009), which were shown to
sity, D is the total molecular diffusion plus bioturbation,
have a limited inﬂuence on the dynamics of the
Db, ω is the sedimentation rate, and ΣR represents the
net rate of concentration change due to chemical and
selected impacted geochemical indicators. The precipbiological sources and sinks. The advection term initation of FeS was included in the reaction network,
cludes burial and compaction; the diffusion term
due to its direct inﬂuence on the concentration of disincludes molecular and ionic diffusion, as well as biosolved sulphides.
turbation.
As far as phosphorus is concerned, processes of preThe reaction network includes 15 species and 17
cipitation of phosphate minerals and fast and slow
reaction pathways (see Appendix 1) and is a modiﬁed
reversible sorption (recently modelled by Spiteri et al.
version of the shelf case scenario described by van
2007) were not considered. This choice was based on
the hypothesis that the changes in the
concentration of this species under high
Table 3. Literature review of feed and faecal properties from laboratory
experiments. Carbon data are on a dry weight basis
OM load are mainly governed by the
mineralisation of OC.
Value (%) Source
OM mineralisation was modelled by
means of a multi-G approach (Westrich
Feed
& Berner 1984). Three pools of OM were
Carbon content
51.0
Stewart & Grant (2002), Fig. 5 (control)
included in the model, representing re51.3
Petersen et al. (2005), Table 13
fractory OM (OM1), labile OM (OM2) and
55.5
Higgs & Stuchi (pers. comm.)
49.6
Used as DEPOMOD input dataa
the salmon farm organic deposit (OM3),
Water content
5.2
Stewart & Grant (2002), Table 1
respectively. The contribution of each mi5.9
Petersen et al. (2005), Tables 1 to 6
crobially mediated decomposition path5.5
Used as DEPOMOD input data
way to the total carbon oxidation rate was
Faeces
modulated according to van Cappellen &
Carbon content
27.7
Chen et al. (2003), Table 3b
Gaillard (1996), assuming a ﬁrst-order de23.7
Higgs & Stuchi (pers. comm.)
27.6
Jusup (pers. comm.)c
pendency with respect to the electron
27.7
Cromey et al. (2002a,b)
donor (OM) concentration and a MichaFeed wasted
5
Cromey et al. (2002a,b)
elis-Menten relationship with respect to
Digestibility
85
Cromey et al. (2002a,b)
the terminal electron acceptor’s concena
Using the average of 51.0 and 51.3% and adjusted for 3% mass loss on
tration (Aguilera et al. 2005; see Appendix
immersion
2). Rates of the SRR follow a ﬁrst-order deb
Standard diets, 10 min immersion time
pendency with respect to each of the reacc
Using a digestibility of 78%
tants (e.g. van Cappellen & Wang 1996).
Table 2. Summary statistics for hydrographic data for surface,
mid-water and near-bed current using Interocean S4 electromagnetic current meters (Provost 2001)
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A ﬁxed concentration was imposed at the upper
boundary for all solutes, while a ﬁxed ﬂux was used for
solids. A null-gradient condition was speciﬁed at the
lower boundary for all chemical species. Even though
the results presented here focus on the upper 10 cm
layer, the physical domain of the model extended
down to 40 cm depth, in order to minimise the computational artefacts generated from the null-gradient
condition speciﬁed at the lower boundary. To our
knowledge, no data on OM ﬂuxes and reactive particulate Fe(III) and Mn(IV) ﬂuxes at the upper boundary
were available at our study site. These ﬂuxes were
therefore estimated during the calibration step, according to the strategy of inverse-use of the model proposed by van Cappellen & Wang (1996) and Wang &
van Cappellen (1996) by minimising a goal function, Γ:
Γ=

xˆ − x
∑ ∑ ⎛⎜⎝ i , j x i , j ⎞⎟⎠
i
i =1 j =1

nvar nobs

2

(3)

where x̂i,j and xi,j are, respectively, predicted and observed concentrations for the i-variable at the j-depth.
The weight, x, was introduced in order to normalise
the contributions of state variables characterised by
different concentration ranges.
The RTM simulations were carried out by means
of the BRNS, a ﬂexible modelling environment for
1-dimensional simulation (Regnier et al. 2003, Aguilera
et al. 2005). In the BRNS, spatial domain and transport
coefﬁcients, chemical species involved, reaction stoi-

chiometries, and kinetic and equilibrium parameters
are speciﬁed by the user through a web-based interface, which automatically generates a set of Fortran
routines to solve the speciﬁed reaction–transport equation (Regnier et al. 2002, 2003, Aguilera et al. 2005). A
detailed description of the mathematical formulation of
the BRNS is given by Aguilera et al. (2005). Model outputs provide concentrations, reaction rates and ﬂuxes
at any grid point of the discretised spatial domain.
All reaction rate coefﬁcients of the SRR, the limiting
concentrations of electron acceptors involved in the
primary redox reactions and the apparent equilibrium
constant for FeS precipitation were based on those
found in the literature (see Table 4). Site-speciﬁc parameters characterising the depositional environment
were estimated on the basis of experimental information available for the study site. Their values, as well as
the values of the parameters deﬁning the physical
domain, are listed in Table 5. According to Jourabchi
et al. (2005), the bioturbation coefﬁcient exponentially
decreases with depth. The value at SWI and the depth
of the mixed layer were ﬁxed according to the experimental values measured by Nickell et al. (2003) at 2
non-impacted stations located in the vicinity of the ﬁsh
farm studied in this work. Depth-dependent sediment
porosity values were derived from the interpolation of
ﬁeld data collected here (Fig. 3). The average sediment
density was estimated from a set of ﬁeld data collected
at different sites nearby the ﬁsh farm. Burial velocity
was set in accordance with work by Loh et al. (2002)

Table 4. Reaction-speciﬁc parameters in the diagenesic model. 1: Sources —Wang & van Cappellen (1996); 2: Jourabchi et al.
(2005); 3: Canavan et al. (2006); 4: Berg et al. (2003)
Parameter
name

Parameter
value

O2 lim
16.0 × 10– 6
NO3– lim
4.7 × 10– 6
MnO2 lim
13.3 × 10– 6
Fe(OH)3 lim 87.0 × 10– 6
1180.0 × 10– 6
SO42 – lim
k7
1.2 × 107
k8
3.3 × 108
k9
4.2 × 108
k10
3.7 × 107

Units
mol l–1
mol l–1
mol g–1
mol g–1
mol l–1
(mol l–1)–1 yr–1
(mol l–1)–1 yr–1
(mol l–1)–1 yr–1
(mol l–1)–1 yr–1

k11

2.7 × 108

(mol l–1)–1 yr–1

k12

2.3 × 104

(mol l–1)–1 yr–1

k13

1.3 × 104

(mol l–1)–1 yr–1

k14

7.1 × 106

(mol l–1)–1 yr–1

k15
k16
k17
K‘FeS

1 × 1010
1 × 104
5 × 10– 6
6.3 × 10– 3

(mol l–1)–1 yr–1
(mol l–1)–1 yr–1
(mol l–1) yr–1

Description

Source

Limiting concentration for O2
Limiting concentration for NO3–
Limiting concentration for MnO2
Limiting concentration for Fe(OH)3
Limiting concentration for SO42 –
Kinetic constant for nitriﬁcation
Kinetic constant for Mn2+ oxidation by O2
Kinetic constant for Fe2+ oxidation by O2
Kinetic constant for Fe2+ oxidation by MnO2
kinetic constant
Kinetic constant for sulphides oxidation by
O2 kinetic constant
Kinetic constant for sulphides oxidation by
MnO2 kinetic constant
Kinetic constant for sulphides oxidation by
Fe(OH)3 kinetic constant
Kinetic constant for FeS oxidation by O2
kinetic constant
Kinetic constant for CH4 oxidation by O2
Kinetic constant for CH4 oxidation by SO42 –
Kinetic constant for FeS precipitation
Apparent equilibrium constant for FeS precipitation

Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3
Mean value from 1, 2, 3
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3, 4
Mean value from 1, 2, 3
Wang & van Cappellen (1996)
Jourabchi et al. (2005)
Jourabchi et al. (2005)

Brigolin et al.: Modelling aquaculture impacts on sediment

69

Table 5. Deﬁnition of model physical domain and site-speciﬁc parameters (from Table 4). The bioturbation coefﬁcient is a
function of depth, z, is in centimetres: Db(z) = Db0 · e(–z /λ). OM: organic matter; SWI: sediment –water interface
Parameter
OM1 rate constant, k1
OM2 rate constant, k2
OM3 rate constant, k3
Acceleration factor for oxic processes, kacc
C:N:POM1, OM2
C:N:POM3
Sediment porosity at SWI, ϕ0
Sediment porosity at 10 cm depth, ϕ ∞
Shape coefﬁcient for porosity, τ
Sediment density
Burial velocity, ω
Bioturbation coefﬁcient at SWI, Db0
Attenuation coefﬁcient, λ
Temperature
Salinity
Time step
Max. depth
Number of nodes

Value

Units

0.1

yr–1

0.0
1
25
80:8:1
70:8:1

yr–1
yr–1
–

0.76
0.66
0.3
1.43
0.1
78
1.5
10.8
33.0
5.0 × 10– 3
40
401

–
g cm– 3
cm yr—1
cm2 yr—1
cm
°C
yr
cm
–

and Dean (2004). The OM degradation rate constant k1
(0.1 yr–1) of the labile OM1 pool was determined by
applying the global relationship proposed by Tromp et
al. (1995). The value of the acceleration factor for aerobic decomposition, kacc, was set in accordance with the
value measured by Canavan et al. (2006) in a coastal
freshwater lake. The ratio between the ﬂuxes of OM1
and OM2 pools was set to 2:1, based on the evidence,
reported by Loh et al. (2002), that Loch Creran sedi-

Sediment porosity
0.60
0

0.65

0.70

0.75

Derived from the Tromp et al. (1995) statistical model,
using a site-speciﬁc burial velocity
–
deBruyn & Gobas (2004)
Canavan et al. (2006)
Ansell et al. (1974), Tett et al. (1985)
Stewart & Grant (2002), deBruyn & Gobas (2004),
Petersen et al. (2005)
Present study
Present study
Present study
Harvey & Phillips (1994), Dean (2004), SEPA (2005)
Loh et al. (2002), Dean (2004)
Nickell et al. (2003)
Nickell et al. (2003), Canavan et al. (2006)
Present study
Present study
–
–
–

ments are rich in terrigenous highly refractory OM.
The C:N:P ratio for OM1 and OM2 were set according
to literature values listed in Table 5. No distinction was
made between feed and faeces, based on the assumption that the elemental composition of faeces reﬂects
that of the ingested diet. The OM3 pool was considered
separately in the model because the degradation rate
constant for salmon farm deposits, k3, is signiﬁcantly
higher than that of the OM1 pool. k3 was set to 1 yr–1, in
accordance with the rates of salmon farm-derived OM
decomposition reported by deBruyn & Gobas (2004).

0.80
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Fig. 3. Observed (solid dots) and modelled (solid line) depthdependent porosity proﬁle. The line was computed according
to: ϕ(z) = ϕ∞ + (ϕ0 – ϕ∞) · e(–τ ·z). Parameter values are listed
in Table 5, z is in centimetres, and whiskers represent the
minimum to maximum range of observed value

RESULTS
Deposition model
Fig. 4 shows the ﬂuxes of farm-derived organic
material, predicted by DEPOMOD. The model was
forced using the values of ﬁsh biomass in the cages
provided by the farmer for the period from March to
August 2006 (Table 6). Mass balance calculations for
the entire simulation revealed that 88% of OM3
remains in the computational domain (400 m × 300 m)
and 12% is exported. The deposition footprint is
approximately elliptical and extends in a westerly
direction from the salmon cages, which is consistent
with the strong surface residual currents. The predicted deposition ﬂuxes of OM3 at Stns B10 and B40 are
also reported in Table 6 and show that this ﬂux is
remarkably higher in the summer months, as a result of
the rapid increase in ﬁsh biomass.
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Fig. 4. Spatial distribution of carbon deposition ﬂux predicted by DEPOMOD for the period from March to August 2006.
OM: organic matter; SWI: sediment –water interface

EDM calibration
The model was calibrated under steady-state conditions by minimising the goal function, Eq. (3), against
data collected at the pristine site, BC. The optimal values for the solid deposition ﬂuxes [OMT = OM1 + OM2,
Mn(IV) and Fe(III)] were found by comparing simulated and measured proﬁles of OCT (OC1 + OC2), NH4+,
SO42 –, DIP (dissolved inorganic phosphorus), Mn2+ and
Fe2+. The goal function was minimised over a range of
OMT ﬂuxes comprised between 50 and 400 μmol C
cm–2 yr–1, in agreement with values reported by Ansell
(1974) and Cronin & Tyler (1980) for Scottish sea lochs.
As far as the ﬂuxes of Fe(III) and Mn(IV) are concerned, no reference values were found for the study
area; therefore, a broader range of values was explored, from 0.01 to 100 μmol cm–2 yr–1. Fluxes of OMT,
Fe(III) and Mn(IV) resulting from the model calibration
are reported in Table 7, while the observed and ﬁtted
model proﬁles are shown in Fig. 5. The 3 replicates
show a signiﬁcant variability, especially the nutrients.
Simulated proﬁles of NH4+, DIP, SO42 – and Fe2+ conTable 6. Fish biomasses and OM3 ﬂuxes at Stns B10 and B40.
OM: organic matter; SWI: sediment –water interface
Fish
biomass
(kg)
Mar–Apr
Apr–Jul
Jul–Auga
a

20 d

6500
32400
100000

OM3 ﬂux at the SWI
(μmol C cm–2 yr–1)
B10
B40
2000
10000
30000

20
100
300

centrations are in overall agreement with ﬁeld data,
and, generally, within the range of observations. OC
concentrations decrease only slightly with depth, corroborating the hypothesis that a substantial part of the
OM is refractory. As far as the OC is concerned, the
model slightly underestimated the concentration in the
uppermost sediment layer. The model also largely
underestimates Mn2+ in the upper layers of the sediment.
Table 7. Upper boundary conditions for the early diagenesis
model. Values for solutes were constrained from observations.
Solid ﬂux values were estimated by ﬁtting the model to
the ﬁeld data collected at Stn BC. TS: total sulphides; DIP:
dissolved inorganic phosphorus; OM: organic matter
Species

Upper
boundary
condition

Solute concentrations (µmol l–1)
O2
189
NO3–
4.7
1.8
NH4+
SO42 –
28 × 103
3.34
Mn2+
Fe2+
1.0
0
TS (H2S + HS–)
DIP
0.4
CH4
0

Data source

Rabouille pers. comm.
Present study
Present study
Present study
Present study
Present study
Rabouille pers. comm.
Present study
Present study

Solid fluxes
OM1 + OM2 120 (μmol cm–2 yr–1) Model calibration
2 (–)
Derived from Loh et al.
OM1/OM2
(2002)
MnO2
1.0 (μmol cm–2 yr–1) Model calibration
7.5 (μmol cm–2 yr–1) Model calibration
Fe(OH)3
FeS
0 (μmol cm–2 yr–1)
–
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Fig. 5. Model calibration at Stn BC. (a) Organic carbon (OC), (b) NH+4; (c) dissolved inorganic phosphorus (DIP); (d) SO42 –; (e) Fe2+, (f) Mn2+; (g) total sulphides
(TS). Solid dots represent the average of ﬁeld data from 3 replicates, and
whiskers, the minimum to maximum range of observed values. The steady-state
proﬁles predicted by the early diagensis model are also shown (lines). Solute
concentrations are expressed in moles per litre pore water

Depth-integrated rates of carbon mineralisation in
the upper 40 cm of sediment are reported in Table 8;
40% of the carbon mineralisation occurs aerobically,
the remaining being attributed to mainly sulphate reduction. The depth-integrated oxic mineralisation rate
reported here falls within the range of 15 to 77 μmol C
cm–2 yr–1, derived by Canﬁeld et al. (1993) from incubation experiments in coastal marine sediments. The
rate of dissimilatory iron reduction is also similar to
that found by Canavan et al. (2006).

EDM transient simulations
At Stn B40, the average OM3 ﬂux predicted by DEPOMOD (Fig. 4) is 0.1 mmol C cm–2 yr–1, very close to the
0.12 mmol C cm–2 yr–1 of the natural OMT ﬂux reported

in Table 7 for Stn BC. Therefore, it is not surprising that
the measured OC, NH4+, DIP and SO42 – concentration
proﬁles are similar to those of the control station BC
(Fig. 6). Stn B40 is thus weakly impacted by the ﬁsh
farm organic activities, and the variations in concentrations could thus also be due to the natural variability in
sediment composition in the area. The transient evolution of concentration proﬁles triggered by ﬁsh farming
are consequently only modelled at Stn B10, where the
average OM3 ﬂux is much larger (10 mmol C cm–2 yr–1)
and signiﬁcant perturbations of the pristine biogeochemical conditions can, therefore, be expected.
To set-up Nominal Run 1, the following steps were
carried out:
(1) The OM3 ﬂux predicted by DEPOMOD at Stn B10
was imposed as an additional source of labile OM for the
EDM in addition to the deposition ﬂux of OM1 and OM2;
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remain constant thereafter. A time variable bioturbation coefﬁcient, linearly decreasing to zero within the
5 mo period was also imposed (Fig. 7), in agreement
with the observations that sediments are azoic at
Stn B10. During the transient period, the burial rate
was increased proportionally to the OM3 ﬂuxes. The
effects of very high sulphate reduction rates on sulphate concentration within the topmost few millimetres of the sediment were accounted for by imposing a decreasing sulphate concentration at the upper
boundary.
The transient results from the nominal run generally
capture the main trends of the ﬁeld data collected
after 0.5 yr, with large increases in OC, NH4+ and DIP
concentrations, and a marked drop in SO42 – concentrations (Fig. 8a to d). OC concentrations in the top
2 cm of the sediment reach values 8 times higher than
at BC, whereas the concentrations deeper in the sediment remain of comparable magnitude. Due to the
mineralisation of large amounts of ﬁsh farm-derived
labile OM, NH4+ and DIP concentrations at Stn B10
were approximately 10 times higher than those at Stn
BC (Fig. 5). Sub-surface maxima in nutrient concentrations were localised at around 5 cm depth, concomitant with a zone of sub-millimolar dissolved sulphate

Table 8. Simulated depth-integrated rates of organic carbon
(OC) mineralisation through the various metabolic pathways
at Stn BC. See ‘Results—EDM calibration’ for the further
details
Pathway

OC mineralisation rate
(μmol C cm–2 yr–1)

Oxic respiration
Denitriﬁcation
Mn(IV) reduction
Fe(III) reduction
Sulphate reduction
Methanogenesis
Total

32.1
1.2
0.02
2.7
44.0
0
80.02

(2) The initial conditions of the system were set
according to the steady-state results obtained at Stn BC
(Fig. 5);
(3) The model was run under transient conditions for
3 yr, and a snapshot was extracted at 0.5 yr, corresponding to a time for which ﬁeld data were available.
For the transient simulation, the boundary conditions were constrained as follows. Based on the
DEPOMOD results, the OM3 ﬂux was assumed to
increase in 3 steps, according to Fig. 7b, and to
0
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Fig. 7. Transient dynamics at Stn B10. (a) Time evolution of the bioturbation coefﬁcient and (b) the
OM3 ﬂux and the SO42 – concentration at the upper boundary

concentrations. The depths of nutrient maxima predicted by the model were in good agreement with the
ﬁeld data, even though the DIP proﬁle and NH4+ concentrations below 6 cm were slightly underestimated.
Measured dissolved Fe2+ and Mn2+ concentrations
were always very low, without any visible distinction
between different replicates. The absence of dissolved Fe2+ was also predicted by the model, while
model-predicted Mn2+ were slightly overestimated
compared to ﬁeld data, most likely because MnCO3
precipitation was not included in the reaction network
(see Appendix 1).
In Sensitivity Run 2, a variation of the OM3 ﬂux of
± 50% was applied, according to the range of uncertainty of the DEPOMOD predictions (Cromey et al.
2002a). The grey lines in Fig. 8 show that the boundary
condition variations induced remarkable changes in
concentration proﬁles, especially for NH4+ and DIP. For
these species, the model variability was higher than
the variability in ﬁeld data, as indicated by the black
whiskers. Fig. 8d shows that SO42 – was also affected by
changes in OM3 ﬂuxes and was totally consumed in the
+ 50% OM3 run at depths between 2 and 5 cm. In this
case, the most important OM mineralisation pathway
at 0.5 yr was no longer sulphate reduction, but methanogenesis.
The model was used for prognostic purposes, and
the biogeochemical dynamics investigated over a
much longer period of 3 yr until a new steady-state,
consistent with an OM3 ﬂux of 30 mmol C cm–2 yr–1,
was reached. In this simulation, the OM3 boundary
ﬂux was ﬁrst set according to Fig. 7b, and then
assumed to be constant in time, since no data on ﬁsh

biomass in the cages were available after 0.4 yr.
Table 9 shows the evolution in depth-integrated pathways of OM oxidation. After 2 yr, the total depthintegrated rate of OM degradation reached 30 mmol
C cm–2 yr–1, corresponding to the imposed OM1 +
OM3 ﬂuxes at the SWI. At this stage, steady-state conditions were established with respect to the maximum
deposition ﬂux of OM3. First, oxic degradation increased sharply, concomitant with the enhanced
deposition of OM3, then decreased slightly after 6 mo,
due to the intense competition of SRR for oxygen by
secondary redox reactions. Sulphate reduction rates
showed also a rapid initial increase, which levels off
after 6 mo. In relative terms, these 2 pathways contributed roughly equally to the total mineralisation
rate during the increasing stages of OM3 deposition.
However, after 6 mo, methanogenesis became rapidly
the most important pathway of OM decomposition
and, after 2 yr, contributed 89% of the total mineralisation, sulphate reduction reaching barely 8% and
oxic respiration 3%. The TS (total sulphides; H2S +
HS–) ﬂux through the SWI increased steadily and
reached values as high as 1.5 mmol S cm–2 yr–1. The
progressive increase in the OM load and mineralisation also led to enhanced ﬂuxes of DIP and ammonium through the SWI. This is in agreement with
observations by Hargrave et al. (1993). The oxygen
penetration depth (not shown) and the oxygen ﬂux
through the SWI did not change during the transient
simulation period. The oxygen ﬂux, on average,
1166 μmol O2 cm–2 yr–1, fell within the range recently
measured by Dedieu et al. (2007) for a French lagoon
(730 to 2190 μmol O2 cm–2 yr–1).
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Table 9. Time evolution (in yr) of organic matter (OM) deposition ﬂux, total depth-integrated rates of organic carbon oxidation,
relative contribution of aerobic respiration, sulphate reduction and methanogenesis at Stn B10. The ﬂuxes of TS (total sulphides,
H2S + HS–), nutrients (dissolved inorganic phosphorus [DIP], NH4+) and oxygen are also reported. The ﬂuxes were computed by
means of a third-order-accurate approximation of the concentration gradient (Boudreau 1997)

OM ﬂux (OM1 + OM3) [μmol C cm–2 yr–1]
Integrated rate [μmol C cm–2 yr–1]
Aerobic respiration [%]
Sulphate reduction [%]
Methanogenesis [%]
TS ﬂux [μmol cm–2 yr–1]
DIP [μmol cm–2 yr–1]
NH4+ [μmol cm–2 yr–1]
O2 [μmol cm–2 yr–1]

0

0.25

0.5

1

2

3

80
80
40
55
0
19
4
79
–1163

10080
2559
61
39
0
333
19
253
–1153

30080
8223
33
29
38
1002
45
478
–1171

30080
17698
11
13
76
1131
96
921
–1176

30080
30055
4
8
88
1307
184
1690
–1177

30080
30070
3
8
89
1464
271
2739
–1178
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DISCUSSION
Calibration of the EDM
The calibration procedure provided estimates of the
deposition ﬂuxes of OM, Fe(OH)3 and MnO2 at the SWI
of Stn BC, for which ﬁeld data were not available. A
similar approach was previously adopted by Wang &
van Cappellen (1996) and Canavan et al. (2006). Here,
however, the calibration was performed using a goal
function, instead of carrying out the adjustment of
these forcings by visual inspection only. The systematic exploration of the entire space of possible boundary condition values represents a much more robust
and reproducible way to calibrate a model.
The main objective of model calibration was to provide well constrained initial concentration proﬁles for
the transient simulation corresponding to pristine conditions. We chose to compare the model results with
the mean observed values, thus ignoring the variability
between the 3 replicates. Therefore, model results are
intended to provide an overall picture of the steadystate diagenesic processes and not to explain the observed discrepancies at each site. The dissolved ferrous iron, which was produced mainly by dissimilatory
Fe3+ reduction (Reaction 4 in Appendix 1) was consumed by re-oxidation and FeS precipitation (Reactions 8, 9 and 12 in Appendix 1). Within the depth
range of 6 to 10 cm, FeS precipitation dominated
(results not shown) and might have been overestimated.
The underestimated superﬁcial concentration of Mn2+
predicted by the model could be due to rates of reoxidation through the overestimated aerobic pathway
(Process 7 in Appendix 1), which outcompeted production, by Mn(IV) reduction, Fe2+ and TS reoxidation
(Processes 3, 9 and 11 in Appendix 1). Even though the
lack of ﬁt in some portions of the proﬁle for the trace
metals is a potential drawback of setting the kinetic
constants on the basis of literature values, their further
calibration would be difﬁcult without additional, reliable ﬁeld information on the in situ kinetic rates, as well
as on the concentrations of solid Mn(IV) and Fe(III)
oxides.

Transient simulations
Soetaert et al. (1996) studied the diagenetic response
of sediments subject to seasonally varying carbon
deposition ﬂuxes by means of a dynamic model. The
model was run for 3 yr using as input the same annual
time series of data, in order to achieve a periodic
regime at the interannual time scale. A similar
approach was recently used by Dale et al. (2008b) in
anoxic sediments in Aarhus Bay, Denmark. In the
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study by Soetaert et al. (1996), the model parameters
were calibrated to produce proﬁles that best ﬁtted the
experimental data collected at the same location in 2
subsequent years. Here, we propose a different strategy, calibrating ﬁrst the model at one location under
steady-state conditions and, then, using another independent dataset, testing the dynamic response of the
system triggered by perturbation. This procedure can
be regarded as an efﬁcient way to assess model robustness, since it indicates that the model provides reasonable results in response to changes in the boundary
conditions. This is a desirable property for a dynamic
model, in particular if it is used to simulate transient
scenarios (Canavan et al. 2006, Dale et al. 2008b).
The dynamic response of the EDM, importing from
the steady-state conditions prevailing at Stn BC, was
investigated by adding the OM3 deposition ﬂuxes
quantiﬁed by DEPOMOD to the natural contribution.
The reliability of the transient results depends on the
reliability of the model-predicted OC rain rates. The
results from DEPOMOD were validated by means of
sediment trap data, which were collected in similar
sea loch environments (Cromey et al. 2002a); and the
model is now used for regulatory purposes throughout Scotland. In addition, the results presented here
(Stn B10; Fig. 8) indicate that the coupled DEPOMOD
and EDM models led to a reasonable description of the
dynamics of early diagenesis under transient conditions, providing supplementary evidence that the estimate of the deposition ﬂux is robust. The sensitivity
test of EDM results to the changes in OM3 deposition
ﬂuxes, furthermore, revealed that the diagenetic proﬁles were highly sensitive to this ﬂux.
The ﬁeld data collected at Stns BC and B40 indicated
similar concentrations of OC, SO42 –, DIP and NH4+
(Fig. 6). Modiﬁcation in sediment geochemistry induced by enhanced OC deposition was much more
obvious at Stn B10, a result in agreement with previous
studies (Hargrave et al. 1993, Wildish et al. 1993, Pitta
et al. 1998). The transient simulation of OM deposition
and diagenetic response captured the dominant variations of OC, DIP, NH4+, SO42 – and dissolved metal concentrations measured in the ﬁeld. The coupled model
also provided valuable information about the magnitude of ﬂuxes of dissolved nutrients and TSs, which are
required data for the implementation of sustainable
aquaculture facilities. As regards model limitations, in
cases of water bodies characterised by relatively high
residence times, the transience of the SWI ﬂuxes of
oxygen and dissolved nutrients could, in principle, be
simulated more accurately based on time-varying
boundary conditions. This requires time series of data,
from in situ on-line probes or from forecasts obtained
by means of pelagic biogeochemical models. The uncertainty associated with this data may, in turn, de-
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crease the robustness of the predictions of the diagenetic model. For this reason, the trade-off between
costs and beneﬁts associated with the introduction of
time-variable boundary conditions should be carefully
evaluated for each species considered.

prognostic perspective, the models presented here
complement judiciously the sedimentary monitoring
programmes, especially in the context of EIA and
aquaculture site selection. For instance, Hargrave et
al. (1997) ranked the sensitivity of 20 different indicators of organic enrichment under salmon net-pens in
the Bay of Fundy (Canada) and proposed that TS ﬂux,
total CO2 release and total O2 uptake were the most
sensitive indicators. In the future, the coupled model
developed in the present study could help reﬁne the
choice of the most cost-effective indicators of organic
enrichment.
Dissolved oxygen and TS were 2 cost-effective variables included in the model. The TS concentration at
Site B10 increased dramatically from sub-millimole levels to concentrations > 5 mmol l–1 within a few months
(Figs. 5g & 8g), a level potentially toxic to benthic
infauna. The predicted concentrations are, however,
lower than the values of >100 mmol l–1 reported by
Hargrave et al. (1993) at a salmon farm in the Bay of
Fundy (Canada). The levels reported here are of the
same order of magnitude as those measured in September 2006 by microelectrode proﬁling at a Loch
Creran recovery site where salmon were reared until

Aquaculture-related model application
With respect to the aquaculture industry, the integrated model is useful: (1) to help support environmental impact assessment (EIA) and site selection studies,
and (2) for the optimisation of farming densities and
husbandry practices.
Wildish et al. (2001) investigated the cost-effectiveness of methods based, on the one hand, on macrofaunal community structure, and, on the other hand,
on redox potential (Eh) and TS measurements. They
concluded that the latter approach was superior to
monitor the impact of ﬁsh farming. Even though
macrofaunal measurements are currently adopted in
most monitoring programs, these authors suggested
that rapidity, ease and transferability were 3 major
advantages of the geochemical approach. From a
0
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December 2005 (Rabouille pers. comm.). The low oxygen penetration depth predicted by the model, approximately 1 mm, is also in agreement with oxygen microproﬁles reported elsewhere (see www.cobo.org.uk). In
the future, the set of variables commonly measured in
the ﬁeld of aquaculture, e.g. OC and nutrients, could
thus be extended to other geochemically based measurements, such as dissolved oxygen and sulphide
microproﬁles.
The coupled model can also support the estimation
of husbandry practices. In this context, DEPOMOD
was run again by assuming a lower percentage of
ﬁsh food wasted, 2% instead of 5%, see data in
Table 3; this lowered the OM3 deposition ﬂuxes at
Stn B10, from an average value of 10 to 8.5 mmol C
cm–2 yr–1. The EDM transient simulation was then
repeated by imposing the lowered OM3 ﬂux at the
upper boundary. Fig. 9 compares the resulting vertical proﬁles to those obtained under the assumption
of a 5% of food wastage. The results reveal that dissolved nutrients and TS are the most sensitive variables, while OC and O2 proﬁles remain essentially
unaltered. The integrated model can thus help identify which geochemical variables are the most suitable to assess the impact of ﬁsh farming on the
environment. It also provides a qualitative means to
evaluate the effects of improved husbandry practices
on water quality.
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Appendix 1. Reaction network implemented in the early diagenesis model. The network is a simpliﬁed version of the one proposed by van Cappellen & Wang (1996). Reactions 1 to 5 were implemented separately for each organic matter fraction
(a) Primary redox reactions
1. Oxic respiration
R1
(CH2O)x (NH3 )y (H3PO4 )z + xO2 + (–y+2z)HCO3– ⎯⎯
→ (x–y+2z)CO2 + yNH4+ + zDIP + (x+2y+2z)H2O
2. Denitriﬁcation
2x+4y
4x+3y
3x + 6y + 10z
x–3y + 10z
4x + 3y − 10z
R2
(CH2O)x (NH3 )y (H3PO4 )z +
→
N2 +
NO3– ⎯⎯
H 2O
CO2 +
HCO3– + zDIP +
5
5
5
5
5
3. Mn(IV) reduction
R3
(CH2O)x (NH3 )y (H3PO4 )z + 2xMnO2 + (3x + y–2z)CO2 + (x + y–2z)H2O ⎯⎯
→ 2xMn2+ + (4x + y–2z)HCO3– + yNH4+ + zDIP

(

)

(

) (

)

(

)

(

)

4. Fe(III)reduction
R4
(CH2O)x (NH3 )y (H3PO4 )z + 4xFe(OH)3 + (7x + y–2z)CO2 ⎯⎯
→ 4xFe2+ + (8x + y–2z)HCO3– + yNH4+ + zDIP + (3x − y + 2z)H2O
5. Sulphate reduction
x
x
R5
(CH2O)x (NH3 )y (H3PO4 )z +
⋅ SO42− + (y –2z)CO2 + (y –2z)H2O ⎯⎯
→ TS + (x + y–2z) ⋅ HCO3– + yNH4+ + zDIP
2
2
6. Methanogenesis
x
x
6
(CH2O)x (NH3 )y (H3PO4 )z + (y –2z)H2O ⎯R⎯
→ CH4 + ( − y + 2z) ⋅ CO2 + (y − 2z) ⋅ HCO3− + yNH4+ + zDIP
2
2
(b) Secondary redox reactions
7. Nitriﬁcation
7
NH4+ + 2O2 + 2HCO3– ⎯R⎯
→ NO3– + 2CO2 + 3H2O

()

8. Mn2+ oxidation by O2
1
8
Mn2+ + O2 + 2HCO3– ⎯R⎯
→ MnO2 + 2CO2 + H2O
2
2+
9. Fe oxidation by O2
1
1
9
Fe2+ + O2 + 2HCO3– + H2O ⎯R⎯
→ Fe(OH)3 + 2CO2
4
2
10. Fe2+ oxidation by MnO2
10
2Fe2+ + MnO2 + 2HCO3– + 2H2O ⎯R⎯
→ 2Fe(OH)3 + Mn2+ + 2CO2
11. Sulphide oxidation by O2
R11
TS + 2O2 + 2HCO3– ⎯⎯
→ SO42+ + 2CO2 + 2H2O
12. Sulphide oxidation by MnO2
R 12
TS + 6CO2 + 4MnO2 + 2H2O ⎯⎯
→ 4Mn2+ + SO42− + 6HCO3 –
13. Sulphide oxidation by Fe(OH)3
R 13
TS + 14CO2 + 8Fe(OH)3 ⎯⎯
→ 8Fe2+ + SO42− + 14HCO3– + 6H2O
14. FeS oxidation by O2
R14
FeS + 2O2 ⎯⎯
→ Fe2+ + SO42−
15. CH4 oxidation by O2
R 15
CH4 + O2 ⎯⎯
→ CO2 + H2O
16. CH4 oxidation by SO42 –
16
CH4 + SO42− + CO2 ⎯R⎯
→ H2S + 2HCO3−
(c) Mineral precipitation
17. FeS precipitation
R 17
Fe2+ + TS + 2HCO3− ⎯⎯
→ FeS + 2H+ + CO2
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Appendix 2. Rate laws used in the early diagenesis model.
Rates refer to the reactions listed in Appendix 1. fi values
were computed according to the formulation reported in
Aguilera et al. (2005). [H+] concentration was assumed
constant in time and ﬁxed in accordance with the proﬁles
reported by Jourabchi et al. (2005).
R1 = fo2· kOM k · [OMk] · kacc , with k = 1, 2, 3
R2 = fNO2· kOM k · [OMk] · kacc , with k = 1, 2, 3
R3 = fMnO2· kOM k · [OMk], with k = 1, 2, 3
R4 = fFe(OH)3· kOM k · [OMk], with k = 1, 2, 3
R5 = fSO4 · kOM k · [OMk], with k = 1, 2, 3
R6 = fCH4 · kOM k · [OMk], with k = 1, 2, 3
R7 = k7 · [NH4+] · [O 2]
R8 = k8 · [Mn 2+] · [O 2]
R9 = k9 · [Fe 2+] · [O 2]
R10 = k10· [Fe 2+] · [MnO 2]
R11 = k11· [TS] · [O 2]
R12 = k12· [TS] · [MnO 2]
R13 = k13· [TS] · [Fe(OH)3]
R14 = k14· [FeS] · [O 2]
R15 = k15· [CH4] · [O 2]
R16 = k16· [CH4] · [SO 42 –]
R17 = k17· χ17· [ΩFeS – 1]

Ω

FeS =

[Fe 2+ ] ⋅ [TS ]
[H + ] ⋅ K 'FeS

ΩFeS > 1 χ17 = 1
ΩFeS ≤ 1 χ17 = 0
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