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ABSTRACT: Harvesting of marine invertebrates in intertidal areas often comes into conflict with
conservation objectives for waterbird populations of the orders Anseriformes and Charadriiformes. We present a meta-analysis of the relationships between benthic invertebrate communities and various sources of intertidal harvesting disturbance to investigate impacts and recovery
in bird prey resources. The effect size (Hedges’ d) of harvesting on benthic species abundance,
diversity and biomass was calculated for 38 studies in various locations globally, derived from 16
publications captured through a systematic review process that met the meta-analysis inclusion
criteria. A negative response to harvesting disturbance was found for all taxa, including both target and non-target species, that represent important types of waterbird prey. Impacts appear most
severe from hand-gathering, which significantly reduces the abundance of target polychaete
species, a key prey group for many bird species. Across all gear types, non-target species demonstrate a larger reduction in abundance compared to target species. Recovery trends vary, with
differences observed between taxonomic groups and gear/habitat combinations. Abundance of
bivalve molluscs, a potentially highly profitable bird prey item, is suppressed for > 60 d by
mechanical dredging in intertidal mud, while annelid and crustacean abundances demonstrate
near recovery over the same period. Data suggest that recovery following harvesting in sandier
habitats may in some cases take as long as or longer than in muddy sediments. We recommend
management measures to minimise disturbance to benthic prey resources and support conservation objectives for waterbird populations to meet international legal requirements.
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INTRODUCTION
Commercial harvesting of marine invertebrates in
soft sediment intertidal areas often comes into conflict with nature conservation interests, in particular
the conservation of nationally and internationally
important populations of waterbirds of the orders
Anseriformes (ducks and geese, e.g. common shelduck Tadorna tadorna, common eider Somateria
*Corresponding author: lclarke@bournemouth.ac.uk

mollissima) and Charadriiformes (waders, e.g. common redshank Tringa totanus, Eurasian oystercatcher Haematopus ostralegus) (Camphuysen et al.
1996, 2002, Auster & Langton 1999, Atkinson et al.
2003, Ens et al. 2004). Populations of these birds
heavily rely on the invertebrate prey resources in
these intertidal areas during the non-breeding season and may compete with fishermen for the same
resource (Ens et al. 2004, Roberts & Jones 2009).
© The authors 2017. Open Access under Creative Commons by
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Shorebirds and waterfowl rely on intertidal prey
resources to maintain body condition over winter and
to fuel annual migrations between wintering, staging
and breeding grounds (Goss-Custard et al. 2004, dit
Durell et al. 2006). Shortages in suitable intertidal
invertebrate prey may create suboptimal feeding
conditions, leading to reduced individual body
condition and increased mortality in waterbirds
when their energetic requirements cannot be met
(dit Durell et al. 2006). Different bird species forage
on prey of various taxonomic groups and size classes,
determined by factors such as bill morphology, digestive capacity and risk of bill damage (Goss-Custard
et al. 2006, Rutten et al. 2006). Some wader species
are more generalist feeders, consuming prey of a
variety of groups and size classes, while others are
more specific in their feeding habits. The preferred
prey and winter intertidal habitat of common European bird species are listed in Table S1 in the Supplement at www.int-res.com/articles/suppl/m584p229_
supp.pdf.
Intertidal harvesting may remove or damage nontarget species (Jennings & Kaiser 1998, Kraan et al.
2007), decrease benthic productivity (Kaiser et al.
2002, Pranovi et al. 2004) and elicit physical changes
to seabed characteristics with associated changes to
benthic community composition (Dayton et al. 1995,
Jennings & Kaiser 1998, Kaiser et al. 2002). As a consequence, reductions in prey abundance, density,
quality and size (Dayton et al. 1995, Collie et al. 2000,
Kaiser et al. 2006) are widely reported, with welldocumented case studies of mass mortality in waterbird populations as a result of human harvesting
activities (Ens et al. 2004, Goss-Custard et al. 2004,
Atkinson et al. 2010). More gradual and sub-lethal
changes in shorebird assemblages have also been
reported at individual sites, with numbers of wormeating birds increasing following shellfish removal
(van Roomen et al. 2005, Atkinson et al. 2010).
While ecosystem-based management (EBM) of
fisheries is a well-accepted concept, it is more usually
considered in the context of large-scale offshore fisheries (Pikitch et al. 2004, Möllmann et al. 2014). Intertidal fishing is widespread in global coastal environments, ranging from small-scale hand collection and
bait digging to commercial exploitation through
dredging and other mobile harvesting gear (Kaiser et
al. 2001). Of an overall annual value of approximately US$129 billion from global marine fisheries
(FAO 2014), the value of the global baitworm industry alone has recently been calculated as almost
£6 billion (US $ 7.9 billion), with calls for management
of these resources commensurate to other fisheries

(Watson et al. 2017). The ease of access to the resource in such fisheries requires careful management for sustainability. In addition to burrowing
fauna, species of commercial importance in intertidal
areas may include biogenic reef-building species
such as oysters Crassostrea spp. (Beck et al. 2011,
Scyphers et al. 2011) and mussels Mytilus spp.
(Buschbaum et al. 2009) that collectively provide important ecosystem services, such as carbon sequestration (Tang et al. 2011), coastal protection (Scyphers
et al. 2011), water quality regulation and nutrient
cycling (Nelson et al. 2004, Newell 2004) and fish
nursery grounds (Harding & Mann 1999, Scyphers et
al. 2011).
Many intertidal areas that support commercially
important stocks of invertebrates are low energy environments with well-consolidated soft sediments.
Benthic communities in these habitats may be vulnerable to physical disturbance from mobile fishing
gear including sediment re-suspension (Dayton et
al. 1995, Stokesbury et al. 2011) and smothering
(McLachlan 1996, Norkko et al. 2002), and may experience much longer recovery times than more
dynamic sediments and their associated fauna (Wynberg & Branch 1994, Kaiser et al. 1998, Collie et al.
2000, Dernie et al. 2003). A previous meta-analysis
focussed on all marine habitats (Kaiser et al. 2006)
demonstrated that intertidal habitats are severely
affected by fishing activities that remove key ecosystem engineers such as clams and shrimp (Beukema
1992, Pauly 1995, Handley et al. 2014), inducing regime shifts from larger, slow-growing species of low
fecundity towards more opportunistic, fast-growing
and smaller biota.
EBM seeks to manage human activities, while
acknowledging the interactions between all components of an ecosystem, maintaining ecosystem function and the provision of services (Pikitch et al. 2004).
To achieve an EBM approach to the management of
intertidal ecosystems subjected to harvesting activities, it is therefore necessary to understand the consequences of harvesting on other components of the
system. EBM has previously been implemented in
this regard following collapses of Eurasian oystercatcher and common eider populations in the Dutch
Wadden Sea (Camphuysen et al. 2002, Verhulst et al.
2004), and tools such as individual-based models can
help predict population effects and inform management decisions (Atkinson et al. 2003, Stillman et al.
2003). The recent certification of the Ben Tre hand
clam fishery in Vietnam by the Marine Stewardship
Council demonstrates an example of sound EBM of an
intertidal fishery (Marine Stewardship Council 2016).

Clarke et al.: Intertidal harvesting of marine invertebrates

The objective of this study was to undertake a
meta-analysis to quantify the effect of intertidal harvesting activities on benthic waterbird prey. Metaanalysis is becoming increasingly popular as a tool
for ecologists (Koricheva et al. 2013) to answer questions at a broader scale than is possible in a single
study (Collie et al. 2000), and to identify more generally applicable trends and relationships that might
inform management decisions in a more statistically
powerful way. This study therefore addresses the following research questions: (1) What is the immediate
response of invertebrate prey to intertidal harvesting
in the first 10 d following fishing? (2) How do the
habitat and gear type used affect the magnitude of
the response, and does this vary between taxa? (3)
Does the response differ for target vs. non-target species of the fishery? (4) What are the recovery trends
in intertidal communities following harvesting disturbance?

METHODS
Data collection
Data were extracted from publications that were
identified by following a systematic review protocol
(Hughes et al. 2014). A total of 16 publications, comprising 38 separate studies on intertidal harvesting
disturbance, met the inclusion criteria of this metaanalysis (Table S2 in the Supplement). Inclusion criteria were: (1) the publication should be a study of
the quantitative biological response in invertebrate
communities to actual or simulated harvesting disturbance in intertidal habitats, along with information
on control or pre-fishing conditions, (2) information
on the gear type and habitat type in which the study
took place must be included, and (3) the study should
report a mean value of the relevant biological metric,
a measure of the variance and the sample size. A
further 18 studies were identified as relevant from
the systematic review but excluded from data analysis because they did not meet the inclusion criteria
(Table S3).
A ‘study’ was defined as an individual manipulation or observation of the response of benthic
communities to intertidal fishing. Factors such as the
harvesting gear type, scale and extent of the disturbance, habitat type, geographic region, the taxonomic level (e.g. phylum, species or community) of
the reported outcomes or the sampling gear used are
treated as predictor variables. When a publication
reported results from, for example, experimental har-
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vesting in 2 different habitats, these 2 different habitat treatments were considered as 2 separate ‘studies’. Habitats were differentiated according to the
Folk sediment classification scheme (Folk 1954). This
was done based on information provided in the publication on the relative proportion of different particle
size categories.

Response variables and effect size
Studies reported a range of community metrics including species abundance, biomass, diversity indices,
richness, evenness, primary productivity and the
abundance of specific feeding traits (e.g. suspension
feeders). However, these were often not relevant to
the research questions and did not occur with sufficient replication among our population of studies.
Thus for the purpose of this paper, we focus only on
taxa abundance, biomass and diversity indices. Benthic invertebrate abundance and biomass are clearly
key factors in determining prey availability and thus
energetic intake rates in coastal waterbirds. Changes
in diversity indices may indicate a shift in invertebrate community composition, with implications for
waterbird assemblages that are often comprised of
species that preferentially feed on different taxonomic
groups. Furthermore, diversity provides an indication of the resilience of benthic ecosystems to environmental change (Folke et al. 2004). The response
in the Shannon-Wiener index, Simpson’s index and
species richness were pooled for this analysis, given
that the direction of the response to fishing will be
consistent across all measures (i.e. a lower value of
each measure indicates a reduction in diversity).
The size of the effect for each response was calculated as the standardised mean difference in fished
conditions when compared to control conditions, or
Hedges’ d, using
d =

(X1 − X 2 )
Vwithin

(1)

where X1 and X2 are the sample means of the 2
groups (e.g. fished and unfished areas) and Vwithin is
a measure of the within-study variance:
(n1 − 1)S 21 + (n2 − 1)S 22
n1 + n2 − 2

(2)

where n1 and n2 are the group sample sizes and S1
and S2 are the standard deviations of the 2 groups.
All analyses were carried out within R Studio (Version 0.98.1062) and the R metafor package (Viechtbauer 2010).
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Combining effects
In most cases, a study reported the response of
multiple species to fishing disturbance. In order to
assess impacts upon the benthic community as a
whole, a ‘study-level’ effect was calculated by combining the effect size (Hedges’ d) for data from individual species reported within that study. The combined effect size for a study was calculated as the
mean of the response across all species.
When calculating the variance of the study-level
effect size, it must be considered that the responses
of each species to fishing disturbance in the study
may not be wholly independent of one another. The
level of correlation between the outcomes must
therefore be taken into account. The variance of the
study-level effect size was calculated using
Var = ( m1 )2 (∑Vi + ∑ (rij Vi V j ))

(3)

measured responses and makes the dataset more balanced for analysis (Kaiser et al. 2006). Once Hedges’ d
was calculated for all studies, a summary effect size at
0−10 d post-fishing was calculated using the methods
described above. This summary effect size was first
calculated as the mean across all taxa, before investigating the initial impacts on the main taxonomic
groups in the data that represent key prey groups for
coastal waterbirds in the intertidal. These included annelid worms, crustaceans and molluscs. Individual
species effect sizes were also calculated for the common cockle (Cerastoderma edule, Cardiidae), Baltic
tellin (Macoma balthica, Tellinidae), catworms (Nephtys spp., Nephtyidae), mudsnail (Hydrobia ulvae [now
Peringia ulvae], Hydrobiidae) and spionid polychaetes
Scoloplos spp. (Spionidae).

Moderating variables

where m is the number of outcomes reported within
the study, Vi is the variance of the i th outcome, and rij
is the correlation between the outcomes with variances of Vi and Vj. Study-level variances may be calculated using r = 1 (assuming complete correlation)
or r = 0 (assuming full independence). The former is
likely to overestimate the variance and underestimate the precision, while the latter is likely to underestimate the variance and overestimate the precision
(Sciberras et al. 2013). In order to avoid the consequences of working with these extreme assumptions,
r = 0.5 was used when combining effects.
An overall summary effect was then calculated as
the mean effect size across all studies using a random-effects model, such that weight is assigned to
each study as the inverse of its variance (i.e. ‘study’ is
included as a random effect and more weight is
assigned to studies with less variance) (Borenstein et
al. 2009). When results of this model indicated significant heterogeneity between study-effect sizes, the
effect of additional moderating variables added to
the model (such as habitat, gear type, region etc.)
was investigated.

Further analyses followed the methods used by
Kaiser et al. (2006) in a global review of the impacts
of bottom-fishing on benthic habitats to investigate in
more detail the effect of other predictors on the effect
size. This allowed for a more intuitive analysis of the
dataset against the research questions, providing
more relevant insights into the overall trends in intertidal harvesting impacts for environmental managers
and policy-makers.

Initial impacts

Gear and taxa interactions

In order to investigate the initial impacts of intertidal
fishing disturbance, we combined data across 0−10 d
after fishing. While using this method may mask some
of the short-term variation in the effect of fishing during the first few days after disturbance, it has the benefit of nullifying potential effects of scavengers on the

In order to generalise the sensitivity of different taxa
to different gear types, fishing gears were grouped together and a classification tree was created through
recursive partitioning. This was done to assess the immediate post-harvesting effect of different gear types
on the abundance of different taxonomic groups.

Habitat, gear and target vs. non-target species
In order to further investigate the response of effect
modifiers (e.g. habitat, gear type, target vs. non-target species) a more simplistic ANOVA approach was
used to test for differences in the magnitude of the
initial effect (0−10 d post-disturbance) between
groups. By calculating summary-effect sizes across
studies as described above, such factors are lost from
the analysis, and this ANOVA approach allows for a
more workable and balanced dataset for testing further hypotheses.
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Recovery trends
An ANOVA approach was also used to investigate
recovery patterns for each gear/habitat combination
present in the data as it allowed for a comparison of
the magnitude of the effect between time points
since fishing. Only abundance data were available
with sufficient replication for this analysis of recovery
in gear/habitat combinations. We grouped data from
0−10 d post-fishing, 11−50 d, 51−500 d and > 500 d.
This approach of categorising data, while resulting in
the ‘loss of fine-scale variation in the response time to
post-fishing’ (Kaiser et al. 2006, p. 3), allows the differences in the response across these time periods to
be identified more effectively. For this recovery
analysis, we included data for all taxa present in each
gear/habitat combination regardless of the direction
of the initial response to harvesting, as to assess
recovery only in those taxa that demonstrate a negative initial response would introduce selection bias
and allow for artefactual evidence of recovery
(Kaiser et al. 2006). For each gear/habitat combination that showed an effect of time, we then reanalysed the data using linear regression with log+1
transformed time since fishing in days as a continuous variable. Analysis of covariance (ANCOVA) was
first carried out for these data, and where no difference in the slope of the response between taxonomic
groups was identified, the data were pooled. Recovery may not always be linear, and in some cases a
curvilinear relationship better fit the available data,
in which case a generalised additive model (GAM)
was used to represent the recovery trend. In this
analysis, recovery was considered to occur at the
point at which non-significance of the effect from
control conditions is evident, equivalent to a 5% significance level test and rejecting the null hypothesis
of no impact. Only a subset of the data reported
changes in diversity and biomass, and this was therefore integrated across all habitats, gears and taxa
present in the data and analysed using the ANOVA
approach described above to investigate initial
impacts and subsequent recovery.

Analysis notes
As Kaiser et al. (2006) discussed in great detail,
from a purely statistical standpoint there are issues in
the ANOVA analysis of our meta-database, not least
a largely unbalanced dataset and non-independence
of individual data points that are often derived from
the same study. Strictly speaking, each study should
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contribute only a single data point to our analysis due
to the inherent variation in habitats, gear types and
geographic locations. However, to introduce ‘study’
as a random effect into our ANOVA analyses to
recognise this variation at the study level, while also
appropriately accounting for gear, habitat, time and
individual taxa responses, would reduce the available degrees of freedom to a level at which no model
could be constructed.
Although averaging the response across all taxa in
our ANOVA introduces the problem of within-study
correlations, it is preferred over reducing the data
to a single response for each study. Consistent with
Kaiser et al. (2006), a reduction in residual degrees of
freedom to the magnitude of the number of studies
would only occur if taxa were perfectly correlated,
and in reality any within-study correlation will simply reduce the degrees of freedom of the F-statistics
to some extent compared to those quoted here.
Given such challenges, rather than constructing an
unworkable model, we have taken the somewhat
optimistic approach of Kaiser et al. (2006), and we
echo their caveats when interpreting our results and
plots; although our methods may be viewed as statistically naïve, they allow for a more intuitive analysis
for the reader and for policy-makers. Given these
caveats, it is encouraged that emphasis should be
placed on the higher-level trends and relative recovery patterns that this study identifies, which are
unlikely to be affected by non-independence. With
this in mind, the number of observations from which
mean responses are derived is indicated in each of
our plots for context to aid the reader in interpreting
results.

RESULTS
Studies
The majority of studies that met the inclusion
criteria were carried out in Northern Europe
(Table 1), with most undertaken in the UK. Hand
gathering comprised the majority (27 of 36) of the
harvesting techniques investigated by the studies,
with hand digging and hand raking the most commonly studied harvesting types (Table 1). This may
be due to the fact that the use of hand gathering
techniques, and therefore the ease of studying
these techniques, is relatively low cost and requires
few resources, in addition to the logistical ease of
carrying out these studies. Most studies focussed
on the use of fishing gears in sandy and muddy
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Table 1. Number of studies (n = 38 from 16 publications) included in the analysis with
regards to the region, gear type and habitat within each study. A complete list of the
publications used in this analysis is provided in Table S2 in the Supplement at
www.int-res.com/articles/suppl/m584p229_supp.pdf. Habitats — (g)mS: gravelly/muddy
sand; M: mud; mS: muddy sand; msG: muddy/sandy gravel; S: sand; sM: sandy mud

p < 0.001). Including gear type,
habitat, and the minimum extent of the fishing disturbance
as moderating variables in a
mixed-effects model accounts
for only 9% of residual variation
Geographic region
No.
Harvesting technique No.
Habitat
No.
studies
studies
studies
in the model, with further unexplained variance remaining
Australia
1
Hand digging
11
(g)mS
1
between the study outcomes,
North America
8
Hand pump
3
M
5
possibly accounted for by
Northern Europe
22
Hand raking
13
mS
12
other variables not considered
South Africa
4
Hydraulic dredge
5
msG
1
Southern Europe
3
Mechanical dredge
6
S
12
within the model, or introduced
sM
7
through sampling error (test
of heterogeneity: p < 0.001).
The effects of these additional
variables are explored in further analysis presented
habitats. The dominance of these habitats in the
below.
dataset likely represents their geographic extent
and the association of the target species with a
specific habitat.
Species-level response
Initial impacts
Taxonomic response

Fishing activity caused a significant reduction in
the average abundance across all taxa (across all
habitats and gears) in the first 10 d following disturbance, with a weighted mean Hedges’ d estimate of
−0.55 (95% CI: −1.06 to −0.005, z = −2.15, p < 0.05).
This indicates that abundance is on average 42%
lower in harvested plots than in non-harvested plots
across all studies (Table 2). All 3 of the main taxonomic groups for which data were available were
reduced in abundance immediately (0−10 d) following fishing disturbance, although only annelids show
a significant response (Table 2).
The results of the random-effects model on all
abundance data suggest considerable heterogeneity
between the study effect sizes (test of heterogeneity:

Summary effect sizes for individual species are
reported in Table 3. Only Scoloplos spp., the deepest
burrowing of the fauna reported, show a significant
reduction in abundance (Table 3), although all species other than Macoma balthica indicate a reduction
in abundance following harvesting.

Effects of gear type and habitat

Initial impacts of each gear type and habitat were
first investigated separately (Fig. 1). Results show
significant differences in the magnitude of the effect
at 0−10 d post-fishing between gear types (F4, 287 =
2.93, p < 0.05), when hand digging and the use of a
mechanical or hydraulic dredge significantly reduce
abundance. A post-hoc Tukey test showed that the
use of a hand pump most negatively affects initial
post-fishing abundance, significantly more so than
mechanical and hydraulic dredging and hand
Table 2. Weighted mean summary effect sizes from randomraking. However, there is considerable variaeffects models for the main taxonomic groups at 0−10 d following
bility around the mean effect size for this gear
fishing disturbance. On average, overall abundance across taxa
type.
was 42% lower in harvested plots than in non-harvested plots
Harvesting in sand, gravelly and muddy sand,
across all studies. Values in bold are significant (p < 0.05)
muddy sand and sandy mud habitats causes
significant initial reductions in abundance. The
Taxonomic Hedges’ d (95% CI) % change
z
p
magnitude of the reduction between habitats is
group
significant (F4, 287 = 5.36, p < 0.001; Fig. 1b), with
Mean
−0.55 (−1.06 to −0.05) −42.31
−2.15 0.032
a decreasing trend in the severity of impacts
Annelida
−0.50 (−0.82 to −0.18) −39.17
−3.05 0.002
from sandy habitats to sandy mud. No signifiCrustacea
−0.35 (−0.94 to 0.24)
−29.61
−1.17 0.243
cant impact is evident in muddy sands and
Mollusca
−0.42 (−0.96 to 0.14)
−33.76
−1.47 0.143
gravel.
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Table 3. Weighted mean summary effect sizes from random-effects models for
each of the 5 main species for the period 0−10 d post-fishing. All of these species
are known prey of waders and other avian predators. Only Scoloplos spp. show
a significant (p < 0.05, value in bold) reduction in abundance
Species
Cerastoderma edule
Macoma balthica
Nephtys spp.
Hydrobia (Peringia) ulvae
Scoloplos spp.

Hedges’ d (95% CI)

% change

z

p

−0.27 (−0.56 to 0.02)
0.13 (−0.24 to 0.50)
−0.18 (−0.56 to 0.21)
−0.64 (−2.34 to 1.06)
−0.67 (−1.08 to −0.26)

−23.58
+14.09
−16.18
−47.25
−48.78

−1.80
0.70
−0.90
−0.74
−3.19

0.071
0.483
0.370
0.461
0.001
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Target vs. non-target species
Given that no size data were reported in the meta-database, when
the response of a target species
was reported, we assumed that
these were of harvestable size,
where minimum landing sizes may
apply. One study did differentiate
between juvenile and adults of the
target species, and data on juveniles was therefore omitted from
this analysis. The abundance of
target species might be expected
to be most severely affected by
fishing activities. However, there
was no significant difference in
the effect size on abundance of
target or non-target species 0−10 d
post-fishing. Initial impacts actually appear more severe for nontarget species than target species,
with a mean Hedges’ d of −0.45
(95% CI: −0.80 to −0.11) for target
species and −0.82 (95% CI: −1.09
to −0.56) for non-target species
and a reduction of 37% compared
to 56% (F1, 283 = 2.86, p = 0.09;
Fig. 2).

Gear and taxa interactions

Fig. 1. Mean (± 95% CI) effect of fishing disturbance on abundance of benthic
taxa at 0−10 d post-fishing according to (a) fishing gear type and (b) Folk habitat
group (Folk 1954). The horizontal dotted line represents no effect. Gear abbreviations — HPu: hand pump; Dg: hand digging; HyD: hydraulic dredge; Mech: mechanical dredge; Rk: hand raking. Habitat abbreviations — S: sand; (g)mS: gravelly/muddy sand; mS: muddy sand; sM: sandy mud; msG: muddy/sandy gravel.
Adequate test for significant impact is whether the 95% CI overlaps the horizontal
zero effect line. Values in parentheses: number of observations

Fig. 3 shows a classification tree
of the size of the effect according
to gear type on different phyla. For
this analysis, hand raking, hand
digging and hand pump were
grouped into a single category
(‘hand gathering’) to better generalise the sensitivities of different
taxa to harvesting methods. Abundances of crustaceans appear more
markedly reduced than other
phyla (which are primarily annelids and molluscs) immediately
after harvesting. However, the
magnitude of the reduction in
these taxa depends on the harvesting method. Hand gathering
results in a more severe reduction
in abundance (mean reduction of
93%). For other phyla, there is no
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Fig. 2. Mean effect of fishing disturbance on the abundance
of (a) target and (b) non-target species across time categories (no. of d) since fishing. The dotted horizontal line
represents no effect. Adequate test for significant impact
is whether the 95% confidence interval overlaps the horizontal zero effect line. Values in parentheses: number of
observations

significant effect of gear type on the magnitude of
the change in abundance (mean reduction of 48%
across all gear types).

Recovery patterns
Target vs. non-target species
No significant effect of time is evident on the
magnitude of the effect size for either target (F2, 53 =
3.05, p = 0.06) or non-target (F3, 595 = 1.83, p = 0.14)
species. For non-target species, recovery (i.e. nonsignificance of the effect) does not appear > 500 d
post-fishing; in fact, a further reduction in abundance occurs at this time, potentially suggesting
delayed impacts. However, this analysis is integrated across all habitats, and some habitats may
demonstrate a trend towards recovery at 51−500 d
(Fig. 2). The effect on target species is somewhat
idiosyncratic, likely due to the low power for this
group (Fig. 2a); the majority of the data report the
response in non-target species abundance, resulting
in fewer degrees of freedom in the analysis of target
species.

Fig. 3. Classification tree representing the interaction between fishing gear and taxonomic group with regards to
changes in abundance 0−10 d post-fishing. Each node presents a partition in the data. For the data at each branch of the
tree, the mean effect (Hedges’ d ) is given, along with the
mean percentage change in abundance. Other phyla: Echinodermata, Phoronida, Nemertea

Gear/habitat combinations
Due to a paucity of data for gear types used in each
habitat, the Folk habitat classifications used in previous analyses were grouped together into broad ‘mud’
and ‘sand’ categories. Fig. 4 presents the trends over
time for the response in benthic abundance for each
gear/habitat combination present in the data. The
data indicate that all fishing gears cause a reduction
in abundance in each habitat during the first period
following fishing, with the exception of hand digging
in mud and hand raking in sand, which cause a slight
increase in abundance. Recovery trends for most gear
and habitat combination appear unstable and highly
variable.
Results indicate significant changes in the magnitude of the effect across time points for hand raking
and mechanical dredging in sand and for hydraulic
and mechanical dredging in mud (Table 4). Figs. 5
& 6 indicate the recovery trends of those gear/habitat combinations that showed an effect of time on
taxa abundance. A significant difference from control conditions is taken as when the model confidence intervals do not overlap with zero, and recovery as indicated by the model is taken as the point
at which the confidence interval overlaps the horizontal line of no effect. A difference between phyla
in the recovery slope from mechanical dredging in
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Fig. 4. Response in taxa abundance to fishing disturbance across 4 time categories following fishing. Data are mean response
± 95% CI. Significant deviation from zero effect (i.e. no response) is considered to occur if the error bars do not overlap with
the dotted horizontal line. Gaps in the data are present for some gear/habitat combinations. Gear abbreviations — Dg:
hand digging; HPu: hand pump; HyD: hydraulic dredge; Mech: mechanical dredge; Rk: hand raking. Values in parentheses:
number of observations
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Table 4. One-way ANOVA of abundance of pooled taxa between
grouped time categories for each gear/habitat combination for which
sufficient data were available to undertake the analysis. Data for other
gears and habitats were too scarce for this analysis; nd: no data
available for that gear/habitat combination. Bold: significant (p < 0.05)
change in the magnitude of the effect across grouped time periods
Gear type

Habitat
F

Hand pump
Digging
Raking
Hydraulic dredge
Mechanical dredge

Sand
df

0.25 3, 74
0.06 3, 102
7.90 3, 59
0.67 1, 65
4.70 2, 19

p

F

Mud
df

0.863
0.981
0.000
0.414
0.022

nd
1.52
0.03
5.98
11.86

nd
1, 34
2, 49
2, 82
2, 197

Diversity and biomass

Diversity data (pooled species richness,
Shannon-Wiener index and Simpson’s index)
indicate a mean Hedges’ d of 0.33 (95% CI:
−2.58 to 3.24) in the first 10 d following disturbance, representing a mean increase in
diversity indices of 39% (Fig. 7a), although
p
this is non-significant. The increase in diversity following fishing appears to subsequentnd
ly decrease, with a significant reduction in
0.226
0.975
diversity occurring 51−500 d post-fishing. By
0.004
> 500 d, the effect is non-significant, and no
0.000
effect of time is observed on the magnitude
of the response. The available biomass data
indicate a significant reduction in benthic
biomass compared to control or pre-fishing conditions, and this remains across all time periods present
in the data and > 500 d post-fishing (although based
on only 4 data points; Fig. 7b). ANOVA of the
response over time periods shows a change in the
magnitude of the response (F2, 21 = 7.80, p < 0.01),
with a trend towards recovery by > 500 d.

mud is evident, with a decline in mollusc abundance
compared to a positive trend (suggesting recovery)
in other phyla (F1,194 = 26.50, p < 0.001; Fig. 5).
While initial impacts may not be dramatic (and in
fact data indicate no immediate decline), molluscs
demonstrate no trend of recovery 60 d post-fishing;
rather, they show a decline in abundance over this
period.
For other gear/habitat combinations, ANCOVA of response data indicates no difference between the recovery slopes of different taxa, so
data were pooled. The recovery trend
for hydraulic dredging in mud indicates relatively short-term impacts on
abundance, with a reduction in the
effect size within 10 d post-fishing,
and the model remaining close to no
effect from around 10 d post-fishing
for the remainder of the time period
covered by the data (Fig. 6a), although there is some variability. The
recovery trend for hand raking in
sand appears more unstable, indicated by the low R-squared value and
relatively poor fit of the GAM. It
appears, however, that following a
small initial increase in abundance,
there is a further decline, with a small
shift towards control or pre-harvesting conditions only after 400 d
(Fig. 6b). Despite relatively few data
points, recovery following mechaniFig. 5. Response (Hedges’ d: black circles) of (a) molluscs (F = 16.08, R2 =
cal dredging in sand (Fig. 6c) indi0.28, p < 0.001) and (b) pooled taxa (annelids, crustaceans) (F = 32.86, R2 =
cates a positive trend, with the model
0.37, p < 0.001) abundance to mechanical dredging in intertidal mud. Horiconfidence intervals suggesting at
zontal dotted line represents no effect. Blue line and grey shading: fitted
least partial recovery after 400 d.
model and 95% CI, respectively
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tidal studies should provide strong
signals of fishing impacts when they
occur.
Data from the first 10 d following
fishing disturbance show overall significant reductions in the abundance
of annelids, one of the main bird prey
groups, and a significant reduction in
the average abundance across all
taxa. Annelid worms are often targeted with high accuracy through
bait harvesting (Blake 1979, Watson
et al. 2007), with harvesting efficiency
of up to 70% reported in a study of
digging for lugworm (Blake 1979).
This higher efficiency is reflected in
the larger initial reductions following
the use of hand-held gears shown in
Fig. 1. Furthermore, annelid worms
may be sensitive to damage through
non-target interactions with harvesting gear (Skilleter et al. 2005, Griffiths et al. 2006, Watson et al. 2007).
Baitworm harvesting targets the
larger species such as the king ragworm Alitta virens and lugworms
Arenicola spp.; these represent key
prey resources for worm-eating bird
species such as common redshank
Tringa totanus, black-tailed godwit
Limosa limosa and Eurasian curlew
Numenius arquata. In many places,
hand techniques can be highly
localised and small in scale, although
Fig. 6. Response (Hedges’ d: black circles) of benthic taxa to (a) hydraulic
dredging in mud (F = 12.51, R2 = 0.31, p < 0.001), (b) hand raking in sand
in some areas the footprint of such
(F 4.20, R2 = 0.18, p < 0.01) and (c) mechanical dredging in sand (F = 8.83,
practices combined may be thouR2 = 0.27, p < 0.01). Horizontal dotted line represents no effect. Blue line and
sands of square metres, as is the case
grey shading: fitted model and 95% CI, respectively.
in Poole Harbour in the UK (H. Fearnley, K. Cruickshanks, S. Lake, D.
Liley unpubl.). However, this impact is still likely to
DISCUSSION
be relatively limited compared to wide-scale commercial harvesting efforts that may cover hundreds of
Unlike bottom trawling in subtidal habitats, intersquare kilometres (Piersma et al. 2001).
tidal harvesting is often carried out more systematiAnnelid worms, along with crustaceans, another
cally given the direct access to the resource at low
important prey group, appear to recover more
water. Furthermore, the depth to which intertidal
quickly compared to other phyla, particularly molfishing activities penetrate the habitat means that in
luscs. Molluscs are a key prey group for species
many cases depletion of the biota is more extreme
such as Eurasian oystercatcher, common eider and
than for bottom-trawling (Kaiser et al. 2006). As it is
red knot Calidris canutus, and data indicate that
possible to place sampling devices more precisely in
abundance can remain suppressed for > 60 d followan intertidal environment, sampling error in experiing dredging in muddy sediments (Fig. 5a). While
mental studies is likely to be lower than for subtidal
molluscs are relatively sedentary, annelids and
studies in which error is introduced due to vessel
crustaceans are more motile, with potential for
positioning issues. As a result, the data from inter-
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of molluscivorous shorebird species
and a shift towards more worm-eating waders (Atkinson et al. 2010).
Results show persistence of impacts
in sandy habitats for longer than in
muddy habitats, which is contrary to a
prevailing view that physical recovery
occurs relatively rapidly in sandier
substrates and allows for earlier recolonization (Hall 1994, Jennings &
Kaiser 1998). Similar inconsistencies
were identified in a previous, wider
meta-analysis on general fishing impacts that found relatively low impacts of harvesting in mud and no
obvious ranking of impacts across
habitats (Collie et al. 2000). Fig. 1
indicates that harvesting in sand (all
gears pooled) causes the largest initial
reduction in abundance across all
taxa, with less dramatic initial impacts
in muddier habitats. At low tide, intertidal sand is much more safely accessible on foot than softer muddy habitats that remain unreachable, and
Fig. 7. Mean effect of fishing on (a) benthic diversity and (b) biomass across
hand harvesting at low water in sandy
4 time categories following fishing. Data are mean response ± 95% CI. Sighabitats may therefore be more
nificant deviation from zero effect (i.e. no response) is considered to occur
if the error bars do not overlap with the dotted horizontal line. Values in
intense and widespread. The tempoparentheses: number of observations
ral trends indicated in Figs. 4 & 6 suggest that recovery in sand may be
variable, with clear trends towards recovery only evirecolonization of an area through adult migration as
dent for hydraulic and mechanical dredging in sandy
well as larval dispersal (Pearson & Rosenberg 1978,
habitats. Conversely, recovery following the use of
Levin 1984). Bivalve colonization relies on pelagic
hand harvesting techniques (digging, hand pumping
larval settlement, which is largely influenced by
and raking) show less evidence of recovery and
hydrographic conditions, or the subsequent migrapotentially delayed impacts. Again, hand harvesting
tion of juveniles (Armonies & Hellwig-Armonies
is often very precise and disturbs sediment to a
1992). Low spatfall levels that inhibit recovery coindeeper depth than dredges that may only penetrate
cide with periods of intensive fishing (Beukema
the sediment to a few centimetres. Furthermore, den1992, Smit et al. 1998). Furthermore, the dominance
sities of species in muddy habitats are generally
of coarser sediments through the regular resuspenhigher than in sandier habitats (Heck et al. 1995, Van
sion and loss of finer grain sizes, known as ‘winHoey et al. 2004), perhaps providing more potential
nowing’ (Martín et al. 2014), can result in poor feedfor recolonization from neighbouring areas.
ing conditions for deposit-feeding bivalves (Taghon
Hydrodynamic conditions overlying the affected
1982, Kang et al. 1999), resulting in lower prey
habitat exert a large influence on biological recovery
quality for molluscivorous birds. Recolonization of
through the mediation of infilling rates of disturbed
an area following mechanical shellfishing will genpatches, causing considerable variation in recovery
erally require migration or settlement to occur over
rates in different mud habitats (Dernie et al. 2003).
a much larger area than for recovery from more
This is an important consideration locally when prelocalised hand techniques, and long-term suppresdicting medium and long-term impacts following
sion of bivalve prey abundance and subsequent setcessation of harvesting, particularly in intertidal
tlement may result (Ens et al. 2004). Such shifts to
areas of low energy where the substrate may be
communities dominated by fast-growing worm spedominated by well consolidated finer sediments.
cies can subsequently lead to declines in populations
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While most intertidal harvesting causes a reduction
in invertebrate abundance, hand digging in mud and
raking in sand appear to cause an initial increase
in all taxa pooled. Such techniques may allow for
increased movement of scavengers or opportunistic
invertebrate species into the area (Cesar & Frid 2009)
or bring deeper burrowing or infaunal species to the
surface, temporarily increasing abundance and species diversity within the raked area. These techniques do not generally remove the sediment; rather
it is left in situ, and bird predators are often observed
to exploit these disturbed sites immediately after harvesting, before vacating the area, presumably after
prey has been depleted (Ferns et al. 2000). Recovery
trends of each of the gear/habitat combinations
clearly differ (Fig. 4), and a more comprehensive
multivariate analysis of the benthic assemblage may
allow further insight into this trend, and identify such
shifts in community composition (Sousa Leitão &
Baptista Gaspar 2007). Given that studies are undertaken across numerous locations and geographic
regions, and therefore report the response in often
vastly different sets of species from which a robust
dataset for multivariate analysis could not be created,
this type of analysis was not possible. Changes in
diversity indices may provide some indication of
changing dominance patterns in faunal communities
(Fig. 7).
Non-target species may be significantly more
affected than target species by intertidal fishing
activities, with recovery patterns indicating prolonged effects. This is consistent with previous studies that have shown significant reductions of nontarget species up to 1 yr after intertidal dredging
(Kraan et al. 2007).
The changes to Dutch fisheries policy in the
1990s (Smit et al. 1998) demonstrate the need for
adaptive management in intertidal fisheries, with
consideration of more mechanised harvesting of
species that have limited potential for recovery.
The declines in the Wadden Sea Eurasian oystercatcher and common eider populations, and
Eurasian oystercatchers in The Wash, UK (Atkinson
et al. 2003, 2010), serve as reminders of the wider
ecological implications of fishery mismanagement
(Camphuysen et al. 1996, Smit et al. 1998). An
important consideration in management of intertidal invertebrate resources is the size of prey
which, while not reported in many studies, is an
important factor in determining the available food
for shorebird populations (Bowgen et al. 2015).
Prey size can be an indicator of prey quality (in
addition to abundance data alone), and is a strong
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determinant of an individual’s energy intake and
fitness (Bowgen et al. 2015).
Management measures to regulate the harvesting
of intertidal organisms are already in place in many
locations, largely through spatial and temporal restrictions on harvesting activity (Halpern & Warner
2002, Halpern 2003), rather than limits on effort and
allowable catch or harvests. Extensive research has
demonstrated the effectiveness of marine reserves or
no-take areas in subtidal ecosystems in conserving
ecosystem function and productivity (Sciberras et al.
2013); the limited work carried out in intertidal habitats suggests the benefits may be comparable (Byers
2005, Griffiths et al. 2006).
Our results can contribute to ecosystem-based
management and the achievement of sustainable
fishing, while achieving conservation objectives of
international requirements under the European
Union Birds Directive (Directive 2009/147/EC) and
similar national legislation. The evidence suggesting
long-term detriment to waterbird prey from intertidal
harvesting may have significant management implications. For policy-makers and environmental managers, the ranking of impacts in Fig. 1 and recovery
trends shown in Figs. 4−6 are likely of most interest.
Given the long-term impacts of dredging on mollusc
abundance, we urge managers to ensure that shellfish harvesting is limited in order to secure sufficient
adult stock, both as prey for waterbird populations
and as a source of larval supply and for future population viability. In fact, much work has been done on
the subject of calculating the amount of bivalve prey
required to support waterbird populations over
winter (Goss-Custard et al. 2004, Stillman et al.
2010, 2016, Stillman & Wood 2013). Whether this is
achieved through spatial and temporal restrictions,
by assigning allowable catches or through effort limitations would likely be driven by local circumstance.
Hand fisheries are often difficult to regulate due to
the ease of access, although due to the evidence of
prolonged impacts in hand fisheries presented here,
along with their significant global value, we agree
with Watson et al. (2017) that their management
should be brought in line with other fisheries to
ensure sustainability. The clear trends in recovery in
annelids and crustaceans, common taxa targeted by
hand, suggest that sustainability of such fisheries is
certainly achievable with sufficient closures to allow
adequate larval settlement or recolonization.
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