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Introduction
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Marine systems are among the world’s most productive and diverse ecosystems, but they are also subject
to intense human pressures; approximately 40% of the
world’s population lives within 100 km of the coast
(Cohen et al. 1997) and a significant proportion of
these inhabitants depend on the ocean for food, economic prosperity and well-being. As in many terres-

trial systems, a multitude of direct and indirect human
influences have significantly altered the composition
and diversity of marine communities at almost every
trophic level (e.g. Pauly et al. 1998). This has led to
concern over the functional consequences of biodiversity loss, which are especially relevant given the high
levels of extinction already witnessed and the anti-
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cipated future influence of anthropogenic forcing (Sala
et al. 2000). In response to such anxiety, an unprecedented increase in research over the last decade or so
has explicitly examined the proposition that a reduction in biodiversity will cause a decrease in the provision of ecosystem-level processes (reviewed in Hooper
et al. 2005). The establishment of this line of inquiry is
credited to the proceedings of a seminal conference
that sought to formalize, for the first time, the association between biodiversity and ecosystem function
(Schulze & Mooney 1993). Understanding the mechanisms that underpin this presumed causal relationship
has since become one of the primary research goals in
ecology (Hooper et al. 2005).
Following the emergence of a novel paradigm, the
road towards a new consensus is supported by a parallel progression of observational, experimental and
theoretical evidence. These are the primary axes along
which fundamental ecological principles are derived
and, providing that the conclusions drawn from these
alternative approaches merge, are the means by which
inferences about cause–effect relationships can be validated. In the biodiversity–ecosystem function arena
(hereafter BEF) the mainstay of research to date has
almost exclusively been weighted towards ecological
experimentation in terrestrial plant systems, although
there have been a small number of notable contributions on the marine environment (e.g. compare citations in Hooper et al. 2005 with Covich et al. 2004).
Curiously, correlational evidence or anecdotal observations in support of BEF relationships (Emmerson &
Huxham 2002) are seldom cited on their own, or
alongside new findings, and are generally viewed with
skepticism, despite overwhelming support for the
notion that biological diversity regulates ecosystem
processes (Schläpfer et al. 1999). Yet the use of experimental systems is not without issue, nor do they provide a scientific panacea in the context of BEF related
research. Experimental data generated from simple
synthetic model communities in highly controlled
systems (mesocosms) have been routinely criticized on
many levels (for summary, see Mooney 2002).
Whether or not the same mechanistic processes
identified from synthetic laboratory experiments are
equally valid and transferable to the real world (terrestrial and/or marine) remains an open question. Historical and cultural differences between specialists within
ecology (Raffaelli et al. 2005) have meant that the
marine community has often lagged behind their terrestrial counterparts; the BEF process has been no
exception. Aquatic ecologists were less enthusiastic
and initially failed to see the significance of BEF
research, despite direct appeals for participation
(Emmerson & Huxham 2002) and the publication of
methodologies that demonstrate how marine ecology

could contribute to the BEF dialogue (Raffaelli et al.
2003). One of the most significant barriers to interspecialist cohesion within the BEF community related
to the treatment of biodiversity as an explanatory variable, rather than as the response variable, as had been
common practice (e.g. Flint & Kalke 2005). This conceptual stalemate emerged because contemporary
perspectives within the BEF framework challenged
older and more familiar conventional marine ideology
(Raffaelli et al. 2005). Although these differences have
largely been reconciled, the gap in research effort
between marine and terrestrial ecology remains an
issue, particularly as BEF research could greatly benefit from insights yet to be gleaned from marine systems
(Raffaelli et al. 2003). This is particularly true since the
manipulation of terrestrial systems with their longlived and static primary producers is more logistically
difficult than experimentation in marine systems
where small, mobile and abundant organisms can be
selected and established in culture as the basis of
experimentation (Defew et al. 2002, Paterson 2005).
As in many instances within the scientific process,
controversy and debate can stimulate enlightenment
and progress. It is in this spirit that we assembled the
current ‘Theme Section’, where we have attempted to
bring together a broad range of marine ecologists and
encouraged them to express their opinions, substantiated or otherwise, alongside more traditional scientific
prose within a BEF framework. We include contributions that represent a wide range of trophic levels, habitats and scales as well as a broad range of conceptual
approaches. Our aim is to stimulate discussion both
within and between the traditional domains of terrestrial and marine ecology within the BEF framework.
The Theme Section starts with Duffy & Stachowicz
(2006) who present selected examples of how genetic,
species, and functional group diversity may affect
pelagic ocean ecosystem processes. They argue that
several mechanisms known to underpin observed
diversity effects in marine benthic and terrestrial systems are likely to operate in pelagic systems. Next,
Forster et al. (2006) examine the relationship between
the diversity of intertidal benthic diatom biofilms and
estimated net primary production. In so doing, they
highlight the difficulties of using biomass as a surrogate for primary productivity in marine systems.
Ruesink et al. (2006) use a case study to examine the
impact that introduced species have on primary and
secondary production in an estuary. They conclude
that gains in species — as much as species losses —
can markedly influence ecosystem processes and that
associated changes in ecosystem functioning are often
directly attributable to a few high-impact species. The
effect of such species also forms the basis of the contribution by Waldbusser & Marinelli (2006). Reporting on
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results obtained from a series of field experiments in an
intertidal muddy-sand flat, they show that specific
behavior and interactions between organisms appear
to affect sediment function.
In a review of seagrass systems, Duffy (2006) suggests that future BEF investigations within seagrass
and other aquatic ecosystems would benefit from
broadening the concept of biodiversity to encompass
the hierarchy of genetic through landscape diversity.
Using a few explicit experimental tests of BEF relationships and by inferring from other lines of evidence, he
argues that future studies would benefit from focusing
on links between diversity and trophic interactions,
and on links between regional diversity, local diversity,
and ecosystem processes. Next, Stachowicz & Byrnes
(2006) apply observational data to study the consequences of species loss for invasion, in order to assess
the generality across scales and relative importance of
experimental results. They remind us that the BEF process has mostly been framed in the context of what will
happen to ecosystem functioning as species richness
declines and that there are virtually no data that
address the reverse position, despite the fact that it is
clear that invasive species can affect ecosystem structure and function.
Ieno et al. (2006) return to the issue of dominant species effects and uncertainties in experimental design.
Solutions used to distinguish such effects in terrestrial
systems are not always directly transferable to analogous marine experiments, because cumulative processes are routinely used as surrogates for ecosystem
function. They present a post hoc experimental validation procedure to distinguish biodiversity effects from
effects related to species identity and density when the
relative contribution of each species in a mixture cannot be determined. The issues of experimental design
are also considered by Naeem (2006), who recognizes
that marine ecologists must deal with the large scales
of marine systems and the logistical difficulties of
attempting to conduct the kinds of complex, combinatory experiments that have been done in terrestrial
ecology. By way of solution, he presents an alternative
approach that obviates the need for complex experiments and goes beyond the limited scales of current
BEF studies. Raffaelli (2006) continues with the issue of
scale and trophic complexity and argues that it is
possible, through the parallel development of alternate non-experimental approaches, to carry out BEF
experiments at the spatial and temporal scales appropriate to those issues that affect society’s needs.
Finally, Bulling et al. (2006) examine the strengths and
limitations of model systems and assess how useful
these systems might be in addressing spatial scales,
multiple trophic levels, variation and environmental
stochasticity.
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ABSTRACT: The functioning of the global ecosystem is mediated in large part by pelagic marine
organisms through their influence on biomass production, elemental cycling, and atmospheric composition. Growing theoretical and empirical evidence suggests that the stability and functioning of
this complex system may depend, not only on aggregate biomass and production of pelagic producers and consumers, but also on the composition and richness of taxa within those compartments. Yet
rigorous experimental tests of relationships between diversity and these aspects of pelagic ecosystem
functioning are virtually unknown. Here, we argue for more attention to such research, and we
marshal preliminary evidence that several mechanisms underlying diversity effects on ecosystem
processes in marine benthic and terrestrial systems also may operate in pelagic systems. We review
selected examples of how genetic, species, and functional group diversity may affect ocean ecosystem processes. We consider 3 types of examples that detail how (1) producer richness or composition can directly affect ecosystem processes, (2) consumer diversity can directly and indirectly affect
these same processes, and (3) diversity at and below the species level can reduce variation of communities through time and enhance their resistance to perturbations. We suggest several promising
avenues for assessing the role of biodiversity in pelagic ecosystems. Understanding and predicting
responses of the global ocean ecosystem to accelerating climate and environmental change will be
enhanced by more explicit and systematic attention to the functional diversity of microbial and
macroscopic marine life.
KEY WORDS: Biodiversity · Ecosystem functioning · Pelagic · Production · Global change
Resale or republication not permitted without written consent of the publisher

The biological composition and richness of most of
the Earth’s major ecosystems are changing as a result of
harvesting, habitat destruction, pollution, exotic invasions, and climate change. Stimulated in part by these
transformations, theoretical and empirical research in
ecology has turned actively to the relationship between
biodiversity and ecosystem functioning, i.e. aggregate,
ecosystem-level processes such as production, element
cycling, and trophic transfer (Chapin et al. 1997, Tilman
1999, Loreau et al. 2001). An influential series of field
experiments, conducted primarily in terrestrial grass-

lands, has demonstrated that the identity and number
(richness) of plant species in a system can strongly
influence primary productivity, efficiency of nutrient
use, disease dynamics, invasibility by exotic species,
and stability in the face of natural climate forcing and
human perturbations (Tilman 1999, Loreau et al. 2001,
2002). Similarly, experiments in laboratory microcosms
show that changing biodiversity in multilevel food
webs also can have pervasive ecosystem impacts
(Naeem & Li 1997, Petchey et al. 2002).
Relative to terrestrial systems, the study of these issues in the marine pelagic zone is in its infancy, and
there is little indication that this body of research
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has significantly influenced biological oceanography,
although it is beginning to influence benthic ecology
(Stachowicz et al. 1999, 2002, Duarte 2000, Emmerson
et al. 2001, Bolam et al. 2002, Emmerson & Huxham
2002, Duffy et al. 2003, 2005, Allison 2004, Solan et al.
2004, Waldbusser et al. 2004). This oversight is important for several reasons. First, it is increasingly clear
that richness and composition of taxa in the marine
pelagic zone may have a similarly strong influence on
ecosystem processes to that observed on land. Second,
the pelagic ecosystems of the open oceans are central
mediators of planetary ecosystem processes with direct
impacts on human welfare and economies, including
carbon cycling and storage, greenhouse gas dynamics,
harmful algal blooms, and human food production
(Daily 1997, Falkowski et al. 1998, Balmford et al. 2002).
Finally, and most importantly, human activities are
demonstrably impacting the food web structure and
taxonomic composition of even the most remote pelagic
ecosystems on Earth (Shiomoto et al. 1997, Pauly et
al. 1998, Beaugrand et al. 2002, Smith et al. 2003,
Springer et al. 2003). It would be surprising indeed if
these activities did not cause significant changes in
the way that the ocean ecosystem functions, and, by extension, on the basic ecosystem services that it provides
to human society (see Fig. 1).
In the present paper, we ask the question: Is biodiversity important to understanding the functioning of
marine pelagic ecosystems? Although explicit experiments addressing this question are very rare, we argue
that available evidence, mostly indirect, suggests that
the answer is yes. Our aim is not a comprehensive review of such evidence, but a brief perspective that we
hope will encourage more focused attention on links
between biodiversity and pelagic ecosystem processes.
By ecosystem functioning we mean the aggregate processes of central interest to biological oceanographers,
such as primary and higher-level production, carbon
and nutrient cycling and sequestration, and trophic
transfer, as well as the stability of these processes over
time and in the face of environmental change.
Previous research linking biodiversity to ecosystem
functioning has focused primarily on species and functional group richness. We favor a concept of biodiversity expanded both downward and upward in the taxonomic hierarchy, to encompass genetic variation
within species and variety of higher taxa, respectively.
Such an expansion is especially important in marine
ecosystems for 2 reasons. First, many marine ecosystem processes are dominated by microbes, many of
which can only be distinguished genetically (Venter et
al. 2004) and for which species concepts are vague.
Indeed, with the advent of genomic approaches, functional differences among strains within nominal ‘species’ of marine phytoplankton and other microbes are

increasingly evident (e.g. Knowlton & Rohwer 2003,
Rocap et al. 2003). Second, the oceans contain a far
more diverse collection of kinds of organisms than
occur on land, both from taxonomic and functional perspectives. Whereas nearly all terrestrial primary producers come from a single clade, the Embryophyta,
marine autotrophs come from at least 8 evolutionarily
ancient groups (Falkowski et al. 2004). Of the 33 animal phyla recognized by Margulis & Schwartz (1988),
32 have marine representatives, and 15 of these are
exclusively marine. Similarly, from a functional perspective, there are few, if any, terrestrial equivalents of
suspension feeders or structure-forming sessile heterotrophs (e.g. some corals, sponges). Thus, both functional and higher-level taxonomic diversity tends to be
higher in marine systems than on land or in fresh water.
Since few, if any, experiments have explicitly tested
effects of diversity on functioning in marine pelagic
ecosystems, our discussion relies on a mixture of examples from other habitats (including the marine benthos),
combined with relevant ecological and natural history
data on pelagic systems, to argue for the plausibility of
diversity effects on ecosystem processes in pelagic systems. We build on the arguments of Verity & Smetacek
(1996, see also Verity et al. 2002) that top-down processes acting through the food web often have important, and still underappreciated, controlling influences
on biomass, productivity, and composition of pelagic
communities. This kind of ‘vertical’ diversity of trophic
levels within food webs is clearly important, but we also
argue that complementary use of resources and responses to environmental change, as well as interspecific
facilitation by species within trophic levels (i.e. horizontal diversity) can enhance the consistency and stability of
such basic ecosystem processes as primary production
and nutrient cycling (see Fig. 2). We divide our examples
into 3 sections that detail how (1) producer richness/
composition can directly affect ecosystem processes,
(2) consumer diversity can have direct and indirect
impacts on these same processes, and (3) diversity at and
below the species level can reduce variation of communities through time and their resistance to perturbations.
We conclude with suggestions of areas in which more
explicit tests of diversity–functioning relationships might
prove illuminating. We reiterate that our goal is not to
exhaustively review the literature, but to explore how
diversity might be important for pelagic ecosystem
functioning and stimulate further research in this area.

ECOSYSTEM CONSEQUENCES OF
PHYTOPLANKTON AND MICROBIAL DIVERSITY
The elemental stoichiometry of plankton biomass
and seawater constitutes a complex feedback system

Duffy & Stachowicz: Why biodiversity is important to oceanography

fundamental to organic production and the global carbon cycle. Both macro- and micronutrient quotas in
algae reflect consistent, anciently evolved differences
in stoichiometry among major taxa of phytoplankton
(Quigg et al. 2003). Although these quotas are to some
degree plastic within species as growth conditions
change, much of the variance in phytoplankton nutrient ratios is distributed among species or higher taxa.
Moreover, theory (Klausmeier et al. 2004) and experiments (Sommer 1994) confirm that different nutrient
profiles in the water column select for phytoplankton
species with different stoichiometries. Changing phytoplankton species composition can, in turn, influence
CO2 drawdown (Arrigo et al. 1999) and C sedimentation (Sieracki et al. 1993). These considerations suggest that spatial and temporal variance in rates of
primary production and other ecosystem processes in
the Earth’s varied marine waters may be dampened by
taxonomic and functional diversity within the phytoplankton (Fig. 1). Better understanding the functional
significance of this diversity is especially timely, because community composition of both phytoplankton
(Karl et al. 2001) and zooplankton (Beaugrand et al.

2002) is changing on a global scale, and these changes
propagate up food chains on similarly large scales
(Richardson & Schoeman 2004).
Several examples of functional differentiation within
species of marine microalgae illustrate these consequences nicely. In coastal Washington (USA), successive spring blooms of the centric diatom Ditylum
brightwellii are comprised of genetically distinct clones,
each of which grows best under different conditions
(Rynearson & Armbrust 2004, T. Rynearson unpubl.
data). As a result, total biomass and production may be
greater and extend over a longer time period than if
the species represented a single, undifferentiated population. Experiments that examine the production of
these strains in monocultures versus polycultures
under realistically changing environmental conditions
would be useful as a more rigorous test. Although the
consequences of this producer diversity for animal
populations have yet to be addressed, it is tempting to
speculate that widening the window of the spring
bloom may enhance the probability of survival for a
variety of species that depend on it for food. A similar
example from a benthic system involves the dinofla-
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Fig. 1. Summary of some proposed links between pelagic biodiversity and marine ecosystem processes. A stylized food web, divided
into 3 major components linked by trophic flows (black arrows), is shown. Beside each compartment is a list of traits likely to affect
trophic flows, and gray arrows show influences of those compartments on ecosystem services. Compartments are presented as
separate enclosed areas for clarity, although in reality ocean microorganisms span a metabolic continuum from pure autotrophs,
through facultative autotrophs, mixotrophs, and facultative heterotrophs, to pure heterotrophs. DOM: dissolved organic matter
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gellate symbionts (zooxanthellae) on which scleractinian corals depend. These are a genetically diverse
group of organisms that differ in their performance
under different environmental conditions (e.g. Rowan
et al. 1997, Knowlton & Rohwer 2003). Some data suggest a trade-off among symbiont genotypes in the ability to resist bleaching versus their benefit to corals
under ‘normal’ conditions (see review by Sotka &
Thacker 2005). If such trade-offs are confirmed, then
maintaining a diversity of symbionts (or at least having
a diverse pool of symbionts to draw from) may enhance
the growth and persistence of reef-building corals and
the entire ecosystem that depends on them.
Analogous genetic differentiation occurs within photosynthetic marine prokaryotes, which play important
roles in primary production (Partensky et al. 1999) and
nitrogen fixation (Karl 1999, Zehr et al. 2001) in most
oceanic environments. Recent genomic studies suggest that different strains within a ‘species’ of marine
microbe differ in the forms of nitrogen they can use
(Dufresne et al. 2003, Palenik et al. 2003, Rocap et al.
2003), implying that a diverse assemblage may be
able to utilize available nutrients more completely and
efficiently, thereby increasing primary production,
especially when integrated over time, space, or depth.
Functional diversity at the microbial level appears to
have been vastly underestimated historically, and we
suspect that evidence for the importance of this diversity to ecosystem processes will continue to mount.
Experimental approaches are needed to complement
existing comparative data, but experiments in terrestrial and marine benthic systems show that when species have temporally or spatially complementary distributions, diversity can increase total resource use and
enhance production (e.g. Tilman et al. 1996, Stachowicz et al. 2002).

BIODIVERSITY AND THE FUNCTIONING OF
OCEAN FOOD WEBS
Trophic processes generally, and fishery production
specifically, are strongly influenced by the specific
routes and efficiency with which primary production
fluxes through the food web (Pauly & Christensen
1995, Fig. 1). Taxonomic composition of the plankton
influences such trophic transfer, as well as vertical
carbon flux (Lasker 1975, Parsons et al. 1984, Michaels
& Silver 1988). But trophic transfer and the strength of
top-down control are predicted to depend not only on
the types, but also on the number of producer and consumer taxa present and the degree to which consumers
are specialists versus generalists (Duffy 2002, Thébault
& Loreau 2003). More diverse primary producer assemblages are expected to be more resistant to grazing

control, primarily because they are more likely to contain grazer-resistant taxa that can dominate when
edible taxa are depleted (Leibold et al. 1997, Duffy
2002). Several lines of evidence support this theory
for aquatic systems. First, laboratory experiments show
that naturally diverse freshwater algal assemblages
are much more resistant to grazer control than unialgal
cultures of edible algae (Steiner 2001). Second, a
recent meta-analysis of 172 experiments showed that
grazing impact on total biomass of benthic microalgae
was reduced as algal species richness increased (Hillebrand & Cardinale 2004). Similarly, at the next trophic
level up, experimental data show that a diverse assemblage of benthic crustacean grazers lost less biomass to
predators, on average, than did single grazer populations (Duffy et al. 2005). These results hint that gross
ecological efficiency, i.e. the proportion of production
at one trophic level that is converted to production at
the next level in the food web, can depend significantly on the composition and richness of taxa within
levels.
These examples show that prey diversity can reduce
the efficiency of consumers, and thus dampen their
impact on prey biomass. Conversely, diversity of consumers could increase their aggregate efficiency of
resource use and, thus, increase both consumer (secondary) production and strength of top-down control
(Holt & Loreau 2002). This could occur either by
resource partitioning, as different predators suppress
different prey, or by predator facilitation, in which
one predator species alters prey behavior, making it
more susceptible to a second predator (see Ives et al.
2005 for a fuller discussion). Alternatively, antagonistic
intraguild interactions in which predators consume
other predators as well as herbivores could lead to
reduced herbivore control with increasing predator
diversity (Finke & Denno 2004, Ives et al. 2005). In
pelagic systems, however, predators and prey often
share the same spatial refuge from a common top
predator, and the resulting predator-induced behavioral shifts may turn such intraguild interactions into
predator facilitation (Fisken et al. 2005). For example,
predator facilitation might occur when copepods are
subject to both visual predators (e.g. fishes) at the
surface and non-visual predators (e.g. chaetognaths,
ctenophores) that remain at depth during the day to
avoid fish predation (Ohman 1990). In this case, the
reverse diel migration strategy employed by copepods
to avoid invertebrate predators leads to an increase in
consumption by fish predators at the surface (Fisken
et al. 2005). Thus, synergistic interactions among predators may lead to enhanced herbivore control and
increases in phytoplankton biomass.
While consumer diversity effects have not been
explicitly tested in pelagic systems, they receive some
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BIODIVERSITY AND MARINE ECOSYSTEM
STABILITY
Human welfare depends on the stability of both
ecosystems and economies (Armsworth & Roughgarden 2003). Theory (Tilman et al. 1997, Yachi & Loreau
1999) predicts that increasing species richness can stabilize ecosystem processes through time and space,
and in the face of perturbations (Fig. 2). Experiments in
terrestrial grasslands (Tilman & Downing 1994, Tilman
1996) and aquatic protist communities (Naeem & Li
1997) support this theory, and a few marine benthic
experiments suggest that similar patterns may hold in
the sea (Stachowicz et al. 2002, Stachowicz & Byrnes

Stability

A

Biomass

Community
biomass
Species A
Species B

Species C

Time

B
Production

experimental support from other systems. For example, mesocosm experiments in a seagrass system
showed that increasing species richness of invertebrate grazers enhanced both their own secondary production and their impact on the algal resource (Duffy
et al. 2003, 2005). Similarly, kelp forest mesocosm
experiments showed that increasing predator diversity enhanced the suppression of herbivorous invertebrates, because of complementary effects of predators
on different herbivores, resulting in greater kelp biomass (Byrnes et al. 2006). Also, increased diversity of
suspension-feeding stream invertebrates enhanced
collective feeding efficiency and particle capture by
creating a more heterogeneous substratum that enhanced turbulent flow and prevented food depletion
in the boundary layer (Cardinale et al. 2002). As
discussed previously, enhancement of production and
resource use with increasing diversity is also commonly (although not always) found within basal
trophic levels in both aquatic and terrestrial systems
(Hector et al. 1999, Naeem et al. 2000, Tilman et al.
2001, Stachowicz et al. 2002), suggesting that a positive relationship between diversity and resource use
commonly occurs. If similar effects of biodiversity on
trophic transfer do, in fact, occur in pelagic systems,
maintaining diversity might lead, for example, to
more consistently high fishery yields. The low fishery
yields of highly diverse, tropical gyres may at first
seem inconsistent with this conclusion. But productivity of these — and all — ecosystems is ultimately constrained by resource input. Theory and limited evidence suggest that, at a given level of resource input,
diversity influences how efficiently available resources
are used.
Finally, a recent study confirms that explicitly recognizing functional diversity within a trophic level
can fundamentally alter our conclusions about how
ocean food webs work. Meta-analyses of experiments
in marine pelagic systems have found that predator
effects appear to attenuate at intermediate levels in
the food web, with little effect on phytoplankton
(Micheli 1999, Shurin et al. 2002). However, detailed
analysis of an expanded data base shows that effects
of predator deletions in the marine pelagic do often
cascade to phytoplankton biomass, but the sign of
their influence on phytoplankton depends on whether
they cascade through a 3- or 4-link food chain, which
in turn depends on cell size (hence, taxonomic composition) of the dominant taxa (Stibor et al. 2004).
Because earlier studies averaged results from 3- and
4-link chains, the strong influence of predators on
phytoplankton was masked. The revised conclusion
that top-down control has pervasive impacts on
marine pelagic food webs is also consistent with field
data (Shiomoto et al. 1997).

Low

Med
Diversity

High

Fig. 2. Some proposed mechanisms linking biodiversity to
ecosystem functioning. (A) Stability: in a hypothetical system,
temporal variation in aggregate trophic level biomass is reduced relative to variability of individual species (see Stachowicz et al. 2002 for a real example). (B) Productivity: mean
biomass production is greater in hypothetical assemblages with
higher diversity, because species interact to enhance aggregate
productivity (complementarity) and/or because highly productive species are more likely to be present in a diverse
assemblage (sampling effect) (see Duffy et al. 2003 for a real
example). J: means for individual species or combinations;
s: mean (with estimate of variance) of all combinations at that
level of diversity; ———: trend of mean productivity with species
richness; - - - - - - -: bounds of the range of productivity. Note
that variance in productivity is higher in diverse mixtures
than at low diversity (e.g. for single species) as in (A)
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2006, in this Theme Section). In general, however,
marine studies have been more heterogeneous in their
approach to this question, with increased focus on
diversity below the species level. Several disparate
lines of empirical evidence suggest that marine ecosystem stability may be enhanced by high genetic or
phenotypic diversity within key species. Field manipulations of seagrass (Zostera marina) genotypic diversity
showed that higher diversity enhanced community
resistance to disturbance by grazing geese and the
stress associated with transplantation, resulting in
more stable seagrass biomass and higher abundances
of invertebrates and other associated species (Hughes
& Stachowicz 2004); similar stabilizing effects of
genetic diversity against temperature extremes were
demonstrated in Baltic eelgrass (Reusch et al. 2005). In
another example, individual salmon stocks fluctuated
in response to year-to-year environmental variation,
but the total salmon catch was buffered from these
fluctuations, because, when one stock had low abundance for a series of years, another was above average
for those years (Hilborn et al. 2003). As a result, the
genetic composition of the overall salmon catch fluctuated greatly from year to year, but the total catch (total
fish abundance) was more constant. These stabilizing
effects of genetic diversity are remarkably similar to
effects of species diversity in terrestrial grasslands and
sessile marine invertebrate communities. In these systems, results generally have shown that as species
diversity increases, the stability of individual species’
abundances decreases, but stability of overall community biomass increases (Tilman 1999, Stachowicz et al.
2002). These results are also consistent with theory
that predicts that negative covariances among species
in their response to environmental fluctuations should
produce a stabilizing effect of diversity on total
community biomass (Tilman 1999).

WHAT SHOULD WE DO NOW?
In the preceding sections we have outlined areas in
which existing data suggest that biodiversity should
affect pelagic ecosystem processes and have highlighted a few areas in which further experimentation
is needed. Given how few rigorous experiments
have been conducted on this topic, virtually any effort
promises to advance our understanding, and we
encourage experimentation to complement existing
correlational and anecdotal evidence. Indeed the combination of observational and experimental approaches
has proven quite profitable in terrestrial and marine
benthic systems (e.g. Tilman et al. 1996, Levine 2000,
Stachowicz et al. 2002, Stachowicz & Byrnes 2006).
However, there are some cautions to be heeded and

lessons to be learned from recent debate on the interpretation of such experiments in terrestrial systems.
Early work manipulating ‘biodiversity’ sometimes confounded the effects of species composition (identity)
and species richness (number). For example, experiments in which low-diversity treatments are created by
deleting some portion of the species from an intact
high-diversity community are ecologically realistic in
that they mimic species extinction, but they cannot distinguish between effects of diversity per se (i.e. interactions among species) and effects of particularly
important species (Huston 1997). Such effects can be
distinguished by including treatments in which each
species (or genotype, functional group) in the intact,
diverse community is also grown in monoculture,
allowing the comparison of species singly and in mixture. In particular, this type of design is helpful in distinguishing between effects of diversity due to complementary species properties versus the increasing
probability of including a species with dominant
effects as diversity increases, i.e. the sampling effect
(see Huston 1997, Tilman et al. 1997, Allison 1999,
Schmid et al. 2002, for more discussion on the design
of these experiments).
A second lesson emerging from early research in
this field is that the most powerful concept of ecosystem functioning requires considering multiple response variables. Most early grassland experiments
focused on the single response variable of aggregate
plant biomass accumulation, considered a proxy for
productivity in these systems with relatively low grazing pressure. In marine systems, standing biomass of
algae is a poor proxy for productivity, since production is often cropped as rapidly as it is produced. The
absence of significant species richness effects on productivity in several terrestrial experiments, the commonness of the sampling effect in others, and the general saturation of productivity at relatively low species
richness has led some authors to argue that species
diversity has little appreciable influence on ecosystem
functioning (e.g. Schwartz et al. 2000, Wardle et al.
2000). But this conclusion may be an artifact of the
narrow focus on a single response variable: species
influence many aspects of ecosystem functioning, and
particular functions are often most strongly influenced
by different species (Eviner & Chapin 2003). Hence,
even when one process (e.g. primary productivity) is
dominated by a single species in a diverse mixture,
the overall functioning of the diverse system may nevertheless differ considerably from that of any single
monoculture. This phenomenon has been termed the
‘multivariate dominance effect’ (Duffy et al. 2003). It
is supported by experimental data from a seagrass
system, in which different grazer species maximized
grazing pressure, secondary production, and sedi-
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mentary organic carbon content, with the diverse
mixture showing comparably high values of each of
these response variables (Duffy et al. 2003). Similarly,
particular algal foods often maximize grazer growth,
whereas others maximize survival, and still others
reproduction, such that total grazer production may
be highest when a diversity of foods is present (e.g.
Cruz-Rivera & Hay 2000, Dam & Lopes 2003). This
phenomenon is likely to be common, as evidenced by
the analysis of Petchey & Gaston (2002), who showed
that as more functional traits (e.g. height, leaf N content, palatability, temperature tolerance) were incorporated into their multivariate index of functional
diversity, the relationship between species richness
and functional diversity became more linear. Yet the
potential role of the multivariate dominance effect in
linking biodiversity to ecosystem functioning remains
unstudied empirically.
Finally, a fundamental difference between marine
and terrestrial systems is the larger role of advection
and habitat connectivity in marine systems. Several
recent reviews have emphasized the potential influence of advection and flow on relationships between
aquatic biodiversity and ecosystem processes (Biles et
al. 2003, Covich et al. 2004, Giller et al. 2004). Further,
benthic microcosm studies suggest that the strength of
the biodiversity effect may weaken in open compared
to closed systems (Matthiessen et al. in press) Given
the fluid nature of the pelagic ecosystem, this is
clearly an important consideration that underscores
the importance of extending studies on biodiversity–
ecosystem functioning, historically conducted at
small spatial scales, to incorporate meta-community
dynamics and linkages between different habitats
(e.g. Loreau et al. 2003), particularly benthic–pelagic
coupling.
Building on insights from pioneering terrestrial and
microbial experiments and considering the unique
aspects of ocean ecosystems, we offer the following,
non-comprehensive list of suggestions for future
research on how biodiversity may mediate pelagic
ecosystem processes.
What is the importance of changing biodiversity
relative to the demonstrated importance of physical
forcing in influencing ecosystem structure and function? Few experiments have attempted to quantify
the relative importance of changing diversity compared with typical variance in nutrient loading, temperature, and light levels for ecosystem process rates.
Somewhat conflicting results have emerged from
those that are available (e.g. Naeem & Li 1997, Reich
et al. 2004), suggesting the need for broader understanding of the conditions under which each of these
factors exerts a dominant influence on ecosystem
processes.
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How does phytoplankton biodiversity — genotypes,
species, higher taxa — influence production dynamics
and trophic transfer? Phytoplankton biomass is commonly measured as bulk chlorophyll. But variance in
both environmental tolerances and intrinsic growth
rates among species, higher taxa, and even among
genotypes of phytoplankton are increasingly well documented. How important is such functional diversity
in influencing the magnitude of production, spatial
and temporal extent of blooms, and thus the ability of
higher trophic levels to exploit them? To what extent
are the patterns and mechanisms elucidated in terrestrial plant assemblages even applicable to the other
70% of the Earth’s surface? There are fundamental
differences in mechanisms of resource use (nutrient
uptake), relative biomass of photosynthetic versus
structural material, and biomass turnover rates between the dominant producers on land (vascular plants)
and in the sea (algae). Concordance of results from
marine versus terrestrial systems (e.g. Bruno et al.
2005) would greatly increase the robustness of any
conclusions.
What is the role of bacterial diversity in dissolved
organic carbon dynamics? Dissolved organic carbon is
the largest reservoir of organic carbon in the oceans,
analogous to the humic fraction of soil organic matter.
This material is a complex mixture of labile and highly
refractory components, and processing it likely requires a suite of metabolic adaptations. In laboratory
experiments, diverse bacterial assemblages can decompose a greater range of organic substrates (Naeem
et al. 2000). The growing power of genomics in identifying bacterial genotypes should make it possible to
begin testing whether similar phenomena are important in ocean ecosystem processes.
How does diversity of higher order consumers
affect ecosystem functioning? Given that extinctions
in the sea (and elsewhere) tend to be biased toward
large consumers (Pauly et al. 1998, Jackson et al.
2001), a better understanding of the consequences of
changing predator diversity for biomass, productivity,
and community composition of lower trophic levels is
critical. Further, the effects of diversity at one level
often depend on the diversity at others (e.g. Duffy
2002, Gamfeldt et al. 2005), suggesting that, where
possible, a factorial approach to diversity manipulations across trophic levels might prove insightful.
Despite clear reductions in predator diversity and
abundance in the sea (Myers & Worm 2003, Worm et
al. 2005), ecologically meaningful predators still play
important roles in many if not most marine ecosystems. This, combined with the long history of studying trophic interactions in marine systems, suggests
that marine ecologists are well poised to address this
question.
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What are the economic costs of declining biodiversity? Oceanic processes are linked in a variety of ways
to issues of importance to society, including human
health, food production, water quality, greenhouse gas
dynamics, and harmful algal blooms (Daily 1997,
Falkowski et al. 1998, Balmford et al. 2002). If biodiversity is found to affect the specific ocean processes
involved, then perhaps we can begin to quantify the
direct economic ‘costs’ of declines in marine biodiversity.
A fundamental challenge in addressing all of these
questions involves the bidirectional causal influences
between biodiversity, productivity, and stability (Loreau
et al. 2001, Naeem 2002, Worm & Duffy 2003). This
bidirectionality means that observational and correlational studies will need to be coupled with experimental manipulations to test definitively the relative roles
of community structure (including diversity) versus
extrinsic forcing in mediating rates of ecosystem
processes.

Concluding remarks
The oceans harbor tremendous biological diversity.
To render this diversity manageable, models of ocean
ecosystem processes historically employed simplified
food web structures, often with highly aggregated
compartments. It is clearly impossible to account for
every species in such models (Frost 1984, deYoung et
al. 2004), and there is an inherent trade-off between
increasing realism versus the inability to parameterize complex models. Nevertheless, the examples discussed above emphasize that there is a strong incentive to incorporate more realistic functional diversity
of marine pelagic organisms in ocean ecosystem models. Several oceanographers have recently emphasized the necessity of doing so, and recent advances
in this direction have been quite promising (e.g. Armstrong 2003, Gentleman et al. 2003, Le Quéré et
al. 2005). Even slight disaggregation of traditional
‘boxes’ in these models can lead to dramatic changes
in model predictions or experimental results (e.g.
Stibor et al. 2004), suggesting that experimental
approaches that either use simple systems with few
species or that aggregate species into a manageable
number of functional groups might be a profitable
place to begin. Incorporating biodiversity into already
complex ecosystem and biogeochemical models will
be challenging, but is of pressing importance in the
face of accelerating global environmental change. As
one example, consider that serious proposals have
been put forward to mitigate rising atmospheric CO2
levels by fertilizing remote ocean regions with iron.
These proposals rely implicitly on a simplistic box-

model concept of the ocean, in which carbon is taken
up at constant stoichiometry by a homogeneous
‘phytoplankton’ compartment and transported to the
deep ocean via sedimentation, either directly or as
fecal pellets from a homogeneous ‘grazer’ compartment. Yet an extensive body of research shows that
nutrient addition routinely leads not only to increases
in biomass of primary producers, but also to changes
in phytoplankton community composition (Leibold et
al. 1997, Boyd et al. 2000, Landry 2002). Lehman
(1988) used a simple model to show that dividing the
phytoplankton into even a few species that differ
realistically in nutrient quotas and grazing susceptibility can change substantially the magnitude and
even the sign of the system’s response to iron (or presumably other nutrient) addition. Field data indeed
confirm that CO2 drawdown in the Southern Ocean
depends strongly on phytoplankton species composition (Arrigo et al. 1999).
These examples indicate that our understanding of
responses of the ocean ecosystem to anthropogenic
perturbations will profit from the growing trend
toward incorporating diversity in ocean ecosystem
models. There is reason for optimism. Hulot et al.
(2000) developed a model that divided lake phytoplankton into edible and inedible compartments, and
showed that the model successfully predicted the
responses of 3 trophic levels to manipulation in field
experiments. Stibor et al. (2004) similarly showed that
simply dividing phytoplankton into small- and largecelled taxa explained major variance in strength of
marine pelagic trophic cascades. Even on the scale of
regional seas and ocean basins, size-based models of
food web interactions and nutrient use have successfully reproduced spatial and temporal patterns of production and carbon flux (e.g. Blackford & Burkill 2002,
Moore et al. 2002). While matching models to empirical data will not always be straightforward, these
examples confirm that incorporating functional diversity into ocean ecosystem models can substantially
enhance their power. The recent advances in ocean
ecosystem modeling also suggest that ecologists interested in biodiversity–functioning relationships can
learn from the successes of oceanographers in seeking
to identify the minimal diversity necessary to reproduce — and predict — realistic patterns of ecosystem
functioning and biogeochemistry.
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ABSTRACT: Studies investigating the role of species diversity in sustaining key ecosystem processes,
such as primary production, have until now mainly focused on terrestrial plant and soil communities.
Although the relationship remains controversial, most evidence suggests that decreases in species
diversity adversely affect ecosystem functions. It is unclear, however, whether conclusions derived
from terrestrial systems can be readily transferred to aquatic systems. In the present study, the relationship between the diversity of intertidal benthic diatom biofilms and their estimated net primary
production (Pn) in the macrotidal Westerschelde estuary was investigated. Diversity measures were
calculated on the basis of relative cell counts down to species level. Biomass was estimated as chlorophyll a, and Pn was modelled using a vertically resolved primary production model on the basis of
measurements of photosynthetic activity, biomass and abiotic parameters. Species composition of
benthic diatoms differed significantly between sites along the salinity gradient of the estuary. As
epipelic species were strongly correlated with photosynthetically active surface biofilm biomass
and, hence, also with primary productivity, we focused on the diversity of this functional group.
The results indicate that (1) biomass appears to be inversely related to the diversity of the biofilms
(Periods of low biomass did not show low diversity [as reported in phytoplankton], possibly because
these events were driven by grazing pressure and not by nutrient stress) and (2) relationships
between diversity (species richness and Shannon index) and Pn appeared to be site specific, with
either a significant positive or a unimodal relationship between both parameters.
KEY WORDS: Benthic diatoms · Biodiversity · Biomass · Net primary production
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Coastal zones and wetlands are among the most productive natural systems in the world, with high economic and ecological value (Woodward & Wui 2001).
Although spatially resolved assessments of coastal
ecosystem metabolism are still at an early stage
(Gazeau et al. 2004), it is clear that estuaries are important sites of biogeochemical activity (Heip et al. 1995).
Intertidal and shallow subtidal sediments of estuaries
are areas where particularly high rates of elemental
cycling occur (Middelburg et al. 2005), due to the presence of key functional groups such as denitrifying bac-

teria, suspension-feeding molluscs, bioturbating polychaetes, as well as macrophyte and microalgal primary
producers. In order to understand how future changes
in external factors such as salinity, nutrients and mean
sea level will impact coastal systems, the responses of
these key groups of organisms must be analysed (Heip
et al. 2003). The relationship between the number of
species or functional groups and the function of the
ecosystem as a whole should be clarified, so that any
adverse results of species loss can be predicted.
To date, research on the role of species diversity in
sustaining ecosystem processes has focused primarily
on terrestrial plant and soil communities (Waide et al.
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1999, Loreau 2000). For these systems, the hypothesis
of a direct relationship between species diversity and
productivity is based on the assumption that interspecific differences in the use of resources by plants enhance their use of the available resources, e.g. in terrestrial experiments with grasses (Wardle et al. 2000).
Similar effects have been observed in marine benthic ecosystems, but no general conclusions can be
drawn, as experimental designs have often been performed on small-scale assemblages with low numbers
of species (reviewed by Covich et al. 2004).
Estuaries are unusual in that high biogeochemical
rates are accounted for by relatively low taxonomic
diversity and low numbers of species (Costanza et al.
1993). This is due to physical stress: the tidally driven
variations in salinity and water level that characterise
most estuarine systems exert a strong selectional pressure. Only a limited number of species have adapted to
changing salinity via, for example, the use of osmoregulatory systems (Webb et al. 1997). In low-diversity
ecosystems, there is potentially a greater chance that
certain species or groups of species may be critical to
the maintenance of function (i.e. there is a lower level
of redundancy).
In the case of estuarine sediments, a considerable
amount of biological activity is associated with a thin
layer of microscopic algae that inhabit the sediment
surface (Cahoon 1999). The algal layer is important in a
number of ecosystem processes. Microphytobenthos
are an important source of new organic carbon (Underwood & Kromkamp 1999), including the production of
fatty acids, which are essential for higher trophic levels
(Dunstan et al. 1994). The microphytobenthic layer can
also control the rate and direction of inorganic nutrient
exchange between benthic and pelagic compartments

(Sundbäck et al. 2000), and the physical presence of a
smooth, overlapping layer of diatom cells and excreted
polymeric substances can increase erosion resistance
(Tolhurst et al. 2003). Recent investigations have shown
considerable spatial separation (Underwood et al. 1998)
and niche separation among different species of benthic diatoms (Underwood & Provot 2000), but there is as
yet no information on the extent to which overall
biofilm metabolism corresponds to species richness.
The aims of this study were to evaluate the relationship between the diversity of benthic diatom species
along the natural salinity gradient of a macrotidal estuary and their most important ecosystem function, net
primary production (Pn, Gattuso et al. 1998). It is difficult to manipulate species richness in artificial microbial assemblages, as some species are uncultivable or
disappear when natural sediment samples are brought
into the laboratory (Defew et al. 2002); therefore, we
compared direct measurements of biomass and primary productivity with diversity indices of natural
biofilms sampled in the field.

MATERIALS AND METHODS
Site description. By sampling at points along a natural salinity gradient, at different shore heights and at
all times of year, the aim was to capture the maximum
variation in estuarine environmental conditions. It
was assumed that this would drive ecological diversity
in microphytobenthic communities. Environmental conditions, microphytobenthic biomass, photosynthetic
activity and biodiversity were measured repeatedly at
3 intertidal locations, Appelzak (A), Biezelingsche
Ham (B) and Paulina polder (P), along the natural

Fig. 1. Westerschelde estuary showing locations of the
sampling sites: Appelzak
(A), Biezelingsche Ham (B),
Paulina polder (P)

193

Forster et al.: Biodiversity–ecosystem function relationship in diatoms

salinity gradient of the Westerschelde estuary in the
south-west of the Netherlands (Fig. 1). At each
location, high-shore (A1, B1, P1) and mid-shore (A2,
B2, P2) stations were selected on the exposed mudflats.
Positions were determined by GPS (global positioning
system), and each site was visited 8 times during the
period from May 2002 to September 2003. Site visits
were made during daytime low tides, within the time
period from 10:00 to 14:00 h. Shore heights of the stations relative to lowest and highest tidal levels were
determined by reference to a digital elevation model of
the estuary, and were confirmed by direct observation
of the timing of emersion and immersion periods. The
key physical and biological parameters for each site
are listed in Table 1.
Sampling. Surface sediment samples (upper 2 mm)
were taken with a contact corer (Ford & Honeywill
2002). This layer includes all photosynthetically active
cells, as well as the bulk of sediment chlorophyll,
which is highly concentrated at the surface at these
locations. On each sampling occasion, 5 replicate
samples were taken within 5 m of the GPS location.
Individual cores were used for determination of microphytobenthic biomass and water content. Pooled samples (n = 5) were used for grain size analysis and
diatom species composition, as these parameters did
not differ at this spatial scale. In addition, 4 fresh core
samples of 4.5 cm diameter and 1 mm depth were
pooled and transported to the laboratory for photosynthesis assays. Sediment surface temperatures (SST)
were measured with an electrical thermometer during
each of the field campaigns, and were found to correlate well with the maximum air temperature (MAT)
measured at a nearby meteorological station. Accordingly, MAT was used as a proxy for SST on days when
measurements were not available (see primary production modelling). The mean irradiance (PAR; µmol
photons m–2 s–1) was recorded at hourly intervals dur-

ing 2002 and 2003 by a Licor Li-192 sensor located
at the Netherlands Institute of Ecology in Yerseke,
approximately 50 km from the field sites. Hourly PAR
data was used for modelling the daily primary production of the stations throughout the period of the study.
Microphytobenthic biomass. Algal biomass was
estimated from measurement of chlorophyll a (chl a).
Pigments were extracted from freeze-dried contact
core samples with 90% acetone. Mechanical disruption
using a Bead Beater ensured an efficient release of
pigment. Acetone extracts were quantified using highperformance liquid chromatography (HPLC) to give
chlorophyll concentration in milligrams per square metre.
Ecosystem function: net primary production. Photosynthesis–irradiance response: Photosynthetic rates at
different irradiances were measured on suspensions of
microphytobenthos in filtered estuary water. The rate
of photosynthesis was quantified using radiocarbon
uptake (Barranguet & Kromkamp 2000); 2 ml of optically thin microphytobenthos suspension was placed
in flat-bottomed glass scintillation vials and exposed to
9 different irradiances for 30 min. A thermostatically
cooled aluminium photosynthetron was used to hold
the vials in place in the light field (Lewis & Smith
1983). The incubation temperature was set to 20°C,
and 2 replicate measurements were made on a suspension from each site. Carbon fixation rates were normalised to the algal biomass of the suspension, which
was sampled in triplicate, with filters being taken
before, during and after the filling of the vials. Simultaneous least-squares fitting was used to fit the cardinal parameters of the photosynthesis–irradiance
curves using the target theory equation (Henley 1993).
The resulting values for modelling are the light-saturated rate, PMAX (mg C mg–1 chl a h–1) and the initial
slope, α (mg C mg–1 chl a h–1 [µmol photon m–2 s–1]–1).
Photosynthesis–temperature response: The effect of
temperature on microphytobenthic photosynthesis was

Table 1. Ranges and annual means of abiotic and biotic parameters at 3 sampling sites in the Westerschelde high- (1) and mid- (2) shore
stations. Standard deviations are in parentheses. Species richness and Shannon index diversity measures were calculated from species that
represent a relative abundance (RA) of 1 and 5% in at least 1 sample
Salinity

Water
content
(%)

Grain
size
(µm)

Emersion
time/ light
hours per 24 h

Organic
matter
(%)

Chlorophyll a
(mg m–2)

Net primary
production
(mg C m–2 d–1)

9 (5)
10.4 (5)

65.7 (18.1)
57.3 (11.9)

55.8 (58.7)
42 (8.9)

17.8 (1.5)/14.1 to 20.2
12.8 (1.2)/9.8 to 14.1

2.6 (1.6)
2.3 (1.2)

25.8 to 290.4
11.6 to 292.1

–531 to 1280
–713 to 909

11 to 34
14 to 32

3 to 9 0.14 to 1.61
3 to 10 0.26 to 1.95

Biezelingsche Ham
B1
21.1 (4)
B2
21.3 (5)

65.4 (8.6)
52.1 (7.2)

26.2 (3.6)0
45.5 (16.9)

14.2 (0.6)/13.6 to 15.3
11.6 (0.6)/10.9 to 12.6

2.3 (0.6)
1.4 (0.6)

19.6 to 183.6
4 to 126.5

–313 to 809
–774 to 891

21 to 34
21 to 30

5 to 10 1.14 to 1.88
3 to 7 0.37 to 1.63

Paulina polder
P1
23.7 (4)
P2
24.1 (4)

23.3 (1.8)
43.5 (8.6)

218.1 (24.5)0 15.8 (1.4)/12.2 to 17.6
56.7 (22.4)
12.6 (1.2)/9.8 to 13.9

0.4 (0.3)
0.8 (0.5)

18.4 to 229.2 –2304 to > 3000 20 to 28
4.7 to 163.9 –904 to 1761
18 to 35

Appelzak
A1
A2

Species
index
RA > 1% RA > 5%

2 to 8
5 to 9

Shannon
RA > 5%

0.15 to 1.50
0.8 to 2.0
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not measured in this study, but has been examined in
detail by Blanchard et al. (1996, 1997) and by Morris &
Kromkamp (2003). In these studies α was independent
of temperature, and PMAX had a predictable, unimodal
relationship with temperature (see also similar results
of Behrenfeld & Falkowski 1997 for phytoplankton).
The temperature response equations and coefficients
of Blanchard et al. (1997) were used to convert PMAX
values at 20°C to predicted values at the in situ SST
of the site.
Respiration rate: Net primary production is the balance between gross primary carbon fixation and respiratory losses by photoautotrophs. As no data was available on the respiratory losses of microphytobenthos, it
was assumed that this would vary in proportion to
metabolic activity (Geider 1992). Accordingly, the respiration rate (RES) was set to a fixed value of PMAX ×
0.05 (Forster & Kromkamp 2006), which should be
related to the growth rate and activity of the microphytobenthic cells. Carbon losses due to exopolymer
secretion and other processes such as grazing were
beyond the scope of this modelling exercise.
Vertically resolved primary production model: The
photosynthetic measurements described above give
potential, hourly rates of carbon fixation under fixed
irradiance and temperature conditions. However, natural sediments are exposed to continuously changing
environmental conditions due to diurnal and bi-weekly
cycles of insolation and tides (Serôdio & Catarino
2000). Therefore, in order to predict rates of carbon
fixation over a time frame appropriate for measuring
changes in species composition, a modelling approach
must be used (Barranguet & Kromkamp 2000, Guarini
et al. 2000). The primary production model used here
featured an explicit description of irradiance conditions both at the surface and within the sediment for
each of the sites.
Emersion times were calculated for each site by comparing the site elevation to measured tidal heights,
which were available at 10 min time-steps from automated tidal gauges at 5 locations within the estuary
(www.hmcz.nl). As tidal heights and timing of emersion periods vary along the length of the estuary,
measuring gauges closest to the field sites were used.
Measured water heights are preferred to predicted
tidal curves because water levels in the estuary are
partly dependent on wind direction. Due to the strong
attenuation of irradiance by the water column of this
estuary, photosynthesis was considered to be 0 during
periods of immersion. Incident irradiance was calculated individually for each site, and for each hour of
emersion during the period of study using the irradiance data from Yerseke.
Irradiance at the sediment surface was propagated
downwards into the sediment using a sediment optical

model (Forster & Kromkamp 2004). The model assumes that irradiance is attenuated by both nonbiological material (sediment plus organic matter) and
biological material (chl a). Specific attenuation coefficients of 0.011 m2 mg–1 dry weight and 0.02 m2 mg–1
chl a were used, respectively (Forster & Kromkamp
2004). The distribution of chl a was defined by an
exponential decrease away from the surface (Perkins
et al. 2003), which is caused by the pronounced migration of cells to the surface during low-tide daytime
exposures (Herlory et al. 2004). Time- and irradiancedependent differences in the shape of the chlorophyll
profile, and in the surface species composition, are
known to occur, but were not considered here due to
the complexity of factors that can influence migration
(Consalvey et al. 2004). Irradiance at depth x (Ex) was
calculated for discrete depth layers from the surface
down to a depth of 2 mm with:
Ex,PAR = E(x – z,PAR ) × e–kd(sum) × z

(1)

where kd(sum) is the sum of attenuation due to biological
and non-biological material and z is the depth interval
(10 µm).
From the irradiance and biomass at each depth,
net hourly rates of photosynthesis at each depth were
calculated according to:
Pz = [Pmax × (1 – e–α.E(z,PAR) 兾Pmax) – RES] × chl a

(2)

Net photosynthetic rates were integrated over the
upper 1 mm of the sediment in order to give the areal
hourly primary production in milligrams carbon per
square metre. Integration over a 24 h period was then
performed in order to calculate the daily net primary
production for each site (Pn; mg C m–2 d–1), which is our
desired measure of ecosystem function (Costanza et al.
1993, Herman et al. 1999). Note that negative net production estimates can arise when respiratory losses
during periods of low irradiance and darkness outweigh carbon gains due to photosynthesis. The mean
daily Pn for a period of 5 d before the collection of
microphytobenthic samples was used for comparison
with biodiversity data. This period was chosen to
reflect the time required for species shifts to occur in
relatively slowly growing microphytobenthic biofilms.
Microphytobenthos counts and biodiversity. Microscopic observations of live samples and HPLC analysis of
accessory pigments indicated that diatoms were the
dominant algal group at all sites. In order to visualise the
ultrastructural features of the siliceous cell wall for identification and counting purposes, samples were oxidised
with a 1:1 mixture of hydrogen peroxide (30%) and
acetic acid (100%) and rinsed several times with distilled
water. Oxidised materials were then mounted in
Naphrax. Identifications and relative cell counts were
made using a Leitz Diaplan microscope equipped with
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Differential Interference Contrast. Identifications were
based on Sabbe (1997). Per sample, ca. 300 diatom
valves were counted (min. 277, max. 336), and relative
abundances calculated. Microscopic analyses of live and
fixed materials allowed assignment of all taxa to the following 4 functional categories on the basis of their predominant growth form: (1) epipsammic (attached to or
closely associated with individual sand grains); (2)
epipelic (free-living); (3) tychoplankton (diatoms which
are frequently encountered both in the water column
and sediments [Vos & de Wolf 1993], and which may
have an amphibious life style) and (4) true plankton.
Biodiversity measures used were species richness
(total number of species: SR) and the Shannon index
(H ’, Magurran 1988), which was calculated using the
program Primer 5 for Windows (Version 5.2.2). Biodiversity calculations were based on the abundance
data of benthic diatoms and epipelic species, which
reach a relative abundance of 1 and 5% in at least
1 sample, respectively.

RESULTS
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2002 and September 2003. The proportions of the different diatom functional groups varied according to collection site. The least abundant group was composed of the
epipsammic diatoms. Their contribution for all stations
was particularly low, < 6%, except for Stn P1, where this
group represented on average 54%. The abundance of
planktonic diatoms was also low, between 1 and 17%.
The tychoplanktonic diatoms showed a very large range
of abundance from 4% (P1) to 39% (P2). The contribution of epipelic diatoms was consistently highest at Site
A, with a mean annual value of 57% at A1 and 53% at
A2 and mean abundances of between 30 and 35% for
Sites B and P. The diatoms in this functional group were
particularly well represented in March and May for all
stations; 17 species of epipelic diatoms were identified as
the numerically dominant taxa in the estuary (Fig. 2),
composed mainly of species from the group of Navicula.
This species complex represented between 87 and 99%
of the epipelic diatoms. Site A showed a different
epipelic species composition compared to B and P
(Fig. 2). N. flanatica was the dominant species at A1 and
A2, whereas N. gregaria was dominant in P1 and N. arenaria var. rostellata at P2. Stns B1 and B2 did not show
any dominant species. Other species such as N.
phyllepta and N. perminuta were present at all stations,
but with lower abundance. Except for P1 and P2 (sandy
versus muddy station), species composition did not differ
between the upper and mid-shore elevations within the
intertidal transects (Fig. 2). Within any sample, the num-

Diverse sets of environmental parameters were encountered at the 6 stations in the course of the study.
Lowest salinity values were recorded at Stns A1 and
A2, with intermediate values at B1 and B2 and highest
values at P1 and P2 (Table 1). Sediment composition
ranged from muddy sand with a high
water and organic matter content at
Tryblionella hungarica
Stns A1, A2, B1 and B2 to fine sand at
Staurophora salina
Stn P1 (Table 1). The microalgal pigment concentrations were significantly
Petrodictyon gemma
different according to collection dates
Navicula sp. 13
(ANOVA, df = 7, F = 4.67, p < 0.0001),
Navicula sp.
but not for the site or station. Multiple
Navicula phyllepta
comparison indicated that the chl a was
lower in February (23 mg m–2) and SepNavicula perminuta
tember (29 mg m–2) compared to March
Navicula microdigitoradiata
(97 mg m–2), April (171 mg m–2) and
Navicula gregaria form 1
May 2003 (112 mg m–2). The highest
Navicula gregaria
microalgal biomass was recorded at
Navicula flanatica
Stns A1 and A2. At these 2 sites there
was a clearly defined spring bloom
Navicula cf. mollis
beginning in March and ending in May,
Navicula arenaria var. rostellata
with low biomass throughout the sumGyrosigma sp. 2 (large)
mer and winter. In contrast, a broader
Gyrosigma sp. 1 (small)
peak in biomass values was found at
Amphora laevis var. laevissima
Stn P1 from April to September. The
lowest biomass was found at B2, which
Amphora cf. exigua
had the lowest elevation and thus
Fig. 2. Species distributions of epipelic diatoms encountered at the 6 collection sites.
received the least amount of light.
Relative abundance of species was calculated from 8 field campaigns between May
In total 158 diatom taxa were identified
2002 and September 2003. P: Paulina polder; B: Biezelingsche Ham; A: Appelzak;
in the samples collected between May
1: upper shore; 2: mid shore
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chl a (mg m-2)

100
ber of dominant epipelic diatoms (e.g. relative abundance > 5%) was always > 2, but <10 (Table 1). The con90
tribution of the functional groups varied according to the
chl a concentration of the biofilm, with a significant shift
80
PL
(R2 = 0.56, p < 0.001, n = 48) towards a dominance of
70
epipelic species as biomass increased (Fig. 3).
PS
The relationship between microalgal biomass and
60
TY
biodiversity (species richness) differed depending on
50
whether total diatom species or only epipelic diatom
EPI
species were considered. The total number of diatom
40
species from all groups showed a weak but significant
30
negative relationship with increasing biomass (R2 =
0.28, p < 0.001, n = 48), whereas the most important
20
functional group, epipelic diatoms, did not show any
10
significant relationship (p = 0.38, Fig. 4). The same
trends were also found when the Shannon index was
0
used as the diversity measure.
50–100 100– 150 >150
0–50
Due to a low variability in the photosynthetic parachl a (mg m-2)
meters PMAX and α, areal net primary production was
Fig. 3. Relative abundance of functional groups (PL: plankdetermined primarily by a combination of the amount
tonic; PS: episammic; TY: tychoplanktonic; EPI: epipelic) of
of photosynthetically active biomass, length of phodiatoms recorded in sediment samples between May 2002
and September 2003. The dataset was subdivided according
toperiod, the incident irradiance during emersion and
to the chlorophyll a (chl a) concentration (mg m–2) at the
the SST. Thus, predicted daily Pn was lowest (negative:
collection sites
–304 mg C m–2 d–1) at Stn A1 in March 2003 during a
period of cloudy weather when respiratory losses were
in excess of photosynthetic gains. The highest estiDISCUSSION
mated Pn value was recorded at P1 in May 2002 (3635
mg C m–2 d–1) when a well-developed surface biofilm
The importance of biodiversity from an anthropocenwas exposed to several days of high irradiance and
tric viewpoint is to maintain the useful characteristics
favourable temperatures. As carbon fixation rates in
of an ecosystem, which are the patterns and the rates
the model were not constrained by the availability of
of biochemical process, in the face of changes in the
dissolved inorganic carbon (DIC) in the sediment poreexternal environment. The theoretical foundations, as
water, it is highly likely that the model overestimated
well as the experimental approach required to undernet daily production at P1 in May 2002. DIC limitation
stand marine biodiversity and ecosystem function, are
is known to be important in dense microphytobenthic communities (Admiraal 1984).
A all benthic diatoms
A epipelic diatoms
Modelled Pn for Sites A, B and P showed siteB
B
1000
P with RA > 1%
specific relationships with biodiversity, but
P with RA > 5%
the strength of effect was dependent upon the
choice of index (Fig. 5a,b). Regardless of the
indices, Site A showed a significant, positive
100
relationship (R2 = 0.5, p < 0.01, n = 13)
between Pn and species richness or Shannon
index. However, the net primary production
10
decreased when the number of species was
> 8 (Fig. 5a) or when the Shannon index was
superior to 1.6 (Fig. 5b). Site B also showed a
significant positive relationship between Pn
1
0
5
10
15
20
25
30
35
40
and Shannon index (R2 = 0.3, p < 0.01, n = 13),
SR
but not with the species richness. The speciesFig. 4. Biomass (chl a in mg m–2) as a function of species richness
richness data from Site P followed for both
(SR) for all benthic diatoms with a relative abundance (RA) >1% (filled
indices a unimodal distribution, showing that
symbols) and epipelic diatoms with RA > 5% (open symbols) in at least
the highest net primary production occurred
1 sample at Appelzak (A: e), Biezelingsche Ham (B: h) or Paulina
for an intermediate species richness of 5 and
polder (P: s). Linear regression: R2 = 0.28, p < 0.001, n = 48 for benthic
Shannon index of 1.2 (Fig. 5a,b).
diatoms with RA > 1%
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Fig. 5. Net primary production (Pn: mg C m–2 d–1) as a function
of diversity indices: (a) species richness (SR) and (b) Shannon
index (H ’), for Appelzak (A: f), Biezelingsche Ham (B: h) and
d). Linear regression: Panels a & b: R2 = 0.5,
Paulina polder (P: s
p < 0.01, n = 13 for Appelzak; Panel b: R2 = 0.3, p < 0.01, n = 13
for Biezelingsche Ham

very poorly developed compared to terrestrial ecology,
and it remains to be seen whether terrestrial and
marine systems are similar enough to allow theory
from one domain to be used for the other (Covich et al.
2004). For example, marine systems are characterised
by low population densities of small autotrophic primary producers being responsible for a disproportionately large amount of organic matter production (Heip
et al. 2003). Thus, the standing stock of autotrophs may
not be synonymous with primary production, as has
been assumed in many terrestrial diversity–function
experiments (Hector et al. 1999), but also in studies
on marine phytoplankton (Irigoien et al. 2004). The
expression of biodiversity also differs between studies.
This can be the number of species as well as different
indices (Gray 2000). In addition to these differences in
processes and index definition, there are also different
spatial scales and trophic levels to consider. Thus, comparison of diversity–function relationships between
different studies is difficult. In this study, 2 measures of
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ecosystem function were chosen: (1) chl a to represent
the biomass of microalgal primary producers, which is
an important food source for benthic invertebrates,
and (2) the net primary production of the microalgae,
which is closely related to growth rate and the resilience of the surface biofilm to losses. We expressed
the level of biodiversity and its heterogeneity by
species richness and the Shannon index.
Estuarine benthic diatom assemblages are species
rich, with patterns of distribution and relative abundance of different species that vary consistently over
seasonal and spatial scales (Admiraal 1984). Although
careful autoecological work has revealed the preferences of different species for particular niches (Underwood & Provot 2000), there is no consensus as to the
main factors that determine community composition at
the estuary scale. Some studies have highlighted the
importance of sediment composition (e.g. Paterson &
Hagerthy 2001), in others, sediment ammonium concentration appeared to be an important factor influencing the distribution of benthic diatom species in salt
marshes (Sullivan 1999) and mudflats (Peletier 1996,
Underwood et al. 1998). In the Westerschelde there are
consistent differences in species composition along the
gradients of sediment composition and salinity (Sabbe
& Vyverman 1991) in terms of relative abundance
(see also Fig. 2), but most species can be described as
euryhaline, particularly in the Navicula group.
In spite of the variations in salinity and tidal height,
which one would expect to negatively affect the number of species, the Westerschelde estuary presents a
high number of diatom taxa compared to other mudflat
ecosystems (e.g. Ribeiro et al. 2003 for the Tagus estuary; Thornton et al. 2002 for the Colne estuary). However, only a limited number of species had a high
enough relative abundance to be classed as important
in ecosystem function. Seventeen of these were epipelic, and the majority belonged to the genus Navicula, which are also key players in other tidal estuaries
(Admiraal & Peletier 1980, Colijn & Dijkema 1981,
Oppenheim 1991).
Species richness relative to total microphytobenthic
diatoms showed a significant inverse relationship with
biomass. This relationship was not significant when
only epipelic species were considered. However, as in
the study by Colijn & Dijkema (1981), we found that
sites with high biomasses showed dominance by a single species, or a low number of species (Fig. 4).
Notably, the shape of the biomass–diversity curve for
microphytobenthos differs from that for phytoplankton, for which both low and high biomass events are
associated with low taxonomic diversity (Irigoien et al.
2004). As in phytoplankton, biodiversity was also suppressed at high cell densities occurring during the
bloom periods of microphytobenthos, possibly due to
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competitive interactions for limiting resources. However, in the microphytobenthic community of the
Westerschelde, low biomasses were generally associated with high rather than low diversity. In winter and
early spring, when conditions were unfavourable for
growth and chlorophyll concentrations were low, a
diverse mix of species appeared to be present. These
cells probably form the seed population for rapid
biofilm development in spring. It is likely that there are
strong founder effects in intertidal sediments, as in
certain other aquatic ecosystems (De Meester et al.
2002). A fixed set of more competitive species, particular to each site, then monopolised the space in the
upper sediment throughout the period of favourable
growth. Epipelic species were dominant during this
phase, but monospecific biofilms were not recorded.
Rather, dominance was shared by a small number of
species (typically 2 to 10), suggesting that there may be
niche differentiation within the upper millimetres of
the sediment photic zone. Species-specific differences
in the depth or timing of migratory movements
between the nutrient-rich aphotic zone and the nutrient-poor photic zone could be one mechanism of niche
separation (Saburova & Polikarpov 2003). The low
number of dominant species and the regular appearance of the same set of species at particular sites suggest that this phase of the microphytobenthic system
may be resistant to invasion by non-native species.
Later in the year, low levels of chlorophyll were
recorded at the low- and mid-salinity sites. This was
probably driven by grazing and not by lack of nutrients, as porewater and estuarine water nutrients were
at all times in excess of growth requirements. A high
rate of grazing may promote diversity (and boost production, see below) by selective removal of the larger
epipelic species (Hagerthey et al. 2002). In epilithic
communities the effect of grazing on algal diversity
was dependent upon the level of nutrient enrichment
(Worm et al. 2002). A caveat must be added to this
analysis: the dataset was obtained from field observations, in which neither biodiversity nor ecosystem
function were manipulated experimentally. The biodiversity–function relationships that were apparent
could also be a result of independent responses of each
variable to changes in other parameters. So-called
‘hidden’ treatments in biodiversity–function experiments have been of major concern to terrestrial ecologists (Huston 1997).
In the marine environment, studies on the relationship between diversity and functioning are still rare,
and the most common index of ecosystem function has
been the rate and direction of inorganic nutrient flow
between benthic and pelagic compartments (Emmerson et al. 2001, Covich et al. 2004). Primary production
in phytoplankton from different sites generally showed

a positive relationship with increasing species richness
(Vadrucci et al. 2003). Although there have been many
studies of benthic primary production (see Underwood
& Kromkamp 1999), none have directly linked production rates to species composition. Since the base of the
trophic web in marine systems is dominated by singlecelled algae, with a high (and variable) ratio of production to biomass, it is inappropriate to use microalgal
standing stock as an index of primary production (see
discussion in Emmerson & Huxham 2003). Indeed, no
correlation was observed in the dataset described here
between microphytobenthic biomass and estimated Pn.
The approach used here is therefore to model net production from a combination of photosynthetic measurements, algal abundance, sediment optical conditions and abiotic factors. Although our model was not
detailed enough to account for within-day changes in
species composition at the sediment surface, the performance of the model was tested in a laboratory mesocosm experiment in which the growth of a mixedspecies microphytobenthic biofilm was followed in
detail for 2 wk. In that experiment, calculated values of
Pn closely followed changes in carbon biomass as a
biofilm developed (Morris 2005). The direct approach
to the measurement of primary production, based on
intensive, repeated sampling of cell number, carbon, or
chlorophyll over relevant periods (e.g. spring–neap
tidal cycle, Herlory et al. 2004) could be preferable to
the modelling approach used here, especially in situations where losses due to grazing and resuspension are
low, but for logistical reasons could not be performed
with the multiple sites and seasons of this study.
The present study only involves 1 trophic level and
takes into account the function of species in 1 taxonomic group: the epipelic diatoms. A linear relationship between chlorophyll concentration and the abundance of epipelic cells was found, thus confirming that
the epipelon was the dominant functional component
of biofilms in the Westerschelde, as in other estuaries
(MacIntyre et al. 1996, Underwood & Kromkamp 1999).
In addition, epipelic cells migrate up to the sediment
surface during daytime tidal emersion (Serôdio 2003).
Thus, this group dominated not only the bulk chlorophyll, but also formed a large part of the photosynthetically active biomass, that is, the cells which are optimally positioned to intercept light. The relationship
between species diversity (either richness or H ’) and
Pn differed widely between sites within the estuary.
The results should be interpreted with caution, as biodiversity was not deliberately manipulated as an
independent variable in this study. The low- and midsalinity sites (A & B) both showed significantly increasing rates of net production as biodiversity increased. Sampling events during periods of low or
negative net production (mainly driven by low irradi-
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ance) were associated with low species richness and
Shannon indices, which can be interpreted in 2 ways
(Gessner et al. 2004). Either some species were sensitive to this form of environmental stress, which caused
a decrease in biodiversity, or the low number of species was responsible for decreased rates of production.
The latter scenario is perhaps less likely as biomassnormalised maximum rates of photosynthesis were
relatively constant throughout the study. Site P at the
seaward end of the estuary also showed low Pn at the
lowest levels of diversity, but showed much higher
rates of production at intermediate levels of diversity.
All 3 sites showed similar Pn at the highest levels of
diversity, e.g. species richness > 10 and Shannon H ’ >
1.8. The dissimilarity in the response of microphytobenthos at Site P can be explained by the later appearance and slower decline of the spring biomass maximum at this site, possibly due to lower rates of grazing.
Diatom biofilms persisted into late spring or summer
at the high-shore site, and therefore encountered improved conditions of light and temperature for photosynthesis. Interestingly, these more favourable environmental circumstances did not feed back at the
community level to an increased level of biodiversity.
This may be related to the fact that many species may
not be able to withstand drying out of the sediments
during the warmer months of the year. Alternatively,
the different diversity–production relationships may
be related to the fact that epipsammic diatoms, which
were not taken into account in our analyses, may have
significantly contributed to production at the more
sandy station (P1).
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group was related to enhanced production, but at the
third site an intermediate level of richness corresponded to the highest level of production. The causes
of this variability in the relationship are multiple. The
scale of the study seems to be one of the factors (Chase
& Leibold 2002), due to variability in abiotic parameters along the estuary, such as salinity, sedimentation
dynamics and nutrient supply. All these parameters
drive the composition of the diatom community, as well
as that of associated bacterial communities and consumers. Thus, the developmental history of the biofilm
will influence the observed rates of ecosystem processes (Fukami & Morin 2003). Experimental manipulations of diatom species richness under conditions in
which abiotic parameters can be controlled, such as in
climate-controlled tidal mesocosms, may give more
direct insights into the functional consequences of
biodiversity change. Finally, in order to have a better
picture of the diversity–processes relationship in intertidal sediments, future studies should also take multiple trophic levels into account by manipulating consumer abundance.
Acknowledgements. This study was financed by EU Program
Number EVK3-CT-2001-00052 ‘A system of hierarchical
monitoring methods for assessing changes in the biological
and physical state of intertidal areas’ and the Dutch–Flemish
Cooperation Program for Marine Research (VLaNeZo) Project
Number 832.11.003;13 and BOF-GOA Project 01G00705
(Ghent University, Belgium). Renaat Dasseville and Jan
Peene gave expert assistance during field sampling and production measurements. This is NIOO-KNAW Publication
Number 3682.

LITERATURE CITED

CONCLUSIONS
Studies of the biodiversity–function relationship
began in terrestrial ecology, and the main question for
the marine ecologist is: Can we use the same hypotheses and the same tools in the marine environment?
According to Emmerson & Huxham (2003) there are
considerable advantages of using biomass as a measure of functioning in terrestrial ecology. However, in
the marine coastal environment, changes in standing
stock may be impossible to determine for each species,
due to the open nature of the ecosystem. Moreover, the
biomass represents the standing stock of organic matter, but may not reflect ecosystem metabolism if
turnover rates are high. The results confirmed that biomass and primary production were not interchangeable, as they did not show the same relationship with
diversity.
Site-specific differences were also found, especially
in the relationships of Pn and biodiversity. Two sites
showed that the enrichment of a key benthic functional

Admiraal W (1984) The ecology of estuarine sediment-inhabiting diatoms. Prog Phycol Res 3:271–318
Admiraal W, Peletier HDSB (1980) Distribution of diatom
species on an estuarine mud flat and experimental analysis of the selective effect of stress. J Exp Mar Biol Ecol 46:
157–175
Barranguet C, Kromkamp J (2000) Estimating primary production rates from photosynthetic electron transport in
estuarine microphytobenthos. Mar Ecol Prog Ser 204:
39–52
Behrenfeld MJ, Falkowski PG (1997) Photosynthetic rates
derived from satellite-based chlorophyll concentration.
Limnol Oceanogr 42:1–20
Blanchard GF, Guarini JM, Richard P, Gros P, Mornet F (1996)
Quantifying the short-term temperature effect on lightsaturated photosynthesis of intertidal microphytobenthos.
Mar Ecol Prog Ser 134:309–313
Blanchard GF, Guarini JM, Gros P, Richard P (1997) Seasonal
effect on the relationship between the photosynthetic
capacity of intertidal microphytobenthos and temperature. J Phycol 33:723–728
Cahoon LB (1999) The role of benthic microalgae in neritic
ecosystems. Oceanogr Mar Biol Annu Rev 37:47–86
Chase JM, Leibold MA (2002) Spatial scale dictates the productivity–biodiversity relationship. Nature 416:427–429

200

Mar Ecol Prog Ser 311: 191–201, 2006

Colijn F, Dijkema KS (1981) Species composition of benthic
diatoms and distribution of chlorophyll a on an intertidal
flat in the Dutch Wadden Sea. Mar Ecol Prog Ser 4:9–21
Consalvey M, Paterson DM, Underwood GJC (2004) The ups
and downs of life in a benthic biofilm: migration of benthic
diatoms. Diatom Res 19:181–202
Costanza R, Kemp WM, Boynton WR (1993) Predictability,
scale, and biodiversity in coastal and estuarine ecosystems—implications for management. Ambio 22:88–96
Covich AP, Austen MC, Barlocher F, Chauvet E and 8 others
(2004) The role of biodiversity in the functioning of freshwater and marine benthic ecosystems. BioScience 54:
767–775
Defew EC, Paterson DM, Hagerthey SE (2002) The use of natural microphytobenthic assemblages as laboratory model
systems. Mar Ecol Prog Ser 237:15–25
De Meester L, Gomez A, Okamura B, Schwenk K (2002) The
monopolization hypothesis and the dispersal–gene flow
paradox in aquatic organisms. Acta Oecol Int J Ecol 23:
121–135
Dunstan GA, Volkman JK, Barrett SM, Leroi JM, Jeffrey SW
(1994) Essential polyunsaturated fatty-acids from 14 species
of diatom (Bacillariophyceae). Phytochemistry 35:155–161
Emmerson MC, Huxham M (2003) How can marine ecology
contribute to the biodiversity–ecosystem functioning debate? In: Loreau M, Naeem S, Inchausti P (eds) Biodiversity and ecosystem functioning, synthesis and perspectives. Oxford University Press, Oxford, p 139–146
Emmerson MC, Solan M, Emes C, Paterson DM, Raffaelli D
(2001) Consistent patterns and the idiosyncratic effects of
biodiversity in marine ecosystems. Nature 411:73–77
Ford RB, Honeywill C (2002) Grazing on intertidal microphytobenthos by macrofauna: is pheophorbide a a useful
marker? Mar Ecol Prog Ser 229:33–42
Forster RM, Kromkamp JC (2004) Modelling the effects of
chlorophyll fluorescence from subsurface layers on photosynthetic efficiency measurements in microphytobenthic
algae. Mar Ecol Prog Ser 284:9–22
Forster RM, Kromkamp JC (2006) Estimating benthic primary
production: scaling up from point measurements to the
whole estuary. In: Kromkamp JC, de Brouwer JFC, Blanchard GF, Forster RM, Creach V (eds) Functioning of
microphytobenthos in estuaries. KNAW, Amsterdam
Fukami T, Morin PJ (2003) Productivity–biodiversity relationships depend on the history of community assembly.
Nature 424:423–426
Gattuso JP, Frankignoulle M, Wollast R (1998) Carbon and
carbonate metabolism in coastal aquatic ecosystems.
Annu Rev Ecol Syst 29:405–434
Gazeau F, Smith SV, Gentili B, Frankignoulle M, Gattuso JP
(2004) The European coastal zone: characterization and
first assessment of ecosystem metabolism. Estuar Coast
Shelf Sci 60:673–694
Geider RJ (1992) Respiration: taxation without representation. In: Falkowski PG, Woodhead AD (eds) Primary productivity and biogeochemical cycles in the sea. Plenum,
New York
Gessner MO, Inchausti P, Persson L, Raffaelli DG, Giller PS
(2004) Biodiversity effects on ecosystem functioning:
insights from aquatic systems. Oikos 104:419–422
Gray JS (2000) The measurement of marine species diversity,
with an application to the benthic fauna of the Norwegian
continental shelf. J Exp Mar Biol Ecol 250:23–49
Guarini JM, Blanchard GF, Gros P, Gouleau D, Bacher C
(2000) Dynamic model of the short-term variability of
microphytobenthic biomass on temperate intertidal mudflats. Mar Ecol Prog Ser 195:291–303

Hagerthey SE, Defew EC, Paterson DM (2002) Influence of
Corophium volutator and Hydrobia ulvae on intertidal
benthic diatom assemblages under different nutrient and
temperature regimes. Mar Ecol Prog Ser 245:47–59
Hector A, Schmid B, Beierkuhnlein C, Caldeira MC and 30
others (1999) Plant diversity and productivity experiments
in European grasslands. Science 286:1123–1127
Heip CHR, Goosen NK, Herman PMJ, Kromkamp J, Middelburg JJ, Soetaert K (1995) Production and consumption of
biological particles in temperate tidal estuaries. Oceanogr
Mar Biol Annu Rev 33:1–149
Heip C, Brandt A, Gattuso JP, Anita A and 12 others (2003)
Ecosystem functioning and biodiversity. In: Wefer G,
Lamy F, Mantoura F (eds) Marine science frontiers for
Europe. Springer-Verlag, Berlin
Henley WJ (1993) Measurement and interpretation of photosynthetic light-response curves in algae in the context
of photoinhibition and diel changes. J Phycol 29:729–739
Herlory O, Guarini JM, Richard P, Blanchard GF (2004)
Microstructure of microphytobenthic biofilm and its spatio-temporal dynamics in an intertidal mudflat (Aiguillon
Bay, France). Mar Ecol Prog Ser 282:33–44
Herman PMJ, Middelburg JJ, Van de Koppel J, Heip CHR
(1999) Ecology of estuarine macrobenthos. Adv Ecol Res
29:195–240
Huston MA (1997) Hidden treatments in ecological experiments: re-evaluating the ecosystem function of biodiversity. Oecologia 110:449–460
Irigoien X, Huisman J, Harris RP (2004) Global biodiversity
patterns of marine phytoplankton and zooplankton.
Nature 429:863–867
Lewis MR, Smith JC (1983) A small volume, short-incubationtime method for measurement of photosynthesis as a function of incident irradiance. Mar Ecol Prog Ser 13:99–102
Loreau M (2000) Biodiversity and ecosystem functioning:
recent theoretical advances. Oikos 91:3–17
MacIntyre HL, Geider RJ, Miller DC (1996) Microphytobenthos—the ecological role of the secret garden of unvegetated, shallow-water marine habitats. 1. Distribution,
abundance and primary production. Estuaries 19:186–201
Magurran AE (1988) Ecological diversity and its measurement. Princeton University Press, Princeton
Middelburg JJ, Duarte CM, Gattuso JP (2005) Respiration in
coastal benthic communities. In: del Giorgio PA, Williams
P (eds) Respiration in aquatic systems. University of
Wales, Bangor
Morris EP (2005) Quantifying primary production of microphytobenthos: application of optical methods. PhD thesis,
University of Groningen, Groningen
Morris EP, Kromkamp JC (2003) Influence of temperature on
the relationship between oxygen and fluorescence-based
estimates of photosynthetic parameters in a marine benthic diatom (Cylindrotheca closterium). Eur J Phycol 38:
133–142
Oppenheim DR (1991) Seasonal changes in epipelagic
diatoms along an intertidal shore, Berrow Flats, Somerset.
J Mar Biol Assoc UK 71:579–596
Paterson DM, Hagerthey SE (2001) Microphytobenthos in
contrasting coastal ecosystems: biology and dynamics. In:
Reise K (ed) Ecological studies, Vol 151. Ecological comparisons of sedimentary shores. Springer-Verlag, Berlin,
p 105–125
Peletier H (1996) Long-term changes in intertidal estuarine
diatom assemblages related to reduced input of organic
waste. Mar Ecol Prog Ser 137:265–271
Perkins RG, Honeywill C, Consalvey M, Austin HA, Tolhurst
TJ, Paterson DM (2003) Changes in microphytobenthic

Forster et al.: Biodiversity–ecosystem function relationship in diatoms

201

chlorophyll a and EPS resulting from sediment compaction due to de-watering: opposing patterns in concentration and content. Cont Shelf Res 23:575–586
Ribeiro L, Brotas V, Mascarell G, Coute A (2003) Taxonomic
survey of the microphytobenthic communities of two
Tagus estuary mudflats. Acta Oecol Int J Ecol 24:
117–123
Sabbe K (1997) Systematics and ecology of intertidal benthic
diatoms of the Westerschelde estuary (The Netherlands).
Thesis, University of Ghent, Ghent
Sabbe K, Vyverman W (1991) Distribution of benthic diatom
assemblages in the Westerschelde (Zeeland, The Netherlands). Belg J Bot 124:91–101
Saburova MA, Polikarpov IG (2003) Diatom activity within
soft sediments: behavioural and physiological processes.
Mar Ecol Prog Ser 251:115–126
Serôdio J (2003) A chlorophyll fluorescence index to estimate
short-term rates of photosynthesis by intertidal microphytobenthos. J Phycol 39:33–46
Serôdio J, Catarino F (2000) Modelling the primary productivity of intertidal microphytobenthos: time scales of variability and effects of migratory rhythms. Mar Ecol Prog
Ser 192:13–30
Sullivan MJ (1999) Applied diatom studies in estuarine and
shallow coastal environments. In: Stoermer EF, Smol JP
(eds) The diatoms: applications for the environmental and
earth sciences. Cambridge University Press, Cambridge,
p 334–351
Sundbäck K, Miles A, Goransson E (2000) Nitrogen fluxes,
denitrification and the role of microphytobenthos in
microtidal shallow-water sediments: an annual study. Mar
Ecol Prog Ser 200:59–76
Thornton DCO, Dong LF, Underwood GJC, Nedwell DB
(2002) Factors affecting microphytobenthic biomass, species composition and production in the Colne estuary
(UK). Aquat Microb Ecol 27:285–300

Tolhurst TJ, Jesus B, Brotas V, Paterson DM (2003) Diatom
migration and sediment armouring — an example from the
Tagus estuary, Portugal. Hydrobiologia 503:183–193
Underwood GJC, Kromkamp J (1999) Primary production by
phytoplankton and microphytobenthos in estuaries. Adv
Ecol Res 29:93–153
Underwood GJC, Provot L (2000) Determining the environmental preferences of four estuarine epipelic diatom taxa:
growth across a range of salinity, nitrate and ammonium
conditions. Eur J Phycol 35:173–182
Underwood GJC, Phillips J, Saunders K (1998) Distribution of
estuarine benthic diatom species along salinity and nutrient gradients. Eur J Phycol 33:173–183
Vadrucci MR, Vignes F, Fiocca A, Basset A, Santarpia I, Carrada GC, Cabrini M, Umani SF (2003) Space-time patterns
of co-variation of biodiversity and primary production in
phytoplankton guilds of coastal marine environments.
Aquat Conserv 13:489–506
Vos PC, de Wolf H (1993) Diatoms as a tool for reconstructing
sedimentary environments in coastal wetlands — methodological aspects. Hydrobiologia 269:285–296
Waide RB, Willig MR, Steiner CF, Mittelbach G, Gough L,
Dodson SI, Juday GP, Parmenter R (1999) The relationship
between productivity and species richness. Annu Rev Ecol
Syst 30:257–300
Wardle DA, Bonner KI, Barker GM (2000) Stability of ecosystem properties in response to above-ground functional
group richness and composition. Oikos 89:11–23
Webb P, Wooldridge T, Schlacher T (1997) Osmoregulation
and spatial distribution in four species of mysid shrimps.
Comp Biochem Physiol A 117:427–431
Woodward RT, Wui YS (2001) The economic value of wetland
services: a meta-analysis. Ecol Econ 37:257–270
Worm B, Lotze HK, Hillebrand H, Sommer U (2002) Consumer versus resource control of species diversity and
ecosystem functioning. Nature 417:848–851

Editorial responsibility: Martin Solan (Guest Editor),
Newburgh, UK

Submitted: January 28, 2005; Accepted: October 21, 2005
Proofs received from author(s): March 9, 2006

MARINE ECOLOGY PROGRESS SERIES
Mar Ecol Prog Ser

Vol. 311: 203–215, 2006

Published April 13

OPEN
ACCESS

Changes in productivity associated with four
introduced species: ecosystem transformation of a
‘pristine’ estuary
J. L. Ruesink1,*, B. E. Feist2, C. J. Harvey 2, J. S. Hong 3, A. C. Trimble1, L. M. Wisehart 4
1

2

Department of Biology, University of Washington, Box 35100, Seattle, Washington 98195-1800, USA
Northwest Fisheries Science Center, Fishery Resource Analysis and Monitoring Division, NOAA Fisheries,
2725 Montlake Boulevard E, Seattle, Washington 98112-2097, USA
3

Department of Oceanography, Inha University, Incheon 402-751, Republic of Korea
4

Zoology Department, Oregon State University, Corvallis, Oregon 97331, USA

ABSTRACT: Multiple stressors in estuaries can cause declines in native species and impairment of
ecosystem goods and services. In contrast, one stressor — the introduction of non-native species —
actually leads to higher local richness. We examined the changes in ecosystem function associated
with introductions into Willapa Bay, Washington, USA, a relatively undeveloped estuary with 45 documented exotic marine species. The replacement of native oysters by 2 new bivalve species has
increased secondary production of harvested suspension feeders by 250% over peak historic values
(3.3 × 105 vs. 0.9 × 105 kg dry wt yr–1), based on >150 yr of records of harvested biomass. Key aspects
of aquaculture — particularly planted area — have remained constant over time, so we attribute much
of the altered secondary production to higher growth rates of non-native species. The addition of 2
tracheophytes has increased primary production on the tideflats by > 50% (5.3 × 107 vs. 3.5 × 107 kg
dry wt yr–1), which we calculated by scaling up local measurements of plant growth to the total area
occupied by each species. These changes in production are also associated with altered detritus,
water filtration, and biogenic habitat. Because other stressors are largely absent from Willapa Bay,
the addition of particular exotic species has dramatically enhanced system production, while fundamentally reshaping the ecological character of the estuary. These strong ecological impacts of introduced species have rarely been measured at whole-ecosystem scales, and they occur in part because
new species occupy habitats where similar native species were not present.
KEY WORDS: Crassostrea gigas · Invasion · Ostreola conchaphila · Spartina alterniflora · Ruditapes
philippinarum · Zostera marina · Zostera japonica
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Many recent studies reveal a saturating relationship
between ecosystem functions and species richness,
with marginal change attributable to additional species when many others are already present (Hooper et
al. 2005). In contrast, the addition of species through
ecological invasion can cause dramatic change. Ecosystem functions are expected to be altered by exotic
species that play entirely new roles in ecosystems
(Shea & Chesson 2002, Cuddington & Hastings 2004),
and some empirical examples exist (e.g. Myrica faya

alters nutrient cycling in Hawaii where no native
N-fixing plants occur; Vitousek & Walker 1989). However, to date, ecologists have been presented with
few opportunities to study whole-ecosystem impacts of
introduced species. For instance, Parker et al. (1999)
found just 18 examples of ecosystem-level impacts of
invaders reported over a 10 yr period, across all taxa
and ecosystems, whereas impacts at individual, population, and community levels were studied more frequently (> 90% of total). A unique opportunity arises in
Willapa Bay, Washington, USA (46° 40’ N, 124° 0’ W;
surface area at mean sea level = 24 000 ha), where
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lengthy time series and spatially explicit data allow
reconstruction of primary production of tracheophytes
and secondary production of bivalves over more than a
century, during which period numerous nonindigenous species arrived. In this paper, we focus on 4 introduced species in Willapa Bay and document their
contributions to primary and secondary production in
the estuary. This case study illustrates 2 points: first,
that gains in species — as much as species losses — can
markedly influence whole-ecosystem functioning and
therefore warrant the attention of predictive ecology
and, second, that major changes in ecosystem functioning can be attributed to a few high-impact species
rather than increases or decreases in numbers of
species per se.
To set the stage for calculating whole-ecosystem
changes and discussing their generality, we first present an ecological history of the bay. Willapa Bay is
widely touted as pristine and productive (Wolf 1993,
NOAA 1997), as it is largely unaffected by the pollution and coastal development that plague other estuaries. Chemical and nutrient pollution has historically
been negligible, due to the sparse human population,
minimal development in the watershed, and the absence of major industrial activities. About 30% of the
3500 ha of tidal marsh between mean high and
extreme high water has been lost to diking for agriculture or expanding towns (Borde et al. 2003), but little
other bathymetric modification has occurred since
1977 when maintenance dredging of the Willapa River
channel ended (Hedgpeth & Obrebski 1981). Sediment
loads to the bay have likely varied over the past
century of logging within the watershed (Hedgpeth &
Obrebski 1981, Kehoe 1982, Komar et al. 2004), and as
a result of damming the Columbia River, the second
largest river of the continental United States, which
exits just south and often influences conditions at the
bay’s mouth (Simenstad et al. 1992, Peterson et al.

2000). The impacts of diking and sediment loading
peaked by the mid-20th century and have since been
constant or declined. The bay is also highly productive,
as evidenced by its shellfish industry: although it is
only 1⁄30 the size of Chesapeake Bay on the east coast of
the United States, nearly 10% of the United States’
oysters are harvested there (US total = 16 804 metric
tons shucked annually; Pritchard 2004), and shellfish
production has contributed significantly to the local
economy for >150 yr (Espy 1977). In contrast, over the
same time period, oyster production on the east coast
of the United States has dropped by > 90% (Kirby
2004), in part due to habitat degradation.
While its physical and chemical changes have been
minimal (therefore remaining relatively ‘pristine’),
Willapa Bay has been biologically transformed by introduced species (Fig. 1). The tally now stands at 45 new
plants, algae, and invertebrates (Wonham & Carlton
2005), which comprise >10% of the total estuarine
biota (Ferraro & Cole 2004). Two introduced taxa are
particularly prominent: bivalve molluscs and aquatic
tracheophyte plants. Pacific oysters Crassostrea gigas
(Thunberg, 1793) were introduced to Willapa Bay
in 1928 after native oysters Ostreola conchaphila
(=Ostrea lurida) (Carpenter, 1857) were overexploited
and transplants from eastern North America (Crassostrea virginica [Gmelin, 1791]) failed to thrive (Kincaid 1968). Early aquaculture activities involving these
introduced oysters served as a vector for numerous
other introductions (Carlton 1992).
The baseline bivalve community included thick
accumulations of Ostreola conchaphila, covering up to
10% of the area of the bay, primarily in subtidal areas
according to old charts (Collins 1892, Townsend 1896).
O. conchaphila was commercially extinct by the early
20th century and, despite almost a century of low exploitation, remains rare in Willapa Bay (and throughout most of its range; Cook et al. 2000).

Fig. 1. Dominant space-occupying species on the tideflats of Willapa Bay. Vertical elevations (mean lower low water, 1 m above
MLLW, 2 m above MLLW and mean higher high water) are provided to show where these species are found on tideflats. The slope
of the tideflat (angled line) is exaggerated relative to field conditions. (A) Before 1900: native eelgrass Zostera marina and
oysters Ostreola conchaphila. (B) After 2000: cordgrass Spartina alterniflora, Manila clams Ruditapes philippinarum, Japanese eelgrass Zostera japonica, and Pacific oysters Crassostrea gigas, in addition to native eelgrass and reduced densities of native oysters

Ruesink et al.: Introduced species and transformation of a ‘pristine’ estuary

The introduced oyster Crassostrea gigas constitutes
the bulk of oysters currently harvested from the bay (at
least 3 other introduced oysters are planted in small
numbers) and occurs in 2 habitats. In upper portions of
the estuary, it recruits reliably and forms dense intertidal hummocks (<1 to 100 m2) of tightly connected
shell and live oysters. Many of these oysters are never
harvested due to slow growth and irregular shapes.
Nearer to the mouth, oysters are planted at relatively
low densities directly on the bottom; oysters originate
from natural recruitment elsewhere in the bay or from
hatcheries.
A third bivalve, the Manila clam or Japanese littleneck Ruditapes (=Venerupis = Tapes) philippinarum
(Adams & Reeve, 1850) is now regularly harvested
from the bay. Manila clams were introduced to the
eastern Pacific as hitchhikers on Crassostrea gigas in
1936 (Carlton 1992); they are now cultivated on midintertidal flats. As with C. gigas, the distribution of
Manila clams in Willapa Bay reflects both natural
recruitment and planting. Little is known of the historic
densities and distributions of other clams, although
some insight comes from short periods of harvest
records for introduced softshell clams Mya arenaria
(Linnaeus, 1758) and for native razor clams Siliqua patula (Dixon, 1789) and littlenecks Protothaca staminea
(Conrad, 1837). The 3 major harvested bivalve species
allow a comparison, through historical records of
yields, of the contributions to secondary production by
native and introduced species.
Introduced oysters have been the vector of 2 plant
species that occupy what were previously unvegetated
mudflats (Fig. 1). The baseline condition for aquatic
tracheophytes included native eelgrass Zostera marina
(Linnaeus, 1753) in pools and extensive beds, generally at and just below mean lower low water (Borde et
al. 2003). At upper tidal elevations, an invasive smooth
cordgrass Spartina alterniflora (Loisel.) has increased
rapidly over the past 2 decades, although its unintentional introduction occurred around 1890, presumably
as discarded packing material for transplanted Crassostrea virginica (Townsend 1893, 1896, Feist & Simenstad 2000). No native Spartina species occur in Willapa
Bay, and S. alterniflora is considered a noxious weed in
Washington State, with nearly $2 million spent annually towards Spartina control. A small eelgrass species
(Zostera japonica [Aschers. et Graebn.]) arrived on the
British Columbia coast with transplanted C. gigas by
1957, but may have been in coastal Washington even
earlier (Harrison & Bigley 1982). In Willapa Bay, it now
fills much of the tideflat between Z. marina and S.
alterniflora. Ironically, Z. japonica in Washington state
enjoys the same protection afforded the native species
of eelgrass (Wonham 2003). These 3 plant species
allow a comparison, through data on distribution and
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growth, of the contributions to primary production by
native and introduced species.
We focus on 3 topics relating invasion and ecosystem
functioning: (1) primary production by aquatic tracheophytes in Willapa Bay (1 native, 2 introduced species);
(2) secondary production by bivalves in the bay
(1 native, 2 introduced species); and (3) associated
changes in biogenic habitat, detrital production, and
filtration capacity. By compiling information from a
variety of sources, we are able to estimate primary and
secondary production by conspicuous species and how
these have changed with the local rise in species richness accompanying introductions.

MATERIALS AND METHODS
Change in primary production in Willapa Bay. The
area covered by the 2 eelgrass species was estimated
from an unsupervised classification of a LANDSAT
satellite image, acquired at low tide (–0.307 m relative
to mean lower low water [MLLW]) at 18:30 h GMT
(Greenwich mean time) on 5 May 1997 (B. E. Feist & C.
A. Simenstad unpubl. data) (Fig. 2). Although it was
possible to distinguish eelgrass beds of different density (dense vs. sparse) based on spectral differences, we
did not use this information in our calculation of estuary-wide production, because our unit-production estimates came from a range of sites and eelgrass densities
in the bay. Because it was not possible to distinguish the
2 species of Zostera in the LANDSAT image, we used
additional groundtruthing data to determine coverage
by each species. An independent assessment of habitat
types was carried out by NOAA Coastal Services
Center (NOAA CSC 2000) in 1997, which included 20
points within the area we classified as eelgrass and 74
outside. Commission errors were low: only 8 of 53
points without eelgrass were classified as eelgrass present. However, the LANDSAT image classification did
miss considerable eelgrass, and only 12 of 41 points
with eelgrass were classified as such. Overall, 60% of
the points were classified correctly, with some bias towards underestimating total area of eelgrass (no correction to total area was attempted). We determined the
percentage of georeferenced points observed to contain each species (55.5% Z. marina, 44.4% Z. japonica)
and multiplied the total area of eelgrass by the fraction
represented by each species. For comparison, bathymetric considerations provide an estimate of 4845 ha
potentially occupied by Z. marina in the 1950s, and
3139 ha, in the 1850s, when bay depths were lower on
average (Borde et al. 2003). Our estimate of area covered by Z. marina fell within this range (3424 ha), likely
at the lower end because other habitat types occupy
some of the potential eelgrass zone (0 to –1.2 m MLLW).
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Fig. 2. Zostera marina and Z. japonica
(left panel) and Spartina alterniflora
(right panel). Distribution of dominant
macrophyte species of Willapa Bay, ca.
1997. Inset shows location of Willapa
Bay on the west coast of the United
States

124° 00’ W
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123° 00’ W
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Annual production of Zostera marina on a unit-area
basis was derived from shoot densities and growth measured seasonally at 7 locations spread across a distance
of 20 km in Willapa Bay. Shoot density was based on the
average shoot count in ten 0.25 m2 quadrats placed near
0 MLLW at each location. Adjacent to each quadrat, 5
shoots were pricked with an 18 gauge needle at the leaf
sheath (Zieman & Wetzel 1980). After 2 to 4 d, these
shoots were collected, and growing leaves were separated into original (from needle mark to leaf tip) and new
(from leaf sheath to needle mark) material and dried to
constant weight at 60°C. The masses of new material
were averaged to estimate growth at each site. We
measured shoot density and growth 4 times in 2004: winter (February), spring (early May), summer (late June),
and autumn (early September). The product of shoot
density and growth yielded unit-area production per day
in each season. Annual unit-area production was calculated by extending daily measurements to each season,
and summing across seasons. Obviously, these calculations require addition and multiplication that complicate
calculations of error structure. To avoid problems associated with adding and multiplying error terms, we
took a Monte Carlo approach. The entire calculation was
repeated 100 times, each time selecting density and
growth values at random from among the 7 locations for
each season. From these 100 iterations, we calculated
a mean and standard deviation. Finally we multiplied
this unit-area annual production by the estimated area
covered by Z. marina.
To assess annual production of Zostera japonica, we
measured shoot densities and growth at 6 locations
across 10 km in Willapa Bay: 3 locations were in the upper range occupied by Z. japonica, +1.2 m MLLW, and
3 were at the lower end, + 0.6 m MLLW. Because Z.
japonica blades are too narrow (<1 mm) for the holepunching technique, we instead used a comparable
protocol (Kaldy 2006). Shoots were counted in nine
10 cm diameter areas at each sampling location.
Growth was measured in 5 nearby 10 cm diameter
areas, distinguished by PVC sleeves pushed 10 cm into
the sediment and flush with the surface. We initially
trimmed all shoots just above the leaf sheath. After
2 wk, shoots were again counted and trimmed, and the
above-ground material was dried to constant weight at
60°C. Growth rate was determined from the amount of
new biomass relative to shoot number when the shoots
were collected, divided by the number of days between
initial and final trims. Because photosynthetic tissue
was lost during the initial trim, regrowth may have
slowed and growth rates are conservative (Ferraro &
Oesterheld 2002). Density and growth were sampled
5 times in 2004: March, May, July, September, and December. These measurements were extrapolated to 2 mo
periods (except 4 mo in winter). To estimate above-
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ground unit-area primary production, we selected values for density and growth at random from among the 6
locations at each time period. We multiplied density,
growth, and the number of days in each season, then
summed across seasons. This procedure was repeated
100 times to incorporate uncertainty. We calculated
mean annual unit-area production (and standard deviation) from these 100 randomizations, then multiplied
by the estimated tideflat area occupied by Z. japonica
to generate a production estimate for the entire bay.
The Washington State Department of Natural Resources calculated the total solid area covered by
Spartina alterniflora in Willapa Bay in 1997 using falsecolor infrared aerial photographs and ESRI ArcView
shapefiles (WADNR 1999) (Fig. 2). This method slightly
underestimated coverage because patches of <1.36 m2
could not be detected. In contrast to eelgrass, cordgrass
loses little of its production during the growing season,
instead accumulating tissue above ground before dying
back at the end of the year. Consequently, above-ground
biomass per area served as a proxy for annual production; these values were available for Willapa Bay in
Grevstad et al. (2003), as mean values for 3 locations. We
multiplied this production per unit area by area covered
by S. alterniflora to derive production for the whole bay.
Concerning other tracheophytes, no data are available for primary production in Willapa Bay’s tidal
marsh, which currently occupies 2484 ha between mean
high water and extreme high water (Borde et al. 2003).
Marsh plants have been replaced by terrestrial species
in areas diked for grazing, but the more recent expansion of introduced aquatic tracheophytes has probably
not further altered the contribution of high marsh to primary production in the bay—both introduced species
grow below mean high water, whereas in Willapa Bay
native marsh occurs above this level (Borde et al. 2003,
Zhang et al. 2004, authors’ pers. obs.).
Change in secondary production in Willapa Bay.
We estimated annual production of the focal native bivalve (Ostreola conchaphila) and introduced bivalves
(Crassostrea gigas and Ruditapes philippinarum) from
aquaculture yields in Willapa Bay, as reported to the
Washington Department of Fish and Wildlife (Fig. 3).
Long-term average yields usually represent a minimum
estimate of annual production, because the new biomass in each year must replace the biomass of bivalves
removed by harvest. For each species, uncertainty in
production was based on interannual variation over a
period of 13 to 33 yr (arbitrarily selected as representative of sustained harvest levels), even though this variation may be due more to economic than to ecological
conditions. Oyster yields were reported as pounds of
shucked meat, which we converted to dry tissue
mass by assuming a dry mass:fresh mass ratio of 0.22
(Kobayashi et al. 1997). Clam yields were reported as
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Fig. 3. Ostreola conchaphila, Crassostrea gigas, and Ruditapes philippinarum. Yields of bivalve species from Willapa
Bay over 150 yr from Washington Department of Fish and
Wildlife marine fish and shellfish landings annual reports.
O. conchaphila (native oysters) and C. gigas (Pacific oysters)
are displayed in units of shucked-meat weight (fresh), and R.
philippinarum (Manila clams) in units of whole-clam weight

pounds in the shell, which we converted to dry tissue
mass by assuming a dry mass:whole fresh mass ratio of
0.066 for 40 to 50 mm clams (Solidoro et al. 2003).
Historical trends of other bivalves are mostly
unknown because poor records exist even for those
species that are occasionally harvested. However,
these harvest records for 1980 to 1991 suggest that
other bivalves occurred at fairly low densities relative
to oysters and Manila clams. For instance, native littlenecks Protothaca staminea and razor clams Siliqua
patula averaged 1 × 104 kg live weight harvested per
year, ~10% of recent harvests of Manila clams (Fig. 3).
Introduced softshell clams Mya arenaria were considered for a fishery in the late 1800s, but populations
declined abruptly before commercial exploitation
began (Palacios et al. 2000).
Other ecosystem functions. Primary and secondary
production in estuaries directly influence other ecosystem functions, such as habitat provision, inputs to
detrital food webs, and water filtration. To assess
changes in habitat, we focused on area occupied by
native and introduced species. These data were readily available from LANDSAT and aerial photographs
for tracheophytes (see ‘Materials and methods Change
in primary production in Willapa Bay’), but bivalves
have not been similarly mapped. Both native and
Pacific oysters recruit naturally in the southern part of
Willapa Bay, due to warmer water temperatures and
higher larval retention, but aquaculture primarily
occurs closer to the mouth of the estuary, where
growth rates are rapid (Ruesink et al. 2003).
All primary production was assumed to enter the
detrital food web following senescence, because few
herbivores consume eelgrass or cordgrass. In addition

to changing detrital biomass, introduced species potentially influence both the timing and the quality (carbon:nitrogen ratio) of dead plant material. This matter
may be a source of food or nutrients for some biota, and
a source of disturbance to other biota sensitive to
wrack burial. We have not quantified detritus fate, but
offer a qualitative summary of information on eelgrassand cordgrass-derived detritus.
Filtration of Willapa Bay’s water derives in part from
cultured bivalves, and, consequently, we estimated filtration capacity based on secondary production. Filtration rates for each species were not measured directly
in Willapa Bay, but a consistent relationship exists
between size and filtration rate across many bivalve
species (Powell et al. 1992). Consequently, we incorporated individual filtration rates of 3 l h–1 for Crassostrea
gigas (100 mm, 2.4 g dry wt; Kobayashi et al. 1997) and
1 l h–1 for Ruditapes philippinarum (50 mm, 3.9 g dry
wt; Solidoro et al. 2003) and for Ostreola conchaphila
(50 mm, 0.4 g dry wt; Brennan 1939). We determined
the number of individuals of each bivalve species as
the ratio of total harvest:individual biomass, and multiplied this estimate of density by per capita filtration
rate. We then compared filtration by each species to
the bay’s total volume (7.6 × 1011 l at mean sea level;
Hickey & Banas 2003).

RESULTS
Change in primary production in Willapa Bay
The essential components for estimating primary
production by aquatic tracheophytes in Willapa Bay
included estimates of area occupied and annual production per area. Based on habitat classification from
recent satellite images, each eelgrass species occupied
about 3000 ha in Willapa Bay, and Spartina alterniflora
occupied about 1300 ha in 1997 (Fig. 2). Annual rates
of production per area were similar for S. alterniflora,
based on peak standing biomass, and for Zostera
marina based on seasonal measurements of growth
rate (~1000 g dry wt m–2 yr–1; Table 1). These rates fall
close to other published reports of net primary productivity for S. alterniflora (Dai & Wiegert 1996) and Z.
marina (Kentula & McIntire 1986, Thom 1990). Production for Z. japonica, which reaches a high density but is
a very small plant, was much lower (~170 g dry wt m–2
yr–1), but was also similar to previous production
estimates (Thom 1990).
We estimated that native eelgrass Zostera marina
produced > 35 000 t of dry matter annually in Willapa
Bay (Table 2). The 2 introduced species appear to have
recently raised primary production by aquatic tracheophytes by > 50%. The cordgrass Spartina alterniflora
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Table 1. Components of production by dominant macrophytes in Willapa
Bay. Mean and standard deviation (SD) for shoot density and growth were
calculated from N sites (in square brackets) throughout the bay. SD (in
parentheses) for annual production per area of eelgrass was based on 100
Monte Carlo randomizations of values for each variable contributing to the
calculation of annual production, specifically shoot growth and shoot density
in different seasons
Species

Area
(ha)

Zostera
marina

3423.6

Winter
Spring
Summer
Autumn
Annual

Zostera
japonica

2738.8

Mar
May
Jul
Sep
Dec
Annual

Spartina
1298.5
alterniflora

Period

Annual

Production per area
Shoot density
Shoot growth
(m–2)
(mg dry wt shoot–1 d–1)
161.7 (30.4) [6]
3.03 (0.545) [5]
141.9 (30.2) [7]
24.3 (9.18) [7]
159.5 (33.9) [7]
35.8 (15.0) [7]
105.4 (35.9) [7]
14.9 (4.19) [7]
Biomass, g dry wt m–2 :
1.03 × 103 (0.40 × 103)
2242 (1211) [6]
0.0955 (0.0200) [6]
3271 (1718) [6]
0.2026 (0.0529) [6]
5996 (1870) [6]
0.2127 (0.0667) [6]
3624 (2132) [6]
0.1594 (0.0607) [6]
1931 (653) [6]
0.0487 (0.0178) [6]
Biomass, g dry wt m–2 :
1.75 × 102 (0.51 × 102)
Biomass, g dry wt m–2 :
1.01 × 103 (0.49 × 103) [3]

was estimated to produce an annual standing crop in
excess of 13 000 t, and the small-sized introduced
eelgrass Z. japonica was estimated to produce nearly
4800 t, increases of 37 and 14%, respectively. Considerable uncertainty exists around these average values,
particularly due to spatial variation in shoot density
(Table 1). However, the additional production estimated from introduced species exceeds the variation
(standard deviation) within species.

Change in secondary production in Willapa Bay
Recent yields of Pacific oysters and Manila clams
from Willapa Bay far outweigh historical landings of
native oysters (Fig. 3, Table 2). The annual yield of
introduced Crassostrea gigas at the end of the 20th
century was almost 4 times higher than annual yields of

native Ostreola conchaphila at the end of
the 19th century. Venerupis philippinarum
actually contributed little additional production, even though landings since 1985
have increased about 6% annually. We estimated that native oysters used to produce
about 92 t of dry matter annually, excluding
shells. Secondary production from native
oysters has largely disappeared, but introduced bivalves, particularly C. gigas,
currently generate 330 t yr–1. Clearly, this
secondary production is dwarfed by the
primary production of aquatic tracheophytes, which have production values
> 2 orders of magnitude higher.

Other ecosystem functions
Habitat

Willapa Bay contains extensive intertidal
flats, and, in the absence of introduced
species, 39% of the bay’s area would
consist of unstructured intertidal habitat (Borde et al.
2003). In our spatial analyses, native Zostera marina
occupied 9.6% of the bay’s area (> 3400 ha of 35 700 ha;
Table 1), and tidal flats have been modified by introduced Z. japonica (7.7% of bay area) and Spartina
alterniflora (3.6%). Areas intensively cultivated for
bivalves occupy 10% (Feldman et al. 2000), and,
because both native and non-native species have been
cultivated in these areas, we believe there has been
little trend in cultivated area over the past century
(Townsend 1896, Hedgpeth & Obrebski 1981). However, wild populations of native Ostreola conchaphila
were reportedly subtidal, accessible only at extreme
low tides (Collins 1892), whereas hummocks of introduced Crassostrea gigas occur intertidally (authors’
pers. obs.). Thus, oyster habitat has shifted from
sub-tidal to intertidal areas where oysters recruit naturally, but precise dimensions are not available.

Table 2. Estimated annual production (prod.) by dominant macrophyte and bivalve species in Willapa Bay. No sample sizes (N)
are provided for primary production because SD (in parentheses) was based on Monte Carlo randomizations. For secondary
production, N (in brackets) is number of years of sustained harvests
Species

Native/
Introduced

Years of measurements
Area
Prod.

Zostera marina
Zostera japonica
Spartina alterniflora
Ostreola conchaphila
Crassostrea gigas
Ruditapes philippinarum

Native
Introduced
Introduced
Native
Introduced
Introduced

1997
1997
1997

2004
2004
2001
1866–1900
1971–2003
1991–2003

Annual production
(kg dry wt yr–1)
3.53 × 107 (1.37 × 107)
4.79 × 106 (1.40 × 106)
1.31 × 107 (0.63 × 107)
9.16 × 104 (0.54 × 104) [16]
3.23 × 105 (0.72 × 105) [33]
6.94 × 103 (0.22 × 103) [13]
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These new habitats influence the entire community composition of smaller estuarine organisms. For
instance, epibenthic organisms are more diverse on C.
gigas than in open mudflats (Hosack 2003). Estuarine
invertebrates respond to S. alterniflora and Z. japonica
in complicated ways: some species increase and some
decline relative to nearby mudflats, but, as with oysters, the overall effect is to alter community structure
(Posey 1988, Wonham 2003).

rent filtration rates is less than the difference in yield,
because smaller individuals (e.g. native oysters) have
higher per biomass filtration than larger individuals
(e.g. Pacific oysters).

Detritus

As new species entered Willapa Bay over the past
century, total primary production by focal aquatic tracheophytes increased by > 50%, and total secondary
production by focal bivalves increased by 250%,
despite the decline of the native oyster (Table 2). In
fact, we have likely underestimated change in secondary production: harvested biomass was not sustainable for native oysters, suggesting it overestimates historical production, whereas introduced oysters and
clams occur in feral populations outside aquaculture,
and harvested biomass likely underestimates current
production. Of course, these calculations for macrophytes and bivalves include just 1 native and 2 introduced species in each case, and they do not account
for diverse additional native and non-native species.
However, it is extremely unusual to know wholeecosystem production for even 6 species, and the
contributions from other bivalves and tracheophytes
appear to be small and/or relatively stable over the
past 50 yr (see ‘Materials and methods’).
More generally, none of the introduced species we
examined fully occupies its potential habitat in Willapa
Bay, so there may be capacity for further increases in
production. Such is particularly true of tracheophytes,
which continue to expand rapidly. In 2000 relative to
1997, the area of Spartina alterniflora in Willapa Bay
increased by 23% (to 1601 ha; WADNR 2003). Given a
total intertidal area of 18 200 ha, perhaps half of which
is potentially invasible by cordgrass, annual production could increase by up to 6-fold if left uncontrolled.
According to analyses by Pacific County (in Hedgpeth
& Obrebski 1981), oyster yields (and therefore secondary production) could be enhanced by an order of
magnitude, although oyster expansion is constrained
by the availability of settlement substrate, and will lag
behind expansion of tracheophytes unless there are
changes in aquaculture practices. Furthermore, recent
oceanographic models of the bay indicate that increased biomass could come at the expense of slowed
individual growth rates (N. S. Banas et al. unpubl. data).
The introduced species considered here have modified production, and likely a variety of other ecosystem
processes, because they consist disproportionately of
ecosystem engineers (Jones et al. 1994, Gutierrez et al.

The calculated increase in the bay’s macrophyte production over the past century due to invaders likely
had a concomitant effect on detritus. In addition to the
overall increase in detrital biomass (> 50%), both the
type and timing of detrital production have changed.
Zostera japonica detritus has a lower C:N ratio (C. J.
Harvey unpubl. data) and more rapid decomposition
than the native eelgrass (Hahn 2003). In contrast,
Spartina alterniflora has a higher C:N ratio than Z.
marina (C. J. Harvey unpubl. data). Rather than producing detritus throughout the growing season, S.
alterniflora accumulates biomass, and detritus appears
in autumn. In Willapa Bay, wrack builds up substantially on beaches, where its effects on plant regeneration and invertebrate communities are presumably
similar to those in its native range (Ranwell 1967,
McCaffrey 1976). Wrack-burial disturbance has been
shown to alter salt marsh structure (Boston 1983), plant
zonation and community structure (Brewer et al. 1998,
Pennings & Richards 1998), sediment chemistry (Pennings & Richards 1998), and plant clonal morphology
(Brewer & Bertness 1996). Prior to the arrival of S.
alterniflora, Willapa Bay was not subjected to heavy
annual inputs from wrack generated by marsh plant
dieback.

Filtration
The filtration capacity of bivalves can substantially
influence the overall state of an estuary (Jackson et al.
2001). Scaling up to annual yields, we estimated that
native oysters could have filtered 6.0 × 109 l d–1 prior to
exploitation, and the 2 introduced bivalves filter at
least 9.7 × 109 l d–1. Daily, these respective rates would
affect 0.8 and 1.3% of the bay’s volume (7.6 × 1011 l at
mean sea level; Hickey & Banas 2003). Although these
percentages appear small, they only account for feeding by harvested bivalves, leaving out unreported collections, beds where bivalves have not reached market
size, feral populations, and other suspension-feeding
species. The calculated difference in historic and cur-

DISCUSSION
Primary and secondary production in heavily
invaded estuaries

Ruesink et al.: Introduced species and transformation of a ‘pristine’ estuary

will have, or is already having, similar effects in other
estuaries in the region, many of which have comparable native taxa, aquacultural practices, geological
ages, tidal amplitudes, and sediment-accretion rates
(e.g. Emmett et al. 2000), and often much greater levels of human activity and anthropogenic disturbance.
It is possible to imagine additional engineering species
that could further transform west coast tideflats, such
as burrowing fiddler crabs (e.g. McCraith et al. 2003).

Biodiversity–ecosystem function relationships for
native and non-native species
Most conceptual models and much empirical data
about the relationship between biodiversity and ecosystem functioning portray a linear or asymptotic curve
(Hooper et al. 2005). In native systems, we expect
ecosystem processes to asymptote as species richness
increases, due to competition for and partitioning of
space and other resources among functional group
members. In contrast, in invasion biology, it is well
recognized that a small proportion of introduced species have disproportionately high impacts (Williamson
& Fitter 1996). Thus, the expansion of primary producers and filter feeders higher into the intertidal zone of
Willapa Bay represents a step change in several major
ecosystem processes. A small number of highly successful invaders has dramatically altered ecosystem
processes even though species richness increased only
slightly (Fig. 4). Such step functions are by-products
of the invaders’ typically high rates of productivity,
fecundity, and dispersal relative to the native community (Mack et al. 2000), particularly if they play a novel
ecosystem role. Additionally, inherent differences between closely related native and introduced species
can magnify the impact of the introduction; in the present case, the total area occupied by Crassostrea gigas
under cultivation (~10% of bay area; Feldman et al.
2000) probably does not greatly exceed the historical
area of native oysters. However, there are profound

Ecosystem function

2003, Cuddington & Hastings 2004). Both macrophytes
and oysters provide biogenic structure and modify
their local environment in self-reinforcing ways, for
instance by accumulating sediment (Spartina alterniflora; Zipperer 1996) or providing hard substrate for
recruitment (oysters; Mobius 1883). The introduced
species of bivalves and tracheophytes in Willapa Bay
may play particularly high-impact roles, because these
tideflats were previously unstructured (Fig. 1), and the
new species do not simply replace native species,
which tend to be restricted to different tidal elevations.
The previously unstructured mudflats certainly supported other primary producers and filter feeders in
the past. Given our reliance on harvest records and
remote-sensing data to estimate production for even
the most prolific introduced species, we cannot make
quantitative estimates of production changes for benthic diatoms, small native bivalves, burrowing shrimp,
or other filter- or deposit-feeding infauna. Nor can
we conclude how the production rates of organisms
associated with new substrates (e.g. benthic diatoms,
macroalgae, and filter feeders living on oyster shell
substrates; epiphytes living on Zostera japonica) compare with rates on open mudflats without further study.
Ecological theory suggests that environments with
free resources (empty niches) are particularly susceptible to invasion (Shea & Chesson 2002), and new species that modify their environment to their own benefit
have particularly high impacts (Crooks 2002, Cuddington & Hastings 2004). Our data directly indicate how
species that play novel roles in an ecosystem can affect
production, with further implications for habitat, detritus, and filtration. For example, Crassostrea gigas reefs
and culture sites provide extensive, otherwise unavailable hard substrate for fish, invertebrates, and
macroalgal species such as Ulva spp. and Enteromorpha spp., both of which have become abundant in
intertidal zones where C. gigas culture or hummocks
are present. In addition, Willapa’s introduced engineers probably also affect biogeochemical cycles. In
another coastal estuary, introduced Zostera japonica
serves as a sink for water-column nutrients (Larned
2003), and bivalves can store nutrients in biodeposits
(Chapelle et al. 2000), or, at high densities, enhance
nutrient release (Bartoli et al. 2001). Furthermore, oyster expansion has occurred at the expense of burrowing shrimp and other infauna, undoubtedly causing
changes in sediment porosity and bioturbation and
further affecting biogeochemistry (Webb & Eyre 2004).
The Willapa Bay case history is also compelling,
because similar shifts in ecosystem function are likely
occurring in other tideflat-dominated estuaries where
these and other introduced species have become
established (e.g. Cohen & Carlton 1995, Castillo 2000).
We expect that this same suite of introduced species
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Species richness
Fig. 4. Step change in ecosystem functioning associated with
the introduction of a high-impact species to an otherwise
intact ecosystem
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biological differences between the 2 oyster species
that drastically affect their ecological impacts: C. gigas
grows several times faster (Ruesink et al. 2005, A. C.
Trimble et al. unpubl. data), reaches a larger maximum
size (30 vs. 6 cm; Baker 1995), and has greater desiccation and temperature tolerance (Korringa 1976) than
Ostreola conchaphila. These 2 branches of thought in
community ecology — one emphasizing the role of species or functional group richness and the other emphasizing the high impacts of particular species — remain
unreconciled.
Three considerations may help reconcile research
focused on biodiversity versus invasion: scale, trophic
complexity, and real differences in how native and
non-native species affect ecosystem processes. The
‘scale’ issue reflects methodological differences: biodiversity–ecosystem function studies have been carried out by comparing species richness across sites or
experimentally manipulating the number of species
locally (Stachowicz et al. 2002, Duffy et al. 2003,
Raffaelli et al. 2003), generally by random removal of
species (but see Solan et al. 2004). Invasion biology
tends to emphasize impacts at the level of a site, and
there is by necessity biased selection of study species
that have high impacts. Thus, invasion biologists find
that particular species matter because that is the
hypothesis they test. Trophic complexity is generally
low in biodiversity–ecosystem function studies, where
suites of species compete for a common resource. In
contrast, many high-impact invaders are consumers
and thus introduce new trophic roles into a community. It should be noted, however, that studies of multiple trophic levels of native species have also shown
that consumer impacts can trump species richness in
determining production (Paine 2002). So, different
amounts of trophic complexity incorporated in study
design may also explain differing results. Finally, it is
possible that native species with a long history of
coevolution do indeed interact differently than nonnatives entering a novel recipient community. This
leads to the expectation that, while both native and
non-native species can influence ecosystem processes, native species do so primarily through
resource use efficiency and non-natives through sampling effects. Resource use efficiency would be
expected in a group of species that has had the opportunity to adapt, specialize, and partition resources
(Ruesink & Srivastava 2001). In contrast, in newly
introduced species, production might improve primarily through a sampling effect, because a small proportion of exotics strongly influences ecosystem functioning. A major research need is for small-scale studies
that explicitly address patterns of production across
richness levels of native species versus natives and
non-natives combined.

Because the Willapa Bay community has been irreversibly altered, it is difficult to reconstruct the biodiversity–ecosystem function relationship for native
species alone. However, the tremendous amount of
habitat available to invasion makes it very likely that
step functions have occurred in functions such as
primary production, detritus generation, filtration, and
sediment –water exchanges (Fig. 4). These step functions derive from gains in species, rather than from
losses. Some previously important species have declined in abundance, but none has been eliminated
entirely. Evidence from other systems suggests more
attention should be paid to ecosystem responses as
species invade. Outside of islands and lakes, introduced
species rarely cause outright extinction, although they
often change the relative abundance of species and
therefore diversity (Wilcove et al. 1998, Gurevitch &
Padilla 2004). Consequently, local invasions exceed
extinctions for many taxa (Sax et al. 2002), and theory
also suggests that global biotic homogenization will
tend to enhance local richness (Rosenzweig 2000).

Management response
Changes in production in Willapa Bay have had substantial economic consequences, as well as ecological. In
general, management is directed at fostering the production of bivalves and reducing the production of tracheophytes (even though these species all provide valuable
ecosystem functions where they are native). Introduced
Spartina alterniflora is targeted for control with herbicides, estimated at about 4000 l of imazapyr in 2004
(Hedge et al. 2003, Patten 2003). In contrast, introduced
bivalves are planted for economic benefit, which on a local scale precludes production by other species. Dredging during oyster culture can remove native eelgrass,
which is protected under a Washington state policy of no
net loss (Pawlak & Olson 1995), and pesticides (2000 kg
of carbaryl annually around 1990; WDF/WDOE 1992)
are sprayed to kill native burrowing shrimp Neotrypaea
californiensis (Dana, 1854), a ‘pest’ species that displaces
eelgrass and smothers oysters (Feldman et al. 2000,
Dumbauld & Wyllie-Echeverria 2003).
Within taxa, management also differs. At the same
time that millions of dollars are being spent on
Spartina control, Zostera japonica, another introduced
macrophyte in a similar habitat, is protected in Washington (Wonham 2003). Our analysis suggests that
the discrepancy stems in part from S. alterniflora’s
higher production and therefore impact in Willapa Bay
(Table 2). Similarly, introduced species of oysters and
clams are being farmed in preference to native species. Here too, relative productivity may weigh heavily
in aquaculturists’ decisions (Table 2).

Ruesink et al.: Introduced species and transformation of a ‘pristine’ estuary

The lesson from Spartina alterniflora and Zostera
japonica is that alterations of the food web can cause
management problems, which are difficult to reverse.
New species should be introduced with caution, and
spread of established invasive plants should be controlled. The lesson from Crassostrea gigas and Ruditapes philippinarum is that careful planting (preventing overexploitation) and protection of water quality
can result in sustained estuarine resources for humans.
While these bivalves cannot be eliminated, due to their
economic importance and widespread distribution, it is
possible that many feral oysters could be removed and
native oysters could be restored in subtidal areas.
Humans depend on the productivity of the earth’s
living systems, including estuarine ecosystems, and
they also transform the local species involved in production, both intentionally and unintentionally,
through introductions. The challenge facing managers
is to determine cumulative risk, where the impacts of
introduced species on native species, estuarine biodiversity, and ecosystem function are viewed in the
context of all the perturbations, natural and anthropogenic, that affect estuaries.
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ABSTRACT: Sedimentary habitats are complex associations of biotic, chemical, and physical processes comprising ‘ecosystem function’. The relative importance of these processes to biogeochemical cycling in highly reactive, permeable sediments remains poorly understood. We report results
from several field experiments in a muddy-sand intertidal flat dominated by 2 functionally different
types of bioturbating macrofauna in False Bay, Washington, USA: (1) the arenicolid polychaete
Abarenicola pacifica and (2) 2 species of thalassinid shrimp (Upogebia pugettensis and Neotrypaea
californiensis). Experimental plots composed primarily of one of the study taxa or mixed communities
of both were evaluated for their effects on porewater advection, solute concentrations, and sediment
characteristics. Fluorescein-impregnated acrylamide gels were used to infer rates of transport, and
acrylamide gel peepers were used to record porewater concentrations of diagenetically important
constituents among experimental plots. Laboratory studies evaluated rates of diffusive transport in
non-bioturbated sediments for comparative analysis. We found that (1) functionally different macrofauna affect rates of porewater advection in permeable sediments, (2) organism effects are not attributable to changes in average measures of sediment granulometry, (3) species interactions may
further complicate the advective environment and the resulting diagenetic processes, and (4) species
effects vary according to reaction rate kinetics. We hypothesize that species-related effects on transport are due to inhibition of arenicolid feeding by thalassinid tubes that serve to block sediment
fluidization and advective flow. Thus, specific behaviors and interactions among organisms appear to
affect transport rates and sediment function in advectively permeable habitats. The results indicate
the importance of integrating behavior, kinetics, and transport into future studies of sedimentary
biodiversity and ecosystem function.
KEY WORDS: Species interaction · Porewater advection · Arenicolid · Thalassinid · Biogeochemistry
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Marine sedimentary systems are complex associations
of biological, chemical, and physical processes that operate on varying spatial and temporal scales. From these
collective elements, ecosystem function emerges. The
difficulty in understanding intermediate- and smallscale process complexity of coastal sedimentary systems
arises, in part, from current limitations in our characterization of macro-organism interactions with physical and
biogeochemical processes (Marinelli & Waldbusser
2005). Studies increasingly point to the importance of

species-related differences in activity rates (Boudreau &
Marinelli 1994) and density-dependent processes
(Marinelli & Williams 2003, Lohrer et al. 2004) that create
geochemical variability with fundamental ecological
significance. For example, keystone species such as
urchins or maldanid polychaetes that alter local community structure and small-scale sediment geochemistry
have broad-scale effects on ecosystem function when
integrated over larger scales (Levin et al. 1997, Widdicombe & Austen 1998, Waldbusser et al. 2004). The
diagenetic setting, dictated by rates of organic input and
internal geochemical cycling (Canfield et al. 1993a,b,
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Thamdrup et al. 1994, Jahnke & Jahnke 2000), is an
additional element of complexity that co-determines
the outcome of ecosystem processes (Kristensen et al.
1985). Lastly, physical–biological interactions related to
boundary layer dynamics affect interfacial processes
(Eckman 1983, Huettel et al. 1998), with significant
implications for resource utilization (Taghon et al. 1980),
population dynamics (Eckman 1996), and sediment –
seawater exchange (Jahnke et al. 2000). Given the diversity of processes and potential interactions among them,
identification of mechanisms that alter system function is
crucial to developing predictable relationships between
ecosystem structure and function (Levin et al. 2001).
It is increasingly clear that consideration of the geochemical milieu helps elucidate the mechanisms by
which biodiversity alters system function. For example,
Waldbusser et al. (2004) found that biodiversity effects
associated with lower than predicted phosphate
fluxes (underyielding) were largely explained by depthintegrated oxygen concentrations within the sediment
and the effect of oxygen on phosphate adsorption. This
relationship was driven by the presence of 1 active deepdwelling organism in the experimental treatments and,
therefore, may be considered a selection effect (Wardle
1999). The extensive literature on diagenetic and other
sedimentary processes may readily provide explanatory
mechanisms for many of the effects found in biodiversity
and ecosystem function studies of sediments. Ongoing
debate regarding the nature of biodiversity effects (Kinzing et al. 2001) and lack of congruity among conclusions
from sediment-diversity experiments (Emmerson et al.
2001, Bolam et al. 2002, Biles et al. 2003) point to the
need for a more integrated and thorough investigation of
sediment dynamics.
Concurrent with the expansion of biodiversity research in benthic environments has been the increased
recognition of permeable sediments (and associated
porewater advective flows) as habitats of significant
and rapid biogeochemical cycling. As Rocha (2000)
argues, the basis for modern diagenetic research has
focused on non-permeable sediments, with diffusion
and bioirrigation as the primary transport mechanisms.
Extant bioirrigation models have successfully captured
average geochemical environments inhabited by organisms in diffusive sediments (Guinasso & Schink
1975, Aller 1980, Boudreau 1984). However, these
models generally are not suited to permeable sedimentary habitats due to assumptions regarding diffusive
transport around organism burrows. A common assumption regarding advectively dominated environments is the erasing of chemical potential gradients
generated by organism burrows, and therefore a
dampening or lack of sedimentary organism effects.
Rather, the primary importance of infauna in permeable sediments are as creators of topographic features

and associated pressure gradients that, in turn,
drive advective flow (Huettel & Webster 2001, but see
D’Andrea et al. 2002, 2004 for counter examples).
Furthermore, de Beer et al. (2005) estimated roughly
25% of the exchange between sediment and overlying
water on an advective intertidal sand flat was due
to bioturbational activities of infauna, emphasizing
the potential importance these communities may have
on geochemical cycling in permeable sediments.
Although recent findings indicate the importance of
infauna on sedimentary processes in permeable sediments, it is critical to biodiversity/ecosystem function
research that we understand whether functionally different species and interactions among them create
ecologically significant variance in permeable sediment processes.
In the current study, we conduct several field experiments in a muddy-sand intertidal flat dominated by 3
species of 2 functionally different bioturbating macrofauna, consider the complexity associated with nondiffusion-dominated environments, and discuss the
implications for biodiversity/ecosystem studies in
terms of species interactions. Our questions in this
study are as follows: (1) Do 2 functionally different bioturbating infauna have different effects on sedimentary processes in this permeable sedimentary habitat?
(2) Does the interaction between the 2 functional types
affect the transport of porewater and solute distributions? (3) What are the possible mechanisms for
any organism effects found on sediment dynamics?
(4) What are the implications for the future of biodiversity and ecosystem function research within permeable sediments, as well as in other habitats?

MATERIALS AND METHODS
Site and organisms. This study was conducted in
False Bay, Washington, USA (latitude = 48.488°, longitude = –123.065°), an intertidal flat approximately
1 km2 in area during maximum exposure, located on
San Juan Island. The tides are mixed semi-diurnal,
with a maximum tidal range of 4 m and daily exposure
times of nearly 12 h during late spring and summer,
imparting considerable temperature fluctuations of
overlying water and within the sediment (G. G. Waldbusser unpubl. data). The sediment column in the
study area was underlain by an impermeable clay
layer roughly 30 cm beneath the sediment surface. All
experiments were conducted at the +1 m tidal height
(from mean low water).
The study area is relatively pristine and has a diverse
infauna, including errant (e.g. nereidid and glycerid
polychaetes) and relatively sedentary species (e.g. the
bivalve Macoma sp. and lumbrinereid polychaetes).

Waldbusser & Marinelli: Macrofaunal modification of porewater advection

However, the dominant taxa are the lugworm Abarenicola pacifica and 2 species of thalassinid shrimp,
Upogebia pugettensis and Neotrypaea californiensis.
Maximum densities of surface features, a proxy for
organism density, were roughly 75 fecal mounds or
burrow openings m–2 for arenicolid and thalassinid
taxa, respectively (Krager & Woodin 1993, our Table 1).
No differentiation could be made between the thalassinid species without destructive sampling, and
therefore they are treated as 1 taxonomic unit.
The arenicolid and thalassinids are characterized by
differences in feeding mode and burrowing. Abarenicola pacifica is a head-down deposit feeder with a
body length of up to 10 cm. It maintains a mucus-lined,
j-shaped tube and feeds indirectly on surface material
by fluidizing the sediment above the feeding area at
the tube base and subducting surface material downward. Taghon (1988) measured fecal production rates
of up to 280 d–1 (grams of sediment to grams of ash-free
dry weight worm per day) for A. pacifica. A significant
body of literature exists on the ecology of arenicolids,
and the reader is directed to Hobson (1967), Brenchley
(1981), Riisgård & Banta (1998), Linton & Taghon
(2000), and references therein for further information.
The presence and abundance of A. pacifica can be
verified by characteristic fecal mounds found on the
sediment surface next to its well-formed tail shaft
(Krager & Woodin 1993).
In contrast, thalassinid species create large subsurface galleries with ≥1 openings to the sediment surface
(Nickell & Atkinson 1995). They excavate large volumes of sediment, often suspending fine particles,
increasing turbidity of the overlying water, and
negatively affecting other organisms (MacGinite 1930,
Suchanek 1983, Posey et al. 1991, Pinn et al. 1998,
Feldman et al. 2000). Both Upogebia pugettensis
and Neotrypaea californiensis are obligate burrow
dwellers, and are considered to be facultative suspension and deposit feeders, respectively (Posey et al.
1991). Further, differences in reproduction and lifehistory strategies seem to allow these sympatric species to co-occur (Dumbauld et al. 1996, Coelho et al.
2000, and references therein).
Experimental plots of areas dominated by the arenicolid, thalassinids, and mixed communities were identified in mid-June and maintained until the end of
August. Three 0.5 × 0.5 m plots within 3 larger blocks
were selected by visual inspection of the sediment surface for features characteristic of each taxon. All plots
within a block were within 1 to 2 m of each other, and
blocks were ~50 to 100 m apart and at similar tidal
heights. Plots were designated as (1) arenicolid dominated, (2) thalassinid dominated, or (3) mixed communities of the 2 taxa. At 3 intervals over the field season,
a series of daily photographs were taken at low tide
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(23 to 25 June, 19 to 22 July, and 4 to 7 August) to
verify these designations and the persistence of the
organisms. Photographic image data, used to estimate
the abundances of arenicolids and thalassinids by surface features, were analyzed using Image-J software.
Advection and diffusion measurements. The potential importance of advective porewater movement
within the experimental area was evaluated using a
conservative tracer, fluorescein, released from an acrylamide gel diffuser over an outgoing and incoming
tide. A 20% acrylamide gel plug (2.54 cm diameter,
5 cm length), containing 1 mg ml–1 fluorescein was
made according to Browne & Zimmer (2001). A 1 m
transect line was established parallel to the long axis of
the bay, on a sand bar with a gradual slope, within a
site that appeared to lack any obvious surface features
that would indicate the presence of large bioturbating
infauna. At 12:00 h the gel was inserted (via core
replacement) into the middle of the transect with the
center of the gel roughly at 5 cm depth. The gel was
then covered with sediment such that the surface was
flush with the surrounding area. Starting at 12:45 h
and every subsequent hour, a small volume (~1 ml) of
porewater was taken at 5 cm depth, along both directions of the linear transect, at 3 locations: 1, 3, and 5 cm
from the gel. The sample was obtained by inserting a
canula, attached to a syringe, to the 5 cm depth interval and gently withdrawing fluid at depth. The last
sample was taken at 18:30 h; this was the time the
incoming tide had begun to cover the experimental
area. We assumed that the major axis of flow would be
horizontal, based on the pressure gradient generated
by the retention and drainage of porewater within the
sediments, though some vertical transport probably
occurred. Upon retrieval, all samples were filtered
through a 0.45 μm filter and placed in a dark cooler
until analysis on a Turner-Quantech fluorometer. The
acrylamide gel plug was left in the sediment for 3 d
before retrieval on 26 May 2004, when the porewater
sampling was repeated, as above.
To evaluate the relative magnitude of advective versus diffusive transport in these sediments, a laboratory
experiment was conducted to measure tracer movement in a diffusion-dominated environment. Since diffusive transport is the sum of random non-directional
Brownian movements resulting in transport down a
gradient, the vertical or horizontal orientation of the
experimental set up is irrelevant on this spatial scale,
and thus measures of vertical diffusion in a controlled
experiment can be compared to measures of advective
transport measured in situ in a horizontal direction. A
PVC pipe 10 cm in diameter and 30 cm long was
capped on the bottom, outfitted with a vertical line of
sampling ports drilled at 1.5 cm intervals to a height of
15 cm, and fitted with rubber septa as described in
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Marinelli et al. (1998). A 20% acrylamide solution with
1 mg ml–1 fluorescein was made, poured into the bottom of the PVC pipe, and allowed to polymerize. Sediment from the study site was collected, mixed, and
defaunated by allowing the mixture to go anoxic for 2
wk. Once defaunated, the sediment was carefully
added to the pipe to a depth of roughly 10 cm on 9 July
2004 (Day 0). The diffusion experiment was kept at
constant room temperature, and did not reflect the
temperature variability found at the site. Temperature
changes of surface sediments due to solar heating
were roughly 10°C at the field site (G. G. Waldbusser
unpubl. data). Using the Wilke–Chang formula to calculate the temperature dependence of changes in the
diffusion coefficient of fluorescein (Browne & Zimmer
2001), the free solution diffusion coefficient varied by
0.1 × 10– 6 cm s–1, with a 10°C temperature change from
10 to 20°C. Thus, the consequence of not mimicking
field temperatures on diffusive transport is minimal.
Porewater samples (~1 to 2 ml) were taken on Days 10,
18, and 25, filtered, and analyzed for fluorescein
concentration immediately, as described above.
Fluorescein-loss experiments. To assess differences
in rates of porewater advection between plots dominated by functionally different fauna, we deployed
acrylamide gels infused with fluorescein in the experimental plots, described above. The fluorescein concentrations remaining in the gels after a given period of
time acted as a proxy for relative rates of porewater
advection. We hypothesized that gels in areas of
higher advective flows would lose fluorescein faster
due to the increased flushing of the surrounding sediment.
Acrylamide plugs (1.1 cm diameter, 9 cm length)
were made with a 15% gel (Browne & Zimmer 2001, as
above) containing 1 mg ml–1 fluorescein. After polymerization, the gels were removed from the cylinders
and wrapped individually in a single layer of No. 75
Nitex mesh. On 19 July 2004, 5 replicate gels were
deployed in each experimental plot (described above),
10 cm apart along a 0.5 m transect perpendicular to the
axis of advective flow measured previously. The gels
were retrieved on 21 July 2004 by taking a 5 cm diameter sediment core around the plug and then breaking apart the core to obtain the gel plug. Excess sediment was gently wiped from the exterior, and two
5 mm subsections of the plug were taken roughly
~1 cm from each end of the plug. The subsections were
placed in pre-weighed sample vials and covered with
foil to prevent photo-degradation of fluorescein within
the gels. Immediately upon returning from the field,
the sample vials were reweighed, and 2.5 ml of deionized (DI) water was added to each vial for backequilibration of fluorescein out of the gel and into solution. The samples were placed on a shaker table in the

dark for 48 h. The fluorescein concentration in the
back-equilibrated water was then determined via fluorometry, and the fluorescein remaining in the gel was
corrected based on the dilution factor and the volume
of the acrylamide.
Sediment porewater solutes. Porewater peepers,
containing acrylamide gels as solute recorders (modified from Hesslein 1976, Mortimer et al. 1999), were
used to measure depth profiles of ammonium, phosphate, silicate, alkalinity, and pH at the study site and
to evaluate the effects of biologically modified porewater flow on sediment biogeochemistry. Each peeper
had 10 wells (0.75 cm deep by 3.2 cm wide by 8 mm
high) of approximately 2 ml in volume, allowing the
measurement of a 10 cm profile from 1 cm below the
sediment surface to 11 cm depth. To each well, 2 ml of
a 15% acrylamide gel was added. Gels were made
with potassium persulfate as an initiator rather than
ammonium persulfate, to avoid ammonium contamination (Engstrom & Marinelli 2005). After polymerization,
the peeper wells were covered with 0.45 μm Magna
nylon filter paper and were prehydrated in 30 psu
NaCl solution for 5 d prior to deployment in the field on
4 August 2004. Peepers were deployed in the same
experimental plots used to measure fluorescein loss,
but 11 d after these experiments were concluded.
Three replicate peepers were deployed in each plot
within all 3 blocks, with the narrow edge facing the
dominant axis of flow. Peepers were retrieved on 10
August 2004 (6 d deployment), wiped clean of sediment, placed in plastic bags, and refrigerated. Subsequently, the individual gels from each depth interval
were removed using clean stainless steel spatulas and
latex gloves and placed in 15 ml sterile centrifuge tubes
containing 8 ml of DI water. For back-equilibration,
tubes were placed in the dark on a shaker table in a
cold room at 10°C for 48 h. Solutes and pH were then
measured on the back-equilibrated solution and corrected for the dilution. Random checks of salinity on
the back-equilibrated water were done to detect possible evapo-concentration of solutes within the gels,
either in the course of handling or during deployment
in the field.
Calculations were made to verify the response time
of the gels to changes in surrounding porewater concentrations. Using free solution diffusion coefficients
for ammonium, phosphate, and silicate (Boudreau
1997), the acrylamide-specific diffusion coefficients
were calculated and Bessel series summations were
performed as in Browne & Zimmer (2001). Roughly
10% or less of the solute would be present in the gel
(75 mm diffusion length based on well depth) after 1 d
of equilibration, if exposed to solute-free water. In
other words, it would take roughly 24 h for the gel to
equilibrate to within 90% of surrounding concentra-
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tions, if those concentrations were constant. Integrating the temporal variability associated with the tidal
draining and saturation of these sediments requires
extended sampling. We estimated that a deployment
time of 6 d would be sufficient to allow for the gels to
accurately record average porewater values; this was
true based on prior measures of sediment porewater
constituents using direct extraction (G. G. Waldbusser
unpubl. data). Therefore, gels successfully integrated
temporal variability in porewater constituents over the
deployment period.
Chemical analyses. Analyses of ammonium, phosphate, silicate, and alkalinity were performed on a
Smartchem discrete chemical analyzer (Westco Scientific). Ammonium was analyzed using a modification of
the phenol method as outlined by Koroleff (1976).
Phosphate analysis followed a modification of the Environmental Protection Agency’s (EPA) Method 365.2
and Eaton et al. (1995). Silicate was analyzed according to Strickland & Parsons (1972). Alkalinity was
determined using the methyl orange method (EPA
310.2). Dissolved inorganic carbon was calculated from
the pH and alkalinity measures by dissociation constants using a MATLAB routine (csys.m and equic.m)
developed by R. E. Zeebe and D. A. Wolf-Gladrow
(www.awi-bremerhaven.de/Carbon/co2book.html). The
measurement of pH was conducted using a pH electrode and meter (VWR Scientific Model 8000).
Sediment parameters and measured permeability.
Grain size analysis was conducted on composite
samples from each experimental plot using standard
sieving techniques and graphical analysis of the cumulative percent distributions following Folk & Ward
(1957). Three 3 cm diameter cores of roughly 7 cm
depth were taken from each plot and were combined
to obtain a composite sample of each plot on 14 August
2004. Composite samples were weighed, dried, and
reweighed to calculate porosity [volume pore water/
volume (sediment + porewater)]. A value of 2.65 g ml–1
was used to correct for the density of quartz, and
1.023 g ml–1, for seawater in the calculations. Permeability was calculated by the Rumpf –Gupte equation
(Boudreau 1997) using grain size and porosity measures. Sediment organic carbon and nitrogen were
determined for three 1 cm diameter surface cores
(0.5 to 1.0 cm depth) taken in each plot using a Carlo
Erba-440 elemental analyzer.
As an independent permeability measure, 1 intact
sediment core (5.08 cm diameter by ~10 cm high
sediment column) was taken in the middle of each
plot within 1 of the 3 blocks and returned to the
laboratory. These cores lacked obvious surface features that would indicate the presence of large bioturbating infauna. Permeability of these intact cores
was determined using the falling-head permeameter
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method (Gray 1958). The measured permeability is
based on the actual velocity of porewater movement
through an intact sediment core (given a certain
pressure head), whereas the calculated permeability
uses theoretical considerations and empirically derived relationships between porosity and grain size
(Boudreau 1997).
Data analysis. Porewater profiles were depthintegrated using trapezoidal integration. A 2-way
ANOVA, with treatment, block, and treatment × block
interaction effects, was used to analyze differences in
fluorescein-loss and integrated porewater data as a
function of the dominant taxon/treatment (arenicolid,
thalassinids, or mixed). The fluorescein-loss and
integrated porewater data were transformed to meet
the assumptions of normality and homogeneity of
variance in the ANOVA tests as follows: fluoresceinloss data and porewater data were natural log transformed, and organism abundance data were square
root transformed. When no block effect was found, the
block effect was dropped from the model, and data
were reanalyzed as a 1-way ANOVA. A Tukey–
Kramer correction was used on the individual Student’s t-tests of treatment differences. Statistically
determined outlier values were found and removed
from the fluorescein-loss analysis in 3 observations of
the thalassinid treatment and 1 observation of the
mixed treatment. All statistical analyses were conducted using SAS Version 8.
Two types of post hoc exploratory regression analyses were conducted to investigate possible density
dependence and interaction effects of these 2 species
on variability in sediment porewater constituents.
In the analyses, the abundance data obtained from
the August photographs were averaged over the 3 d
period. The chemistry data (3 replicates plot–1) were
not averaged for each experimental plot, in order to
reflect spatial variability of porewater within each plot.
The original treatment assignments of arenicolid, thalassinid, and mixed were ignored, and the densities of
each organism within all plots were regressed against
the porewater solute concentrations. We acknowledge
the observations are not independent, but point to 2
reasons why such a method may be appropriate in this
exploratory analysis. First, there is a lack of straightforward statistical analysis that may deal with variables
that vary on differing spatial scales, such as porewater
chemistry and organism abundance. If we were to
average up to the largest scale (plots in this analysis),
we would hide the variance of the porewater chemistry
that may be relevant and could be accounted for in a
regression analysis. Secondly, standard ANOVA is
simply a special case of regression, in which measures
of a dependent variable are assigned to an ordered
categorical independent variable. The determination
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of a significant slope in such a regression analysis
(ANOVA) is the equivalent of a significant treatment
effect in a 1-way ANOVA. Although our approach is
non-traditional, we feel the results provide considerable insight into the data in spite of the limitations of
such a post hoc exploratory analysis.
The first series of post hoc exploratory analyses consisted of simple linear regressions of each chemical
parameter versus organism density for each species
(as determined by surface features). The second series
of post hoc exploratory analyses contained multiple
linear regressions using each chemical parameter
versus organism density plus a species overlap index
(Schoener 1970). Species overlap was calculated by a
modification of Schoener’s index (1970):
Overlap = 1 – |pa – p t|
where pa is the proportion of arenicolids and p t is the
proportion of thalassinids. Application of a spatial overlap index would account for potential non-linearities
in sediment geochemistry resulting from interactions
among infauna. The closer in value the percentages of
the 2 species are, the smaller the absolute difference
between them and the closer to an overlap value of 1.
Overlap indices were arcsine transformed because
they were proportions. After transformations, all parameters within the data set were standardized (or nondimensionalized), so each parameter had a mean of 0
and a standard deviation of 1. These values have units
of standard deviations and are called standardized
deviates or Z-scores (Sokal & Rolf 1969) and are calculated by:
Zi =

Xi − μ
σ

where Xi is the value of parameter X and observation i,
μ is the mean of the measured parameter, σ is the
standard deviation of the measured parameter, and Zi
is the new standardized value of observation i. Regression parameters estimated using Z-scores can be
directly compared to each other even if the original
observations had different units. Differences in magnitude among the standardized regression parameters
can be used to investigate which dependent variables
(integrated porewater concentrations) are most influenced by density of arenicolids or thalassinids.
Assumptions (normality, homogeneity of variance)
were checked, and potential outliers were examined
using Cook’s distance, DFBETA values, and Studentized residuals (Sokal & Rolf 1969). In all cases, 1 to 3
outliers were detected, and in most cases it was the
same observation for different solutes; therefore, those
points were excluded from the regression as true
outliers due to overly influential effects on parameter
estimates.

RESULTS
Organism abundance
Results from the photographic surveys indicate the
treatment assignments were appropriate and differences among plots remained relatively consistent with
time (Table 1). No attempt was made to control or
regulate the actual abundance of the 2 major taxa in
the plots throughout the course of these experiments,
because we wanted to minimize disturbance to the
sediment fabric. Therefore, small changes in the relative abundances were expected due to natural variability associated with undisturbed habitats, and minor
variability in surface features not directly related to
abundance.

Advection and diffusion experiments
Results from the field measurements of tracer
release from a gel diffuser indicate that advective
flows are occurring in these sediments over a tidal
cycle. Measurable fluorescein concentrations were
found 1 cm from the gel source toward the mouth of

Table 1. Density of surface features per square meter (mean ±
SD) from photographic surveys of experimental plots for the 3
blocks and for 2 of the 3 experiment dates. July values
correspond to the fluorescein-loss experiments, and the
August values correspond to the porewater peeper experiments. Values represent number of fecal mounds (arenicolids,
Abarenicola pacifica) and burrow openings (thalassinids,
Upogebia pugettensis and Neotrypaea californiensis). The
last column is the ratio of fecal mounds to burrow openings
for each plot
Date
Plot

Block

July
Arenicolid
Mixed
Thalassinid

August
Arenicolid
Mixed
Thalassinid

Surface features
Arenicolid
Thalassinid

Ratio

I
II
III
I
II
III
I
II
III

49.33 ± 7.42
70.66 ± 9.61
36.00 ± 6.92
37.33 ± 2.66
20.00 ± 6.11
21.33 ± 3.52
2.00 ± 2.00
2.66 ± 1.33
2.66 ± 1.33

2.66 ± 1.33
16.00 ± 4.00
12.00 ± 0.00
21.33 ± 4.80
50.66 ± 5.81
54.66 ± 2.66
34.00 ± 6.00
61.33 ± 9.61
62.66 ± 8.11

18.54
4.41
3.00
1.75
0.39
0.39
0.05
0.04
0.04

I
II
III
I
II
III
I
II
III

74.66 ± 10.41
81.33 ± 3.52
37.33 ± 3.52
50.00 ± 10.00
25.33 ± 4.80
36.00 ± 4.00
1.33 ± 1.33
9.33 ± 1.33
6.66 ± 6.66

18.66 ± 2.66
25.33 ± 9.33
28.00 ± 4.00
28.00 ± 4.00
50.66 ± 10.41
58.66 ± 3.52
65.33 ± 11.85
74.66 ± 13.13
48.00 ± 6.92

4.00
3.21
1.33
1.78
0.50
0.61
0.02
0.12
0.13
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Sediment fluorescein on Day 3
30

Fluorescein (µg ml-1)

the bay and slightly down slope 1 h and 45 min from
the time of insertion, with a maximum (75 μg ml–1)
occurring at 3 h and 45 min from gel insertion (Fig. 1).
On the opposite side of the gel, maximum fluorescein
concentrations at 1 cm distance reached a peak of
only ~2 μg ml–1 (data not shown). Thus, transport was
asymmetric and rapid, likely due to advective processes associated with pressure gradients generated
during drainage of the tidal flat. A concern of extracting porewater samples is the possibility of inducing
transport via the removal of porewater. Although we
cannot unequivocally dismiss some sampling effect of
porewater extraction, the directionality of the measured transport is suggestive of advection. The missing section of the curve in Fig. 1 (4 h and 45 min from
time of gel insertion) was due to little to no
extractable porewater in the sediments at 5 cm depth.
Three days subsequent to the gel insertion, porewater
samples were again taken at 5 cm depth along the
same transect as the first sample set (Fig. 2). Results
confirm a similar pattern of asymmetrical concentration gradients.
A comparison of tracer concentration and transport
time in the field to that obtained in the laboratory diffusion experiments confirms the occurrence of advective porewater movement in these sediments. Compared to field data (~80 μg ml–1 at 1 cm after 0.17 d), a
similar concentration in the diffusion experiment was

25
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5
0
-10
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20

30

40

Distance from gel source (cm)
Fig. 2. Spatial transect showing fluorescein concentration at
5 cm depth on 26 May 2004, 3 d after the gel was inserted.
The peak at 1 cm illustrates the effect of tidally induced pressure gradients on porewater movement and indicates directional (advective) transport. The solid vertical line at x = 0
represents the location of the fluorescein-impregnated gel

found between 10 d (5.50 μg ml–1 at 1.5 cm) and 18 d
(95.00 μg ml–1 at 1.5 cm) (Fig. 3). The difference in time
and concentration between advection field experiments and diffusion experiments indicates that advective processes have substantial impacts on porewater
transport in this habitat.
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Day 10
Day 18
Day 25
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6

Distance from source (cm)

1

Estimated tidal height (m)

Fluorescein (µg ml-1)

80

5
4
3
2
1

Time from gel insertion (h)
0

Fig. 1. Results from preliminary studies of porewater advection in False Bay sediments. Left y-axis shows fluorescein
concentration (solid line) at 1 cm distance from the gel edge,
toward the mouth of the bay, at 5 cm depth in the sediment.
The x-axis is the time from gel insertion into the sediment.
The broken section of the solid line corresponds to the sampling period when no porewater could be extracted from the
sediment. Right y-axis shows estimated tidal height (dotted
line) in False Bay in meters, based on observations and predicted tides in Friday Harbor. The directionality in concentration away from the gel plug down slope and not up indicates
the importance of tidally generated pressure gradients in
facilitating porewater advection

1

10

100

1000

Fluorescein +1 (µg ml-1)
Fig. 3. Time series of fluorescein concentration profiles obtained from diffusion experiment in a controlled sediment
tower with no advective transport. The profiles refer to time
from initiation of the experiment. The vertical line is the theoretical profile at steady state (Stdy St.), assuming no loss of
tracer. This profile was calculated based on the known concentration of tracer in a given volume of gel, volume of
sediment and water in the column overlying the gel, and a
representative porosity of the sediments in the experiments.
Depth 0 is the depth adjacent to the acrylamide gel source
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Fluorescein-loss experiments

Fluorescein (µg ml-1)
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a
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Aren

Mixed

Thal

Treatment
Fig. 4. Mean values (±1 SE) of fluorescein remaining in the
gels for each treatment: arenicolid (aren), mixed and thalassinid (thal). Data are pooled for block and depth as no significant effect was found for either factor. Common letters
indicate no significant difference between treatments

0
2

Depth (cm)

The recovery of the fluorescein-impregnated gels
was not completely efficient. For each treatment, there
should have been a total of 30 observations (5 surface
and 5 deep gel sections per plot in each of 3 blocks).
The actual recoverable gel samples for each treatment
were 23, 15, 25 for the arenicolid, mixed, and thalassinid treatments, respectively. Thus, the degrees of
freedom were relatively balanced between the arenicolid and thalassinid treatments, but the mixed treatment had fewer observations.
In spite of these difficulties, significant differences
were found in the fluorescein-loss data (p < 0.0001,
F2,58.7 = 14.03). Fluorescein loss was higher in the
arenicolid plots relative to the thalassinid and mixed
plots, suggesting that porewater transport was highest
in arenicolid regions. No significant effect of depth (p =
0.2480, F1,57 = 1.36) or block (p = 0.3018, F2,57 = 1.22)
was found; therefore, the data were pooled and a
1-way ANOVA was conducted with block and depth as
covariates. Once again, a significant treatment effect
was found, with the arenicolid plots showing significantly less fluorescein remaining in the gels relative to
the mixed (p = 0.0049, t59.5 = 3.28) and thalassinid plots
(p < 0.0001, t57.6 = 5.19), respectively. No significant difference was found between the mixed and thalassinid
plots (p = 0.5368, t59.4 = 1.07) (Fig. 4). These differences
in fluorescein loss suggest that macrofaunal species
composition is an important regulator of the extent of
advective transport in permeable sediments. In particular, the arenicolids appear to be greater facilitators of
advective transport relative to thalassinids. The lack of
difference between deep (~8 cm) and surface (~2 cm)
sections of the gel also indicate that these differences
are not driven by organism effects on surface topography. Surface topography–driven flows tend to have
shallow (3 to 5 cm) penetration into the sediment
column (e.g. Huettel et al. 1998).

Thal NH4
Thal PO4
Thal Si(OH)4

Aren NH4
Aren PO4
Aren Si(OH)4

4
6
8
10
12
0.1

1

10

100

1000

Concentration (µM)
Fig. 5. Representative porewater profiles from 2 peeper
deployments, 1 in an arenicolid (aren) plot (filled symbols)
and 1 in a thalassinid (thal) plot (open symbols). Profiles of
ammonium (circle), phosphate (square), and silicate (triangle)
are shown

Sediment porewater solutes
The porewater peepers with acrylamide gels appeared
to accurately record average porewater solute concentrations (Fig. 5), and corresponded well to direct porewater extractions at this site (Marinelli 1994, G. G.
Waldbusser unpubl. data). Overall trends in the porewater data support differential rates of porewater
transport associated with the different taxa in this
study. In most cases the depth-integrated porewater
concentrations were lower in the arenicolid plots relative to the thalassinid plots (Fig. 6). However, mixed
plots showed considerable variation. For all solutes
measured (NH4+, PO43 –, Si(OH)4, dissolved inorganic
carbon (DIC), alkalinity, and pH), there was a significant treatment × block interaction in the 2-way
ANOVA, making the interpretation of main treatment
effects somewhat difficult (Table 2, Fig. 6). Closer
examination of the data revealed that, in most cases,
the interaction is driven by significant variation in the
mixed treatment across blocks, perhaps associated
with differences in abundance of the 2 organisms in
these plots (Table 1). Because of the significant interaction terms in the original 2-way ANOVA, the possibility of density-dependent effects (Tables 1 & 2), and
the kinetic differences in solute reaction rates, post hoc
regression analyses were conducted to explore relationships between organism density and porewater
solute concentrations.
Linear regression results support the prediction of
both density effects and kinetic effects. Parameter esti-
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Ammonium

DIC

Porewater solute concentration (µmol cm-2)
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4.0
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8
Phosphate
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A ri
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results also indicate a positive relationship
between degree of species overlap and
depth-integrated porewater concentrations of silicate, ammonium and DIC. This
suggests that, while species identity and
kinetic effects may contribute to overall
porewater concentrations (Table 3), species interaction effects are also operative.

Silicate

0.2

3.0

Sediment parameters

2.0

Granulometric analysis of composite
sediment samples indicated very little
Mi
difference in sediment grain size, poro1.0
Th
Th
Ar
Th
Th
sity, and other measures among the exMi
Mi
Ar
Ar
perimental plots (Table 5). This argues
A ri
M
Ar
Ar
0.0
0.0
against the hypothesis that the effects of
I
II
III
I
II
III
the different organisms on porewater
Fig. 6. Calculated least square means and standard errors for depth-integrated
transport are related directly to changes in
porewater profiles of each plot within each block (I to III). The x-axis refers
bulk sediment characteristics. In addition,
to block number; the y-axis is the depth-integrated porewater solute concentration (μmol cm–2). Note: scales are different. Ar: arenicolid; Mi: mixed;
organic C and N measures of surficial
Th: thalassinid; DIC: dissolved inorganic carbon
sediments among plots also show very
little difference (Table 5).
Consistent with the bulk sediment analyses, the calmates suggest a stronger, negative effect of arenicolid
culated permeability from each site shows no clear disdensity and a positive effect of thalassinid density, on
tinction as a function of experimental treatment, nor is
ammonium and phosphate concentration relative to
it related to fluorescein-loss data (Figs. 4 & 7). A simple
silicate concentration (Table 3). However, a pattern
linear regression between fluorescein remaining in the
was detected in the distribution of the residuals for
gels and the calculated permeability for the experiseveral of the simple linear regressions. Positive residmental plots was not significant (p = 0.6038, F1,8 = 0.30,
uals were clustered about intermediate abundances
(occurring generally in mixed plots), and negative
R2 = 0.04). The porosity measures could be biased
toward low values, since the sediment samples were
residuals were found at the extremes (occurring genertaken at low tide and the drainage may have removed
ally in the single species plots). The presence of this
non-random pattern in residuals, as well as failure of
some of the water, though this should not affect
the data to meet the Shapiro–Wilks’ test for normality,
among-site comparisons. However, the values calculated by the loss of weight via drying are very close to
indicates that an additional variable may be needed in
the regression analyses.
The results from multiple linear regressions, with
Table 3. Results from the standardized simple linear regresoverlap index, show better fits than the single linear
sion analysis for effects of arenicolid and thalassinid density
models in most cases, as indicated by p-values and
on integrated porewater solute concentrations. Analyses were
2
adjusted R of the 2 parameter model (Table 4). The
0.1

Th

Mi

Th

Mi

Table 2. F-values for the interaction terms in the 2-way
ANOVA for block (blk) and treatment (trt) effects. The
interaction is highly significant in all cases except silicate.
DIC: dissolved inorganic carbon
Solute
Ammonium
Phosphate
Silicate
DIC
Alkalinity
pH

Effect

df

F-value

p-value

blk × trt
blk × trt
blk × trt
blk × trt
blk × trt
blk × trt

4,18
4,18
4,18
4,18
4,18
4,18

6.89
6.57
4.16
5.95
6.83
10.32

0.0015
0.0019
0.0148
0.0031
0.0016
0.0002

performed on standardized data; therefore, the parameter estimates are directly comparable. Significance: *p = 0.05, **p =
0.01, and ***p = 0.001. Degrees of freedom for each analysis
were between 27 and 24 and dependent on outlier detection
and removal. Adj.: adjusted; DIC: dissolved inorganic carbon
Solute

Arenicolid
Estimate Adj. R2

Thalassinid
Estimate Adj. R2

Ammonium
Phosphate
Silicate
DIC
Alkalinity
pH

–0.698*** 0.42
–0.532*** 0.37
–0.412**
0.24
–0.505*
0.18
–0.616*** 0.38
–0.109
–0.03

0.737***
0.678***
0.456***
0.411***
0.829***
0.126***

0.49
0.59
0.39
0.14
0.68
–0.02
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milieu of marine sediments requires investigation of geochemical and physical processes in concert with biological characterization. Geochemical parameters such as
organic matter input and reaction rate
kinetics, physical parameters such as
boundary layer interactions, and sediment
Solute
Aren & overlap
Thal & overlap
Aren
Overlap Adj. R2
Thal
Overlap Adj. R2
granulometry all interact with organism
characteristics (behavior, activity rates)
Ammonium –0.972*** 0.439*
0.50
0.901***
0.180
0.55
and community level processes (density
Phosphate
–0.684*** 0.227
0.40
0.808***
0.183
0.60
dependence) to determine the ecological
Silicate
–0.783*** 0.514** 0.48
0.670***
0.329** 0.58
landscape. Integration of these features
DIC
–0.690** 0.647** 0.29
0.766***
0.643*** 0.48
Alkalinity
–0.617** 0.067
0.37
0.879***
0.114
0.68
over various scales in space and time
pH
0.041
0.110
–0.06
0.068***
0.007
–0.08
determine the emergent ecosystem function.
The results from the present study underscore the
earlier porosity measures made in the same area by
need for an integrative approach to studies of advecusing direct measurements of changes in volume of
tively permeable sediments, an environment that is
dried sediment added to known volumes of water
prominent and biogeochemically significant in coastal
(G. G. Waldbusser unpubl. data).
and continental shelf habitats (Jahnke et al. 2000,
Results of the measured permeability using the
falling-head permeameter experiments of intact sediment cores taken from Block I showed the following
Arenicolid
4
coefficients of permeability: arenicolid (26.49 cm h–1),
Mixed
mixed (18.55 cm h–1), and thalassinid (23.60 cm h–1). As
Thalassinid
noted above, these values were based on 1 core from
each site and, therefore, do not capture the extent of
3
variability within the experimental plots. Qualitative
comparison of the calculated permeability (Fig. 7) and
the measured permeability (above) show similar pat2
terns in the values between arenicolid and thalassinid
plots, but not in the mixed plot.

DISCUSSION
To understand the effect of biodiversity and community structure on system function in benthic environments, it is important to adopt a mechanistic approach
that includes both organisms and processes (Bolam et
al. 2002, Reise 2002, Lohrer et al. 2004). The complex

Calculated Permeability x 10-11 (m-2)

Table 4. Results from the standardized multiple linear regression analysis inclusive of the overlap index and density effects on integrated porewater
solute concentration. Parameter estimates for both density and overlap are
presented for models run with arenicolid (Aren) density and thalassinid
(Thal) density for each solute. Significance: *p = 0.05, **p = 0.01, and
***p = 0.001. Adj.: adjusted; DIC: dissolved inorganic carbon

1

0
I

II

III

Block
Fig. 7. Calculated permeability by the Rumpf –Gupte equation for composite samples from each plot among blocks

Table 5. Sediment characteristics from composite samples of all the experimental plots, blocks (I, II, III), and treatments
(M: mixed; A: arenicolid; T: thalassinid). Organic carbon and nitrogen are from replicate samples (3) within each plot (in %w/w,
±1 SD); standard deviations in organic nitrogen within site were < 0.00. Categorical classification of sediments is given in the
right-hand column (from Folk & Ward 1957)
Measure
Grain (phi)
Sorting
Skewness
Kurtosis
Porosity
Organic C
Org. C SD
Organic N

I/M

I/A

I/T

II/M

II/A

II/T

III/M

III/A

III/T

Classification

2.88
1.78
0.00
1.11
0.44
0.17
± 0.01±
0.02

2.88
1.78
0.01
1.11
0.43
0.21
± 0.09 ±
0.02

2.93
1.78
0.01
1.08
0.42
0.21
± 0.02 ±
0.03

2.93
1.91
–0.02–
1.05
0.42
0.19
± 0.01±
0.03

2.71
1.77
–0.02–
1.08
0.41
0.18
± 0.01±
0.02

2.83
1.84
–0.01–
1.07
0.43
0.21
± 0.03 ±
0.03

3.11
1.88
0.01
1.08
0.44
0.18
± 0.01±
0.02

2.99
1.79
0.01
1.07
0.44
0.20
± 0.06 ±
0.02

3.07
1.86
0.02
1.09
0.44
0.17
± 0.02 ±
0.02

Fine sands
Poorly sorted
Symmetrical
Mesokurtic
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2003, Rocha 2000, Rusch et al. 2001, Reimers et al.
2004). Such environments are characterized by porous
sediments with low standing stock but high throughput of organic material and rapid rates of biogeochemical cycling and porewater exchange (Marinelli et al.
1998). We utilized the natural variability of dominant
infauna in this permeable sediment habitat to more
accurately represent the role of functionally different
infauna and their interaction on ecosystem-type processes over previous manipulated experimental systems. An important concern in using unmanipulated
naturally occurring infaunal communities is the potential for other larger-scale correlated parameters to be
the drivers of among-treatment variability. The spatial
proximity of plots, lack of differences in granulometry,
and lack of any noticeable pattern in species distributions across the flat all indicate that species distributions (on the scale of the experiment) are not the result
of larger-scale physical factors that may be confounding treatment effects. In other words, on our scales of
measurement, the biology seems to be a causative
agent, not responding to our measured parameters. We
have shown that (1) functionally different macrofauna
affect rates of porewater advection in permeable sediments, (2) the effects are not attributable to changes in
average vertically integrated measures of sediment
granulometry or other plot-specific characteristics that
may be due to non-biological effects, (3) species interactions may further complicate the advective environment and the resulting diagenetic processes, and (4)
species effects on geochemistry vary according to
reaction rate kinetics of particular spoutes (described
below).
Previous studies of infaunal effects on permeable
sediments have emphasized surface processes related
to topographic variation or sediment disturbance
(Huettel et al. 1998, D’Andrea et al. 2002). This study
emphasizes below-surface processes, including species-specific effects and species interactions. Although
D’Andrea et al. (2002) also examined below-surface
effects on sediment dynamics, our results suggest a
different suite of mechanisms for organism effects on
transport. In their study, thalassinids were found to
increase organic matter reaction rates in closer proximity to burrows and to increase flushing rates at depth
in the less-permanent sections of the burrow. Our
study emphasizes the effects of functionally different
species’ burrow morphology and feeding behavior on
below-surface advective transport. In addition, belowsurface species interactions appear to promote nonlinear relationships between infauna and sediment
geochemistry that may form the basis for ‘biodiversity
effects’ in sedimentary habitats (Waldbusser et al. 2004).
Surface processes that generate porewater advection include surface gravity waves in shallow water
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and interactions between surface topography and fluid
flow fields (Huettel & Gust 1992, Reimers et al. 2004).
Both of these mechanisms are present at False Bay.
However, the lack of difference between near surface
and deep sections of the gel indicates that transport
does not decrease with depth (across the interval we
studied, surface to ~10 cm), as is often the case with
surface processes affecting the upper 5 cm of the sediment column (Huettel et al. 1998). Examination of the
photographic data found roughly 5 to 7 sand ripple
peaks in the sediment surface across a 50 cm transect,
corresponding to an average ripple wave length of
roughly 10 cm. The shape of the ripples indicates that
the dominant flow direction during the flood tide is
counter to the direction of the tracer gradient after 3 d
of gel deployment (Fig. 2). Observations made during
the gel diffuser experiments found that overlying
water covers the sediment faster than it can percolate
through it horizontally due to the pressure gradient.
Therefore, the lack of a depth effect on fluorescein
loss, the size and shape of the sediment ripples, and
the observed direction of tracer transport all indicate
that pressure gradients associated with tidal drainage
and flooding, coupled with fine-scale variation driven
by organisms, are likely the dominant mechanisms driving patterns of advective exchange. Other sources of
pressure differentials, such as boundary interactions,
surface gravity waves, and thermal convection, may
also contribute to rapid transport within these sediments.
The fluorescein-loss experiments and sedimentpermeability analyses suggest that fine-scale measurements and consideration of organism behavior may be
necessary to capture the mechanisms that promote
the observed species differences in advective flow.
Finer-scale features, such as burrow wall composition
or channels associated with feeding and sediment
fluffing, are likely to be extremely important in either
blocking or facilitating flow; these are not captured by
traditional bulk analyses. More advanced measures
such as high-resolution CT Scan or ultrasound may be
required to reveal these features and their significance
to transport in coastal sediments (Solan et al. 2003,
Wethey & Woodin 2005). Therefore, based on our
findings and many prior studies, we must look to
organism-specific attributes for discerning the mechanism(s) behind the differences we found.
We hypothesize that the higher flushing rates found
in the arenicolid plots compared to the thalassinid plots
probably relate to differences in motility, feeding, and
burrow construction between the 2 dominant taxa.
During feeding, arenicolids fluidize sediment at the
base of the feeding area and create localized hot spots
of vertical advective throughput (Huettel 1990, Riisgård & Banta 1998, Timmermann et al. 2002, 2003).
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In addition, recent ultrasound measurements (Wethey
& Woodin 2005) indicate advective pumping of the
area immediately below and surrounding the burrow
opening (upper 2 to 3 cm) during near hourly defecation events. The effects of vertical advective displacement of particles and fluid by arenicolids may directly
or indirectly influence the rate of horizontal transport
due to pressure gradients generated through tidal sediment saturation and draining. Arenicolids also appear
to move reasonably frequently (Krager & Woodin
1993), perhaps in response to food patches (S. A.
Woodin unpubl. data), ammonium concentrations
(R. L. Marinelli unpubl. data), or in relation to life stage
(Linton & Taghon 2000). Thus, sediment fluidization
and movement may link resources and life history with
advective transport. The potential effect of these linkages and their relation to microbial activity, benthic
primary production, and nutrient cycling has been
noted by Jumars et al. (1990), but little to no empirical
evidence exists to verify or nullify these ideas.
In contrast to arenicolids, thalassinids create large
feeding galleries where they feed directly in the sediment within the gallery (Neotrypaea californiensis),
or filter feed by pumping overlying water (Upogebia
pugettensis). Some investigators have suggested that
microbes yielded through ‘gardening’ are also an important food source for thalassinids (Jumars et al.
1990, Kinoshita et al. 2003). Thalassinid species are
often observed to eject fines (MacGinite 1930,
Suchanek 1983, Posey et al. 1991, Pinn et al. 1998,
Feldman et al. 2000) or have high pumping rates of
burrow water compared to the physical processes of
tidal exchange (Dworschak 1981); therefore, it should
be expected that they would, in turn, increase the
transport rates of porewater within sediments and
affect rates of organic matter remineralization (Ziebis
et al. 1996, D’Andrea et al. 2002). In contrast to prior
studies, our study found no difference in grain size
distributions (Table 5), and transport rates were
slower in thalassinid areas compared to arenicolid
areas (Fig. 4), though true organism-free control plots
were lacking. It should also be noted that surface features often found in association with thalassinid burrows were lacking from the experimental area. The
redistribution of the fine-grained sediment during
tidal flows or the dominance of the filter-feeding U.
pugettensis (Griffis & Suchanek 1991) are 2 potential
reasons sediment mounds associated with burrow
openings were not found. Observations from various
burrows around the experimental site found that the
upper portions of the thalassinid burrows are thickly
lined with clay and appear to be impermeable. In addition, pressure sensors placed near thalassinid burrows
indicate little to no signal associated with feeding or
movement, suggesting the walls are extremely thick

relative to arenicolid burrow walls (D. S. Wethey & S.
A. Woodin unpubl. data). We suggest that thalassinids
in False Bay actually decrease bulk permeability
through creation of near-solid structures that serve to
interrupt flow. Analogous to pipes running through
the sediment column, these near-solid structures may
interfere with arenicolid feeding via inhibition of sediment fluidization and subduction.
The use of organism density in our analyses of porewater solutes coupled with kinetic differences among
the solutes provides a mechanistic basis for interpreting the complex results obtained. The significant
block by treatment interactions in the original 2-way
ANOVA of porewater data are not surprising, given
the differences in relative densities of the 2 experimental organisms across the mixed treatments (Table 1).
Prior investigations of benthic community dynamics
and sedimentary functioning used biomass to account
for bulk organism effects (Emmerson et al. 2001, Bolam
et al. 2002), but measures of abundance more explicitly
account for the effects of burrow surface area on
sediment –seawater exchange (Aller 1980) and individual interactions (Marinelli 1994). Furthermore,
recent investigators have found density-dependent
effects on sediment chemistry (Gilbert et al. 2003,
Marinelli & Williams 2003, Lohrer et al. 2004), driven
in part by kinetic effects. We predicted that, based
on kinetics arguments (Aller 1980, Marinelli 1992,
Boudreau & Marinelli 1994), ammonium and phosphate should be most sensitive to advective processes
facilitated by infauna and exhibit strong density
dependence. Both ammonium and phosphate are produced by organic matter decomposition, and production is not affected by porewater concentration. Such
solutes are highly sensitive to the degree of biologically mediated transport in sediments. Phosphate also
is readily adsorbed to particles in the presence of
oxygen, so rapid advection of oxic seawater is likely to
further decrease phosphate concentrations in the porewater. Conversely, silica dissolution is abiotic, partly
controlled by the degree of saturation, and less sensitive to biologically driven transport. Thus, differences
in the effects of infauna on solute concentration may
relate in part to interactions between density and
reaction rate kinetics, as observed in the regression
parameters (Tables 3 & 4).
The inclusion of the overlap parameter also resulted
in better model fits, a more detectable density effect,
and some congruence with the expected relationship
between density, kinetics, and solute loss (Table 4). A
possible mechanism behind the significant overlap
effect may lie in our proposed interaction between
arenicolids and thalassinids, where thalassinid burrows act as impermeable objects that restrict the feeding and fluidizing behaviors of the arenicolids. Posey
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et al. (1991), and references therein, have shown the
negative effects of thalassinids on smaller macrofauna related to bioturbation and/or adult –larval interactions. Similar negative effects have been documented with arenicolid feeding and depositional burial
of smaller macrofauna (Riisgård & Banta 1998, and
references therein). More importantly to the current
study, we present a potential inhibition of arenicolid
feeding by thalassinid burrows, linking organism behavior and transport mechanisms in sediments, possibly cascading into ecosystem functions such as nutrient cycling, microbial dynamics, and benthic primary
production. Current models of advective transport
include bulk sediment parameters and hydraulic pressure heads (Boudreau 1997), but do not reflect this
level of complexity. Experiments incorporating the
fine-scale measures of these processes are required if
we are to incorporate biologically complex parameters
into current models of elemental cycling in permeable
sediments and into our evaluation of ecosystem services provided by coastal habitats.
Complex associations of the biological, chemical,
and physical processes co-act to determine ecosystem
function. Our findings illustrate the importance of behavior and ecological considerations in studies of sediment dynamics and, conversely, the importance of
dynamics and processes in studies of biodiversity and
ecosystem function. Developing predictive models of
the effects that species loss has on the functioning of
coastal systems requires a mechanistic, process-based
approach. Given the broad scope of anthropogenic
impacts on many coastal ecosystems and the well documented changes in the structure of the coastal marine
biological community (Levin et al. 2001), integrative
studies are critical to understanding and maintaining
living resources.
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ABSTRACT: Biodiversity at multiple levels — genotypes within species, species within functional
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ecosystems. Several themes emerge from a review of the mostly indirect evidence and the few experiments that explicitly manipulated diversity in seagrass systems. First, because many seagrass communities are dominated by 1 or a few plant species, genetic and phenotypic diversity within such
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processes often depend on interactions among habitats within a landscape (landscape diversity).
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consumers among adjacent habitats influence nutrient fluxes, trophic transfer, fishery production,
and species diversity. Future investigations of biodiversity effects on processes within seagrass and
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Seagrass beds are among the most widespread and
productive coastal ecosystem types worldwide, and
range from the tropics to boreal margins of every
ocean (Hemminga & Duarte 2000). Seagrasses provide
physical structure on otherwise largely featureless
sediment bottoms, enhancing community diversity,
biomass, and primary and secondary production. The
leaves provide a substratum for growth of epiphytic
microalgae that fuel food webs and a shelter for invertebrates and fishes that reach substantially greater
densities than in unvegetated benthic habitats (Heck &
Orth 1980, Orth et al. 1984). This combined productivity of seagrasses and associated algae ranks seagrass
beds among the most productive ecosystems on earth
(Duarte & Cebrián 1996), and their provision of nursery

areas for juvenile stages of commercially important
species (Heck et al. 2003) contributes significantly to
the economic importance of estuarine fisheries (Anderson 1989, Costanza et al. 1997). Moreover, because
much seagrass production ends up in below-ground
tissues and ungrazed detritus, seagrass beds are an
important global sink for carbon, accounting for an
estimated 15% of net CO2 uptake by marine organisms
on a global scale, despite contributing only 1% of
marine primary production (Duarte & Chiscano 1999).
Unfortunately, seagrass beds are also among the
most threatened of marine habitats (Short & WyllieEchevarria 1996, Duarte 2002). As in most other
shallow marine ecosystems, 3 threats stand out as
being especially pervasive. These are eutrophication
(Howarth et al. 2000, Cloern 2001), overfishing (Jackson et al. 2001), and the destruction of physical and

*Email: jeduffy@vims.edu

© Inter-Research 2006 · www.int-res.com

INTRODUCTION

234

Mar Ecol Prog Ser 311: 233–250, 2006

biogenic habitat (Watling & Norse 1998, Thrush & Dayton 2002). These impacts, along with pollution, have
caused major changes in abundance, species composition, and structure of marine communities, including
regional and even global extinctions (Carlton et al.
1999, Jackson et al. 2001). Of the several types of
human insults that the natural world faces, however,
species extinction is arguably unique in being the only
one that is irreversible. Thus, there are compelling
reasons for understanding how declining biodiversity
mediates ecosystem functional processes such as productivity, trophic transfer, and carbon storage.
Recognizing these links, the potential influence of
changing biodiversity on ecosystem functioning (BEF)
has become a central topic in ecology and conservation
biology (Tilman 1999, Loreau et al. 2001, Naeem 2002,
Srivastava & Vellend 2005) and a controversial one
(Huston 1994, Huston et al. 2000, Schwartz et al. 2000,
Wardle et al. 2000). By ecosystem functioning, I mean
aggregate processes of whole ecosystems, such as primary and secondary production, trophic transfer, biogeochemical fluxes, and resistance and resilience
of ecosystem-level properties to disturbance. In this
review, I consider whether and how changing biodiversity, across a hierarchy of taxonomic and ecological
scales, may influence the functioning of seagrass ecosystems, based on the few explicit experimental tests
of such relationships and on inferences from other lines
of evidence. I close with thoughts on how this research
might inform our response to mitigating worldwide
seagrass decline and its consequences for ecosystem
services important to human society.

FUNCTIONAL ASPECTS OF BIODIVERSITY
Living organisms vary at every level of the phylogenetic hierarchy from individual genes through higher
taxa, and ecological assemblages vary in composition
from guilds or functional groups, through communities, to landscapes. This variation is of interest in
understanding ecosystem functioning insofar as it provides a proxy for variation in traits important to processes such as growth, production, and resource use
(e.g. Norberg et al. 2001). Historically, most research
exploring biodiversity effects on ecosystem functioning has equated ‘biodiversity’ with the number of
species (Tilman 1999, Loreau et al. 2001). In principal,
however, diversity at any level might influence ecosystem processes, and there is evidence that variation
at several levels does so, as reviewed below.
Conceptually, diversity can be partitioned into variation in identity (often called composition in the BEF literature) and number (or richness) of elements, whether
those elements are species, genotypes, or other enti-

ties. It has long been recognized that the identities of
species in a system strongly influence its functioning.
Particular keystone species, dominant species, and
ecosystem engineers have pervasive impacts on structure and functioning of a wide range of ecosystems
(Jones et al. 1994, Power et al. 1996, Grime 1998). In
seagrass systems, specifically, identity of the dominant
seagrass and macroalgal species strongly influences
sediment biogeochemistry, nutrient cycling, water-column oxygen profiles, water filtration capacity, primary
and secondary production, carbon storage, support of
higher trophic levels including commercially important species, and response to disturbance (Heck & Orth
1980, Duarte 1991, Lemmens et al. 1996, Cebrián et al.
1997, Duarte et al. 1997, Valiela et al. 1997, Wigand et
al. 1997, Lipcius et al. 1998, Hemminga & Duarte 2000,
Deegan et al. 2002). For example, shallow eutrophic
estuaries are often dominated by macroalgae (Valiela
et al. 1997), which support much sparser animal populations than seagrass beds (Deegan 2002). Experimental removal of macroalgae in a eutrophic estuary
shifted dominance back to eelgrass Zostera marina,
substantially enhancing abundances of fishes and
decapod crustaceans, and reducing water-column
hypoxia (Deegan et al. 2002). At a finer taxonomic
scale, 4 Mediterranean seagrass species spanned an
order of magnitude in the proportion of their production stored as refractory detritus (Cebrián et al. 1997),
and a suite of Philippine seagrass species responded
quite differently to experimental sediment loading,
with some species declining rapidly, but others showing an opportunistic growth increase (Duarte et al.
1997).
Similarly, the identity of herbivore taxa is important
to ecosystem processes; fishes and sea urchins often
injure seagrasses by feeding on them, whereas most
gastropods and crustaceans facilitate seagrasses by
grazing their competitors (Hughes et al. 2004, Valentine & Duffy 2005). Even superficially similar grazer
taxa can have widely different impacts on the structure
and functioning of seagrass systems (Duffy et al. 2003,
2005). In short, the ecosystem consequences of
variation in species identity are well documented and
uncontroversial for seagrass beds and other ecosystems.
The more challenging question is whether and how
the richness or variety of elements (genotypes, species,
habitat types) in a system influence its functioning.
That is, are there general relationships between species richness and ecosystem processes, or are species
effects entirely idiosyncratic? Under what circumstances might we expect diversity effects or idiosyncrasy? These and related questions have been a primary focus of recent research in ecology (reviewed by
Tilman 1999, Loreau et al. 2001, 2002b, Kinzig et al.
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2002). The abundant functional variation among species in seagrass communities provides much raw material by which diversity might influence ecosystem
properties. Accordingly, I focus here on whether and
how the number (richness) of genotypes, species,
higher taxa, and habitat types in seagrass systems
influences production, trophic transfer, biogeochemical fluxes, and resistance to disturbance. Existing data
suggest that biodiversity at a range of scales can significantly influence the functioning of seagrass ecosystems and enhances the magnitude and stability of
services that they provide to humans.

EVIDENCE AND INFERENCE
Since much controversy has surrounded proposed
relationships between biodiversity and ecosystem
function (Huston 1997, Huston et al. 2000, Wardle et
al. 2000), it is important to consider the nature of available evidence. A logical first pass at evaluating such
relationships might involve mining the extensive
datasets on community composition and rates of
ecosystem processes available for marine systems.
Emmerson & Huxham (2002) used this approach in a
thoughtful review of potential links between diversity
and ecosystem properties in marine sedimentary systems. Using individual sites or studies as data points,
they found positive correlations between benthic invertebrate species richness and ammonium flux, particle clearance from the water column, and secondary
production. Using a similar approach, Duarte (2000)
found that aggregate seagrass biomass and species
richness of seagrasses covaried positively in southeast
Asian beds.
While such relationships are intriguing, it is critical
to bear in mind, as Emmerson & Huxham (2002) noted,
that correlation is not causation. Relationships between species diversity and productivity, for example,
are bidirectional (Loreau et al. 2001, Naeem 2002,
Worm & Duffy 2003). Species richness varies predictably with resource availability, disturbance, and
other abiotic gradients (Huston 1994). Typically, withinhabitat diversity increases as resource availability
(productivity potential) increases from very low to
moderate levels, above which excess nutrient loading
can reduce diversity again (the ‘paradox of enrichment’, Rosenzweig 1971). The initially rising diversity
is attributable in large part to the greater carrying
capacity and favorability of more productive environments, which allows additional species to persist that
could not do so under very low resource availability.
Such cross-site comparisons explicitly consider a gradient in the abiotic environment and assume that a
regional pool of species is available to colonize all sites.
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In this scenario, then, one expects a positive correlation between aggregate biomass, which reflects carrying capacity, and diversity. However, it is because
resource availability (environmental ‘productivity’) is
driving diversity, rather than vice versa.
Studies of how biodiversity influences ecosystem
processes address a very different question, namely
the consequences o irreversible species loss from a
system in which the abiotic environment is held constant. That is, they simulate the consequences of global
or regional extinction. The distinction is critical, and
has often been misunderstood. The most rigorous way
to test this latter hypothesis is through experimental
manipulation of biodiversity. In contrast, surveys of
unmanipulated systems rarely can rigorously test
whether diversity influences aggregate biomass (or
other ecosystem processes) because, in open systems,
diversity and biomass patterns are both responses to
resource availability.

THREATS TO BIODIVERSITY OF SEAGRASS
ECOSYSTEMS
Whether and how changing biodiversity influences
ecosystem functioning obviously depend on which
taxa are lost — and which are gained via invasion.
Experiments (Jonsson et al. 2002, Zavaleta & Hulvey
2004) and simulations (Ostfeld & LoGiudice 2003,
Solan et al. 2004) show that the identity and order in
which species are lost from a system strongly influence
how those losses translate to changing ecosystem
functioning. Several patterns in how humans influence
biodiversity appear to apply across a broad range of
aquatic (and many terrestrial) systems (Fig. 1). Perhaps
the most consistent is that overharvesting results in
large animals being the first species to be lost, or rendered so rare as to be ecologically extinct (Jackson et
al. 2001, Pandolfi et al. 2003, Lotze & Milewski 2004).
Thus, one of the first consequences of human impact
on most ecosystems is ‘trophic skew’, i.e. flattening of
the trophic biomass pyramid with general reduction in
impacts of large predators (Duffy 2003). Such overharvesting followed rapidly after human occupation of
sites worldwide, even with low human population densities and primitive hunting technologies (Jackson et
al. 2001, Wing & Wing 2001). Reduction of large animals can have several ecosystem-level consequences.
Depending on the number and discreteness of effective trophic levels (Strong 1992), reduced predator
abundance may actually increase grazing pressure via
a trophic cascade. Such cascades have not yet been
demonstrated conclusively in seagrass beds, but are
documented or inferred in other coastal systems. For
example, hunting of sea otters in the 19th century
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EUTROPHICATION

OVERFISHING

BENTHIC HABITAT
DISTURBANCE

• High diversity
• High structural complexity
• High fish production
• High water clarity
• High sediment stability
• High resilience

• Low diversity
• Low structural complexity
• Low fish production
• Low water clarity
• Low sediment stability
• Low resilience

Fig. 1. Schematic illustration of major human-induced impacts on a tropical seagrass system, their common influences on
biodiversity and habitat structure, and some of their consequences for ecosystem functioning

caused a phase shift from productive kelp beds to
structureless sea urchin barrens (Estes & Duggins
1995). Similarly, destructive grazing of salt-marsh cordgrass by abundant snails in the southeastern United
States may have been exacerbated by overfishing of
their main predator, the blue crab Callinectes sapidus
(Silliman & Bertness 2002). Finally, perennial seaweeds like rockweeds Fucus and giant kelp have occasionally been decimated by outbreaks of grazing crustaceans in recent decades (e.g. Kangas et al. 1982,
Haahtela 1984, Tegner & Dayton 1987), although the
link to reduced predation has not been made conclusively in these cases. Because many large marine vertebrates are highly mobile, loss of these animals may
also break important functional links between habitats
that involve transport of materials or consumer influence (Polis et al. 1997, Lundberg & Moberg 2002).
In modern coastal regions, anthropogenic habitat
destruction and eutrophication (Fig. 1) are also nearly
universal, and are major threats to seagrass systems
(Short & Wyllie-Echeverria 1996, Duarte 2002). Like
harvesting, habitat destruction tends to influence
large, slow-growing plants and animals most heavily,

leading to dominance by opportunistic ‘weedy’ taxa
with small bodies and fast growth (Watling & Norse
1998). This loss of large plants and sessile invertebrates removes important habitat structure for associated mobile organisms. Moreover, since large species
tend to have correspondingly large per-capita effects
on ecosystem processes (Emmerson & Raffaelli 2004,
Solan et al. 2004), loss of large mobile invertebrates
can reduce bioturbation, with important biogeochemical consequences (e.g. Aller & Yingst 1978, 1985,
Emmerson et al. 2004, Lohrer et al. 2004, Waldbusser
et al. 2004, Widdicombe et al. 2004). Finally, eutrophication generally selects for fast-growing algae (including phytoplankton) over perennial seagrasses (Valiela
et al. 1997). Hence, under human impact, biodiversity
loss most severely affects large animals, high trophic
levels, and perennial benthic plants. What is left are
physically fragmented systems dominated by small,
opportunistic species tolerant of various anthropogenic
stressors (Fig. 1).
While human activities have reduced biodiversity
through the mechanisms just discussed, they have also
transported and established many species outside their
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native ranges, both intentionally and inadvertently.
For example, the Asian seagrass Zostera japonica has
become established on the northwest coast of North
America, essentially converting intertidal mudflats into
seagrass beds, and increasing benthic animal diversity,
abundance, and sediment organic matter much as
native seagrasses do (Posey 1988). Although such invasions often increase local species richness, at least in
the short term (Sax & Gaines 2003), exotic predators,
disease organisms, and competitors also frequently
have large detrimental impacts on the structure and
functioning of native ecosystems (Simberloff et al.
2005), including seagrass systems. For example, invasion and aggressive growth of the non-indigenous alga
Caulerpa taxifolia in the Mediterranean are threatening seagrass beds there (deVilléle & Verlaque 1995). In
California, USA, the exotic mussel Musculista senhousia reduces the rhizome extension rates of eelgrass
Zostera marina, suggesting that these invaders might
be particularly detrimental to eelgrass beds that have
already been fragmented (Reusch & Williams 1998).

BIODIVERSITY AND FUNCTIONING OF
SEAGRASS ECOSYSTEMS
Conceptual background
Diversity and resource use and productivity
Theory predicts that declining biodiversity should
reduce community resource use and productivity, alter
trophic interactions, and reduce a system’s stability in
the face of natural and human-induced perturbations.
Tilman (1999) has reviewed the theoretical basis, as
well as the first generation of experiments supporting
the influence of plant species diversity on resource use
and productivity. Briefly, diverse assemblages are predicted to be more productive, on average, than species-poor assemblages, because their larger range of
traits allows exploitation of a greater fraction of available resources (niche complementarity), and because
diverse assemblages are more likely, by chance alone,
to contain species that grow well under the local conditions (the sampling effect ). Most manipulations of
grassland plant diversity have supported these predictions (Hector et al. 1999, Tilman 1999), although there
are conspicuous exceptions (Hooper & Vitousek 1997,
Pfisterer & Schmid 2002) and debate continues over
interpretation of results (e.g. Huston & McBride 2002).
While the theory was developed primarily for plants, it
should apply in principle to competitive assemblages
of any type of organism, and experiments have indeed
shown that species richness also enhances efficiency of
resource use by sessile marine invertebrates (Stachow-
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icz et al. 1999, 2002), stream suspension feeders
(Cardinale et al. 2002), mobile grazers (Naeem & Li
1998, Duffy et al. 2003), aquatic detritivores (Jonsson &
Malmqvist 2000), and heterotrophic bacteria (Naeem
et al. 2000). Thus, the greater efficiency of resource use
by more diverse assemblages appears to be a common
phenomenon in a range of taxa and ecosystems.

Diversity and trophic interactions
Within a food web, biodiversity can be thought of as
having 2 dimensions: a ‘vertical’ component summarized by the length of food chains and a ‘horizontal’
component representing the number of species or
functional groups within trophic levels (Fig. 2).
Changes in vertical diversity (e.g. food chain length)
often strongly influence ecosystem properties through
changing trophic interactions (e.g. Pace et al. 1999,
Shurin et al. 2002, Borer et al. 2005). Horizontal diversity influences ecosystem functioning through competition, facilitation, and resource partitioning, topics
which have been the focus of most of the previous BEF
research (Kinzig et al. 2002, Loreau et al. 2002b). Lowdiversity systems often function approximately as simple linear food chains with strong trophic cascades, as
shown in temperate lakes (Carpenter et al. 1985, Jones
& Sayer 2003), high-latitude kelp beds (Estes et al.
1998), and the boreal ocean (Worm & Myers 2003).
Higher-diversity systems, in contrast, are expected to
show weaker cascades and weaker top-down control
(Leibold 1989, 1996, Strong 1992). The reason is that
more diverse assemblages contain a wider range of
predator-resistant taxa, such that predation shifts
dominance toward resistant species (‘species turnover’,
Leibold 1996) rather than reducing aggregate prey
biomass as in simple food chains (Duffy 2002). This
buffering effect of diversity against top-down control
is supported by a meta-analysis of periphyton–grazer
experiments (Hillebrand & Cardinale 2004), a metaanalysis of terrestrial trophic cascade experiments
(Schmitz et al. 2000), data on parasitoid control in
terrestrial food webs (Montoya et al. 2003), and an
explicit experimental test in a seagrass system (Duffy
et al. 2005). Conversely, the effects of changing predator diversity on aggregate prey biomass have received
little study (Duffy 2002, but see Finke & Denno 2004,
Bruno & O’Connor 2005). In general, available data
suggest that increasing diversity within a trophic level
(or other functional group) often increases that level’s
relative influence on ecosystem functioning, as it leads
to both greater resource use and greater resistance
to control by higher-order predators. Nevertheless,
trophic cascades have been observed in several highly
diverse systems (Pace et al. 1999, Borer et al. 2005),
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Fig. 2. Vertical (food chain length) and horizontal (heterogeneity) components of biodiversity, illustrated in a partial food web
from an eelgrass bed (Zostera marina) in Chesapeake Bay, USA. Changes in biodiversity may influence ecosystem functioning
via changes in food chain length (e.g. loss of predators), and thus in the strength of top-down control, by eliminating entire functional groups (gray rectangles), by changing species diversity within functional groups, or by interactions among these processes

confirming that keystone species and other strong
interactors can override the potentially buffering effects
of diversity in some situations.

Diversity and stability
Finally, biodiversity is hypothesized to enhance stability of aggregate ecosystem properties (e.g. total plant
biomass) under changing environmental conditions
(Naeem 1998, Yachi & Loreau 1999), because functionally redundant species can provide insurance when any
one species is lost and because variation among species
in response to environmental change (response diversity, Elmqvist et al. 2003) can even-out temporal fluctuations in community biomass. Some terrestrial and
aquatic microbial experiments support these predictions. For example, in experimental moss assemblages, more diverse plots showed greater resistance to

drought stress, that is, aggregate biomass was less affected by drought than in lower-diversity plots (Mulder
et al. 1999). In microbial microcosms, ecosystem biomass was more predictable under changing resource
(light and nutrient) conditions when more species were
present (Naeem & Li 1998). In the marine benthos, experiments and surveys both showed that more diverse
fouling assemblages were more resistant to invasion by
non-indigenous species (Stachowicz et al. 1999, 2002).
Thus, high diversity often appears to buffer against
effects of disturbance in a variety of ecosystems.

Special considerations in seagrass ecosystems
The current themes of BEF research are based
largely on research aimed at terrestrial plants.
Although several ecosystem-level effects of diversity
have been demonstrated in a variety of systems and
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taxa, understanding potential effects of biodiversity on
functioning of seagrass and other marine ecosystems
also requires recognizing their typically strong topdown control, strong species dominance, and discordance between biomass and productivity. First,
the strong consumer pressure characteristic of many
aquatic systems (Cyr & Pace 1993, Shurin et al. 2002)
and the special vulnerability of large marine predators
(Pauly et al. 1998, Worm et al. 2005) mean that effects
of changing diversity on marine ecosystem functioning
will likely entail complex interactions of changing
diversity within levels and changing food chain length
(Duffy 2003, Duffy et al. 2005). Second, many
temperate seagrass systems are dominated by 1 or a
few foundation species, the characteristics of which are
likely to dominate ecosystem processes (Grime 1998).
In such cases we may expect, by analogy with the
effects of species richness, that genetic and phenotypic
diversity within foundation species will be important
(Reusch & Hughes 2006). Finally, the use of standing
plant biomass as a proxy for plant production, as is typically done in terrestrial experiments, is inappropriate
in aquatic algal-based systems, because much algal
production is rapidly grazed (Cyr & Pace 1993), resulting in poor correlations between biomass and productivity. Moreover, the existence of many aquatic macrophyte systems depends paradoxically on dominance of
the least productive primary producer species in the
community. Seagrasses generally have substantially
lower biomass-specific productivity than marine
macro- and microalgae, which outcompete them under
eutrophication or relaxed grazing pressure (Valiela et
al. 1997). Yet, seagrass beds typically support considerably higher secondary production than sediment
bottoms dominated by more productive macroalgae
(e.g. Klumpp et al. 1989, Deegan 2002), because seagrass beds provide more a favorable physical structure, which supports both growth of microalgal food
and shelter from predators for small animals. Thus, plant
species composition, rather than total productivity, is
important to the functioning of seagrass ecosystems.
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sistent with Duarte’s suggestions. For example, in the
Caribbean, co-occurring seagrass species differ in rooting depth, with Halodule and rhizophytic algae near the
surface, Syringodium below, and Thalassia occupying
the deepest layer (Williams 1990). This partitioning of
the rooting zone may foster complementarity of resource
use, and thus greater aggregate efficiency of resource
use by the plant assemblage, as has been demonstrated
experimentally in terrestrial grasslands (Tilman 1999,
Hector et al. 1999).
Despite dominance of plant biomass in seagrass beds
by 1 or a few seagrass species, macroalgae are also
characteristic components of seagrass communities
and can play important functional roles. Although
macroalgal blooms can smother seagrasses under
excess nutrient loading (Raffaelli et al. 1998, Hauxwell
et al. 2001), macroalgae can also facilitate seagrass
growth under normal, low-nutrient conditions. Two
examples illustrate this role. First, field experiments in
a Caribbean seagrass bed suggest that rhizophytic
green algae facilitate seagrass recolonization of cleared
plots because decomposition of below-ground algal
tissues increases nutrient concentrations in these
oligotrophic sediments (Williams 1990). Such apparent
facilitation is reminiscent of that between legumes and
grasses in terrestrial grasslands. Second, Caribbean
turtlegrass Thalassia testudinum beds often support a
dense understory of the calcareous alga Halimeda. In
Puerto Rico, turtlegrass associated with Halimeda
mounds was denser, and had higher biomass and productivity, than turtlegrass away from Halimeda; 13C
signatures of leaves growing from the mounds suggested that the calcareous alga elevated dissolved CO2
in the interstices of the mounds, enhancing turtlegrass
productivity (Kenworthy & Reid 2003). These examples suggest that facilitation and niche complementarity among co-occurring plant species in seagrass beds
may enhance resource use and aggregate production
above those found in more pure stands.

Functional consequences of seagrass genetic diversity
Functional consequences of primary-producer
species diversity
In an early discussion of marine BEF linkages, Duarte
(2000) summarized evidence for differences among seagrass species in growth capacity and response to disturbance, and argued that these differences should lead to
enhanced productivity and stability in diverse tropical
seagrass assemblages, as they do in some terrestrial
grasslands (Hector et al. 1999, Tilman 1999). Although
his discussion predated experimental tests of such links
in marine systems, much circumstantial evidence is con-

In communities with strong dominance, such as many
seagrass beds, intraspecific genetic diversity within
dominant species may enhance the species’ performance by analogous mechanisms to the niche complementarity and facilitation among species discussed
above (Reusch & Hughes 2006). Several studies from
seagrass systems support such effects. Williams (2001)
tested how allelic diversity at the individual (or clone)
level influenced eelgrass performance, transplanting
eelgrass shoots of known allozyme genotypes into the
field in southern California to achieve treatments with
higher allelic diversity (heterozygous at 1 or both of 2
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loci) and lower allelic diversity (homozygous at both
loci). The metabolic enzyme loci studied (MDH and
GPI-2) are known to be influenced by selection in other
taxa, and thus may not be ideal proxies for genomewide genetic diversity. Nevertheless, the more heterozygous plots produced greater shoot density by the end
of the 2 yr experiment. In a separate mesocosm experiment measuring eelgrass growth responses to temperature stress, heterozygous genotypes also showed lower
variability among treatments than did homozygotes
(Williams 2001). Finally, seeds from a genetically depauperate transplant site had lower germination success than those from a more genetically diverse bed.
The link between population genetic diversity and
stability was demonstrated conclusively by a field
experiment on the central California coast that established replicated eelgrass plots spanning a range in
clonal diversity, identified using microsatellite markers, from 1 to 8 genotypes per plot (Hughes & Stachowicz 2004). The ecological consequence of higher genotypic diversity in this experiment was expressed as
enhanced eelgrass resistance to disturbance by grazing geese and the stress associated with transplantation, resulting in more stable seagrass biomass and
higher abundances of invertebrates and other associated species. A similar positive effect of genotypic
diversity on eelgrass performance was demonstrated
in the North Sea (Reusch et al. 2005), where more
diverse plots achieved higher biomass during the
anomalously hot summer of 2003.
Fisher’s fundamental theorem of natural selection
states that the adaptive evolutionary potential of a
population is proportional to its genetic diversity. The examples reviewed here show that genetic diversity can
also be important to the population’s ability to cope with
environmental change in ecological time. High genetic
diversity within populations of dominant seagrasses can
enhance growth performance and stability in the face of
perturbations; thus, maintenance of high genetic diversity within seagrass populations may be important to
maintaining the normal structure and functioning of the
ecosystems they support. Positive consequences of genotypic diversity within foundation species for system stability and performance also may be common in other systems with strong dominance such as salt marshes, kelp
beds, oyster reefs, deep-sea coral reefs, and pelagic upwelling systems. This possibility has clear conservation
implications and deserves further study.

Functional consequences of consumer diversity
Human impacts on marine communities generally
begin with depletion of large vertebrate predators and
herbivores (Fig. 1), reducing the vertical component of

biodiversity (Fig. 2). The consequences of this depletion will be mediated via cascading trophic interactions. In seagrass systems, the impacts of depleted
large vertebrates have been inferred largely from indirect evidence and are speculative (as is true in most
other systems), but it seems clear that large vertebrates
were formerly far more abundant, particularly in tropical seagrass ecosystems, than they are today. Historical records suggest, for example, that sea turtles, some
of which feed primarily on seagrasses, were orders of
magnitude denser in the Caribbean prior to European
contact (Jackson et al. 2001), and probably imposed
strong grazing pressure on tropical seagrass beds, as
dugongs probably did in the Indo-Pacific (Domning
2001). In addition to such mega-herbivores, predatory
fishes have been greatly reduced in most coastal and
oceanic ecosystems (Pauly et al. 1998, Jackson et al.
2001, Myers & Worm 2003, Worm & Myers 2003). Comparisons with other systems suggest that these losses
should cascade down to affect the structure and functioning of seagrass beds, although there is little hard
evidence to evaluate the possibility (Williams & Heck
2001).
The expected ecosystem consequences of changing
consumer diversity are inherently more complex than
those of changing plant diversity (Holt & Loreau 2002,
Thébault & Loreau 2003). Whether effects of shortened
food chains on seagrasses are primarily positive or
negative will depend, for example, on the number and
distinctness of links in the chain (Hairston et al. 1960,
Strong 1992), on diet breadth of consumers (Duffy
2002), and on whether herbivores feed preferentially
on seagrasses or their competitors. Herbivores in
modern seagrass systems include both direct grazers
on seagrasses, such as sea urchins, turtles, and some
fishes, as well as grazers on epiphytes, which include
most crustaceans and molluscs. Meta-analysis confirms that these 2 groups are functionally distinct, with
negative and positive effects, respectively, on seagrass
growth and production (Hughes et al. 2004). As epiphyte grazers tend to be more diverse and abundant
than seagrass grazers, especially in modern temperate
systems, grazing in many seagrass systems tends, on
average, to favor seagrasses (Hughes et al. 2004) and
facilitate their positive impacts on ecosystem services.
The strength of top-down control generally, and
trophic cascades specifically, should also be influenced
by diversity within trophic levels, i.e. the horizontal
component of biodiversity (Fig. 2; Leibold 1996, Duffy
2002). Supporting these predictions, recent mesocosm
experiments in an eelgrass system demonstrated that
declining species richness of crustacean mesograzers
decreased their aggregate impact on the resource
(algae) and decreased mesograzer production, in parallel with patterns demonstrated under declining plant
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diversity (Duffy et al. 2003). Specifically, treatments
with 1 or 3 grazer species imposed lower total grazing
impact on algae and accumulated less grazer biomass
(secondary production), on average, than assemblages
of 6 grazer species (Duffy et al. 2003). In a subsequent
experiment that added a third trophic level (juvenile
blue crabs Callinectes sapidus), declining grazer diversity also reduced the grazer assemblage’s average
resistance to predation, because diverse assemblages
more consistently contained grazer species that eluded
capture (Duffy et al. 2005). The latter experiment illustrates the important point that biodiversity and food
chain length (i.e. presence or absence of predators)
interactively influence ecosystem functioning and that
neither factor’s impact is predictable in isolation. In
general, grazer diversity effects on resource use and
production were stronger in the presence of a predator
(Duffy et al. 2005), suggesting that increasing diversity
within a trophic level buffered that level from topdown control. Finally, in both experiments with and
without predatory crabs, declining mesograzer diversity reduced the dominance of eelgrass over macroalgae and epiphytes (Duffy et al. 2003, 2005). Thus, in
this eelgrass system, high diversity of epiphyte grazers
enhanced both control of epiphytes and macroalgae
and the production of crustacean biomass, a critical
link in food chains to higher trophic levels.
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tionally redundant under normal circumstances. The
importance of genetic diversity only became evident
after disturbance, as the genotypes responded differently to a pulse of intense goose grazing. Second,
response diversity among peracarid grazer species was
demonstrated experimentally in eelgrass mesocosms
(Duffy et al. 2005). In the absence of predation, the 4
grazer species had similar and strong impacts on epiphyte biomass, that is, they were functionally redundant. In the presence of predatory crabs, however, epiphyte control differed widely among grazer species,
because of their differential vulnerability to predation,
and grazing efficiency was higher in more diverse
grazer assemblages. Finally, non-experimental evidence for response diversity comes from the varied
responses of co-occurring seagrass species to experimental burial (Duarte et al. 1997) and the shift in dominance from Zostera to Ruppia during the 1997/1998
El Niño–Southern Oscillation event in Southern California (Johnson et al. 2003). Such response diversity is
likely to be especially important in maintaining the
stability of ecosystem services as the pace of anthropogenic environmental change accelerates. Thus,
‘functional redundancy’ may often be a misleading
concept (Loreau 2004), and maintaining multiple,
superficially similar species within functional groups is
important to insuring seagrass and other ecosystems
against unexpected surprises.

Biodiversity and stability
Among the most important hypothesized benefits of
biodiversity for ecosystem functioning is provision of
insurance that stabilizes the system against natural
and anthropogenic environmental change (Naeem
1998, Yachi & Loreau 1999, Loreau et al. 2002a). This
insurance is provided by variation among the species
within a functional group in response to change, or
response diversity (Elmqvist et al. 2003). Importantly,
such species might be considered functionally redundant under ‘normal’ conditions, but their response diversity (i.e. greater range of functional response traits,
Naeem & Wright 2003) makes the diverse assemblage
better able to cope with environmental change.
There is mounting evidence that both genetic diversity and species richness provide such response diversity against perturbations in seagrass systems. This is
because species or genotypes that appear functionally
redundant under some circumstances fill different roles
under changing conditions, as illustrated by 2 experiments. First, in the experiment discussed previously,
Hughes & Stachowicz (2004) found no effect of eelgrass genotypic diversity on either eelgrass biomass or
the associated faunal assemblage in the absence of
disturbance, suggesting that the genotypes were func-

STRUCTURAL COMPLEXITY AND FUNCTIONING
OF SEAGRASS ECOSYSTEMS
Patch-scale processes
Diversity can also influence ecosystem processes
through its effects on habitat physical structure or complexity, which pervasively influence ecological processes, including productivity, trophic transfer, and
maintenance of species diversity. Several of these
topics are especially pertinent and well studied in
seagrass systems, and have recently been comprehensively reviewed (Bell et al. 2006).

Plant diversity and faunal production
Seagrasses are classic ecosystem engineers, transforming relatively monotonous sediment bottoms into
structurally complex, diverse, and highly productive
habitats (Fig. 1). In addition to the seagrasses themselves, seagrass beds often recruit macroalgae, sponges,
corals, large bivalves, and other sessile invertebrates
that are rare or absent on unvegetated bottoms. Structural complexity of seagrass beds derives from both the

242

Mar Ecol Prog Ser 311: 233–250, 2006

physical arrangement of seagrass units within beds —
shoot density, leaf length, patch structure — and from
the richness and identity of other co-occurring sessile
organisms.
Structurally complex habitats support higher diversity of mobile organisms in a wide range of systems
(e.g. Kohn 1967, Abele 1974, Kotler & Brown 1988).
Several lines of evidence, mostly indirect, suggest
that diversity of primary producers and sessile invertebrates influences structural complexity and associated
functioning of seagrass systems. Stoner & Lewis (1985)
found that the understory of calcareous algae (Halimeda) in a Caribbean turtlegrass bed roughly doubled
the surface area available for epifaunal habitat, relative
to pure stands of turtlegrass, and that epifaunal densities were accordingly higher in plots with Halimeda.
Moreover, while aggregate abundance of epifauna appeared closely related to plant surface area across all
plots, 8 of the 15 dominant crustacean species were
more abundant (per unit surface area) in plots with
Halimeda. Thus, seagrass plots with macroalgae supported epifaunal assemblages that differed both quantitatively and qualitatively from those in pure seagrass
stands. Similarly, Parker et al. (2001) showed experimentally in Chesapeake Bay that epifaunal abundance
in mixed stands of seagrasses and macroalgae was proportional to total plant surface area, but that epifaunal
species differed in their associations with particular
macrophyte species such that epifaunal diversity was
only slightly higher in plots of mixed seagrass and
macroalgal species. These results recall similarly significant but weak relationships between plant diversity
and insect diversity in terrestrial grasslands (Siemann
et al. 1998). As is often true, however, too much of a
good thing can be detrimental: in eutrophic systems,
fleshy macroalgae outcompete seagrasses, increase
water-column hypoxia, and support reduced animal
abundance and production (Deegan et al. 2002).

Roles of sessile invertebrates
In tropical seas, sessile invertebrates are characteristic features of seagrass landscapes. Sponges, in particular, fulfill several important functions in these systems. These suspension feeders can have very high
rates of water clearance, and symbiotic bacteria in
some species make them disproportionately important
to element cycling. Incubations of 4 common Caribbean sponges yielded the highest mass-specific rates
of dissolved inorganic nitrogen production yet recorded from a benthic community (Diaz & Ward 1997),
and suggest that sponge-mediated nitrification may be
substantial in shallow tropical environments where
they are abundant. Sponges also provide unique and

important physical habitat in seagrass systems, and
many animals shelter within and under large sponges.
A dramatic example of the importance of sponges became evident after the ecosystem phase shift that
affected Florida Bay, USA, in the early 1990s. Large
areas affected by blooms of planktonic cyanobacteria
suffered severe mortality of sponges, thus losing critical shelter habitat for juvenile spiny lobsters and other
animals; as a result, abundance of lobsters, which constitute a valuable fishery resource, declined wherever
artificial shelters were unavailable (Butler et al. 1995).

Habitat complexity and trophic transfer
Among the most important and well-studied ecosystem services provided by seagrass beds is the provision
of habitat for small animals and, thus, the enhancement of secondary production. A rich history of research
shows that increasing seagrass structural complexity
enhances epifaunal abundance and production, but
conversely decreases the efficiency by which that production is transferred to predators (reviewed by Heck
& Orth 1980, 2006). This research has focused primarily on the role of seagrass density (often referred to as
‘complexity’) in mediating predator–prey interactions,
but there is also evidence that species of seagrasses
and macroalgae differ in the total density, and species
relative abundances, of associated epifauna they support (Lewis 1987, Virnstein & Howard 1987a,b, Jernakoff & Nielsen 1998, Parker et al. 2001). Experiments
have illuminated the mechanistic bases for these relationships, showing that variation among plant species
in epifaunal density is largely, but not entirely,
explained by plant surface area (Stoner & Lewis 1985,
Parker et al. 2001). Experiments also suggest that the
relationship between seagrass density and effectiveness of predation is non-linear (reviewed by Heck &
Orth 2006), a conclusion also reached for juvenile
decapod prey sheltering among macroalgae in seagrass beds (Lipcius et al. 1998). Although debate continues on the precise form of relationships between
plant density and predation rate, it seems clear that
some threshold density of vegetation is usually necessary to reduce predation rates on epifauna. Recent
experiments on oyster reefs add an intriguing twist,
indicating that at high predator densities, predation
may be more, rather than less, effective in complex
habitats, because habitat complexity reduces interference competition among predators (Grabowski &
Powers 2004). A central challenge for future research
is determining how the higher densities of both prey
and predators in denser seagrass interact with reduced
per capita effectiveness of predators to mediate trophic
transfer (Heck & Orth 2006).
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Landscape diversity
Research in a wide range of systems demonstrates that
interactions among the communities of different habitats
in a landscape, mediated by both migrations of organisms
and advection of resources, can profoundly influence
community structure and ecosystem functioning (Polis et
al. 1997, 2004). Such landscape diversity should be especially important to the functioning of marine systems, because they tend to be much more open than terrestrial
systems (Witman et al. 2004, Heck & Orth 2006).

Seagrass patch structure
The most basic aspect of landscape structure in seagrass systems involves the arrangement of seagrass
patches relative to the matrix of unvegetated sediment
area. Seagrasses are patchily distributed at a wide range
of spatial scales, and there has accordingly been substantial research on the role of patch size and structure
on associated animals and trophic interactions (Bell et al.
2006). Evidence to date suggests that relationships between patch size and animal abundance are idiosyncratic, and few consistent patterns have emerged (Bell et
al. 2006). Nevertheless, several studies support the hypothesis that seagrass patch edges can act as ecotones
where both epifaunal settlement and predation are elevated, potentially enhancing trophic transfer. In turtlegrass beds in the Gulf of Mexico, USA, density and estimated production of invertebrates was greater at the
edges than in the interiors of patches (Bologna & Heck
2002). Both adult peracarids in turtlegrass (Bologna &
Heck 2000) and newly settled sessile invertebrates in
eelgrass (Orth 1992) were more abundant near patch
edges, suggesting that abundance is determined in part
by encounter rates of drifting larvae with seagrass, creating settlement shadows in the interior of patches. Predation also commonly appears to be elevated in patchy
seagrass landscapes, as is also true in many terrestrial
ecosystems (e.g. Hartley & Hunter 1998, Chalfoun et al.
2002). Experiments have demonstrated elevated predation rates on juvenile blue crabs in seagrass patches separated by large expanses of sand (Hovel & Lipcius 2002),
and clams and scallops also showed lower survival in
patchy than in continuous seagrass beds (Irlandi 1994,
Irlandi et al.1995). These results suggest that trophic
transfer is often elevated along patch edges and in fragmented seagrass landscapes relative to continuous ones.

Cross-habitat subsidies
Many community and ecosystem processes are
strongly affected by connections between different
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kinds of habitats. These effects can result from passive
advection of propagules and resources, or from active
movement of mobile predators among habitats. A
striking example is the subsidy of deep-sea food webs
by seagrass leaves advected away from tropical islands
(Suchanek et al. 1985). Seagrass beds may also be
recipients of advected material, as exemplified by the
high diversity and biomass of epiphytic macroalgae
measured on seagrasses near reefs in Western Australia (Van Elven et al. 2004). By recruiting propagules
from both habitats, near-reef seagrasses supported
20% higher algal diversity than on the adjacent reef,
and 43% higher diversity than on seagrasses distant
from the reef. Epiphytic algal biomass on near-reef
seagrasses was > 3-fold greater than on the reefs, and
nearly 6-fold higher than on distant seagrasses.
Active movement of predators between habitats can
enhance densities and direct impacts of predators, and
enhance primary producer growth indirectly via transport and excretion of inorganic nutrients by migrating
predators. As an example of the first type of process,
pinfish were more abundant in salt marshes adjoining
seagrass beds than in marshes without seagrass beds
(Irlandi & Crawford 1997). Similarly, Micheli & Peterson (1999) showed that oyster reefs isolated from seagrass beds and salt marshes supported higher macroinvertebrate species richness and higher survival of
transplanted clams than reefs adjacent to vegetated
areas. Experiments demonstrated that surrounding
vegetation served as corridors facilitating access
by predatory blue crabs to oyster reefs. Hence, in
this instance, landscape-level diversity enhanced
the strength of top-down control. The second process,
transport of nutrients among habitats, was documented by Meyer et al. (1983). They showed that
haemulid fishes (grunts) fed on invertebrates in seagrass beds by day and, during the night, moved to
shelters among coral heads, where their excretion
fertilized nutrient-limited corals and enhanced their
growth rates. Subsidies moving in the opposite direction, into seagrass beds, are mediated by piscivorous
birds that deposit nitrogen-rich guano near their
roosts; seagrass beds surrounding bird islands had
higher seagrass biomass and different seagrass species
composition than islands without bird colonies (Powell
et al. 1991).

Habitat diversity and complex life histories
A major functional consequence of landscape diversity derives from the complex ontogenic habitat shifts
characteristic of many large marine animals with longlived larvae. Tropical seagrass and mangrove habitats
serve as nursery areas for many fishes that live as
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adults on nearby reefs. Thus, proximity of different
habitats in the landscape is critical to the populations
of these fishes. As a specific example, comparisons of
otherwise similar Belizean reef islands with and without fringing mangroves showed that biomass of several
commercially important reef fishes was more than
twice as great on the reefs adjacent to mangrove nurseries (Mumby et al. 2004). Size-frequency distributions
indicated that mangroves served as a way-station
between larval settlement into seagrass habitats and
migration to adult reef habitat. Most striking is the case
of Scarus guacamaia, the largest herbivorous fish in
the Atlantic, whose juveniles were found only among
mangroves; this species has suffered extinction on
several reefs after mangrove removal (Mumby et al.
2004). A similar phenomenon has been implicated for
spiny lobsters that recruit into seagrass beds and eventually migrate to reefs and mangrove habitats, where
they live as adults. Acosta (1999) found that mangrove
and coral islands surrounded by seagrass supported
higher lobster densities, and higher proportions of
juvenile size classes, than islands surrounded by unvegetated rubble. The seagrass habitats apparently
served as safe migration corridors for juvenile lobsters,
since measured emigration and immigration rates were
3 to 4 times higher on islands surrounded by seagrass.
These results from seagrass beds associated with
oyster reefs, coral reefs, salt marshes, and mangroves
illustrate that landscape diversity— the variety and
arrangement of different habitats in a landscape — can
strongly affect population dynamics of key species, primary and secondary production, and trophic transfer,
including productivity and stability of commercially
important species.

CONCLUSIONS AND FUTURE DIRECTIONS
Implications for conservation and management
Human activities have strong and direct negative
impacts on the functioning of ecosystems (Sala et al.
2000, Foley et al. 2005), including seagrass beds (Short
& Wyllie-Echeveria 1996, Duarte 2002). Changes in
ecosystem functioning mediated indirectly by changing biodiversity are likely to be modest compared with
these strong direct effects (Srivastava & Vellend 2005).
Nevertheless, over the long term, the capacity of ecosystems to continue adapting to environmental change
must ultimately be compromised by continuing extinctions of species. Empirical research reviewed here
suggests that biodiversity at a hierarchy of scales can
influence the stable functioning of seagrass systems
and the several services they provide to humans.
These results have several practical implications. First,

evidence that genetic diversity enhances seagrass
growth and resistance to disturbance supports arguments that seagrass mitigation and restoration efforts
should strive to minimize the genetic bottlenecks common to such programs (Williams 2001). Genetic diversity within populations is demonstrably important, not
only to the long-term evolutionary potential of a species, but also for flexibility in the face of environmental
change on ecological time scales (‘resilience’ in the
parlance of Holling 1973). Because dominant species,
such as seagrasses in many low-diversity temperate
beds, have pervasive bottom-up influences on associated communities, genetic diversity within such
species can influence the structure and functioning
of entire ecosystems (Whitham et al. 2003, Reusch &
Hughes 2006). Experiments also show that resistance
to perturbations can be fostered by response diversity
among otherwise similar species, cautioning that
‘functional redundancy’ can be a misleading concept
(Loreau 2004). Conservation measures that result in
maintaining multiple species within functional groups
(e.g. of seagrasses, grazers, or fishes) should provide
seagrass beds with some insurance against impacts of
environmental change.
There is growing evidence that trophic interactions
can have important stabilizing and stimulating effects
on ecosystem processes in many systems, i.e. that
vertical diversity is functionally important. In seagrass
beds specifically, epiphyte grazers have impacts on
seagrasses that are comparable in magnitude, but
opposite in sign, to those of the water-column nutrient
loading widely recognized as a major threat to seagrass systems (Williams & Ruckelshaus 1993, Heck et
al. 2000, Hughes et al. 2004). As diverse assemblages
of algal grazers are both more efficient consumers and
more resistant to predator control, on average (Duffy et
al. 2003, 2005), biodiversity at the grazer level may also
benefit seagrass systems. Vertical diversity can also be
important in reducing exotic invasions; in California,
USA, native predatory snails killed 95% of the exotic
mussels Musculista senhousia in native eelgrass beds,
and preferentially attacked these invaders over native
bivalve prey (Reusch 1998). These patterns underscore
the premium on understanding how changing foodweb structure affects the structure and functioning of
seagrass ecosystems (Williams & Heck 2001, Hughes et
al. 2004, Valentine & Duffy 2005).
Finally, the interactions among communities of different habitats within a landscape, and particularly the
complex, spatially distributed life histories of many
commercially important tropical fishes and decapods,
emphasize the importance of a landscape-level perspective in conserving both biodiversity and marine
ecosystem services. Landscapes and species are mutually related, as large consumers serve as mobile links
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between habitats, and loss of those consumers can
disrupt essential cross-habitat resource subsidies or
important top-down control mediated by animals
visiting from other habitats (Polis et al. 1997, Lundberg
& Moberg 2002). Humans, of course, are the ultimate
‘mobile link’ species, and our activities often have
unanticipated consequences at landscape and regional
scales, such as the increased hunting pressure on
endangered African forest animals when overexploitation reduced fishery production in adjacent marine
waters (Brashares et al. 2004).

Future research priorities
Scaling up
Some of the most pressing priorities for research to
understand seagrass systems are common to ecology
and conservation as a whole. One critical, general
challenge for ecology is finding creative and rigorous
means of scaling up understanding based on small-plot
experiments to the large scales over which marine
population and community processes typically occur
(see Naeem 2006, in this Theme Section). As one
example, small-scale mesocosm experiments show
that invertebrate grazers can counteract the negative
effects of eutrophication on seagrass systems by cropping the increased algal biomass (reviewed by Hughes
et al. 2004). In nature, however, this grazer control may
be reduced by emigration of highly mobile grazers in
search of more favorable habitat (Christie & Kraufvelin
2003) and by shifts in dominance from epiphytic
microalgae to macroalgae, which negatively affect dissolved oxygen in the water column and reduce grazer
abundance (Deegan et al. 2002). While there is a continuing need for controlled experiments to identify
mechanisms of diversity effects on ecosystem functioning, there is an even greater need for creative
approaches, such as rigorous comparative studies,
exploitation of ‘natural experiments’, and community
modeling (e.g. Estes et al. 1998, Terborgh et al. 1999,
Dulvy et al. 2004, Mumby et al. 2004, Ebenman &
Jonsson 2005) to evaluate the effects of changing biodiversity at the ecosystem scale.
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in ecosystem functioning than does random species
loss (Jonsson et al. 2002, Ostfeld & LoGiudice 2003,
Zavaleta & Hulvey 2004). An obvious part of most
extinction trajectories is the loss of large consumers
(Duffy 2003, Worm et al. 2005). Thus, BEF research
would profit from hybridization with food-web and
predator–prey ecology (Duffy 2002, Worm & Duffy
2003, Ives et al. 2005, Ebenman & Jonsson 2005), again
exploiting ‘natural experiments’ as well as research
opportunities provided by the return of large predators
in marine protected areas (Palumbi 2001, Micheli &
Halpern 2005). Moreover, while BEF research has
focused almost exclusively on loss of species, an
equally pressing concern is the gain of exotic species,
which can have pervasive effects on ecosystems. Species loss and gain are often coupled, in that interactions with non-native species are a leading cause of
extinction and endangerment of native species (Czech
& Krausman 1997, Clavero & Garcia-Berthou 2005).
Developing a rigorous ecological understanding of the
causes and consequences of invasion (Sax et al. 2005)
and of how invasion is affected by native species richness (Levine & D’Antonio 1999, Stachowicz & Tilman
2005) will be important in predicting ecosystem-level
consequences of changing biodiversity.

Landscape interactions

Realistic scenarios of biodiversity loss (and gain)

Other research priorities are more specific to marine
ecosystems, or seagrass ecosystems specifically. The
openness of marine systems, characterized by relatively long-distance advection of materials and larvae
and by long-distance migration of many large vertebrates, challenges ecologists to incorporate metapopulation, meta-community, and regional perspectives into BEF research. Ecological theory has begun to
do so (Holt & Loreau 2002, Loreau et al. 2003, Holt
2004). Most importantly, theory shows that the relationship of community structure generally, and diversity specifically, to ecosystem functioning depends
strongly on the overall degree of openness and the relative openness at different trophic levels (Holt 2004).
There is a need to understand better how qualitatively
distinct habitat types, such as seagrass beds and coral
or oyster reefs, interact within landscapes. As summarized above, such linkages are probably important in
most marine systems.

A second frontier for BEF research involves developing experimental designs that incorporate realistic trajectories of biodiversity change. Several non-marine
experiments have shown that preferential extinction of
species with particular traits (e.g. large body size, sensitivity to pollutants) produces quite different changes
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ABSTRACT: Experimental manipulations and observational surveys often produce conflicting conclusions regarding the effects of native species diversity on community susceptibility to invasion.
Both provide useful pieces of information, but typically each asks fundamentally different questions.
Surveys tell us that locations with species-rich native communities are characterized by conditions
that promote exotic species richness, whereas experiments tell us that, within a location, the loss of
resident species increases the likelihood of the establishment of new species. In the present study, we
apply observational data to a study of the consequences of species loss for invasion in order to assess
the generality across scales and the relative importance of experimental results. We begin by using
long-term recruitment data to explore how small-scale mechanisms of biotic resistance could operate
on a landscape scale. We find that individual species have complementary seasonal recruitment patterns such that more diverse communities might be able to more consistently fill space that opens
throughout the season, leading to reduced invasion success. However, field surveys of native and
invader richness show that the slope of the relationship between native and invader diversity
changes with the availability of resources (space) and the presence of habitat-forming foundation
species. In these systems, biotic resistance appears to be important only when resources are scarce
and foundation species are rare. Thus, we conclude that biotic resistance, as identified in experiments, is a consistent effect of diversity that can be explained mechanistically at even a landscape
scale, but that it plays a dominant role only when total diversity is constrained by resource limitation.
This situation is common in experimentally constructed communities, but may be less so in nature.
KEY WORDS: Diversity–invasibility · Sessile invertebrates · Competition · Facilitation · Recruitment ·
Temporal niche · Diversity–ecosystem functioning
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In this paper we focus on the often-contested relationship between diversity and invasibility of a community by exotic (non-indigenous) species. This question relates to the broader theme of this Theme Section
on the consequences of diversity for ecosystem functioning in 2 ways. First, exotic species invasions in
marine systems can have major effects on the structure
and functioning of ecosystems (Grosholz 2002). If
diversity enhances invasion resistance, it may help to
buffer ecosystems from some of these changes. Second, the major mechanism by which diversity is ex-

pected to enhance invasion resistance is via more complete use of resources (e.g. Elton 1958, Case 1990,
Byers & Noonburg 2003, Tilman 2004). The effect of
diversity on resource use should affect other critical
ecosystem processes such as productivity, nutrient
retention and cycling, and community stability. Furthermore, understanding the mechanistic relationship
between diversity and invasibility bears directly on the
questions of whether contemporary communities are
saturated with species and the extent to which there
are limits on local diversity. If communities are generally saturated, then the consequences of new species
introductions may be severe, whereas if communities
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are generally unsaturated, the consequences of most
invasions may be relatively minor. Thus, the study of
diversity–invasibility relationships provides a lens
through which many important basic and applied
issues in ecology may be profitably addressed.
A review of the empirical literature (mostly from terrestrial plant ecology) highlights the lack of consensus
on the strength and direction of the effects of diversity on community resistance to invasion (Levine &
D’Antonio 1999). The discordant results between
studies employing observational and experimental
approaches are a major characteristic of this ‘debate’.
Most observational studies find that more-diverse
native communities support more invaders (e.g. Knops
et al. 1995, Planty-Tabacchi et al. 1996, Rejmanek
1996, Wiser et al. 1998, Lonsdale 1999, Stohlgren et
al. 1999). These studies are often conducted at large
scales (e.g. 10 to 1000 km2 or more, but see Sax 2002,
Dunstan & Johnson 2004), involve many species, and
are favored by some because they involve ‘natural’
communities. But many other factors correlated with
diversity can affect the establishment and spread of
invasions, confounding the interpretation of such studies (e.g. see discussion in Rejmanek 2003). In contrast,
most (but not all) experimental manipulations (necessarily conducted at smaller scales) support the idea
that species richness decreases invasion success (McGrady-Steed et al. 1997, Knops et al. 1999, Lavorel et
al. 1999, Stachowicz et al. 1999, 2002a, Levine 2000,
Naeem et al. 2000, Symstad 2000, Kennedy et al. 2002,
Fargione et al. 2003). The most commonly offered
mechanism underlying this result is that species differ,
or are complementary, in their use of resources such
that increasing the number of species decreases the
success of future invaders by decreasing total resource
availability (e.g. Stachowicz et al. 1999, 2002a, Naeem
et al. 2000). Such experiments reveal the potential of
diversity to reduce invasion success, but rarely assess
whether diversity is important relative to other factors
such as propagule supply, disturbance, or predation for
generating patterns of invasion in the field (but see
Levine 2000, Stachowicz et al. 2002a).
The apparent paradox created by contrasting observational and experimental results occurs because each
approach has addressed fundamentally different
questions. Observational approaches often answer the
question of which sites have the most exotics in
them and, thus, might be in need of greatest attention
from management efforts. Experimental approaches,
in contrast, address the consequences of species loss
(declining diversity) for the susceptibility of a community to invasion. These 2 approaches offer subtly different pieces of information that can be drawn together to
produce a broader understanding of the relationship
between native and exotic species richness. Patches

that support diverse native communities are likely to
support many exotic species, because the characteristics that favor high native diversity also favor high
exotic diversity (e.g. Davies et al. 2005). However,
within a given patch, the elimination of a native species due to anthropogenic disturbance should increase
the probability of a successful invasion (e.g. Shea &
Chesson 2002).
Because of the difficulty of conducting multifactorial
experiments on large scales, observational studies can
also help refine hypotheses about the relative role of
diversity versus other factors and assess the applicability of small-scale mechanistic experiments to largerscale processes. For example, when combined with
field experiments, observational approaches have
clarified where the mechanistic effects of diversity are
(and are not) important relative to environmental factors such as disturbance or propagule supply in determining patterns of exotic species richness (Levine
2000, Stachowicz et al. 2002a). In the present study, we
use two complementary observational approaches to
address the mechanistic relationship between diversity
and biotic resistance. First, we examine long-term recruitment patterns from the field that address an
explicit landscape-scale mechanism of biotic resistance. Secondly, we examine patterns of native and
invader richness in the field at a single time point, but
tease out factors that correlate with the ability of a
community to support more species, allowing us to
determine under what conditions biotic resistance is
important. Both approaches have in common that
mechanisms elucidated from experiments are incorporated, yet we still consider a larger spatial and/or temporal perspective. We close with broader implications
of our findings for the role of species diversity on
ecosystem functioning.

STUDY SYSTEM
We focus in this paper on subtidal sessile marine
invertebrate communities (i.e. fouling communities)
that occur worldwide on natural rock outcrops, as well
as on man-made structures like docks, wharves, and
pilings. Studies of the role of diversity in community
invasibility have been conducted in few, if any, other
marine systems of which we are aware. Fouling communities are comprised of a diverse array of solitary
and colonial marine invertebrates, including ascidians (sea squirts), bryozoans, bivalve molluscs, tubebuilding polychaete worms, sponges, barnacles, and
sea anemones. Most of these taxa are suspension feeders, relying on planktonic food. The limiting resource
in these systems most often appears to be space
(Osman 1977, Sutherland & Karlson 1977, Stachowicz
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et al. 1999, 2002a), although sometimes competition for
food and space can be difficult to separate (Buss 1979).
Because these communities readily occur in harbors
and ports, they have been colonized by many species
from other biogeographic provinces that have been
transported on the bottom of boat hulls or as larval
stages in ballast water (Carlton & Geller 1993, Ruiz et
al. 2000). The fossil record for many of these organisms
is poor (e.g. soft-bodied ascidians), so the actual status
of some of these species as natives or invader is uncertain. All the species we refer to as ‘native’ were present
in the system at the time that humans began studying
them, usually in the mid-1800s (see references in Van
Name 1945). We thus define as ‘exotic’ any species that
was not recorded in the first comprehensive monographs for a taxonomic group from a given region.
While our distinctions may not reflect actual native
versus exotic status, they separate species that have
been resident for a lengthy period of time and those
that are recent, documented invaders into an already
established community.
We manipulated the species richness of sessile
marine invertebrate communities in Long Island Sound,
Connecticut, USA, and challenged these communities
with different potential invaders (Stachowicz et al.
1999, 2002a). We found that in all cases invasion
success decreased with increasing resident diversity
(Fig. 1A). This was because individual species were
complementary in their temporal patterns of space
occupation. Individual species all fluctuated in abundance, but these fluctuations were out of phase, such
that at least 1 species was always abundant and occupying space in the high-diversity treatments, whereas
there were periods of high space availability in the
low-diversity treatments (Fig. 1B). Thus, more diverse
communities exhibit changes in the relative abundance of species over time, but maintain consistently
high occupancy of space, while those with fewer species experience longer periods of high space availability. This is in agreement with theory that suggests,
more broadly, that diversity should enhance the stability of community properties (i.e. space occupancy),
but that it should decrease or have no effect on the
stability of individual species’ populations (May 1974,
Tilman 1996). We confirmed that resource availability
was a major contributor to invasion success by holding
diversity constant, but manipulating space availability.
These experiments showed a strong positive relationship between space availability and invasion success,
and that even a brief window of open space (2 wk)
could increase invasion success by an order of magnitude (Stachowicz et al. 2002a).
Studies in terrestrial plant communities have
stressed that fluctuating resource availability in general often enhances invasion success (Davis et al.
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Fig. 1. Effects of experimental manipulation of diversity on
the success of introduced species (from Stachowicz et al.
2002a). (A) Survival of the colonial ascidian Botrylloides violaceous and the solitary ascidian Ascidiella aspersa as a function of resident community species richness. Larger dots indicate 2 data points that lie on top of one another. (B) Resource
(space) availability over time as a function of initial community richness (mean ± SE); note that all communities are
capable of occupying all the space, but that communities
experience peaks in resource availability that are greater
in communities with fewer species. See ‘Study system’ section
and Stachowicz et al. (2002a) for details

2000), so we suspect that this mechanism is applicable
to a wide variety of ecosystems in which diversity
affects resource availability. The seasonal or temporal
niches critical to the operation of this mechanism are
likely to be common in a variety of environments,
including such diverse taxa as marine invertebrates
and herbaceous plants (Chesson 2000, Stachowicz &
Tilman 2005), phytoplankton (Rynearson & Armbrust
2004, Duffy & Stachowicz 2006 [in this Theme Section]), migratory fishes (Klimley et al. 2005), and any
other groups with a strong seasonality to their distribution and abundance. Thus, while the identity of limiting resources may differ across ecosystems, we
expect the patterns and conclusions of work on these
communities to be applicable to any resource-limited
system.
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CONSEQUENCES OF SEASONAL NICHES FOR
RESOURCE USE
What underlies the differences in seasonal phenologies among species that lead to the temporal complementarity illustrated in Fig. 1? Despite differences in
growth forms, marine invertebrates on hard substrates
seem to compete primarily for space, the likely limiting
resource. However, each species may differ in growth
rates, patterns of mortality, in the timing, duration and
magnitude of reproductive output, in the degree to
which they are capable of local recruitment, and in
their response to biotic and physical stresses (e.g.
McDougall 1943, Osman 1977, Sutherland & Karlson
1977). In seasonal environments, where conditions
change predictably, each species thus may have a temporal or seasonal niche. These seasonal niches appear
to provide the basis for complementary effects of species on resource use and invasion resistance (Fig. 1B;
Stachowicz et al. 2002a).
While the results shown in Fig. 1 can largely be
attributed to patterns of differential mortality in opening space to be invaded, when considering large spatial scales, stochastic events guarantee that there will
always be patches of free space open to invaders in a
dynamic marine environment. Whether a recruit of a
new species can thrive and survive in an area depends
on its ability to outcompete recruits of residents settling at the same time. Higher levels of total resident
recruitment can lead to more intense competition and
a lower probability of survival of recruits of nonresident species. If all resident species recruited during a single time interval, invaders would have a large
window of opportunity during which establishment
would be relatively easy. In contrast, if communities
possess either 1 or more species that recruit at constant
high densities or if species have complementary seasonal phenologies with respect to recruitment, creating constant high levels of recruitment through temporal complementarity, then invasion resistance should
increase with diversity at large spatial scales.
To assess the degree to which the species on which
we performed our experiments exhibit temporal complementarity in recruitment, we performed weekly
surveys of recruitment of invertebrates onto artificial
substrates (for full methods see Stachowicz et al.
2002b). Briefly, the data consist of weekly censuses of
newly settled sessile marine invertebrates on 4 panels
of 100 cm2 suspended approximately 1 m below the
water’s surface. These data have been taken during
the recruitment season since 1991 and continuously
since 1997.
One sample year’s worth of these data demonstrates
that each species has a seasonal pattern of recruitment
that appears to be complementary in time to those of

other species (Fig. 2A, see below). If we assume that
these reproductive cycles are dependent primarily on
abiotic factors and that this leads to different seasonal
patterns in adult abundance, then we can use seasonal
patterns of recruitment to predict the effect of diversity
on resource availability (space) for new exotic species.
The effects of seasonal variation in temperature are
widely known to affect the seasonality of marine invertebrate recruitment (e.g. McDougall 1943, Osman
1977, Sutherland & Karlson 1977, Stachowicz et al.
2002b) in the same way that seasonal patterns of temperature and moisture might affect the seasonal phenologies of annual plants, so we think this approach
may be appropriate for a variety of systems. While
competitive interactions can influence the magnitude
of recruitment to some extent, our previous analyses of
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Fig. 2. Settlement of dominant marine invertebrate species at
Avery Point, Connecticut, for the 1999 recruitment season.
(A) Four of the more abundant native species (Botryllus
schlosseri, Cryptosula pallasiana, Bugula turrita, Molgula
manhattensis) and the record of all 4 species together, showing the complementary nature of their settlement patterns.
(B) Settlement record for the introduced ascidian Botrylloides
violaceous. Note that its recruitment pattern coincides with
a period of relatively low recruitment by the resident species, particularly the ecologically similar resident species
B. schlosseri
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these long-term data find that a large proportion of the
variance in the timing of recruitment within species is
attributable to within- and between-year variation in
temperature (Stachowicz et al. 2002b).
Given these assumptions, we used our weekly
recruitment data to assess how total recruitment might
change as a function of the number of species recruiting into the community, as well as the extent to which
invasion resistance was conferred by temporal complementarity versus individual species with consistently
high recruitment. Recruitment can be plotted over time
for each species to give a description of the ability of
each species to fill new space that becomes available
over the course of the season (Fig. 2A). We then assembled all possible combinations of species in each year,
and tallied the total number of weeks that recruitment
was >100 ind. 100 cm–2 panel for each species combination as a measure of the number of weeks per year
that space might be saturated by the recruits of resident species. Species that never exceeded 5 recruits
Species A 4 weeks > threshold
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wk–1 in a given year were excluded from the simulation. For a given year in which n species (a1, a2, … an)
were recorded, we produced recruitment records for
hypothetical communities that included all possible
combinations of (a1, a2, … an). For example, if 3 species
(A, B, and C) were recorded in a year, we would
assemble recruitment records for the 7 combinations
shown in Fig. 3. For each combination we would
record both the total number of weeks above the
threshold recruitment and the number of weeks that
the best species in that combination would be above
the threshold if it occurred by itself. While it is obvious
that the total number of recruits will increase as one
adds species to the assemblage, whether this will
increase the number of weeks above a threshold
recruitment level depends on the degree to which species have complementary temporal patterns of recruitment. The multi-year record we have allows us to
examine the extent to which the strength of such complementarity varies among years.
A + B 5 weeks > threshold

Recruits cm–2

A + C 9 weeks > threshold
Species B 1 week > threshold

B+ C 8 weeks > threshold

Species C 7 weeks > threshold
A + B + C 10 weeks > threshold

Time

Time

Species
richness

Average
combination (wk)

Average of best single species
in each combination (wk)

1
2
3

4
( 5 + 9 + 8) /3 = 7.33
10

4
(4 + 7 + 7) /3 = 6
7

Fig. 3. Diagrammatic depiction of the methods used for assembling hypothetical communities of varying species richness and
assessing the number of weeks that the recruitment for that assemblage exceeded a recruitment threshold (dotted line) indicative
of saturation (thresholds of 0.1, 0.5, 1, or 2 ind. cm–2 were used in the analysis). The table at the bottom of the figure shows how
the values of number of weeks at saturation were obtained for both the diverse assemblages and the best-recruiting single
species in each assemblage
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Total # of weeks recruitment
>1 individual cm–2

Total # of weeks
recruitment > threshold

Total # of weeks recruitment
>1 individual cm–2

25
We initially chose a threshold of 100 ind.
A
100 cm–2, based on the assumption that even
20
the smallest species in our survey would
occupy at least 1 cm2 as an adult or persistent
Full combination
juvenile, so recruitment levels of 100 ind.
15
Best performing
100 cm–2 should be sufficient to completely
single species in
each combination
occupy available space within a short period of
10
time and reduce invasion. We also ran the
simulation for recruitment thresholds of 10, 50,
5
and 200 recruits 100 cm–2 wk–1, to see if the
results were sensitive to the threshold we
0
chose. In reality, substrate saturation would be
a more continuous variable, but the results
30
B
obtained were robust to the choice of threshold
25
value, so our relatively arbitrary choice of
threshold is probably of little significance (see
0.1 cm–2 wk–1
20
below and Fig. 4B).
0.5 cm–2 wk–1
2.0 cm–2 wk–1
No one species produced enough recruit15
ment for the entire season to saturate the comSolid = full combination
10
Open = best single species
munity (e.g. data for 1998 recruitment year,
in each combination
Fig. 4A). In 1998, the best single species occu5
pied only 9 wk at > 100 recruits 100 cm–2, compared to 21 wk for the maximum diversity
0
assemblage. Thus, 57% of the weeks that exceeded the threshold of 100 recruits 100 cm–2
18
C
would not have done so without some complementarity among species. While the actual
15
percent of the maximum attained by the bestrecruiting single species is sensitive to the
12
1994
1997
threshold set for recruitment saturation, the
1999
9
patterns hold regardless of which threshold we
used (Fig. 4B). Only when the threshold is set
Solid = full combination
6
Open = best single species
as low as 10 recruits 100 cm–2 wk–1, did we
in each combination
see the best-recruiting species begin to ap3
proximate the maximum diversity assemblage
(Fig. 4B). In our experience, recruitment this
0
0 1 2 3 4 5 6 7 8 9 10 11 12 13 14 15 16
low is relatively uncommon and would not be
Number of species
sufficient to inhibit establishment of additional
species. However, even at this probably unFig. 4. Number of weeks in which recruitment exceeds the saturation
threshold for hypothetical communities assembled from the long-term
reasonably low recruitment threshold, having
recruitment records as a function of the number of species in that
the full complement of species increased the
community. (A) Data for the year 1998, showing separate curves for
period of saturation by 6 wk from 21 to 27 wk
mean (±1 SD) values of number of weeks above a threshold of 1 recruit
(22%). These simple simulations suggest that,
cm–2 for the mean of all combinations at each level of richness and for the
best-recruiting species in each combination. (B) Effect of changing the
for a range of potential saturating recruitment
threshold value (0.1, 0.5, 2.0 cm–2 wk–1) of recruitment saturation on the
thresholds, complementarity in seasonal rerelationship between diversity and number of weeks above the threshcruitment patterns is likely to lead to more conold recruitment for 1998. (C) Assembly of communities for 3 additional
sistent space occupation and thus increased
years that span a range of temperature conditions
resistance to invasion in diverse communities
(Stachowicz et al. 2002a).
Because species vary among years in the timing and
the general phenomenon is consistent, the degree to
magnitude of their recruitment, the degree to which
which a single species can saturate recruitment surseasonal complementarity results in enhanced recruitfaces does vary among years. In 1994, for example,
ment saturation may vary among years. We assembled
the best-recruiting species reached the threshold on
all possible combinations for 3 yr with differing recruitits own for 7 wk, while the all-species combination
ment patterns (Fig. 4C). These data suggest that, while
reached the threshold for only 11; thus the diversity
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added only 4 wk of ‘resistance’ (36% of total resistance
due to complementarity). In other years the effect was
more dramatic: in 1999 the diverse assemblage saturated 16 wk, while the best monoculture reached the
threshold for only 2 (86% of ‘saturation’ due to complementarity). With such interannual variation, the effects
of diversity on invasion success might vary substantially among years depending on the degree to which
species were complementary in their seasonal niches.
Thusfar, interannual success of invasive species in
these communities has been assessed primarily in
response to abiotic factors, but incorporating interannual variation in the strength of biotic interactions
might prove informative.
For example, of the 3 yr depicted above, the strength
of complementarity (percent of weeks above the
threshold not accounted for by the best-recruiting
species) increases with decreasing native recruitment.
In 1994, when winter temperatures were coldest and
native recruitment highest, complementarity was relatively weak (36%); 1997 was an intermediate year in
temperature, native recruitment, and complementarity
(69%); 1999 was one of the warmest years on record,
with low native recruitment and the highest complementarity (88%) (see Stachowicz et al. 2002b for further exploration of temperature effects). These limited
data suggest that complementarity might become
more important as the recruitment of individual resident species declines. Intuitively, when total resident
recruitment is lower, no one species has high recruitment, so complementarity among species in excluding
invaders becomes more important; this explains why
the number of weeks above threshold for the bestrecruiting species varies across years. However, it does
not explain why the total number of weeks above the
threshold is greatest in years with lowest recruitment.
Unfortunately, we cannot use these data to independently assess the effect of changing biotic resistance
on invasion across years, because increasing temperature has a direct positive effect on the introduced
species (Stachowicz et al. 2002b).
Whether interannual variability in complementarity
translates into differences in invasion success will also
depend on the invader’s seasonal recruitment patterns.
While diversity should decrease the overall probability
of invasion, theory and some empirical work suggest
that the degree to which the invader’s traits fill a void
in the native community plays a role (e.g. Elton 1958,
Fargione et al. 2003, Tilman 2004, Stachowicz &
Tilman 2005). Predicting the success of particular invaders within the framework set forth thusfar requires,
not only knowing how many invader propagules
arrive, but when during the season they arrive. There
is evidence that some invaders recruit during ‘lulls’ in
native recruitment. For example, Botrylloides viola-
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ceous recruits during the early summer, approximately
4 wk after the peak recruitment of Botryllus schlosseri,
when few other natives are recruiting (Fig. 2B). In the
year depicted in Fig. 2 (1999), in its peak week B. violaceous had 72 recruits 100 cm–2, which was more than
all natives combined in that week. The timing of B. violaceous recruitment is sensitive to interannual variations in winter and spring temperature, whereas that of
many natives, like B. schlosseri is not (Stachowicz et al.
2002b). Thus, the extent to which the recruitment of
invaders ‘fills holes’ in the native community and the
success of those invaders may vary among years, possibly leading to interannual variation in the strength of
biotic resistance. This point remains speculative, however, as we have no consistent, independent measure
of invasion success across years with which to test this
hypothesis. Nevertheless, it seems reasonable to suggest that this ‘ecological fitting’ (sensu Janzen 1985)
may be most critical during the establishment phase of
the invasion and may determine the species or genotypes of invaders that can succeed in a new community. Once invaders build up a resident population, a
large degree of overlap in the timing of recruitment
might be more easily tolerated.

EFFECT OF SPATIAL HETEROGENEITY ON
NATIVE–INVADER DIVERSITY CORRELATIONS
While it is clear that fluctuating resources may determine invasion success in a wide variety of communities
(Davis et al. 2000), temporal shifts in the abundance of
species is only 1 potential cause of such fluctuations.
As previously discussed, positive native–invader diversity relationships may reflect that areas with conditions
that favor high native diversity will be able to support
more invasive species. Within an area of consistent
environmental conditions, diversity and invasion should
be negatively related (see Fig. 1 in Shea & Chesson
2002). Thus, from positive correlations alone, it is not
appropriate to conclude that decreasing native diversity via extinction would decrease invasion success.
Instead, given a mechanistic reason to expect diversity
per se to decrease invasion (Fig. 1), species extinction
should consistently increase the susceptibility of any
area to invasion, leading to an increase in invader species richness with every species extirpated from an area.
However, there are possible mechanisms by which
increased diversity might lead mechanistically to
increased invasion. Some of these have been explored
in a similar epifaunal invertebrate community in
Tasmania, where a positive correlation between native
and invader diversity was found in temporally repeated surveys of sessile invertebrates that had naturally colonized a rock jetty (Dunstan & Johnson 2004).
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In their study, species-rich patches consisted primarily
of small colonies with rapid turnover, which may provide increased opportunity for the colonization of these
patches by new species. Interestingly, although the
hypothesized outcome is contrary to that shown in
Fig. 1, the underlying mechanism (consistency of space
occupancy) is the same. Unfortunately, it is not clear
from this survey approach alone what the underlying
causes of the differences in colony size among patches
might be. Extrinsic conditions may differ significantly
among patches, and forces that maintain small colony
size (e.g. recent disturbance, grazing intensity, high
propagule supply) enhance diversity of both resident
and colonizing species.
A second means by which species richness might
enhance colonization rates is via interspecific facilitation. Increasing community richness might increase
the probability of including species that facilitate the
colonization and establishment of a broad range of
new species (see discussion in Crooks 2002, Bruno et
al. 2003). Dunstan & Johnson (2004) offer several
examples of positive associations among species as a
mechanism for a positive native–exotic richness correlation, although similar responses of species to extrinsic factors could also explain such patterns. Our own
work has also shown positive pairwise interactions
among natives and exotics (Stachowicz et al. 2002a).
Still, such pairwise positive interactions will not, by
themselves, result in a significant positive correlation
between native and non-native diversity.
To further explore the extent to which positive correlations between native and invader diversity are mechanistic versus the result of environmental covariates,
we included measurements of relevant resources and
other covariates into the statistical model for invader
diversity. As our resource reflecting competition and
other temporal processes, we sampled for percentage
of open space within plots (Stachowicz et al. 2002a).
We also consider the effects of the presence and cover
of the head-forming bryozoan Watersipora subtorquata
on the native–invader diversity relationship, because
the 3-dimensional growth form of this animal provides
secondary space for colonization by both natives and
non-natives (Floerl et al. 2004) and may increase habitat heterogeneity that might facilitate coexistence
(Chesson 2000).
We surveyed the docks of the Spud Point Marina in
Bodega Bay, California, during the summer of 2004.
Five 0.125 m2 quadrats were haphazardly placed on
every southern facing slip. Two of these quadrats were
located on finger piers, while 3 were on the main pier
itself. This was repeated for all 5 docks of the marina
(89 slips, n = 440 quadrats). Quadrats were visually
surveyed for every species present. We used a multiple
regression model to examine the effects of native rich-

ness and the percentage of open space on invader species richness. We also included an interaction term in
each model, in order to examine whether the native–
invader richness relationship changes under different
levels of available space.
While there was no overall correlation between
native and invader diversity (F1,436 = 2.28, p = 0.124),
and a slightly negative correlation between available
open space and native diversity (F1,436 = 25.4, p <
0.0001), there was a significant native diversity × free
space interaction (F1,436 = 3.78, p = 0.05, r2 = 0.170).
Specifically, at high levels of open space, there was a
strong positive relationship between native and invader richness, whereas, at low levels of open space, the
slope of the relationship did not differ from 0 (Fig. 5A).
Similarly, there was a strong negative correlation
between open space and invader diversity at low levels
of native diversity, while the relationship became nearly
flat at high levels of native diversity. The reduced
invader diversity at high open space is likely due to
non-selective disturbance agents that affect native and
invader diversity in a similar negative manner, resulting in native and invader richness covarying positively
as a reflection of extrinsic factors (e.g. Levine 2000,
Shea & Chesson 2002).
When resources are limiting (low space availability),
experimental results predict a negative slope to the
relationship between native and invader diversity, but
the data instead show a flat relationship (Fig. 5A). As
diversity increases, temporal complementarity among
species may increase the consistency of space occupation and decrease the likelihood of invader establishment, as argued above. It could be that at low space
availability this complementarity simply balances
out the effects of extrinsic factors, resulting in a flat
native–exotic richness relationship. However, increasing diversity may also increase the likelihood of adding
individual species with facilitative effects to the community (Mulder et al. 2001, Cardinale et al. 2002),
which could alter the slope of the native–exotic relationship (Bruno et al. 2003). For example species such
as Watersipora subtorquata might support epibiotic
growth, effectively increasing the surface area available for colonization (i.e. increasing levels of available resource) and potentially negating the effects of
enhanced biotic resistance.
When we added the percent cover of Watersipora
subtorquata to the regression model, there was a
significant 3-way interactive effect of W. subtorquata
cover, native diversity, and amount of open space on
the number of exotics present (F1,433 = 5.59, p = 0.018).
To visualize this 3-way interaction, we ran 2 separate
analyses, partitioning the data into plots with >10% or
<10% W. subtorquata cover. When W. subtorquata
cover is >10%, there is a consistent positive relation-
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Fig. 5. Regression planes showing how the slope of the relationship
between native and invader richness changes as a function of the
amount of resources available (percent open space) and the presence
of structurally complex species that provide additional attachment
sites for sessile species. (A) Data for all plots, showing that as resources
become limiting (as open space approaches 0) the slope of the relationship between native and invader richness decreases from strongly
positive to nearly flat. (B) Data for plots in which the cover of the headforming bryozoan Watersipora subtorquata is ≤10%, showing that the
native–invader relationship becomes negative when W. subtorquata
is absent and space is limiting. These figures combined suggest the
following: (1) when resources (open space) are not limiting, the mechanism underlying biotic resistance cannot operate, and natives and invader diversities are positively correlated; (2) as free space becomes
limiting, the signal of biotic resistance becomes stronger, shifting the
relationship to negative at low levels of available space; and (3) the
effect of biotic resistance can be offset by the presence of species
(facilitators) that provide secondary substrate on their shells or tests,
alleviating the resource limitation
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ship between native diversity and exotic diversity, regardless of the level of open space (open
space F1,360 = 1.17, p = 0.28; native richness F1,360
= 6.72, p = 0.001; interaction F1,360 = 0.14, p =
0.70, r2 = 0.070). In contrast, when W.
subtorquata is rare (<10% cover), there is a significant interactive effect of the availability of
open space and native diversity on invader
diversity (F1,74 = 5.99, p = 0.018, r2 = 0.430): the
native–invader relationship is positive at high
levels of open space, but becomes negative at
low levels of open space (Fig. 5B). We regularly
observed many different species growing on
dead and live parts of the W. subtorquata colony,
and the 3-dimensional structure of colonies suggests that W. subtorquata may provide more
space resources than it uses up. However, it may
not just be that W. subtorquata provides more
space, but that it increases heterogeneity,
including the subdivision of space into discrete
patches. Indeed, a recent analysis suggests that
spatial heterogeneity may be the key to understanding how native–exotic correlations change
across spatial scales (Davies et al. 2005).
These data suggest that the presence of a
structure-forming species can alleviate space
limitation and increase the number of both
native and exotic species that can coexist in a
given area, masking or eliminating the importance of biotic resistance. Interestingly, the
field survey by Stachowicz et al. (2002a), one of
the few to show a negative invader–native richness relationship in field survey data, was conducted in a system that lacked abundant foundation species such as these and had low
availability of free space. Factorial field manipulations of space availability and facilitator presence are needed to more directly test their effect
on biotic resistance, but these conclusions are in
accord with those from other studies showing
that exotic habitat modifiers often increase the
diversity of both natives and exotics (e.g. Crooks
2002). Although our discussions here consider
space as the relevant limiting resource in fouling
communities, in principle this could work for any
sort of resource limitation in other types of communities. For example, in nitrogen-limited terrestrial plant communities, it would be interesting to consider native–exotic relationships across
gradients in nitrogen availability and the presence of N-fixing species such as legumes.
The results of these and other surveys suggest
that the diversity of both native and introduced
species often respond similarly to spatial variation in environmental conditions, leading to pos-
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itive correlations between native and invader diversity
(Shea & Chesson 2002, Davies et al. 2005). This is particularly apparent when resources are not limiting
(high amount of open space). However, as available
resources become scarce, invader diversity is ultimately determined by a mix of competitive and facilitative interactions between natives and invaders that
control resource availability (summarized in Table 1).
Looking at the shape of the relationships between
native diversity, available resources (both primary and
secondary space), and invader diversity can elucidate
which of these processes are acting within a system,
how they determine the invasibility of the system, and
the relative importance of biotic resistance.

CONCLUSION AND APPLICATION TO BROADER
DIVERSITY–FUNCTION STUDIES
The few studies on the relationship between diversity and invasion in marine systems are most noteworthy for their emphasis on assessing the mechanism(s)
underlying the patterns of native–invader diversity
relationships. The balance of the evidence suggests
that diversity can and does enhance resource use, such
that fewer resources remain unused over time in more
diverse communities. Because resource use will relate
to so many other ecosystem functions, these results
provide a firm mechanistic basis for the diversity–
functioning relationship. For example, if more diverse
communities have higher resource utilization, then
they are also likely to have greater biomass or productivity and lower losses of energy or nutrient resources
than less diverse communities. The suggestion that
diversity enhances the consistency of resource use and
space occupancy (e.g. Figs. 1B & 2A) lends further evidence to the idea that diversity is related to community
stability. For instance, in terrestrial studies and theoretical work, as diversity increases, the stability of individual species’ populations tends to decrease slightly

(May 1974), whereas the stability of aggregate community properties, such as biomass or percent coverage, tends to increase (Tilman 1996, Tilman & Lehman
2001). This is exactly what we have found in our study
of diversity and invasion (Stachowicz et al. 2002a).
However, when resources do not limit invasion — or
more broadly, when resource availability or use does
not affect an ecosystem process — then the mechanisms we have identified can be overwhelmed by other
factors. For example, as suggested above, the presence
of a facilitator can generate additional resources that
enhance both native and non-native species, leading
to higher diversity of both (e.g. Crooks 2002). However, most work to date has been on sessile taxa, and
resource limitation may be less common in other
groups (e.g. mobile species). It would be interesting to
test the robustness of diversity–invasibility relationships within such groups. Of course mechanisms other
than resource depletion might link diversity and invasibility, and other papers in this Theme Section explicitly illustrate how diversity and other ecosystem functions can be linked via a variety of non-competitive
mechanisms.
Our results and those of others (e.g. Levine 2000)
suggest that the synthesis of observational, experimental, and simulation approaches, such as presented
here, might also be profitable when examining the
effect of diversity on other ecosystem functions. Indeed, observational approaches tested by Emmerson &
Huxam (2002) show promise for gaining insight into
diversity–functioning relationships at larger scales and
in high-diversity communities. Given the importance
of the ocean to global ecosystem functioning, it seems
clear that small-scale experiments will not be sufficient.
Finally, at least in the short term, many invasions
have resulted in a net gain in the number of species
present at the local/regional level (Sax & Gaines 2003).
This is not surprising and is similar to what is seen in
geological-scale invasions: most regions gain in the

Table 1. Summary of how the effects of native richness on invader richness might change as a function of the availability of
resources (open space) and the presence or absence of facilitators. Predictions based on data trends in Fig. 5
Low native richness

High native richness

Low fraction
of resources
available

Biotic resistance overwhelmed by invaders
Invader–invader competition may reduce
invader diversity
INVADER DIVERSITY HIGH TO MODERATE

Biotic resistance reduces invasion success
Greater likelihood of facilitator presence that
increases diversity of natives and invaders
INVADER DIVERSITY LOW TO MODERATE

High fraction
of resources
available

Exploitative competition and biotic
resistance unimportant
Both native and invader diversity determined
by extrinsic factors (e.g. recruitment, disturbance, flow)
INVADER DIVERSITY LOW

Exploitative competition and biotic resistance
unimportant
Native and invader diversity determined by
extrinsic factors (e.g. recruitment, disturbance, flow)
INVADER DIVERSITY HIGH
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total number of species, though some resident species
eventually go extinct (e.g. Marshall et al. 1982, Vermeij
1991). The diversity–ecosystem functioning debate has
mostly been framed in the context of what will happen
to ecosystem functioning as species richness declines
due to extinctions. But in cases where invasions cause
a net increase in diversity at the scale at which ecosystem processes are measured, it is worth considering
what effects this might have on ecosystem functioning.
There are virtually no data to address this question,
although it is clear that invasive species can affect
ecosystem structure and function. For example, ecosystems lacking dominant filter-feeding organisms
(either because natives have been driven ecologically
extinct or because there were none to begin with) are
dramatically altered when such species are introduced
(e.g. Alpine & Cloern 1992). Assessing the effects of
invasion-caused increases in diversity on a range of
ecosystem processes would allow for a more robust test
of the diversity–functioning relationship. Additionally,
such studies would contribute to a fuller understanding
of the degree to which ecosystem functioning saturates
at high levels of diversity and provide a more balanced
view of the consequences of species introductions.
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ABSTRACT: The extent to which changes in biodiversity are causally linked to key ecosystem processes is a primary focus of contemporary ecological research. Highly controlled manipulative experiments have revealed significant and positive effects of increased diversity on ecosystem functioning,
but uncertainties in experimental design have made it difficult to determine whether such effects are
related to the number of species or to effects associated with species identity and density. Using
infaunal marine invertebrates, we established 2 parallel laboratory experiments to examine the
hypothesis that changes in the composition of benthic macrofauna alter the biogeochemistry of
coastal intertidal mudflats. Our study identified clear effects of increased infaunal species diversity
on nutrient generation. However, significant species identity and density effects underpin the
observed response, reflecting species-specific traits associated with bioturbation. Post-hoc examination of our conclusions using power analysis revealed that, given our experimental design, the
probability of finding a correct significant effect, the minimum detectable difference necessary to
detect a significant effect, and the minimum number of replicates necessary in order to achieve an
acceptable power, all differed between species. Our study has important implications for the design
of biodiversity–ecosystem function experiments because the disparity between the contributions
that individual species make to ecosystem function demands the use of different levels of replication
for each species within an experiment.
KEY WORDS: Biodiversity · Ecosystem function · Species richness · Experimental design · Nutrients ·
Bioturbation
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Following concerns that declining species diversity
may impair the long-term functioning of ecosystems,
an extensive body of literature has emerged over the
last decade (for review, see Hooper et al. 2005) that
focuses on the effects of biodiversity loss on key ecological processes. For the most part, and irrespective of
habitat type, these studies have adopted an experimental approach (see Schmid et al. 2002, Raffaelli et al.
2003) that involves randomly assembling simple communities around a basal resource and examining the
effect, if any, that varying numbers of species have on

direct measures of ecosystem functioning, such as primary productivity, decomposition rates and nutrient
cycling (see citations in Hooper et al. 2005). As these
kinds of experiments are highly controlled, they offer
the opportunity to apply rigorous parametric statistical
models (most typically regression and ANOVA) in the
absence of confounding variables. This approach has
been important in understanding the generality of how
biological diversity maintains ecological processes,
and it has received widespread attention. Findings
from microbial (e.g. Bell et al. 2005), terrestrial plant
and soil communities (reviewed in Loreau et al. 2001),
as well as freshwater and marine invertebrate commu-
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nities (reviewed in Covich et al. 2004) indicate that, on
average, a reduction in biodiversity is likely to impair
the short-term provision and long-term sustainability
of ecosystem processes (Hooper et al. 2005).
While the ecological research community broadly
agrees that biodiversity is causally related to many
ecosystem processes (Schläpfer et al. 1999), and fully
endorses many experimental conclusions, some uncertainties in experimental design and caveats to interpretation (e.g. heterogeneity of variance with increasing species richness) cast doubts on the wider applicability of some experimental findings (Hooper et al.
2005). Recognition that there have been difficulties
with the appropriateness and discriminatory power of
alternative experimental designs (Schmid et al. 2002)
led to an extensive debate in the primary literature
over whether the findings of first generation biodiversity–ecosystem function experiments (hereafter BEF)
support the postulate that biodiversity regulates ecosystem processes (for a summary of debate, see Mooney
2002). Some investigators even questioned whether
new BEF research was needed (Flint & Kalke 2005)
given the availability and efficacy of using historical
data (e.g. Emmerson & Huxham 2002, Statzner & Moss
2004). It is important to realise, however, that such criticism does not undermine the validity of the hypotheses in BEF research, nor does it demand an unequivocal demonstration of the precise mechanisms that
underpin the broad conclusions of specific BEF experiments. Rather, it draws attention to the inherent difficulty in identifying and attributing causal mechanisms
associated with changes in biodiversity, and the need
to explicitly identify and acknowledge the limitations
of each study (Rosenfeld 2002). These interpretative
difficulties arise because the detection of a significant
effect of diversity may indicate (1) a true and intrinsic
effect of diversity (= complementarity), (2) the effect of
one or more ‘hidden treatments’ (sensu Huston 1997)
caused by concurrent changes in species density, composition or identity when the main explanatory variable (species richness) is manipulated, or (3) a combination of both effects at the same time (e.g. Fargione &
Tilman 2005).
Distinguishing between the ‘properties of complementarity’ and the ‘mechanisms of selection’ (following Petchey 2003) is vitally important because they
relate to how biodiversity regulates ecosystem function
in the real world. Indeed, in most real communities, the
provision of ecosystem processes will depend not only
upon the number of species, but also on the relative
contribution of dominant and minor species (i.e. species composition and identity effects; Emmerson et al.
2001, Solan et al. 2004), environmental context (Biles
et al. 2003), density dependence (Marinelli & Williams
2003) and how species interact with one another.

A ‘complementarity effect’ occurs when a partitioning of resources (i.e. niche differentiation) leads to
increased total resource use, or when some other
positive inter-specific interaction (e.g. facilitation)
leads to an increase in ecosystem functioning (Cardinale et al. 2002). A ‘sampling’ or ‘selection’ effect
(Huston 1997) may occur in higher diversity treatments
because of the increased probability of including
species that have a disproportionate effect on ecosystem functioning (which may in itself be a valid biodiversity effect; Tilman et al. 1997).
Several metrics have been put forward that effectively distinguish selection effects from complementarity effects (Loreau 1998, Emmerson & Raffaelli 2000,
Loreau & Hector 2001, 2paèková & Leps̆ 2001, Hector
et al. 2002, Petchey 2003). These generally compare
the relative performance of a multi-species mixture
with those of monocultures comprising species that
made up the original mixture (see Loreau 1998 for general framework). This approach allows the expected
yield of each species in the mixture (Ei) to be predicted
from its observed yield in monoculture (Mi). Any deviation of the observed total yield (O T) in the mixture
from its expected value (ET = summation of all E i ) then
provides a means to unambiguously assert that a
mixture is more productive (= overyielding) than the
corresponding monocultures. However, further analysis aiming to determine how species interactions give
rise to overyielding is possible only if the relative contribution of each species (O i) to the total observed yield
(O T) can be subsequently partitioned.
For many marine BEF experiments, where cumulative processes are routinely used as surrogates for ecosystem function (e.g. nutrient concentrations, Emmerson et al. 2001, Biles et al. 2003; bioturbation, Solan et
al. 2004; oxygen flux, Waldbusser et al. 2004; grazing,
O’Connor & Crowe 2005; photosynthesis, Bruno et al.
2005), direct determination of the relative contribution
of each species from the size of the observed effect in a
mixture is not always possible, and such metrics are of
limited use. Instead, the separation of species identity
and density effects from those attributable to species
richness can be achieved using a series of alternative
ANOVA models (e.g. Schmid et al. 2002, O’Connor &
Crowe 2005), although problems can be encountered
under some circumstances (see Benedetti-Cecchi 2004).
While these and other methods (e.g. power analysis)
are available, they are seldom used to cross-check the
experimental design or the ensuing findings of BEF
experiments.
In this study, using infaunal benthic invertebrate
assemblages, we present an experimental design and
validation procedure appropriate for distinguishing
the compositional effects of diversity from those attributable to species richness. Our aim is to encourage the
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use of these techniques in BEF experimentation and, in
so doing, explicitly recognise the limitations of such
studies within a marine context.

MATERIALS AND METHODS
Faunal and sediment collection. Sediment and 3 infaunal invertebrates, the deposit-feeder Hediste diversicolor (Polychaeta), the surficial grazer Hydrobia ulvae
(Gastropoda) and the suspension-feeder Cerastoderma
edule (Bivalvia) were collected from mud flats in the
Ythan Estuary, Aberdeenshire, Scotland (57° 20.085’ N,
02° 0.206’ W). Sediment was sieved (0.5 mm mesh) in a
seawater bath to remove macrofauna and then allowed
to settle for 24 h to retain the fine fraction (< 63 µm).
Excess water was removed and the settled sediment
(total organic carbon content, 3.84%; mean particle
size = 49.79 µm; volume percentile range: d[v, 0.05] =
4.42 µm, d[v, 0.95] = 309.30 µm) was homogenised to a
slurry to facilitate distribution between mesocosms.
Sediment and seawater (UV-sterilised, 10 µm prefiltered, salinity 33) were added to each mesocosm 36 h
prior to addition of invertebrate species. Seawater was
siphoned off and replaced after 24 h to allow the
removal of excess nutrients associated with sediment
disruption during assembly. All mesocosms were continually aerated. Pre-filtered (Nalgene, 0.45 µm) water
samples were taken on the final day of each experiment. Ammonium-nitrogen (NH4-N), nitrate-nitrogen
(NOX-N) and phosphate-phosphorus (PO4-P) concentrations were determined with a modular flow injection
auto-analyser (FIA Star 5010 series) using an artificial
seawater carrier solution.
Mesocosms for species diversity and identity. Replicate (n = 5) macrofaunal communities were assembled
in monoculture and in mixtures of 2 and 3 species
(40 mesocosms, Table 1) to examine whether more diverse communities have a greater effect on sediment
Table 1. Species combinations used in the assembled
macrofaunal communities for species richness and identity
manipulations (n = 5 in all cases). Realised biomass accuracy
(mean ± SE): 2.0082 ± 0.0196 g; n = 35). H diversicolor : Hediste diversicolor ; C. edule : Cerastoderma edule ;
H. ulvae : Hydrobia ulvae
Species
richness
0
1
1
1
2
2
2
3

Biomass (g mesocosm–1)
H. diversicolor
C. edule
H. ulvae
–
2.00
0
0
1.0
1.0
0
0.67

–
0
2.00
0
1.0
0
1.0
0.67

–
0
0
2.00
0
1.0
1.0
0.67
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nutrient release (NH4-N, NOX-N, PO4-P) than communities containing fewer species. To minimise hidden
treatment effects (sensu Huston 1997) and eliminate
pseudo-replication, species richness treatments containing 1 and 2 species were replicated using different
species permutations (Table 1). This was not possible
for the 3-species mixture because of the limited species
pool (n = 3). Biomass was fixed at 2.0 g per mesocosm
(equivalent to 255 g m–2), a level consistent with that
found at the study site (e.g. Biles et al. 2003). Mesocosms were transparent perspex cores (330 mm high,
100 mm internal diameter) containing 10 cm depth of
sediment (equivalent to 785 cm3) and 20 cm of overlying seawater (equivalent to 2.35 l). These were randomly distributed in an environmental chamber (VC
4100, Vötsch Industrietechnik) and maintained at
14.0 ± 0.1°C with a 12 h light – 12 h dark cycle (2 × 36 W
fluorescent tube lights, Arcadia, model FO-30) for 21 d.
Mesocosms for species density. We assembled 30
additional mesocosms and drew on previous data
(Solan & Ford 2003) obtained using the same experimental procedure and sample location to examine the
effects of species density on sediment nutrient release
(NH4-N, NOX-N, PO4-P). Mesocosms consisted of nontransparent plastic aquaria (210 × 150 × 150 mm) containing 1.0 l of homogenised sediment and 3.0 l of seawater. Macrofaunal biomass was fixed across 5 levels
(Hediste diversicolor and Cerastoderma edule: 0, 0.5,
1.0, 1.5 and 2.0 g) or 6 levels (Hydrobia ulvae: 0, 1.0,
3.0, 5.0, 7.0 and 9.0 g; Solan & Ford 2003) and replicated within each biomass treatment (n = 3, n = 3 and
n = 5, respectively). Mesocosms were maintained in the
dark to prevent microphytobenthic activity. The experiment ran for 15 d at ambient temperature (ca. 8°C).
Data analysis. The relationships between species
richness and nutrient concentration, species identity
and nutrient concentration, and between species density and nutrient concentration were defined using
standard regression and ANOVA procedures followed
by post hoc analyses where appropriate. Prior to analysis, graphical exploratory techniques were used to
check for outliers and, where appropriate, a data transformation was applied to reduce their effect and also to
linearise the relationships. Where outliers were identified, we removed them from the analysis. Where this
was necessary (2 occasions), ≥94% of the data remained and a reanalysis with 100% of the data did not
alter the conclusions. Following analysis, a model validation was applied to verify that underlying statistical
assumptions were not violated; normality was assessed
by plotting theoretical quantiles versus standardised
residuals (Q-Q plots), homogeneity of variance was
evaluated by plotting residuals versus fitted values,
and influential datapoints were identified using Cook’s
distance (Quinn & Keough 2002). Statistical tests were
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performed using the software package Brodgar 2.4.8
(www.brodgar.com). Post hoc analyses were performed with the software package SPSS 13.0.1 (SPSS).
Two separate ANOVAs tested for the effects of species richness on nutrient concentration. In the first
model, we used a 1-way ANOVA with each of the 3
nutrients (n = 3; NH4-N, NOX-N and PO4-P) treated as
separate response variables and species richness (n =
4; 0, 1, 2 and 3) as the nominal explanatory variable. In
the second model, we used a 2-way ANOVA where
nutrient concentration, irrespective of nutrient identity,
was considered as the response variable with species
richness (n = 4) and nutrient identity (n = 3) as nominal
explanatory variables. For the latter, significant differences (p < 0.05) were identified with Tukey’s and
Sidak’s (more conservative) post-hoc comparison tests.
Use of the 2 separate ANOVA approaches (multiple
response variables treated singularly versus grouped)
allows predictions to be made regarding the importance of species richness for both the generation of
individual nutrients and for nutrient generation per se.
To identify species identity effects on nutrient generation per se, we applied a 2-way ANOVA with nutrient
concentration as the response variable and species identity (n = 8; representing each unique combination in
Table 1) and nutrient identity (n = 3) as nominal explanatory variables. We assumed that the behaviour of each
species was functionally different and that species effects were not additive (i.e. inter-specific interactions
were present; see Emmerson et al. 2001, Biles et al.
2003), such that each unique species combination could
be treated as a unique ‘species’. Multiple comparisons to
identify the source of any significant differences were
performed using Tukey’s and Sidak’s post-hoc tests.
We tested species density effects for each of the 3
species using a 2-way ANOVA with nutrient concentration as the response variable and density (for
Hediste diversicolor and Cerastoderma edule, n = 5;
for Hydrobia ulvae, n = 6) and nutrient identity (n = 3)
as nominal explanatory variables.
Validation of experimental approach. We used a
power analysis to test 3 related quantities: (1) the probability of finding a correct significant effect, i.e. the
power of the performed analyses; (2) the minimum detectable difference required to detect a significant effect between the mean values for nutrient concentration in the monocultures and those of the multispecies
assemblages or, for our density manipulations, between
the lowest and largest mean values of nutrient concentration across biomass treatments; and (3) the minimum
number of replicates necessary in order to achieve an
acceptable power (> 80%) given our experimental design. We considered ecosystem function to be the sum
of all 3 investigated nutrients because the minimum
replication required for an experiment in which 3 re-

sponses are being tested simultaneously is likely to be
greater than that predicted from the behaviour of only 1
nutrient (i.e. we sought a conservative recommendation). As ecosystem performance may depend on the
presence of specific functional groups and/or certain
faunal traits more than it does on species richness per
se (Solan et al. 2004), we reapplied the 2-way ANOVA,
with species identity and nutrient identity as nominal
explanatory variables, in the absence of the controls (no
macrofauna). This yields a more appropriate fit of residuals versus predicted values and prevents species presence (non-controls) versus absence (controls) effects
from distorting the analysis. We determined power
function and sample size using the statistical graphs of
Pearson & Hartly (1951) at a significance level of α =
0.05. All power analyses were performed using an addon software package for Brodgar 2.4.8.

RESULTS
Species richness effects
The concentration of NH4-N and PO4-P increased
with species richness, while the concentration of NOXN decreased with species richness levels (Fig. 1).
ANOVA confirmed significant effects of species richness on log10 transformed nutrient concentration for
NH4-N (F = 3.65, df = 3, p < 0.05) and PO4-P (F = 5.44,
df = 3, p < 0.01), but not for NOX-N (F = 2.12, df = 3, p
= 0.12). For the 2-way ANOVA of nutrient concentration (log10 transformed), where nutrient identity was
treated as an additional explanatory variable to species
richness, we found significant effects of species richness (F = 7.00, df = 3, p < 0.001), nutrient identity (F =
192.39, df = 2, p < 0.001) and the interaction of species
richness × nutrient identity (F = 4.43, df = 6, p < 0.001).
Post hoc analyses of the 1-way ANOVA for NH4-N revealed that the controls were not significantly different
from the monocultures (Tukey’s, p = 0.57; Sidak’s, p =
0.74) but there were marginal differences between the
controls and the multiple species richness levels
(Tukey’s, p ≈ 0.05; Sidak’s, p ≈ 0.07). The highest species richness treatment (= 3) was not significantly different to the intermediate (1 and 2) species richness levels
(Tukey’s, p ≥ 0.22; Sidak’s, p ≥ 0.30). For PO4-P, controls
were not significantly different from the monocultures
(Tukey’s, p = 0.34; Sidak’s, p = 0.46) but there were
significant differences between the controls and the
multiple species richness levels (Tukey’s and Sidak’s,
p ≤ 0.01). The highest species richness treatment (= 3)
was not significantly different to the intermediate species richness levels (Tukey’s, p ≥ 0.12; Sidak’s, p ≥ 0.16).
Post hoc analyses for the 2-way ANOVA confirmed
that nutrient concentrations were dependent on nutri-
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and Sidak’s, p ≤ 0.05), but not from the 2-species combinations (Tukey’s and Sidak’s, p ≥ 0.87).
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Fig. 1. Replicated (n = 5) accumulated nutrient concentrations
of (a) NH4-N (b) NOX -N and (c) PO4-P with increasing species
richness. Species identity in the single species treatments are
denoted by s: Hediste diversicolor; n: Cerastoderma edule;
x: Hydrobia ulvae

ent identity (Tukey’s and Sidak’s, p <
0.001 for every nutrient identity comparison), and that there were significant species richness effects irrespective of nutrient identity. Although the
controls were not significantly different
from the monocultures (Tukey’s, p =
0.28; Sidak’s, p = 0.38), the 2-species
combinations were significantly different to the controls (Tukey’s and Sidak’s,
p < 0.01) and the monocultures (Tukey’s
and Sidak’s, p < 0.05), but not from the
3-species combinations (Tukey’s and
Sidak’s, p ≥ 0.89); the 3-species combinations were significantly different
from the controls (Tukey’s and Sidak’s,
p < 0.01) and monocultures (Tukey’s

Our data reveal clear differences in the relative contribution of individual species to nutrient generation,
irrespective of nutrient identity (Hediste diversicolor >
Hydrobia ulvae > Cerastoderma edule; Fig. 1). Twoway ANOVA of nutrient concentration (log10 transformed), with species identity and nutrient identity
treated as explanatory variables, confirmed significant
effects of species identity (F = 12.39, df = 7, p < 0.001),
nutrient identity (F = 335.43, df = 2, p < 0.001) and a
significant interaction of species identity × nutrient
identity (F = 13.55, df = 14, p < 0.001). Post hoc analyses on all treatments revealed that nutrient concentrations in monocultures of H. diversicolor were marginally greater than those in H. ulvae (Tukey’s, p = 0.05;
Sidak’s, p = 0.07) and significantly greater than those
containing monocultures of C. edule (Tukey’s and
Sidak’s, p < 0.001). When comparisons were made
between all species identity levels, post hoc analysis
revealed that the presence of H. diversicolor in a multispecies combination, irrespective of the composition
of the remaining species, led to a significant increase
in nutrient concentration relative to those combinations where H. diversicolor was absent (Tukey’s and
Sidak’s, p ≤ 0.05; dark grey shaded entries, Table 2).
When species combinations that contained H. diversicolor are compared to other multi-species combinations that also contained H. diversicolor, irrespective of
proportional representation, differences in nutrient
concentrations are non-significant (Tukey’s and
Sidak’s, p > 0.05; non-shaded areas in HD column,
Table 2). For treatments that contained H. ulvae, C.
edule or H. ulvae and C. edule, nutrient concentrations

Table 2. Tukey’s pairwise comparisons of species identity for controls (CNTRL) and
all species combinations in the species richness manipulations; HD: Hediste
diversicolor; CE: Cerastoderma edule; HU: Hydrobia ulvae. Light grey: HD absent
in both pairwise combinations; dark grey: HD in one of the pairwise combinations.
***p < 0.001, **p < 0.01, *p < 0.05, ns = not significant. Sidak’s pairwise comparisons
had identical results

CNTRL
HD
CE
HU
CEHU
CEHD
HDHU
HDCEHU

CNTRL

HD

CE

HU CEHU CEHD HDHU HDCEHU

–
**
ns
ns
ns
***
***
***

–
***
*
ns
ns
ns
ns

–
ns
ns
***
***
***

–
ns
**
***
**

–
**
**
*

–
ns
ns

–
ns

–
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Species density effects
Two-way ANOVA of nutrient concentration, with
species density and nutrient identity treated as nominal explanatory variables, revealed significant effects
of density (Fig. 2) relative to the controls for Hediste
diversicolor (F = 5.20, df = 4, p < 0.01), but not for
Cerastoderma edule (F = 1.12, df = 4, p = 0.37) or
Hydrobia ulvae (F = 1.86, df = 5, p = 0.11). The same
analysis revealed significant effects for nutrient identity (p < 0.001) and density × nutrient identity interactions (p < 0.01) for all 3 species. These results are consistent with the findings of the single species
mesocosms in the species richness manipulations,
although the magnitude of response is comparatively
higher for H. ulvae (reflecting seasonal differences in
sediment nutrient content).

NH4-N (mg l–1)

a

b
NOX-N (mg l–1)

were not significantly different from those generated
in the controls or any other treatment where H. diversicolor was absent (Tukey’s and Sidak’s, p > 0.05; light
grey shaded areas, Table 2). Thus, mesocosms that
contained H. diversicolor had high mean NH4-N and
PO4-P concentrations, and low NOX-N concentrations.
Examination of our biomass treatments confirmed
that inclusion of biomass as a covariate, or as an independent explanatory variable, was unnecessary in any
of our models examining species richness or species
identity effects, because the realised (mean ± SE =
2.0082 ± 0.0196 g, n = 35) and target (2.0 g) biomass
were sufficiently similar (CV < 0.01 g, n = 35).

6
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2

0
0.0
6
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1.5

2.0
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2.0

1.0

1.5

2.0

4

2

0
0.0

c

2.0

PO4-P (mg l–1)

268

1.5

1.0

0.5

0.0
0.0

0.5

Biomass (g)

Validation of effects
Application of a power analysis to the species richness and species identity data revealed that the minimal difference required for the detection of a significant species richness effect for nutrient concentration
per se was 1.79 mg l–1. By comparing the nutrient concentrations for individual species in monocultures with
that observed in the 3-species combinations, results
showed that both Hydrobia ulvae and Cerastoderma
edule exhibited sufficiently large between-mean concentration values (1.85 mg l-1 and 2.30 mg l–1, respectively) in order to achieve a power ≥80% at the level of
replication used in our study (minimum replication
required, n = 5 and n = 3, respectively; Fig. 3). Thus, for
a given density, nutrient concentrations were higher in
a 3-species combination than would be expected for
corresponding monocultures containing only H. ulvae
or C. edule (i.e. evidence of a significant diversity
effect). For Hediste diversicolor, however, the same
comparison revealed an insufficiently large between-

Fig. 2. Relationship between species biomass and (a) NH4-N,
(b) NOX-N and (c) PO4-P nutrient concentration for Hediste
diversicolor

mean concentration value (1.14 mg l–1) to detect a significant diversity effect. When treatments contain H.
diversicolor, >100 replicates at each density level are
necessary to detect a significant effect of diversity over
that of species identity at a desirable power (Fig. 3).
When applied to the species density data, power
analysis revealed that our design (replication n = 3 or
n = 5 per density level) was not sufficient in all cases to
detect true density effects for the biomass levels used
in our experiments. The minimum number of replicates per density interval required to detect a density
effect with sufficient power (1 – β ≥ 80%) was ≥3 for
Hediste diversicolor (Fig. 4a), ≥ 9 for Hydrobia ulvae
(Fig. 4b) and ≥ 80 for Cerastoderma edule (Fig. 4c).
Thus, only for H. diversicolor had we achieved the
appropriate level of replication necessary to detect
density effects in our experiments.
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Fig. 3. Sample size (replicates) required to distinguish species
richness from species identity effects for Cerastoderma edule,
Hydrobia ulvae and Hediste diversicolor at α = 0.05 for the
present experimental set-up. The minimum level of replication occurs when power (1– β) ≥ 80%. Large values of
replication when 1– β = 80% indicate strong effects of
individual species

DISCUSSION
Our study identifies clear effects of increased infaunal species diversity on nutrient generation in the
marine benthos, although significant species identity
and density effects underpin the observed response.
These findings support those of previous studies on
marine benthic invertebrates where consistent diversity effects have been shown to develop from the idiosyncratic contributions of individual species (Emmerson et al. 2001, Biles et al. 2003, Waldbusser et al.
2004). Several studies have reported the relative importance of complementarity by using comparisons
between the performances of species combinations
and monocultures (Loreau 1998, Emmerson & Raffaelli
2000, Loreau & Hector 2001, 2paèková & Leps̆ 2001,

a

1.0

Hector et al. 2002, Petchey 2003), though it has always
been a difficult task to select the minimum subset of
complementary species within the regional species
pool in order to explain diversity effects. In the present
study, nutrient concentrations varied between diversity treatments and undoubtedly correlate with the
role that the component species play within the ecosystem. The bioturbation activities of the deposit-feeding
polychaete Hediste diversicolor were of particular
importance to nutrient generation, more so than either
Cerastoderma edule (suspension feeder) or Hydrobia
ulvae (surficial grazer), whose bioturbatory activities
were masked when H. diversicolor was present (consistent with Mermillod-Blondin 2005). The decreasing
patterns of NOX-N with increasing NH4-N observed
here indicate that macrofaunal bioturbation stimulated
microbial denitrification, leading to a reduction of the
internal pool of dissolved and particulate nutrients in
the sediment and the associated increase in nutrients
in the water column (Hansen & Kristensen 1997).
The detection of strong species identity effects give
credence to the view that functional diversity (groups
of ecologically equivalent species) may be equally, if
not more, important for the delivery of ecosystem
services than species diversity (Solan et al. 2004). For
certain ecosystem processes, some species within an
assemblage will therefore be functionally less important than other species (in line with insurance; Yachi &
Loreau 1999), albeit for a given set of circumstances in
time and/or space (i.e. context, e.g. Biles et al. 2003).
This property of biological communities has important
implications for the design of BEF experiments. If we
are to distinguish identity effects from diversity effects,
the disparity between the contributions that individual
species make to ecosystem function demands the use
of different levels of replication for each species within
an experiment. Where species have a particularly
strong and disproportionate effect on ecosystem func-
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Fig. 4. Estimation of sample size (replicates) required to detect a significant effect of species density between the control and
highest density level at a significance level of α = 0.05 for (a) Hediste diversicolor, (b) Hydrobia ulvae and (c) Cerastoderma edule.
The minimum level of replication occurs when power (1 – β) ≥ 80% (indicated by the dashed line). Large values of replication
when 1– β = 80% indicate weak density effects of individual species
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tion, such as Hediste diversicolor, a high number of
replicates are required to statistically rule out the possibility that the observed response is a true diversity
effect (complementarity) and not a product of species
identity (sampling or selection). The converse is true
when species have a comparatively less marked contribution to ecosystem function, such as Cerastoderma
edule and Hydrobia ulvae. Thus, both types of factorial
balanced designs used in the present study were sufficient to identify a diversity effect, but they were unable
to eliminate the selection effect for treatments that
included H. diversicolor.
A further complication is that a similar problem
arises with the choice of density within each mesocosm
(Marinelli & Williams 2003). Although we independently found evidence for a significant effect of species
density, the level of replication per density level to
detect a true density effect is markedly different between species. These differences arise because speciesspecific traits mediate the functional contribution of
each species, such that mesocosms containing species
with strong per capita effects (e.g. Hediste diversicolor) require fewer replicates per density level to
detect a true density effect from that of a presence versus absence effect. That said, there is some evidence
that adopting a larger biomass interval, rather than
increasing the minimum replication required, might
solve the problem of insufficient discriminatory power
between density treatments.
An appropriate solution may be a factorial balanced
design in which species richness and biomass are
manipulated in concert (Benedetti-Cecchi 2004) at
appropriate replication levels that account for density
and identity effects of the species under study. Adoption of such a design may also relieve some of the
constraints imposed by inequality of variance with
increasing levels of species richness, although when
no significant differences among treatments are found
in balanced samples, heterogeneity of variance is of
no concern (p. 194, Underwood 1997). Nevertheless,
whichever design is ultimately chosen it is clear that
the density, identity and number of species richness
levels within an experiment need to be chosen with
care because they greatly influence the scope of inference permitted. This point is not trivial, because it
raises concerns about experimentally manipulating
unknown or uncharacterised species, whose contribution to ecosystem function is either more difficult to
determine or unknown. Use of species that are functionally equivalent (i.e. selectively choosing species
from within a functional group to standardise the comparative weighting of per capita effects between species) in BEF experiments would be unrepresentative of
real biological communities and could misrepresent the
relative importance of contrasting functional groups.

We contend that, in naturally occurring communities,
the individual contribution of species to ecosystem
function is a complex product of niche complementarity, species density, sampling and selection effects,
although the relative contribution of each of these
mechanisms most likely alters in time and space
according to context (e.g. Biles et al. 2003). If we are to
fully understand the causal relationship between biodiversity and the delivery of ecosystem processes,
future experimental analyses will need to adopt a more
holistic approach aimed at distinguishing the relative
contribution of multiple mechanisms to ecosystem
functioning.
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ABSTRACT: As in terrestrial biodiversity, human influences over marine biodiversity will alter the
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done in terrestrial ecology. BioMERGE (Biotic Mechanisms of Ecosystem Regulation in the Global
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At one extreme, in the absence of a biota, Earth’s
biogeochemical processes by definition become geochemical processes that yield an uninhabitable planet,
with conditions something between those of Venus
and Mars. At the other extreme, today’s biota regulate
biogeochemical processes that annually move gigatons (1015 g) of materials among the hydro-, litho-, and
atmosphere, yielding an environment conducive to life
and defining its surface for the last 1.5 billion yr (Lovelock 1979, Schlesinger 1997a, Ernst 2000, Kasting &
Siefert 2002, Mathez & Webster 2004).
Earth systems (e.g. global biogeochemical systems)
and ecosystems (e.g. local biogeochemical systems) in
general are moving to a point somewhere between
these extremes in the sense that the role the biota plays
in regulating geochemical processes is changing dramatically in the face of human domination of ecosystems (Vitousek et al. 1997, Hollowell 2001, Duraiappah

& Naeem 2005). There are 2 components to this
change. The first concerns change in the biologically
active mass of the Earth’s biota (henceforth, biomass),
which can be visualized as a sort of diffuse green or
brown slime coating the Earth’s surface. Biomass is
variously defined, often simply referring to the mass
of biogenic organic material, living or dead. Here, I use
biomass to refer only to metabolically active or living
biomass, which includes standing (static) as well as
growing components of organisms.
The second concerns change in the structure of this
living mass. Though often modeled as a homogeneous
slime in ecosystem, climate, or biogeochemical models,
biomass is, of course, actually made up of organisms
structured by taxonomy, biotic interactions, functional
differences, genetic differences, and differences in distribution over space and time (henceforth, biodiversity). Part of the structure of this biomass stems from
inter-specific differences in apportionment of biomass
to the standing crop or productivity, inter-specific
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differences in impacts on elemental cycles, and intraand inter-specific interactions, especially trophic interactions, which can dramatically affect ecosystem functioning. Clearly, changes in biodiversity mean changes
in the structure of biomass which, in turn, means
changes in the ways biomass influences ecosystem
functioning. For example, it is possible that fluctuations in atmospheric CO2 may have been driven almost
entirely by the biosphere over the last 370 million yr
(Rothman 2001). This implies that human dominance
over the biosphere, either directly by changes in the
mass of living organisms or indirectly by changes in
biodiversity, leaves the carbon cycle (and by extension,
all other biogeochemical cycles) increasingly in the
hands of humans.
Tremendous uncertainty surrounds estimates of how
much biomass or biodiversity there is at most scales, let
alone how much they have changed or will change
under scenarios of continuing human growth and
development. Some back-of-the-envelope calculations
are, however, instructive. If we consider that estimates
of the global biomass of plants range from 501 to
829 Gt C, and estimates of heterotrophic biomass
range from 353 to 565 Gt, this gives us roughly a biosphere made up of about 1000 Gt C (summed from
Appendix F in Smil 2002). This biomass moves about
110.2 Gt C among the spheres annually (assuming all
the carbon taken up by the biosphere in a year is
released in the same year) (Schlesinger 1997b). If we
consider that the total amount of carbon in the atmosphere is about 750 Gt, the biosphere moves that much
in about 7 yr. Of the active carbon in soils, the biosphere moves an equivalent amount in about 15 yr. To
move an amount of active carbon equivalent to what is
present in the oceans, however, would take 40 yr.
Continuing with this simplistic exercise, given Balmford et al.’s (2002) estimates of biome reductions of
1.2 to 11.4% over the previous decade (see discussion
above), significant declines in global biomass and
global biodiversity are very likely during the next
century. What are the consequences of such loss? The
simplest conclusion would be that for every 10 Gt of
global biomass lost, roughly 1.1 Gt of C will not cycle
per year, which can be readily translated into reductions in other ecosystem functions. But what would
happen if the bulk of the biomass lost consists of standing rather than growing biomass, or consists entirely
of rare species, or the loss occurs predominantly in
the oceans rather than terrestrial systems, or consists
of declines in heterotrophic biomass rather than autotrophic biomass? Clearly, global changes in biomass
have impacts, but how biodiversity changes (e.g. the
spatial, trophic, taxonomic, and other components of
biomass) is equally important. If we wish to understand
how Earth, its biomes, or its ecosystems are shifting

between the biogeochemically active systems they are
now towards depauperate, predominantly geochemical systems (i.e. uninfluenced by biology), intense ecological research is necessary now and in the near
future (Naeem et al. 2000, Hooper et al. 2005).
Certainly there is evidence that both biodiversity
and biomass are declining on large scales. If we consider global changes to major biome types as an indicator of changing biomass, with the exception of boreal
forests, Balmford et al. (2002) estimated that between
1992 and 2002, the Earth’s major biomes shrunk in
area or extent at an annual rate of 1.2 to 11.4%. Given
that species occurrences and biomass are positively
related to area, then there is little doubt that biodiversity (at least locally) and biomass have declined on a
global scale. Although such large-scale changes suggest correlated changes in biomass and biodiversity in
natural systems, and paleoecologically the 2 seem to
have been correlated for a long time (Rothman 2001),
there is no a priori reason to believe that they are
causally coupled in any way (Falkowski & Rosenthal
2001). From the standpoint of conservation, for example, a biodiversity hotspot (e.g. Myers et al. 2000, e.g.
Rodrigues et al. 2004) or marine protected area (e.g.
Balmford et al. 2004, Browman & Stergiou 2004) can
contain a significant fraction of the Earth’s taxonomic
diversity, yet represent an insignificant portion of the
global biomass. From the standpoint of unsustainable
use, when humans construct managed systems, such
as fish or shrimp farms, they often locally increase biomass well beyond anything previously observed in the
system, but at extraordinarily low levels of biodiversity
(although this is generally achieved by subsidization
Naylor et al. 1998). One can legitimately ask whether
either activity is desirable — creating a landscape with
small areas that contain tremendous biodiversity, but
show next to no biogeochemical activity, to large
subsidized areas that show a tremendous amount of
biogeochemical activity, but contain almost no biodiversity (Millennium Ecosystem Assessment 2003).
Clearly, changes in biomass lead to changes in biogeochemistry, but less clear is whether changes in
biodiversity, beyond the trivial point of no biodiversity,
are of any biogeochemical significance. Scientific exploration of the biogeochemical or ecosystem consequences of changes in biodiversity began a little over a
decade ago (Schulze & Mooney 1993). This research is
dominated by terrestrial studies, all small in spatial and
temporal scale. With the exception of Steinberg &
Geller’s (1993) contribution on plankton diversity and
ecosystem processes, virtually no treatment of marine
biodiversity and marine ecosystem functioning was
covered in the founding volume on the topic by Schulze
& Mooney (1993). A decade later, only a handful of experimental studies have examined the ecosystem con-
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ence to its framework). This framework is explicitly
sequences of biodiversity loss in marine systems (e.g.
non-experimental, aiming to provide insights on the
Emmerson & Raffaelli 2000, Duffy et al. 2001, Emmerrelationship between biodiversity and ecosystem funcson et al. 2001, Stachowicz et al. 2002, Callaway et al.
tioning by making use of the wealth of past, existing,
2003, Covich et al. 2004, Solan et al. 2004).
and planned studies of biodiversity and ecosystem
The need to address the terrestrial bias of biofunctioning. Using this framework, I will offer some
diversity and ecosystem functioning (henceforth, BEF)
suggestions for possible directions for future marine
research is clear (Emmerson & Huxhan 2002). Given
BEF research that can address the needs for working at
that widespread alteration of the Earth’s biota is
large scales with limited information about both bioundoubtedly at least as significant for marine ecomass and biodiversity in marine ecosystems.
systems (Roberts & Hawkins 1999, Jackson et al. 2001,
Myers & Worm 2003) as it is for terrestrial ecosystems,
the motivation for terrestrial biodiversity and ecosysGLOBAL BIODIVERSITY AND ECOSYSTEM
tem functioning research applies to both marine and
FUNCTIONING IN TERRESTRIAL AND MARINE
terrestrial systems. Given that the biosphere is 71%
SYSTEMS
marine in surface area and probably much more in
terms of volume (Groombridge & Jenkins 2000), that it
Terrestrial BEF research as a springboard for marine
is responsible for nearly half of the Earth’s net primary
research
production (NPP) (Schlesinger 1997b), that more than
half the world’s population lives within 60 km of the
Even though BEF research is currently largely tersea, and that marine fisheries consume 24 to 35% of
restrial in nature, there are sufficient similarities
the NPP (Roberts & Hawkins 1999), a terrestrial bias
between marine and terrestrial systems that enable
in BEF research limits its ability to address global
current BEF research to serve as a springboard for
environmental issues.
developing ideas concerning the scaling up of marine
The primary challenge for marine BEF research is that
BEF research. For starters, there are many similarities
of scaling up, which is actually the same challenge
at the global scale between marine and terrestrial
terrestrial BEF faces, but because of fewer logistical
environmental concerns. For example, in many cases
constraints, terrestrial systems have had more options.
BEF studies will continue in the foreseeable
future to be small in scale and short in duration, and are critical for the evolution of
theory and testing of mechanisms in BEF
research (Loreau et al. 2001, Naeem 2001,
Domain of BioMERGE
Bengtsson et al. 2002). To meet the challenge
of going beyond the limited scales of current
BEF studies, a research-coordinating netThe realm of current
work known as BioMERGE (Biotic MechaBEF research
nisms of Ecosystem Regulation in the
Global Environment) was created (see www.
columbia.edu/cu/biomerge/ and Naeem &
Wright 2003). The majority of BEF studies to
date, including the few marine studies, have
all explored only a limited portion of the spatial, temporal, and biological realm of biodiversity and ecosystem functioning (Fig. 1).
genes individuals populations species communities ecosystems biomes
BioMERGE’s mission is to coordinate efforts
The scale of biodiversity
that lead to the development of BEF methods
that allow exploration of a greater range Fig. 1. The realms of current research in biodiversity and ecosystem functioning
of ecosystems over much larger scales than (BEF) and BioMERGE (Biotic Mechanisms of Ecosystem Regulation in the
Global Environment). Each axis abstractly and approximately represents the
have currently been achieved.
scales of biodiversity and ecosystem functioning, illustrating the latter as a deThe focus of the present paper is the pendent function of the former. The center box illustrates the average domain
framework developed by BioMERGE de- of current BEF research, which has focused on relating species diversity to
veloped for scaling up BEF research by the ecosystem functioning at small spatial (in the realm of square meters) and temporal scales (in the realm of weeks to years). Arrows indicate directions of new
participants of the research-coordinating research necessary for the expansion of BEF research. The larger box ennetwork (note, henceforth, when referring compassing the upper right quadrant represents the domain of BioMERGE,
to BioMERGE it will be explicitly in refer- which seeks to extend BEF research to larger scales (after Naeem et al. in press)
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marine zooplankton and phytoplankton show unimodal relationships with their own biomass (Irigoien et
al. 2004), much like what is seen in terrestrial systems
(Mittelbach et al. 2003). Marine ecosystems are experiencing rates of change similar to major terrestrial biomes (Balmford et al. 2002). And both terrestrial (e.g.
Purvis et al. 2000) and marine ecosystems have proportionally larger percentages of top predators or carnivores threatened or vulnerable than species at lower
trophic levels (e.g. Myers & Worm 2003, e.g. Hutchings
& Reynolds 2004). Furthermore, marine NPP, estimated at 48.5 × 1015 g C, is similar to terrestrial NPP,
estimated at 56.4 × 1015 g C (Schlesinger 1997b).
Estimates for both terrestrial and marine biodiversity
are completely lacking, because of the difficulties of documenting the many dimensions of biodiversity (e.g. functional diversity, and spatial and temporal patterns of distribution), but to the extent that taxonomic diversity may
serve as a crude proxy (Naeem 2002a, Petchey & Gaston
2002), marine and terrestrial systems may be similar.
Deep-sea macrofaunal diversity, based on box-core
samples, has been estimated to be as high as 10 million
species (Grassle & Maciolek 1992), but the uncertainty
surrounding this number is similar to the uncertainty
surrounding the estimate of 30 million species of terrestrial insects estimated by Erwin (1982). Conservatively,
dismissing some of the very high estimates for species
richness, the global total is more likely to be about
14 million species (Groombridge & Jenkins 2000), with
a sense that marine taxonomic diversity is lower (in
species), but certainly larger in phyla.
Perhaps the greatest uncertainty surrounds microbial
species richness (Tiedje 1995, Pace 1997, Torsvik et al.
2002, Nee 2004), which, given that microbes dominate
biogeochemical processes (Fenchel et al. 1998), represents a major gap in our knowledge of taxonomic diversity. For example, one of the most thorough molecular
estimates of prokaryotic diversity is that of Venter et al.
(2004) in which they estimated 1800 genomic species in
the samples they collected from the Sargasso Sea.
Analyses of their data, however, suggest that a 12-fold
greater depth of sampling is needed before they would
be within 95% of the likely diversity. This study illustrates the difficulty in attempting to quantify prokaryotic diversity, even from 1 marine site.
One interesting difference between terrestrial and
marine systems, however, is that vast though the
marine realm is, it may contain a smaller proportion of
the global biomass. Total marine biomass (in terms of
carbon) is estimated at 5 to 10 × 1015 g C, while land
contains 560 × 1015 g C — or almost 2 orders of magnitude more biomass (Groombridge & Jenkins 2000).
Nevertheless this does not affect the way the question
of how biodiversity and ecosystem functioning are
related (see next section).

Diversifying the slime
At one level, it is not uncommon in ecology to treat
the biosphere or an ecosystem as simply autotrophic
biomass — the equivalent of a homogeneous, photonfuelled slime coating the Earth or an ecosystem. Likewise, microbial biomass (a brown slime) in sediment
and soil is often associated with decomposition, mineralization, and other ecosystem functions without consideration of microbial diversity.
Crude though it is, this slime approach provides a
means of determining the role our biota play in governing biogeochemical processes or ecosystem functioning by a simple formula that might look like this:
E = BR

(1)

in which some measure of ecosystem function (E) is
equal to the product of the biomass (B) of the biological
community in the ecosystem and the per unit biomass
rate of biogeochemical activity (R). Note that there are
many possible metrics or currencies one could use for
biomass, such as C, N, and P for all biomass (though
dead biomass would have to be removed) or RNA and
ATP for active biomass. As mentioned previously, one
can also divide biomass into standing, growing, and
reproductive biomass (e.g. Reekie & Bazzaz 1987a,b,c),
but for simplicity, I ignore these divisions here.
This slime, however, is made up of individuals
whose body sizes range from 10– 6 cm (e.g. viruses) to
nearly 104 cm (e.g. blue whale Balaenoptera musculus),
though the vast majority of such organisms are very
small (10– 5 to 10– 3 cm, such as prokaryotes and protists)
(Fenchel 1987, Nee 2004) and their individual densities range from substantially <1 individual (e.g. vertebrates) to trillions (e.g. microbes) per square meter.
Each unit of biodiversity, such as a species, a group of
organisms sharing functional traits, or ecosystem type,
represents some portion of community biomass. By calculating the sum of the biomass of all individuals in the
unit of diversity, we can determine its relative role in
ecosystem processes by comparing it to the sum of the
biomass of all individuals across all units of diversity in
the ecosystem. Adding diversity to the equation, or
diversifying the slime, changes the formula to:
E =

D

∑ Bi Ri

(2)

i =1

or simply the sum of biomass × function for each unit (i)
of diversity (e.g. species, functional group, ecosystem
type, or other unit of biodiversity) for all the units of
diversity in the estimate (D).
Solan et al. (2004) followed this approach to model
ecosystem functioning relevant for a benthic marine
community. The function was biogenic mixing depth
(BMD), or the depth to which animals burrow from the
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sediment surface, and Solan et al. related this to biodiversity by the simple formula:
D

⎛
⎞
BMD = 0.719 log ⎜ ∑ Bi0.5 Ri ⎟ + 4.55
⎝ i =1
⎠

(3)

––
where Bi is the mean biomass of the i th unit of diversity, and Ri for their system was defined as the product
of the propensity to move and the reworking mode (the
functional sediment mixing class of the organism such
as surface modifier, burrower, excavator, or other class
of impact on the sediment) of the i th unit of diversity,
and for their system the unit of diversity, i, is a
species and D is the total number of species in the
community or ecosystem. The constants and log transformation were derived from curve-fitting a formula
that bounded BMD to observed depths (see Solan et al.
2004, supplementary information, for further details).
One can see the similarity between Eqs. (2) & (3) and
also appreciate how relatively simple the task can be
for relating biodiversity and biomass to ecosystem
functioning. Admittedly, BMD may represent a case in
which ecosystem functioning was readily related to
biodiversity and biomass. Complications arise when
ecosystem functioning is not so readily related to
biomass, and other factors must be included in the
formulation.
Additional complications arise when attempting to
use units of diversity that are not as readily defined or
obtained as taxonomic diversity. For example, one can
define the unit of diversity as a group of organisms
clustered by similarities in their phenotypes (e.g. body
size, morphology, physiology, behavior, biochemistry,
reproductive rates and dispersal patterns) or by their
functional traits (e.g. traits related to the ecosystem
function of interest) (Díaz & Cabido 2001, Lavorel &
Garnier 2002, Naeem 2002b, Petchey & Gaston 2002).
Such classification schemes tend to be hierarchical in
nature, the basic unit being the species in taxonomic
classifications and individuals sharing functional traits
in functional classifications. With respect to the latter,
as noted by Lavorel & Garnier (2002), one must further
distinguish between traits that are associated with
the ecosystem function and traits associated with responses to environmental change, a fact that is particularly important when considering extinction scenarios
(see ‘Modeling biodiversity, loss: extinction drivers and
scenarios’ section).

Adding macroecology
The units of diversity are not randomly, uniformly
spread over space and time, which allows for the possibility of using patterns of association between diversity
and biotic and abiotic factors in developing BEF mod-
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els. Statzner & Moss (2004) point to the long history in
ecology of studying allometric relationships among
biodiversity, ecosystem function, habitat properties
(e.g. area, structure, and abiotic factors), and species
properties (e.g. body size, longevity), much of which
constitutes the current field of macroecology (Brown
1995, Gaston 2000, Blackburn & Gaston 2003a,b), as a
source for guiding the development of BEF studies at
larger scales than our current experiments permit.
These macroecological relationships provide, not only
a foundation for structuring and testing descriptive
models of the relationship between biodiversity and
ecosystem functioning, but may serve as a means for
approximating BEF variables when data are lacking.
As an example of the utility of macroecology, consider
attempting to apply the method developed by Solan et
al. (2004) described above to another marine system in
which only the taxa are known. One needs estimates of
relative abundance of species which Solan et al. derived
from actual photographs of the fauna, but one seldom
has such data to hand. In the absence of such information about distribution and abundance, however, macroecology provides useful insights into what the patterns of
relative abundance might be and how one might estimate a biologically plausible range of relative abundances for a given biota (Brown 1995, Gaston 2000,
Blackburn & Gaston 2003a,b). Species within trophic
groups, for example, often show predictable patterns
with respect to area, productivity, climate, and other
geographical features, and relative abundance typically
exhibits log-normal like distributions (Preston 1962,
Sugihara 1980, Hubbell 2001, Hubbell & Lake 2003,
Nee 2003), in which many species are rare and a few
dominant. Hypothetically, it is possible to approximate
abundance of other species using macroecological methods in terrestrial systems (and hypothetically all systems
for the neutral, unified model), even if one has only limited information on such aspects as presence/absence
data and total biomass (or density) of the community, as
well as some knowledge about relative abundance (e.g.
which species are rare and which are numerically
dominant). In comparison to terrestrial ecosystems,
macroecology is less well developed for marine systems,
but some studies suggest macroecological principles
may be usefully employed in marine studies (McKinney
1998, Belgrano et al. 2002, Li 2002, Foggo et al. 2003,
Statzner & Moss 2004).

Modeling biodiversity loss: extinction drivers
and scenarios
Achieving the primary goal of BEF research requires
knowing how biodiversity will change over time
in order to predict how ecosystem functioning will
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change as biodiversity changes. Empirical studies,
with few exceptions (e.g. Zavaleta & Hulvey 2004, e.g.
Schlapfer et al. 2005), have largely sidestepped the
issue by exploring all possible patterns of loss of biodiversity, which effectively involves employing a scenario in which every unit of diversity (e.g. species,
functional group, or some other unit of biodiversity)
has a uniform, random probability of going extinct.
This is the most general approach one can take that
will lead to results that can relate to all possible extinction scenarios. It is also the most difficult to employ,
however, because of the large number of replicate
communities one would have to construct to explore
biodiversity loss. Further, the relationship between a
specific path of biodiversity loss and ecosystem functioning may be masked by the large number of pathways of loss that come from random-extinction models.
Even more disturbing for some is the fact that randomextinction models lead to the construction or modeling
of communities that are unlikely to exist in nature. For
example, in a random-extinction grassland experiment
(e.g. Tilman et al. 1996, Naeem et al. 1999) one constructs communities that completely lack grasses —
fine for theory, but troublesome for those concerned
explicitly with the loss of biodiversity in grasslands.
One might take comfort in knowing that somewhere in
the hodge-podge of results from a combinatorial BEF
experiment lies the pattern of biodiversity loss of interest, but one will also be dismayed by the fact that identifying it in a cloud of data may be impossible.
In reality, biodiversity loss involves local (or global)
extinctions that follow trait-based probabilities of loss
based on the extinction driver or ecological, evolutionary, or anthropogenic process that governs extinction.
How does one incorporate such trait-based extinction
drivers into the BioMERGE framework? The framework uses extinction scenarios. ‘Extinction scenarios’
were used by Sala et al. (2000) in which the authors
explored scenarios for how loss would shape biodiversity by the year 2100. They used expert opinion, not
data, in which anthropogenic drivers that lead to biodiversity loss were ranked separately for each biome.
These extinction drivers included land use, climate
change, nitrogen deposition, invasion or biotic exchange, and elevated atmospheric CO2. They explored
3 kinds of scenarios based on these 5 extinction drivers. In the first case, all drivers had additive effects. In
the second, the dominant driver governed the change.
In the third, the drivers interacted synergistically such
that each driver’s effect was multiplied by the other.
Rather than using expert opinion, however, scenarios
in which extinction drivers (e.g. increasing pollution in
an estuary) are explicitly associated with trait-based
extinction probabilities (e.g. marine invertebrate sensitivity to pollution) provide a more direct way of assess-

ing the realm of possible ecosystem responses to biodiversity loss than expert opinion. Below, I review
Solan et al. (2004) as an example.
There are many extinction scenarios one could employ. The first study to employ extinction scenarios in an
observational BEF study was, again, that of Solan et al.
(2004). The authors employed 4 extinction scenarios for
their marine system: (1) random, (2) body size (smaller
has a higher extinction probability), (3) population size
(smaller has a higher extinction probability), and (4) sensitivity to pollution. Zavaleta & Hulvey (2004), in contrast, employed a single nested extinction scenario (all
depauperate communities were taxonomically nested
sets of higher diversity communities) without stipulating
what extinction driver would produce such a pattern.
The defense of using a nested scenario of biodiversity
loss is that nestedness is widely observed in nature
(Patterson & Atmar 1986, Atmar & Patterson 1993). One
could additionally use trophic position, home range size,
population growth rates, or other traits identified by
comparative methods (e.g. Purvis et al. 2003) that allow
one to relate diversity loss with extinction drivers.
In summary, an extinction scenario describes the
realm of possible biodiversities likely to be obtained
based on probabilities of extinction that are governed
by species traits and their sensitivities to extinction drivers, or the ecological, evolutionary, or anthropogenic
processes that drive units of diversity to extinction.

The BioMERGE framework for scaling up BEF
The BioMERGE framework for scaling up BEF
research (Naeem & Wright 2003, Naeem et al. in press)
is one in which fundamental ecological principles can
be employed to provide first approximations of the role
of biodiversity in ecosystem functioning. The most
extreme version of the BioMERGE approach involves
being able to indicate what the biogeochemical or
ecosystem consequences of biodiversity loss would be
for a region in which the only information one has is a
list of the existing taxa and the global positioning system (GPS) coordinate. A more feasible BioMERGE
approach involves having, not only the taxa and geography, but the relative growth rates of all species, their
relative abundance (e.g. commonness and rarity), the
trophic interactions that structure the community, the
dynamics of the different populations, and spatial and
temporal patterns of both the biota and ecosystem
functions and properties. In such a case, however, one
hardly needs the BioMERGE framework, since traditional community and ecosystem ecology can be combined to model the relationship between biodiversity
and functioning and how changes in community composition change ecosystem functioning.
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Every study will fall somewhere between these 2
extremes — having just a list of taxa and GPS coordinates to having a well-documented study of biodiversity and ecosystem functioning (empirical and observational) over space and time. There will be a tradeoff
in the precision with which one can predict the ecosystem consequences of biodiversity loss with the degree
of information one employs in the analysis, but the
BioMERGE goal is to not be paralyzed by a lack of
information that could require far too many resources
or far too long to provide answers.

The 3 step BioMERGE framework
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nant, as described above. Either way, this necessitates
biotic inventories that go beyond taxonomic diversity—they need to include, at a minimum, relative
abundance and, ideally, measures of traits relevant to
extinction drivers.
(3) Develop extinction scenarios. The BioMERGE
approach combines extinction drivers with trait-based
extinction probabilities which are referred to as extinction scenarios. Again, we may borrow from Roberts &
Hawkins (1999) whose review of marine extinctions
identified natural causes (e.g. disease), biotic exchange, unsustainable harvest, habitat alteration or
destruction, and multiple causes as drivers that are
associated with known marine extinctions. As in Sala
et al. (2000), one has to determine whether the scenario considers single drivers, the additive effects of
drivers, or the multiplicative effects of drivers. For
marine systems, we can begin with Roberts & Hawkins
(1999) whose list of traits that relate to threats of
extinction for marine species can be used in scenarios
(Table 1). What marine ecologists need to do is to identify which drivers warrant investigation (e.g. unsustainable harvest, climate change, or pollution), which
traits are relevant to which drivers, and to document
these traits for the species in the ecosystems being
modeled.
After completing these steps, one can plot ecosystem
functioning against biodiversity loss for as many communities as one wishes to model, for as many scenarios
as one wishes to explore. The results one obtains
would look something like that shown in Fig. 2 in
which the scenario determines the gradient of biodiversity, the empirically derived formula relating biomass, biodiversity, and function provides the estimate

As the above outlines, there are essentially 3 major
steps in the BioMERGE framework. The assumption is
that one has the biota, basic ecosystem measures, and
a specific ecosystem function selected for investigation
(Naeem & Wright 2003, Naeem et al. in press). From
there, 3 steps are important:
(1) Diversify the slime. As described above, ecosystem functions are often readily related to biomass;
thus, one has to estimate biomass and structure it
according to known or observed relationships between
a unit of diversity, the amount of biomass in that unit,
and the function that converts that biomass to a unit of
ecosystem function. For NPP in pelagic marine systems, this requires determining phytoplankton biomass and phytoplankton diversity which can, again, be
taxonomic, functional, or some other unit. In coral
reef systems, calcium carbonate production and coral
diversity may be the function–diversity pair of interest.
In an estuary, BMD and infaunal (sediment-dwelling
animal) diversity may be the function–diversity pair of interest. In
Table 1. Three classes of traits of marine species that can be used for extinction scemost cases, allometric relationnarios in BioMERGE (Biotic Mechanisms of Ecosystem Regulation in the Global Environment) modeling based on expert opinion. Parenthetical classifications describe
ships between body size and
end of spectrum for possible values that would describe species at greater risk of
metabolic rates or other physioextinction (adapted from Roberts & Hawkins 1999)
logical functions may be used to
derive the relationship between
Range and
Capacity for
Life history or
unit biomass and ecosystem funcdistribution
recovery
ecological traits
tioning, a suggestion for BEF
Regeneration from fragments Horizontal distribution
Longevity (short)
research first made by Steinberg
(nearshore)
(does not occur)
Growth rate (slow)
& Geller (1993).
Vertical depth range
Dispersal (short distance)
Natural mortality rate (low)
(narrow)
Competitive ability (poor)
Production biomass (low)
(2) Determine the macroecology.
Geographic range (small)
Colonizing ability (poor)
Reproductive effort (low)
Depending on the unit of diverPatchiness of population
Adult mobility (low)
Reproductive frequency
sity, biomass (or densities), patwithin range (high)
Recruitment by larval
(semilparity)
terns of distribution and abunHabitat specificity (high)
Age or size at sexual maturity settlement (irregular or
Habitat vulnerability to
low-level)
(old or large)
dance become important for
people (high)
Allee effects on recovery
Sex change occurs (occurs)
weighting each unit’s contribution
Commonness and/or
(strong)
Spawning (aggregations at
to ecosystem functioning. If the
rarity (rare)
predictable locations and time)
Allee effects on reproduction
diversity unit is species, then one
(strong)
would expect that many species
Trophic level (high)
are probably rare and a few domi-
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Niche partitioning, redundancy, and complementarity are also very important to separate
out selection and complementarity effects
(Hooper 1998, Naeem 1998, Duffy et al. 2001,
Realm of
Emmerson et al. 2001, Loreau & Hector 2001,
BioMERGE Pfisterer & Schmid 2002). But to tackle such
model output
dimensions requires obtaining relative growth
rates, interaction coefficients (strengths and
directions), niche breadth, carrying capacities, and much more — all well-developed
fields in ecology, but generally never known
to any degree of sufficiency for ecosystems to
relate biodiversity to ecosystem function at
Community without ecosystem
engineer or keystone species
large scales. The BioMERGE framework
motivates the necessary synthesis and unification of many existing ecological disciplines
(i.e. population, community, macro-, ecosystem, biogeographical, physiological, and
functional ecology) to address BEF issues by
Biodiversity based on extinction scenario (inverse of driver intensity)
observational means. The end result may be
fairly complex models of ecosystems, but in
Fig. 2. Example outcomes from a BioMERGE model exploring the
ecosystem consequences of biodiversity loss. The x-axis describes biodithe same way that climate modelers have not
versity as quantified by the model, which may be species, functional,
been dissuaded by the complexity necessary
landscape, or some other measure of biodiversity. The y-axis describes a
to address global warming in climate models
single selected function that is modeled by the BioMERGE framework.
and contend with the uncertainties that surThe lines represent the central tendencies of the model output. Model
round such approaches (e.g. Murphy et al.
output would reflect multiple iterations in which maximum diversity is
driven to lower levels by incremental changes in extinction driver inten2004), ecologists should not be dissuaded
sity. The higher the intensity, the lower the biodiversity; hence, the xfrom developing complex models. Meeting
axis also represents the inverse of driver intensity. If there are ecosystem
the challenge is especially important for
engineers or keystone species the presence of which dramatically alters
marine systems in which biotic changes due to
ecosystem functioning, then multiple curves are possible. Here, only 2
possible curves are shown, each surrounded by gray areas indicating the
anthropogenic influences are widespread and
range of possible values. This range may be considered the inverse
large scale (e.g. Roemmich & McGowan 1995,
of biological insurance as larger areas imply greater uncertainty with
Kleypas et al. 1999, Sanford 1999, Jackson
respect to biodiversity loss
et al. 2001, Baum et al. 2003, Abram et
al. 2004, Coleman et al. 2004, Hutchings
& Reynolds 2004, e.g. Richardson & Schoeman 2004,
for ecosystem functioning for any simulated community, and the scatter of points around any given level of
Duraiappah & Naeem 2005).
biodiversity provides an estimate of the variability
(instability) or biological insurance (inverse of the
CONCLUSIONS
spread) associated with a level of biodiversity. As the
study of Solan et al. (2004) revealed, it is possible that
Scaling up the findings of ecological research to
some species can have such dramatic impacts on
larger and longer scales has been a challenge to mathecosystem functioning and that several curves are
ematical and experimental ecology since its beginning
likely. Such multiple curves would indicate the pos(e.g. Levin et al. 1997, Gardner et al. 2001), and BEF is
sible existence of ecosystem engineers, keystone speno exception (Naeem 2001, Bengtsson et al. 2002).
cies, or other species with distinct, strong impacts on
Experimental approaches will always be limited in
ecosystems.
size, replication, and duration, and theory will always
In reality, ecosystem functioning is more than just
employ simplifying assumptions. Principles learned
the sum of biomass × function for each unit of diversity.
from such approaches, however, in combination with
Biotic interactions (e.g. competition, predation, disobservational work, can be combined in BioMERGEease) are incredibly important in governing how poputype models that will provide insights into the ecosyslations will fluctuate, which, in turn, determines compensatory growth and system stability (McNaughton
tem consequences of biodiversity loss both in terrestrial (Emmerson et al. 2001, Stachowicz et al. 2002,
1977, Grover & Loreau 1996, Yachi & Loreau 1999,
Solan et al. 2004) and marine systems.
McCann 2000, Hughes et al. 2002, Loreau et al. 2002).

Estimated ecosystem function

Community with ecosystem
engineer or keystone species
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Given the urgency of many marine conservation and
management issues concerning biodiversity (Roberts &
Hawkins 1999), we should not shy away from providing scientific insights to managers and policy makers.
The range of options spans using little more than
expert opinion (e.g. Sala et al. 2000) to data-rich models (Solan et al. 2004). The more work done in this area,
the stronger the case, the more we can identify general
principles, and the more precise we can be in our
recommendations. One thing that is certain is that if
we do nothing, then the options to sustainably manage, protect, or restore degraded marine ecosystems
and the services they provide will continue to be dominated by species- or ecosystem-oriented approaches
although the proper approach is to integrate both.
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ABSTRACT: Research on the relationship between biodiversity and ecosystem functioning is entering a new phase. The main driver behind this is an awareness that biodiversity loss operates at large
spatial scales and generally involves reductions and changes in species at different trophic levels
simultaneously. Evaluating how ecosystem processes are likely to change following species loss at
multiple trophic levels will be difficult because of the feedbacks between levels and between levels
and the ecosystem processes of interest. Similarly, carrying out manipulative experiments designed
to accommodate multiple trophic levels at the landscape scales in which society is interested will be
extremely challenging. Novel approaches, such as the BioMERGE (Biotic Mechanisms of Ecosystem
Regulation in the Global Environment) initiative, are needed. In addition, future work should be
more services-oriented, rather than process-oriented, if effects of biodiversity change on services
are to be properly assessed. Finally, the application of mainstream ecosystem ecology to biodiversity–ecosystem functioning research seems to have been neglected to date. In this respect, there is
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The search for a relationship between biodiversity
and ecosystem processes that underpin ecological services has led to an emerging paradigm (Naeem 2002),
dominated by terrestrial ecologists to date. Whilst there
were a few publications which explored this topic in the
1970s and 1980s, the bulk of published material comes
from the 1990s, with an almost exponential increase to
date, but relatively few papers that are marine oriented.
Initially, this lack of engagement is surprising given the
global importance of the marine environment (97% of
the available living volume for biodiversity on the
planet, 75% of the planet’s surface area), the acknowledged importance of the oceans for the regulation of
global geochemical cycles and the delivery by the
oceans of goods and services to the world’s population,
the majority of which live along coastlines (Roberts &
Hawkins 1999). The reasons lie, in part, in the differences between the ways in which marine and terrestrial
ecologists approach their science and in the cultural
barriers between the 2 groups that have developed

over the past 30 yr: the 2 groups read different journals,
attend different meetings and speak different ‘languages’ (Raffaelli 2000a, 2005). It could be argued that
there is as great a need for exchange between the
different sub-disciplines of ecology as between the
different disciplines of, say, ecology and economics.
Such barriers have certainly slowed the communication of novel approaches and perspectives concerning
the relationships between biodiversity and ecosystem
functioning from mainstream ecology to marine science. But the converse is also true: mainstream ecology
has long neglected the exciting developments and opportunities provided by marine science. With respect to
biodiversity and ecosystem functioning, one of the main
issues under discussion has become which variable is
dependent and which is independent. In other words,
the degree to which biodiversity is shaped by, or
shapes, ecosystem processes. There has been a shift in
mainstream ecology in recent years such that the role of
species composition in determining both qualitative
and quantitative aspects of ecosystem processes is now
clearly recognised (Naeem 2002). However, many
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marine ecologists are still adjusting to this perspective,
and, thus, a widespread misperception remains that
marine ecology has already addressed most aspects of
biodiversity–ecosystem functioning (see for instance
correspondence in Science, March 2005). This does not
mean that earlier work in this area cannot be usefully
re-focused to specifically address the presently emerging biodiversity–ecosystem paradigm (Naeem 2002).
For instance, Emmerson & Huxham (2002) have illustrated the potential of re-analysing data sets from
earlier research programmes for generating novel insights at much larger spatial and temporal scales than
is generally available from small-scale experimental
studies. Indeed, marine ecologists are well accustomed
to tackling issues of complexity and scale with which
terrestrial ecologists are only now being confronted.
Here, I argue that the marine ecological community
can build on the terrestrial-based studies that have
been carried out to date (see also Bulling et al. 2006, in
this Theme Section), draw on the rich history of established research in this general area and develop alternative approaches that may be more appropriate to the
complexity and large-scale challenges of marine systems. First, I deal with issues of spatial and temporal
scale, with respect to the utility of field experiments.
This is followed by an exploration of the need to
acknowledge the multi-trophic nature of real systems—
the differential losses of biodiversity at different trophic
levels and how this varies with loss scenarios — and the
complexity of the habitat networks operating within
the essentially open nature of the marine system. I then
discuss the difficult issues involved in linking biodiversity change to changes in the provision of goods and
services in coastal systems, and, finally, I argue that an
ecosystem-level approach is required for addressing
what is essentially an ecosystem-level question.

ISSUES OF SCALE
A dominant feature of much research on biodiversity
and ecosystem functioning is the use of manipulative
field experiments (Bulling et al. 2006). Such experiments generate outcomes that are highly persuasive,
because of the statistical rigour and power with which
the data can be analysed. Research that involves
experimental falsification of hypotheses is generally
more persuasive than modelling studies, observations,
logical argument and anecdote (Lawton 1996). Moreover, such research is much more likely to be published. However, there is always a trade-off to be made
between spatial and temporal scales and the degree of
replication of experimental and control plots (Raffaelli
& Moller 2000). This inevitably means that large-plot
experiments tend to have relatively few replicates,

and, in many cases, there are no replication or control
plots at all (Raffaelli & Moller 2000). Many of the earlier generation of biodiversity–ecosystem function
experiments had a high degree of replication, but
small plot sizes (Bulling et al. 2006); in the new generation of terrestrial studies, experiments are not as constrained (e.g. Schilthuizen 2003, Scherer-Lorenzen et
al. 2004).
What then is the appropriate plot size for biodiversity–ecosystem functioning experiments? Not surprisingly, many experimentalists take a purely pragmatic
approach to this question. Thus, in an interview survey
of ecologists who have carried out predator–prey
manipulation experiments at the largest plot sizes
(hectares or square kilometres), the stated reasons for
choosing a particular size included the following: this
was the maximum plot size that could be handled by
the researcher, that was all the space available for the
work, and this was the minimum area required to
ensure that the response variable was informative
(Raffaelli & Moller 2000). Of all the responses, only the
last was not purely pragmatic, but based instead on the
attributes of the system and experiment, in other
words, the aspects that should drive experiments in
biodiversity–ecosystem functioning. It is important to
define a priori the response variable of interest and its
characteristic scale of heterogeneity. However, it is
tempting to measure many different kinds of response
variables from the same plots for the sake of economy,
but this could result in a mismatch of scale if the
manipulation (e.g. number of species) is maintained at
square metre scales and response variables are measured at much smaller scales. For instance, many response variables measured in marine (and terrestrial)
experiments can now be measured at micro-scales,
such as oxygen concentration or redox potential in
intact cores of benthic material (see papers in Solan et
al. 2003). Whilst technically impressive, there is clearly
a mismatch between the scale at which the response or
dependent variable is measured (microns to millimetres) and the scale at which the independent variable
(macrofaunal biodiversity) operates (100s to 1000s cm2
or even many square metres). A central question is
whether the bulk (entire plot) estimate of oxygen concentration is likely to be different from that estimated
by replicate micro-measurements. Until the effects of
measurement of such variables at different scales can
be properly compared, it will be difficult to design and
interpret experiments with complete confidence. In
addition, there is often some confusion about plot size
and scale in the design of manipulative experiments
(Raffaelli & Moller 2000). Large plot sizes will only be
large scale relative to the life space of the species (or
system) of interest. For instance, a 1 m2 plot that represents the home range of a rocky shore limpet may be
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equivalent to a 10 000 km2 plot for a polar bear. Few
experiments really explore the effects of increasing
scale per se, and those that do (e.g. Thrush et al. 1996,
1997) indicate that outcomes are often scale dependent.
Reasons for deciding on a particular duration of a
field experiment have, like plot size, been mostly
based on pragmatic considerations (Raffaelli & Moller
2000), including the need to accommodate the work
within the time available in a research studentship or
grant and the difficulties of maintaining the experimental set-up in a hostile physical environment. This
latter point is extremely relevant to work in marine systems where ecologists are often faced with severe
practical difficulties in carrying out their experiments.
A few respondents to the survey of Raffaelli & Moller
(2000) estimated the required duration of the experiment based on the dynamics of the response variables
(prey species generation times). There are few ‘rules’
available for making such decisions a priori. A ruleof-thumb similar to that proposed for food-web experiments by the late Peter Yodzis (Yodzis 1988)
needs, urgently, to be developed for work on biodiversity–ecosystem functioning. Based on experience
from other kinds of experiments, it is likely that the
outcome of any experiment will be scale dependent
and that short-term responses will be qualitatively and
quantitatively different from longer-term responses
(Raffaelli & Moller 2000).
Carrying out experiments on biodiversity–ecosystem
functioning at the spatial and temporal scales appropriate to those questions in which society is interested
will inevitably involve large plot sizes and reduced
replication, perhaps no replication at all, as well as
long time scales. But should lack of replication deter an
experimental approach? Assuming grant-awarding
agencies are satisfied by the arguments, it should be
possible to present a case as persuasive as that presented by highly replicated experiments. The persuasive power of large-scale experiments will lie not in
the number of degrees of freedom available, but in
whether the magnitude of the response to the manipulation (the effect size) is large. In contrast, quite small
effect sizes (a few percent difference between controls
and treatment) will be statistically significant if sufficient replicates are used, but such effects may be
trivial as far as society is concerned. This point is well
made by experiments in marine intertidal systems on
the role of starfish as keystone predators (Paine 1974)
and of the limpet Patella as a grazer on rocky shores
(Lodge 1948, Jones 1948, reviewed in Hawkins & Hartnol 1983). These experiments were large scale, poorly
or un-replicated, and 2 of them lacked control plots
altogether. The persuasive power of these experiments
lay in the magnitude of the observed effect (extremely
large and impressive), and, just as importantly per-
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haps, its direction; the response observed was entirely
at odds with the accepted view of how those systems
were normally structured (for a more detailed treatment see Raffaelli & Moller 2000)). The downside of
performing large-scale, unreplicated experiments is
that if the effect size is small, say on the order of 10%,
then the scientific world will remain unconvinced. The
approach is not for the faint hearted.

ISSUES OF COMPLEXITY
The majority of manipulative experiments designed
to address the relation between biodiversity and ecosystem functioning have focused largely on a single
trophic level or taxonomic grouping within a much
larger food web (Raffaelli et al. 2002, Bulling et al.
2006), for example, the early experiments by Tilman
(1997) at Cedar Creek on grassland plants, the
Biodepth experiments made across Europe (Hector et
al. 1999) and the experiments carried out on marine
benthic systems by our own group (Emmerson et al.
2001, Raffaelli et al. 2003). In studies where the effects
of, and on, trophic levels other than those directly
manipulated have been investigated, these investigations have tended to be supplementary experiments
rather than something which was explicitly accommodated for within the main design (Raffaelli et al. 2002).
Whilst the work with single trophic levels has advanced the biodiversity–ecosystem functioning debate
significantly, particularly for improving the understanding of mechanisms and the development of models, the single trophic level approach has a number of
limitations. One of the motivations for exploring the
relation between biodiversity and ecosystem function
has been to predict the consequences of species loss
from ecological systems. However, the majority of
single trophic level approaches have not addressed
the effects of species loss per se (communities are artificially assembled, not dissembled), or the ways in
which biodiversity loss at several trophic levels affects
functioning either through simultaneous loss of species
or through subsequent cascading effects. In addition,
different causes of biodiversity loss are expected to
affect different trophic levels in very different ways.
This is not by any means a rejection of single-level
experiments; such designs will remain important for
exploring biodiversity effects and identifying mechanisms. However, they need to be complemented by
other approaches, with a focus on larger scales and the
effects of biodiversity loss per se.
Carrying out whole food web experiments at large
scales is probably neither feasible nor ethical, and
alternative approaches need to be identified for which
marine ecologists are well equipped. Re-analysis of
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parison to single trophic level experiments. Even so,
earlier large-scale studies involving many species,
these assemblages do not reflect the larger food web
but which were not framed within the biodiversity–
including fish and other consumers, although there is
ecosystem functioning paradigm (e.g. Emmerson &
no reason why the approach could not be extended to
Huxham 2002), is potentially a cost-effective way to
include higher trophic levels if such data were availexplore, confirm, or refute novel hypotheses and to
able. One of the challenges in this respect will be to
formulate new ones, which could then be tested experdevelop ways of accommodating the different spatial
imentally, perhaps in small-scale systems. However,
and temporal scales over which different trophic levels
data-mining approaches are not without their problems,
operate. Larger-bodied taxa at higher trophic levels
and one needs to proceed with caution. For instance, in
usually have greater longevity, longer generation
much of the historical literature, the assumption has
times and range over a larger area than those at lower
been that biodiversity is the dependent variable which
trophic levels, which are typically recorded at scales
responds to changes in ecosystem processes (the insmaller than square metres.
dependent variable). Although a case can be made
Taking a multi-trophic approach to biodiversity–
for the converse using the same data (Emmerson &
ecosystem functioning research really does matter.
Huxham 2002), those data were never collected with
There are likely to be significant feedbacks between
this particular form of the relationship in mind. It will
the trophic level manipulated and the higher and
always be difficult to tease out the cause–effect relalower trophic levels, as well as with the response protionships in such data, and the possibility of confoundcess of interest (Fig. 1). If these feedbacks are not
ing effects is high. Nevertheless, it makes sense to use
recognised and accounted for, the outcomes of single
this wealth of literature on marine (and terrestrial) systrophic level experiments will be of limited value for
tems to, at least, establish whether the data are consispolicy makers interested in the impacts of biodiversity
tent with current theory, before embarking on novel
loss (Raffaelli et al. 2002). For instance, our own benand expensive experimental research programmes.
thic biodiversity experiments demonstrate that the
A different approach to the use of existing biodivergreater the biodiversity of macroinvertebrates within
sity and ecosystem process data is provided by the rethe sediment, the more ammonium is released from the
cent BioMERGE (Biotic Mechanisms of Ecosystem
sediment due their bioturbation activities (Emmerson
Regulation in the Global Environment) initiative on the
et al. 2001, Raffaelli et al. 2003). It is also known
functioning of benthic communities under a variety of
that benthic macroalgae (Enteromorpha intestinalis,
realistic loss scenarios (Solan et al. 2004, Naeem 2006,
Chaetomorpha linzii and Ulva lactuca) in this particuin this Theme Section). Here, a specific ecosystem prolar system can use ammonium as a source of nitrogen
cess, the depth of biological perturbation (biological
(Taylor & Raven 2003), so that algal growth will be
mixing depth, BMD) of the upper sediment layers, a
stimulated by a higher macrofaunal species richness
proxy for the fluxes of major nutrients, can be estimated
within the sediment; this has now been demonstrated
from empirical knowledge of a few of the biological
experimentally in a series of mesocosm experiments
traits (e.g. size, mobility) of the species present. Differ(M. Solan et al. unpubl. data). Enhanced growth of
ent species-loss scenarios (over-fishing, enrichment,
benthic macroalgae, in turn, depresses macrofaunal
habitat destruction) were applied by Solan et al. to asbiodiversity and changes the redox chemistry within
semblages so that species were lost from those assemblages according to their sensitivities to
each scenario (see also below). Using
feeding disrupted
this approach, Solan et al. (2004) were
shorebirds
algal mats
able to show that the effects of biodiversity loss on the functioning of ecosystems will depend largely on the order in
feeding
which species are lost, in turn, deteralgal growth
disrupted
redox
predation
fuelled
mined by their susceptibilities to differdepressed
ent types of impact. Such approaches
have a high potential for successfully exploring the consequences of biodiversity
nutrient
loss at large spatial and long temporal
macrofauna
sediment
release
scales using the extensive datasets albioturbation
ready available for many marine areas.
Fig. 1. Interactions and feedbacks between macrofaunal species richness (manipuThe assemblages analysed by Solan
lated variable), nutrient release (ecosystem function response variable) and other
et al. (2004) also comprised many differtrophic levels. Based on known relationships within the Ythan estuary food web,
Aberdeenshire, Scotland
ent trophic types, an advance in com-
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the sediment (Raffaelli 2000b), as well as presenting a
barrier to the selective feeding of higher trophic levels,
especially fish and shorebirds (Raffaelli et al. 1998),
and these species may then leave the location altogether (Raffaelli et al. 1999) (Fig. 1). The feedbacks on
macrofaunal diversity will, in turn, alter ammonium
release, so that the net effects of macrofaunal species richness on ecosystem functioning will be much
more complex than is revealed in single trophic level
experiments.
A further reason for adopting a multi-trophic perspective is the need to recognise that impacts which
lead to biodiversity loss usually occur across all trophic
levels and that, as Solan et al. (2004) have shown, taxa
will differ in their sensitivities to particular loss scenarios (Fig. 2). Thus, top predators in marine systems tend
to have a large body size, low abundance and greater
longevity than species lower in the food web. Largebodied taxa are particularly vulnerable to habitat fragmentation/destruction, but may be less susceptible to
contaminant stress, which hits smaller species disproportionately hard. In contrast, there are usually more
species at lower trophic levels, resulting in greater
functional redundancy and more insurance against the
effects of biodiversity loss. These species also have
higher generation rates and, thus, a greater capacity
for adaptive change. Biodiversity loss is, therefore,
likely to be distinctly non-random and dependent on

2

body size, longevity, life-area
vulnerability to habitat fragmentation

vulnerability to stress
ability to adapt (evolve)
species richness (insurance)

top
predators

top carnivore
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Fig. 2. Variation in traits, species richness and vulnerability
to extinction in a model food web

the loss scenario. There is empirical evidence for the
distribution of the traits shown in Fig. 2 (Petchey et al.
2004) in freshwater food webs, and an example is provided in Fig. 3 for an estuarine food web.
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Fig. 3. Variation in body size (circles)
and species richness (numbers) with
trophic position in the Ythan estuary
food web. From Hall & Raffaelli (1991)
and Leaper & Raffaelli (1999)
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Future research aiming to mimic realistic extinction
scenarios needs to recognise that ecological systems
are often subjected simultaneously or sequentially to a
board range of stressors. For example, key estuarine
stressors
include
habitat
loss
and
alteration, eutrophication, sewage, fisheries overexploitation, altered freshwater flows, invasive species and
sea level rise (Kennish 2002). For many estuaries,
these stressors act simultaneously, and their combined
effects are not easy to predict: stressors can act synergistically, antagonistically, or additively, depending on
the system and stressor. Thus, low oxygen and high
contaminant loads may be insufficient to cause biodiversity change on their own, but, in combination, the
effects may be overwhelming. Also, different stressors
may act on different life-stages of commercially or ecologically important marine species, depending on their
body size and, hence, sensitivities. A combination of
commercial exploitation of fish and shellfish targeted
at adults and habitat destruction of spawning grounds
might be expected to have a greater impact than either
stressor alone. In other words, impacts regarded as less
acute, or even benign, may become significant when
they operate in combination. Incorporating such considerations into approaches to biodiversity–ecosystem
function research will be a major but necessary
challenge.
A neglected area of ecological complexity that is
highly pertinent to biodiversity–ecosystem functioning
research is the level at which biodiversity is considered. Much of the recent work in this field focuses on
species as the basic datum, with an increasing recognition that functional groupings of species may be more
relevant than species per se. However, the term ‘biodiversity’ can mean all things to all people, and the
working concept used by many policy makers is just
as likely to be an even higher level property such as
landscape units or communities, as defined by the
Convention on Biological Diversity (CBD 2004). In a
thoughtful essay, Hawkins (2004) points out that,
unlike the terrestrial environment, marine coastal systems are much more open, with connections between
major habitat patches driven by water movement at a
variety of scales: upwelling, currents and waves. For
example, kelp forests are amongst the most productive
habitat units on Earth, but most of the production can
be exported to other habitat units, such as sandy
beaches (Raffaelli & Hawkins 1996). He argues that in
the case of such complex, open systems the highly
reductionist experimental approach that focuses on
species within a habitat type is inappropriate. A more
holistic approach is required, combining in situ estimates of ecosystem processes with modelling of the
connectivity between habitat units (see also Giller et
al. 2004).

LINKING BIODIVERSITY TO ECOSYSTEM
SERVICES
Whilst the measurement of ecosystem processes
under different levels of biodiversity is relatively
straightforward, extending the linkages to ecosystem
goods and services has been more difficult for a
number of reasons. First, many of the services which
ecosystems provide to society are underpinned by
several, often many, ecosystem processes making
direct mapping of biodiversity loss onto changes in the
provision of services difficult (Fig. 4). A second issue is
that the further the process or service from the biodiversity itself, the weaker the relationship will be,
generating uncertainties in management and policy
decisions. For instance, there is an intimate linkage
between plant species richness and primary production, so that the effects of biodiversity change on this
process are direct and strong. In other words, there is
likely to be a large effect size in such experiments. In
contrast, there will be several steps (sediment disturbance, changes in the sediment microbial assemblages
and their activities) involved between changes in benthic invertebrate species richness and primary production by phytoplankton in the overlying water column,
and the effects observed are expected to be weaker.
Additional linkages to ecosystem services may also
reduce the magnitude of a biodiversity effect, since
many different processes will be involved, some direct,
some indirect (Fig. 4). As Hawkins (2004) has argued
(see above), this is likely to be particularly true for
open marine systems. Thirdly, different biodiversity
loss scenarios will affect processes and services in
quite different ways depending on the identity or
function of the species most affected (Fig. 2), so that it
may be difficult to establish general rules linking biodiversity changes to ecosystem service delivery.
Given these issues, especially the multi-process
underpinning of services, perhaps ecologists should
not be attempting to link effects from biodiversity to
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ecosystem
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Fig. 4. Possible links between changes in biodiversity (ΔBS),
ecosystem processes (ΔEP) and services (ΔES)
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on basic studies, interactions amongst biota and the formulation of general and simple theories, whilst ecosystem ecology has concerned itself with specific applied
problems, biotic, abiotic and human interactions, producing a catalogue of specific examples from which
generalisation is difficult (Holling 1992). As with terrestrial and marine ecologists, there has been a divergence between the population ecology and systems
ecology communities; these communities now seem to
have different languages, attend different conferences
and publish in different journals (Raffaelli 2000a, 2005).
However, the divide has recently become less pronounced, with population and community ecologists increasingly tackling applied issues in sustainable resource management, whilst ecosystem ecologists are
starting to generate general theories from the wide
range of applied studies now available (Holling 1992),
PUTTING THE ECOSYSTEM INTO
especially in the areas of network analysis and thermoBIODIVERSITY–ECOSYSTEM FUNCTIONING
dynamics (e.g. Ulanowicz 1986, Christensen & Pauly
RESEARCH
1992, Jørgensen 1997). In addition, there is a growing
awareness by all ecologists that ecosystems are, in part,
I have argued that the marine research community is
shaped by the activities of their biodiversity.
well equipped to move beyond small-scale approaches
In addition to the logic of taking an ecosystem
and adopt landscape-scale initiatives with a multiapproach to an ecosystem-level question, there is a
trophic perspective and, almost certainly, using a nonsecond benefit of unifying efforts with respect to poliexperimental, macro-ecological approach of the kind
cies on biodiversity protection, in particular through
exemplified by Solan et al. (2004). Naeem (2006) makes
the Convention on Biological Diversity. The signatories
a similar plea. Working at the ecosystem scale on
of this convention are requested to apply the ecosysecosystem processes requires an ecosystem science
tem approach to biodiversity conservation and manapproach. Ecosystem science has a long history in
agement, based on a set of principles (the Malawi prinboth the aquatic and terrestrial sciences, but is not well
ciples) agreed upon in 1998 and formally adopted by
articulated within the present biodiversity–ecosystem
the Conference of the Parties in 2000. The ecosystem
functioning research community. In part, this must be
approach was adopted by the World Summit on Susbecause many of the personalities involved in biodivertainable Development in Johannesburg 2002, and has
sity–ecosystem functioning research come from the acabeen recommended for adoption for many major policy
demic stable of population and community ecology,
initiatives in Europe, including the EU Water Framerather than ecosystem ecology. The division between
work Directive, Common Fisheries Policy and the
population and ecosystem ecologists seems to be a culEuropean Marine Strategy (CBD 2004). An important
tural phenomenon, consistent with Holling’s (1992)
feature of the ecosystem approach is that it is truly
comment that ‘community ecology and ecosystem ecointerdisciplinary and involves many socio-economic
logy seem to have existed in different worlds’. Populacomponents. For instance, the objectives of managetion and community ecology has traditionally focussed
ment are regarded as a matter of societal choice, and the system should be
Table 1. A service-orientated approach for identifying the relevant underpinunderstood and managed in an econing processes and biodiversity elements in marine coastal systems. Note that
some ecological goods, such as marine pharmaceuticals and culture, aesthetics
nomic context. In addition, the apand recreation, have no obvious ‘process’ underpinning them
proach should be taken at the appropriate (large) spatial and temporal scales,
Service
Ecosystem process
Relevant biodiversity
recognising temporal lags between different scales, and the conservation of
Fibre/timber/fuel
Primary production
Mangrove trees
ecosystem functioning should be a priFertility/nutrient cycling Nutrients from sediment
Benthic infauna
ority, in order to maintain ecosystem
Waste processing
Nutrient stripping
Salt marsh plants
Flood protection
Primary production
Marine vegetation
services (CBD 2004). There are clearly
Pharmaceutical
Corals, sponges
many points of contact between this
Cultural/amenity
Shorebirds
policy and biodiversity–ecosystem reFood
Secondary production
Estuarine bivalves
search, as well as mainstream ecosysprocesses and then on to services, but start from the
service itself. First, identify the service of interest (e.g.
coastal protection, detoxification, or spiritual enhancement), then identify the key processes affecting delivery of that service, and then design research programmes that explore the effects of changes in the
relevant biodiversity on those processes (Table 1). The
service-orientated approach has the advantage that
the importance of changes in relevant biodiversity can
be assessed much less ambiguously, and, hence, more
persuasively to policy makers, than is presently the
case. Kremer (2005) provides some thoughtful insights
into some general issues related to establishing linkages between biodiversity and services.
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tem ecology, which enlists a large-scale approach that
has increasingly considered socio-economic dimensions (Gunderson & Holling 2002).
Developments in ecosystem ecology have been
based largely on the way energy (or rather its useful
form, exergy; Jørgensen 1997) is distributed amongst
system components and on how this distribution
changes from early to mature stages of ecosystem
development. Much of ecosystem ecology can thus
be understood within a thermodynamics framework
(Odum 1969, 1985), where systems are seen to move
further away from thermodynamic equilibrium as they
develop or mature. Whilst the approach has always
had its critics (e.g. Mansson & McGlade 1993), recent
work by Joao Marques, Sven Jørgensen and their
colleagues (Jørgensen & Marques 2001, Marques &
Jørgensen 2002) has illustrated how population and
community ecology-based approaches can be accommodated within a thermodynamics framework, thereby potentially bringing ecosystem ecology to bear on
biodiversity–ecosystem functioning issues. Of particular relevance is their interpretation of the study by
Wilsey & Potvin (2000) on the effects of changes in the
evenness component of plant species diversity on primary productivity (Marques & Jørgensen 2002). They
equate increasing evenness with information manipulation that artificially moved the system further from
dynamic equilibrium to create a more efficient dissipative structure that increased exergy storage as biomass. By translating the biodiversity effects observed
by Wilsey & Potvin (2000) into the language of ecosystem ecology, Marques & Jørgensen (2002) illustrated
the potential of ecosystem ecology in the arena of
biodiversity–ecosystem functioning research.
Mass-balance models and network analysis (Ulanowicz 1986, Christensen & Pauly 1992) provide reasonably accessible frameworks within which the effects of
biodiversity change within a food web can be explored
in relation to ecosystem-level attributes related to ecological functioning. Here, I provide an example, purely
for illustrative purposes, based on a mass-balance
model developed for the food web of Ythan estuary,
Aberdeenshire. The functions of interest are measures
of the information content, the cycling of energy and
the distribution of flows within the ecosystem; all are
related to how far the system moves from its ‘stable’
configuration and the amount of whole-system productivity. By deleting species from the system (biodiversity
loss) and re-balancing the model, the effects of these
functions on a food web scale can be appreciated. Of
course, the species deletion approach has been commonly used in stability analysis of food web models
(e.g. Pimm 1981), but here a range of whole-system
attributes rather than a single function, dynamic stability, can be evaluated.

The version of the Ythan food web used here comprises 28 taxa: shorebirds — cormorant, shelduck,
eider, red breasted merganser, oystercatcher, dunlin,
redshank, wigeon, mute swan; dominant fish — flounder, goby, ‘other fish’; epibenthic crustaceans — shore
crab, brown shrimp; benthic invertebrates —Mytilus
edulis, Nereis diversicolor, Corophium volutator, Gammarus spp., Littorina spp., Hydrobia ulvae, Macoma
balthica and meiofauna; zooplankton; benthic green
algae; other macrophytes; benthic microphytes; and
detritus. These taxa are distributed across 4 trophic
levels. For computational reasons, this version of the
Ythan web is somewhat smaller than the version with
ca.100 taxa described elsewhere (Hall & Raffaelli 1991,
Huxham et al. 1995), but the web contains all of the
major elements with which the species to be manipulated are connected. The model was constructed within
the package Ecopath 5.0 (Christensen et al. 2002).
Three benthic species within the food web have provided the main focus for previous work on biodiversity–ecosystem functioning relationships in the
sediments of the Ythan (Emmerson et al. 2001, Raffaelli
et al. 2003), specifically the polychaete Nereis diversicolor, the amphipod Corophium volutator and the snail
Hydrobia ulvae. Several sets of mesocosm experiments
in which each of these species were maintained individually and in different combinations indicate that the
3 species differ markedly in their relative contributions
to ecosystem functioning (ammonium release from the
sediment), with N. diversicolor having the greatest
effects, and H. ulvae, the least. The effects of species loss
will, thus, depend greatly on the order in which species
are lost (Emmerson et al. 2001, Solan et al. 2004). Whilst
the mesocosm experiments focussed on a single process
(i.e. nutrient release), the mass-balance model approach
allows effects of species loss on a variety of whole-system
attributes (i.e. ecosystem functions) to be explored.
Each of the 3 invertebrate species was removed from
the food web model, and the model was then re-balanced to calculate the new values for ecosystem functions (Table 2). Loss of any of the 3 species reduced
ascendancy, overhead (hence, capacity), throughput
and total respiration and increased throughput cycling,
indicating that the system had moved nearer to thermodynamic equilibrium. Not surprisingly, the loss of
only 1 of 28 species from the system had little effect on
the system’s overall information content (Table 2). Of
the 3 species, Nereis diversicolor changed key system
attributes more than either Corophium volutator or
Hydrobia ulvae, but there is no consistent association
between species biomass and effects for the latter 2
species (Table 1). N. diversicolor has by far the largest
standing stock biomass, but C. volutator and H. ulvae
have higher production to biomass (P /B) ratios, so that
their roles in shunting energy through the food web
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Table 2. Nereis diversicolor, Corophium volutator, Hydrobia ulvae. Effects on ecosystem-level functions of removing key species
of macrofauna from a mass-balance model of the Ythan estuary food web. Percent of total values in parentheses. P/B ratio: production to biomass ratio; ascendancy: the average information in a system, scaled by system throughput, and believed to increase
with system development; overhead: how much ‘strength in reserve’ the system has to cope with future perturbations; capacity:
the upper limit for ascendancy; information: the information content in the system; throughput: the sum of all the flows in the
system; respiration: the sum of the respiration across all taxa; Finn’s index: the fraction of a system’s throughput which is recycled
Ecosystem attribute

Undisturbed food web

Biomass (t km–2)
P/B ratio
Ascendancy

–
–
29228
(24.9)
Overhead
88342
(75.1)
Capacity
117586
Information
1.17
Throughput
24900
Respiration
4410
Finn’s index (% total throughput)
35.4
Throughput cycled (t km–2 yr–1)
4.31

Nereis removed Corophium removed
185
1
24949
(25.9)
71489
(74)
96438
1.16
21502
3565
32.4
5.26

are much greater than their standing stock biomass
indicates. It would appear that, at least compared to C.
volutator and H. ulvae, the loss of N. diversicolor from
the Ythan food web would have system-level impacts
in addition to those already documented for nutrient
cycling (Emmerson et al. 2001, Raffaelli et al. 2003).

82
3
27957
(25.6)
81111
(74.4)
109101
1.17
23916
4243
34.9
5.26

Hydrobia removed
17
3
27304
(25.8)
78677
(74.2)
105997
1.16
23569
4011
34.9
4.51

Species effects

N>C>H
N>H>C

N,H > C
N>H>C
N>H>C
N > H,C
N,C > H

open nature and connectivity of landscape units that came out
of the ESF Ascona workshops, April 2002, whilst Beccy
enabled me to see that marine ecologists have much to be
proud of in this area and need not slavishly repeat the
approaches taken by terrestrial ecologists. Thanks.
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ABSTRACT: Declines in biodiversity resulting from anthropogenic disturbance to ecosystems have
focused attention on the role of biodiversity in ecosystem functioning. However, the high level of
complexity of ecosystems has made this a difficult topic to investigate. Much simpler model systems
incorporating small-scale, spatially delimited, artificial assemblages of species have been widely
used recently to address the link between biodiversity and ecosystem functioning (BEF). Their
simplicity lends tractability to these systems, but has also resulted in much criticism in the literature
over their relevance. Here, we examine the strengths and limitations of model systems and examine
how useful these systems might be in addressing several issues that are likely to represent future
challenges to understanding BEF: spatial scale, multiple trophic levels, variation, environmental
stochasticity and the choice of representative combinations of species. We find that model systems
have already played an important role in enhancing our understanding of BEF and are likely to continue this role in the future. However, they do have important limitations, and it is essential to take
these into account when putting results into the broader context of ecosystems and to improve the
level of integration of results with those from other methodologies.
KEY WORDS: Biodiversity · Ecosystem functioning · Model systems · Hidden treatments · Spatial
scale · Multiple trophic levels · Mesocosms
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There is a long history of the use of model systems to
address questions in marine ecology, probably reflecting
the more difficult working environment of the sea and
seabed compared to more accessible terrestrial systems.
Benthic and pelagic micro- and mesocosms have been
employed extensively in research, ranging from pollution effects to benthic–pelagic coupling (Lalli 1991), such
that they are now a routine tool for marine investigations.
In addition, marine ecologists have played a major role in
developing appropriate and rigorous experimental designs and subsequent analyses (Gamble 1991, Underwood 1998), and the techniques required to maintain
and monitor environmental processes under different
experimental treatments are well established.
Few marine ecologists would therefore need convincing of the utility of model systems for exploring

relationships between biological and physico-chemical
processes. It is somewhat surprising therefore that relatively few attempts (compared to freshwater and terrestrial ecology) have been made to take advantage of
such systems for exploring one of the key emerging
issues in ecology, the effects of biodiversity on ecosystem functioning. There is a strong tradition in ecology
of investigating the abiotic drivers of ecosystem structure and dynamics, whilst biotic factors have been
highlighted only comparatively recently (Lawton 1994,
Chapin et al. 1997, Loreau 2000). This change in
emphasis has been given impetus due to current rates
of species loss and concerns as to how biodiversity
change will affect the efficiency with which ecosystems will function, especially with regard to the provision of ecological goods and services (Ehrlich & Wilson
1991, Pimm et al. 1995, Costanza et al. 1997, Vitousek
et al. 1997, Chapin et al. 2000).
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Investigating the relationships between biodiversity
and ecosystem functioning is extraordinarily challenging given the complexity of real ecosystems. Model
systems are a subset of experimental models that have
been at the centre of biodiversity–ecosystem functioning (BEF) research (Lawton et al. 1998, Emmerson
et al. 2001, Hector et al. 2002, Petchey et al. 2002b,
Tilman et al. 2002). These systems use spatially delimited replicates of precisely controlled starting conditions (including identity, number and density of species), and have been at the heart of much of the
controversy surrounding BEF research (see ‘Combinations of species’ below). BEF is a shift from much of the
earlier biodiversity research in marine ecosystems, but
a field where marine ecologists can play a key role by
virtue of their experience and expertise in the use of
model systems. Here, we review the strengths and limitations of the model system approach as revealed by
studies of BEF issues, mainly conducted in terrestrial
and freshwater systems. We then examine how model
systems might be used to address future challenges,
and how they may be better integrated with other
studies in order to obtain a more rigorous understanding of BEF relationships.

MODEL SYSTEMS
The majority of model systems have been based on
microcosms or mesocosms, defined as ‘spatially delimited artificially constructed model ecosystems’ (Petchey
et al. 2002b). In the present paper, we use this as the
basis of our definition of model systems as ‘small-scale,
spatially delimited, artificially constructed ecosystems,
allowing fine control over initial composition’. The
difference between micro- and mesocosms is rather
arbitrary (Lawler 1998), with mesocosms tending to be
larger in absolute size and, therefore, of greater biological and spatial complexity (Petchey et al. 2002b). In
the present paper we do not distinguish between
micro- and mesocosms, but differences in scale in the 2
types of systems will affect the strengths of some of the
criticisms of model systems in general. Our definition
of model systems also embraces spatially larger experimental projects such as Biodepth (Hector et al. 2002)
and the biodiversity experiments in grasslands (Tilman
et al. 2002). The use of model systems for addressing
BEF questions has typically involved experimental
designs with biodiversity as the independent (explanatory) variable and the levels of a particular ecosystem
function (often productivity) as the dependent (response) variable. The biodiversity metric most often
used is species richness (i.e. the number of species).
The main advantage of model systems is the high
level of control possible over initial conditions, includ-

ing the choice of species, numbers of individuals and
starting physico-chemical conditions. This and the relatively small size of the individual treatment plots
means that configurations can easily be replicated
(Lawton 1995, Drake et al. 1996), increasing the level
of statistical power in the experimental design and the
persuasiveness of findings. Related to this is reproducibility (Lawton 1995, Drake et al. 1996), whereby
starting conditions can be set up precisely and repeatedly with minimal variation. This high level of control
over initial configurations means that specific factors,
such as biodiversity, can be isolated and their role
in ecosystem functioning can be assessed unambiguously. Small-scale systems are also easily monitored
and maintained. Model systems therefore potentially
offer a high level of tractability.
However, these high levels of control and replication
mean that model system experiments are very specific
to the system, organisms and experimental configuration being used. In turn, this specificity means that
results are unlikely to be generally applicable across
systems, or indeed between different configurations of
the same system. In the same way, model systems are
designed to focus on specific independent factors,
allowing little understanding of the relative importance of these factors in relation to others in the full
and more complex system.
Model systems at the lower end of the spatial scale
(meso- and microcosms) involve smaller organisms,
with short generation times, making them well suited
to addressing questions requiring many generations
(Drake et al. 1996, Petchey et al. 2002b). This is an
important consideration, particularly when trying to
relate results from micro- and mesocosm experiments
to those from larger-scale terrestrial plant experiments
(Petchey et al. 2002b). If the experimental duration
encompasses many generations, the results will be
strongly driven by population dynamics. However,
terrestrial plant experiments tend to last for only a
few generations, and can therefore be more affected
by transient effects of initial species composition
(Petchey et al. 2002b). Comparison of results between
model systems at different spatial scales may thus be
inappropriate and misleading.
However, whilst smaller model systems might
appear to have advantages over field experiments,
these same advantages are seen by some as potential
problems. The short time required to run the experiments, the modest cost and the ability to conduct the
experiment in the laboratory, rather than having to
regularly visit a field site, have been claimed as enticements leading scientists to use these experimental
designs at the expense of experimental rigour (Carpenter 1996). A more subtle concern is that of mean
field approximations (Petersen & Hastings 2001). In the
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tight experimental design of many small-scale systems
(cf. more open systems, e.g. Hector et al. 2002, Tilman
et al. 2002) levels of environmental variables are
approximated and constant, based on average levels of
environmental factors (e.g. light, temperature, humidity). There is thus an implicit assumption that average
levels of environmental factors, rather than their
extreme levels or variability, determine ecosystem
dynamics (Petersen & Hastings 2001). This may not be
true and could lead to false conclusions being drawn
from such experiments. However, mean field approximation can be an advantage in the integration of
model systems with mathematical models and theory.
Mathematical ecosystem models generally use mean
field approximations for environmental variables, and
there is therefore a close conceptual link between
these types of approaches. This is particularly so for
aquatic model systems (Petchey et al. 2002b). Mathematical models and theory often implicitly assume a
closed system and a lack of spatial structure, the trademark of many aquatic model systems and quite different from most field experiments done in terrestrial
systems. Reduced spatial environmental variation coupled with generally mobile individuals, leads to limited
spatial aggregation of individuals and therefore dynamics approximating mean field conditions (Tilman &
Kareiva 1997).
By definition, model systems are taxonomically and
structurally simplistic (Lawton 1995, 1996, Carpenter
1996, Drake et al. 1996). For example, there is little or
no spatial or temporal heterogeneity (Lawton 1995),
seasonal variation, disturbance, or large environmental perturbation (Lawton 1996). Whilst such simplicity
provides for an elegant and tractable experimental
design, important characteristics of real communities
and ecosystems will be excluded or distorted (Carpenter 1996). Carpenter (1996) cites examples from limnology (Gerhart & Likens 1975, Stephenson et al. 1984,
Bloesch et al. 1988) in which container size and experimental duration have affected experimental results.
There are also criticisms of the identities of the species that have been used in these experiments which
may contain unnatural assemblages (Lawton 1996)
and, hence, be a poor reflection of the real ecosystem.
Also, species may be used because they survive well
in microcosms, rather than being representative of the
wider community (Lawton 1995) in which the species
have long interconnected evolutionary histories (Lawton 1996). If species composition in individual-richness
treatments is not realistic, between-treatment differences may not represent the differences likely under
natural extinction/colonisation scenarios (Solan et al.
2004), leading to difficulties in interpretation.
Given these limitations and abstractions, it is not
surprising that model systems have attracted hostility.
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For example, Carpenter (1996) has argued that the
limitations of this experimental approach mean that
most important questions in applied ecology cannot be
investigated by mesocosms, with statistical advantages
not offsetting the problems of limited scale, so that
there is considerable risk of obtaining misleading
results from these experiments. Despite the strong
views expressed by proponents and critics, there are
areas of general agreement. All realise that model systems are great simplifications of ecosystems, which are
highly complex, making it foolish and misleading to
extrapolate results from these experiments directly to
ecosystems. Another area of agreement is that these
model systems form only one part of a suite of tools for
studying ecosystems, including mathematical and conceptual models, as well as field observations, experiments and manipulations. However, views about the
contribution that model systems make do vary, from
‘supportive’ (Carpenter 1996) to ‘a unifying thread for
the development of a conceptual framework for understanding higher levels of organization’ (Drake et al.
1996).
Clearly, model systems have an important role to
play in BEF issues. Observations and correlations on
their own do not allow us to distinguish between cause
and effect (Manly 1992), whilst field studies do not
allow the level of control and measurement permitted
in model systems, required to develop theories and
required to test hypotheses. Model systems therefore
provide us with an extremely valuable starting point in
our understanding of ecosystems. They should be
viewed as one component in an integrated suite of
methodologies that we can use to develop theories and
test hypotheses of ecosystem processes (Lawton 1995,
1996, Petchey et al. 2002b). They are extremely useful,
but must be used with care and in context.

FUTURE CHALLENGES FOR MODEL SYSTEMS
The sheer complexity of ecosystems has meant that
most research into understanding BEF has been of the
reductionist philosophy. This, combined with initial
limitations imposed by the experimental design of
model systems, has meant that many of the model systems used to date appear simplistic. Many of the future
challenges for model systems stem from the requirement to bridge the gap between these simple systems
and real ecosystems by incorporating further key
aspects of ecosystems in their design. Incorporating
additional ecological complexity in these systems without losing their tractability requires careful thought
about which aspects should be included and about
experimental design. Below, we review a number of
ecosystem features that are likely to be important dri-
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vers in a BEF relationship, most of which have so far
not been addressed by model systems. We consider
why these features are likely to be important, the problems of incorporating them into model system designs,
and how these problems may be overcome.

Combinations of species
The majority of model systems have used terrestrial
plants (Schlapfer & Schmid 1999, Hector et al. 2002,
Tilman et al. 2002), and, as noted below, this is a
trophic bias that needs to be corrected. However, the
particular combinations of species used in model systems are also open to criticism. The independent
variable that is usually adopted in model system experiments is species richness, with different levels of
this factor assembled in a controlled fashion, usually
species being chosen at random from a species pool.
This has generated a debate over whether effects on
ecosystem functioning are due to biodiversity through
resource partitioning or positive interactions, or are
due to ‘hidden treatments’. The hidden treatment that
has received the most attention has been ‘sampling
effects’ (Huston et al. 2000, Fridley 2001, Loreau &
Hector 2001, Huston & McBride 2002, Tilman et al.
2002). A sampling effect occurs when randomly chosen
(without replacement) combinations with more species
have a greater probability of containing a species or
groups of species with strong functional characteristics
than those combinations with fewer species, and therefore are likely to demonstrate a greater level of ecosystem functioning through this chance selection. Consequently, it is difficult to determine if an increase in
ecosystem functioning is genuinely due to an increase
in the number of species or due to this sampling effect.
One approach that allows the distinction of complementarity and species-selection effects on ecosystem
functioning has been described (Loreau & Hector 2001,
Sala 2001). This requires replications of single-species
treatments so that levels of ecosystem functioning in
multi-species configurations can be separated according to sampling effects and species complementarity
through additive partitioning. Although this methodology is a significant step forward in interpreting results,
it is an a posteriori approach with limitations and cannot replace experiments that explicitly address actual
mechanisms operating between biodiversity and ecosystem functioning (Loreau & Hector 2001). An important limitation of this methodology is that it allows
separation of the ‘complementarity effect’ and the
‘selection effect’, but that an underlying mechanism
resulting from complementarity can influence both
effects (Petchey 2003). Thus, it is not possible to link a
single mechanism or class of mechanisms to the ‘com-

plementarity effect’, an error that has been made frequently (Petchey 2003). This technique of separating
effects has been used as part of an explicit ANOVA
(analysis of variance) design in conjunction with separate ANOVAs, with each species as a dummy variable
to assess the level of species-selection effects with
changing soil fertility in a terrestrial plant experiment
(Fridley 2002).
The methodology of Loreau & Hector (2001) for separating complementarity and species-selection effects
relies on a replacement series experimental design
that assumes no density-dependent effects (BenedettiCecchi 2004). These designs require compensatory
reductions in abundance of species with increasing
diversity to keep total density constant. This allows
confounding of complementarity and species-selection
effects with density-dependent effects. Many of these
issues of separating the different effects and their
interactions have been examined through the use of
Monte Carlo simulations (Benedetti-Cecchi 2004). This
work investigated a new design, with biodiversity
(species richness) and density of species as fixed,
crossed treatments. Species assemblage was treated as
a random factor, which was nested within richness
treatments and crossed with density of species
treatments. This allows the identification of speciesrichness effects even with the added complication
of density-dependent effects, whilst controlling for
species-identity effects, which can also be identified
(Benedetti-Cecchi 2004).
Views of the relevance of these sampling effects fall
into 2 camps. Some authors consider such effects as
experimental artefacts that interfere with the correct
interpretation of biodiversity effects on ecosystem
functioning (Huston 1999, Wardle 1999, Huston et al.
2000, Huston & McBride 2002). Others see them as a
natural consequence of the inherent differences between species and therefore as a mechanism through
which species richness may affect ecosystem functioning (Lawton et al. 1998, Chapin et al. 2000, Purvis &
Hector 2000). However, the validity of the sampling
effect must rest with how well random species addition/deletion in the experiment matches the processes
of species addition and deletion in real ecosystems
(Fridley 2001), and this is likely to vary considerably. It
is probable that the environment will strongly affect
the level of this matching, with resulting immigration
and emigration processes that are highly stochastic
likely to lead to strong matching (Fridley 2001). The
significance of sampling effects in model systems must
therefore be considered on a case-by-case basis in
relation to the ecosystem being modelled, rather than
assigning it the constant value of a true effect of biodiversity or a statistical artefact. The sampling effect is
a mechanism through which levels of ecosystem func-
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tioning can be affected, and therefore the differences
are largely semantic (Cottingham et al. 2001).
Two other potential hidden treatments are the
‘quasi-replication effect’ and the ‘variance-reduction
effect’ (Huston & McBride 2002). These are subtler
than the sampling effect. The term ‘quasi-replication’
(Huston & McBride 2002) refers to the fact that drawing species randomly from a species pool for each
replicate at a particular species richness means that
replicates will not be true replicates, as they will not
contain exactly the same species.
With a given pool of species to randomly draw from
(without replacement), treatments with intermediate
numbers of species have a much larger number of possible combinations of species than treatments with low
or high numbers of species. This means that with the
same number of replicates for each treatment the species combinations that are used for intermediate biodiversities will represent only a small proportion of the
total number of potential combinations. Replicates of
lowest and highest biodiversity treatments will represent much greater proportions of the potential species
combinations at these species richnesses. This underrepresentation of species combinations at the intermediate diversity levels means that with the usual small
number of replications in each richness treatment, it is
unlikely that resulting statistical properties are representative of the population of species combinations
(Huston & McBride 2002). This is the quasi-replication
effect (Huston & McBride 2002). This implies that the
level of variance will change with richness treatment,
introducing heterogeneity of variance and therefore
breaking one of the assumptions made by ANOVA and
linear regression models, both used extensively to
analyse BEF model systems.
The variance-reduction effect (Huston 1997, Huston
& McBride 2002) results from the similarity of replicates within a species-richness treatment changing
with species richness (Fig. 1). The similarity of quasireplicates within a richness treatment level increases
at an increasing rate with species richness, assuming
random selection without replacement. This asymmetry in similarity results in high-richness treatments
containing almost true replicates, and those treatments
with low species numbers being very far from true
replicates. As a result, statistical behaviour of replicates is likely to change with species richness. The
range of ‘real’ (i.e. statistical population parameter)
levels of ecosystem functioning from the quasi-replicates in high species treatments is likely to be smaller
than the range at low species richness due to the different levels in similarity of replicates within a treatment.
A consequence of this is that, in high-richness treatments, levels of ecosystem functioning are more likely
to be proportionately more strongly affected by exper-
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Fig. 1. Levels of similarity between ‘quasi-replicates’ (Huston
& McBride 2002) with increasing species richness. Similarity
between 2 replicates is measured with the Jaccard coefficient, which is the number of species in both replicates divided by the number of species in just one or the other replicate. A coefficient of 0 indicates no similarity, and a
coefficient of 1 indicates the replicates contain the same species. Simulations were run using a pool of 30 species from
which species were selected at random without replacement
and placed in a replicate. An experiment with 5 replicates per
species-richness treatment was simulated. The mean coefficient over all unique pairings of replicates was calculated for
each set of 5 replicates to get an ‘overall similarity’; 1000 simulations were run, and the mean level of overall similarity at
each species richness is shown (f) with the standard deviation. The minimum (j) and maximum (m) levels of ‘overall
similarity’ in the 1000 simulations are also shown. The minimum (–) and maximum (D) individual Jaccard coefficients
that occurred between pairs of replicates are shown to indicate the likely range of similarity in different species-richness
treatments

imental error than by biodiversity effects. Due to the
parallel sampling effect making it more likely that
these high-richness treatments will contain the more
productive species, the effect of experimental error is
likely to be in the direction of increased ecosystem
functioning. This increase in ecosystem functioning
due to experimental error cannot be separated from
increases due to species richness and therefore may
lead to a misrepresentation of the meaning of experimental results.
The variance-reduction effect means that there will
be a breakdown of the assumption of homogeneity of
variance across treatments, an assumption made by
ANOVA, which has been used extensively to analyse
the results from BEF experiments. The variance-reduction effect could be avoided through the use of true
replicates in the experimental design. If this is done,
then the experimental design advocated by BenedettiCecchi (2004) will allow a formal test of the variancereduction effect.
Such concerns have led some to call for conclusions
based on results from experiments involving random
sampling from a species pool to be re-evaluated and
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for future experimental designs to focus on the mechanistic drivers of BEF (Huston & McBride 2002). The
level of error due to environmental variation can be
accounted for in 2 main ways (Huston & McBride
2002). Firstly, using the usual experimental design
(biodiversity as an independent factor and ecosystem
functioning as a dependent variable), environmental
parameters can be measured and incorporated into the
statistical analysis as covariates. Secondly, a more controlled approach involves the deliberate manipulation
of environmental conditions and for these levels to be
included as factors in the experimental design. The
levels of interactions between these environmental
factors with diversity (as a fixed factor) in an ANOVA
experimental design can also be obtained. This
approach has been successfully used in a grassland
model system experiment, which demonstrated that
the effect of diversity on productivity significantly
increased with soil fertility (the environmental variable) (Fridley 2002).
The need to address BEF via a mechanistic framework has been recognised, and several experimental
designs have focussed on functional diversity rather
than species richness (McGrady-Steed et al. 1997,
Naeem & Li 1997, Mulder et al. 1999, Paine 2002).
However, this change in focus has its own associated
problems. The functional approach has not been particularly successful in achieving an understanding of
how taxonomic or functional diversity can affect
ecosystem functioning, because the functional groups
used have been subjective or defined via statistical
segregation based on ecophysiological data (Naeem &
Wright 2003). A general framework for identifying
appropriate functional groups has been proposed that
splits response traits from effect traits, and selects the
relevant functional traits based on the driver and
ecosystem function of interest (Naeem & Wright 2003).
A more appropriate measure of functional diversity
than functional richness has been proposed (Petchey &
Gaston 2002). FD is a functional diversity index that is
a continuous and simultaneous estimate of the dispersion of species in trait space at all hierarchical scales.
Another proposed measure is functional attribute
diversity (FAD) (Walker et al. 1999), which uses an estimate of the total distance between species in trait space.
These 2 measures explained a greater level of variation in above-ground biomass production than species
richness and functional group richness in a comparison
of functional diversity measures (Petchey et al. 2004).
This greater explanatory power was partly explained
by FD and FAD not arbitrarily assigning species to
functional groups, enabling continuous measures of
biodiversity and the greater amount of biological information that the 2 measures contain (Petchey et al.
2004). An alternative approach is to use a test of statis-

tical significance that accounts for the effects of grouping per se (Petchey 2004). This is done through a randomisation test that compares the observed statistic
against a distribution determined using repeated random assignment of species to functional groups, allowing the testing of the null hypothesis that functional
group richness has no effect on ecosystem functioning.
Whether experimental design focuses on species
richness or functional richness, the choice of species or
functional group treatments has still been primarily
based on random selection (Naeem & Wright 2003).
This is equivalent to random extinction, but, in the real
world, extinction tends to be non-random (Pauly et al.
1998, Srivastava 2002, Smith & Knapp 2003). Therefore
random selection of species or functional groups in
experimental design is unlikely to produce combinations representative of the real world (Wardle 1999,
Schwartz et al. 2000), although this is possible in systems with strong stochastic drivers (Fridley 2001). The
possible significance of non-random extinctions on
BEF has recently been demonstrated using data from
marine invertebrate communities to parameterise
models predicting the effects of extinctions on sediment bioturbation (Solan et al. 2004). The models
demonstrated that the magnitude of the effect of species loss on bioturbation depends on how the functional traits of species co-vary with their risk of extinction. Similarly, loss of rare (and therefore more prone
to extinction) species had no effect on above-ground
net primary productivity in plots on a prairie grassland
over 2 growing seasons, whereas loss of dominant species led to decreased productivity (Smith & Knapp
2003). These results contrast with decreases in ecosystem functioning with decreasing species richness
found in similar studies, but with random species
assemblages (Hector et al. 2002, Tilman et al. 2002).
Acknowledging this in experimental designs could
be done by selecting combinations of species as before,
but with weighting for a species to be included based
on a measure of the relative likelihood of that species
going extinct (Srivastava 2002). However, this would
mean that a general effect of biodiversity on ecosystem
functioning would be confounded by systematic
changes in species composition (Lawton et al. 1998,
Hector et al. 2002). A possible solution to this would be
to use both approaches in the experimental design
(Srivastava 2002). The replicates based on randomly
selected combinations of species would act as a nullmodel, and comparison with replicates with weighted
selection of species would allow the separation of the
effect of losing biodiversity per se from the effect of
losing biodiversity selectively (Srivastava 2002). A further step would be to allow the experiment to continue
over many generations and so allow extinction events
to occur naturally (Srivastava 2002). This type of
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approach combined with some form of perturbation
has been applied (Petchey et al. 1999, Griffiths et al.
2000), but without the null-model treatments.
Concern over the consequences of how species have
been selected for replicates in BEF experiments has
led to much strong debate over the role of ‘hidden
treatments’. Overall, this debate has been very
healthy, resulting in a greater rigour in BEF experimental designs. There is still much to debate, and
methods of choosing which species to include in replicates in model system experiments will remain critical
in interpreting the results and placing them in their
correct context.

Spatial scale
Here, spatial scale is defined as the dimension of
observed entities and phenomena in space (O’Neill &
King 1998, Schneider 2001). Most research into BEF
has focussed on the small spatial scale, and experimental design has required these systems to be closed to
the surroundings (Bengtsson et al. 2002). It could be
misleading to simply extrapolate results from smallscale experiments to a larger scale, assuming that processes and mechanisms do not change, an assumption
unlikely to be true for ecosystems. There have been 3
main hypotheses proposed to explain increased ecosystem functioning with increased species richness at
the small spatial scales used in model systems: species
complementarity, positive interactions between species and hidden treatments. These mechanisms work
at the small, local scale, assuming that species interactions and their functional traits drive the BEF relationship (Bengtsson et al. 2002). However, at larger
spatial scales, it is likely to be variation in resources
and abiotic factors that are the main drivers (Huston
1994, Anderson 1995). It has been suggested that these
scale differences may lead to differences in the main
effects of changing diversity, with changes at the small
scale mainly affecting rates of ecosystem processes,
whereas, at the larger scale, changing diversity will
tend to alter levels of ecosystem resilience and stability
(Bengtsson et al. 2002).
Not only may scale change the type of relationship
between biodiversity and ecosystem functioning, it may
also alter the level of effect. As one moves towards community-wide scales in heterogeneous systems, effects
of biodiversity could be overwhelmed by other factors
(Levine et al. 2002), such as abiotic factors. Thus, at increasing scales, effects of biodiversity may become
harder to detect against a background of other effects.
Integration of scale as a factor in model system
design will be intimately related to, and complicated
by, the integration of multiple trophic levels (see ‘Mul-
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tiple trophic levels’ section). Species in the higher
trophic levels tend to have larger home ranges, and the
scales at which their dynamics operate will be greater.
This implies that studies conducted at one trophic level
may not be directly relevant to studies at another
trophic level, even if the studies have been conducted
at the same spatial resolution (Bengtsson et al. 2002). A
further implication is that including multiple trophic
levels will change the model system from working at a
single spatial scale, to working at multiple interacting
spatial scales. If changes in biodiversity at different
scales have different effects (Bengtsson et al. 2002),
interaction of mechanisms between scales could be
significant in determining which are the main effects
of biodiversity loss in an ecosystem.
One way of allowing a range of spatial scales in
model systems would be to simply expand the size of
enclosure or plot used in the experiments. This
approach has been utilised (Petchey et al. 1999, Hulot
et al. 2000), but as part of research of multi-trophic
interactions and not to specifically examine biodiversity–ecosystem functioning. A similar approach might
be to connect blocks of micro- or mesocosms together,
allowing interactions over a larger spatial scale
(Bengtsson et al. 2002). These approaches allow only a
limited increase in the range of scales for model ecosystems, but offer an important next step in addressing
the role of scale in BEF relations.
Other methodologies such as utilising large-scale
enclosures of ecosystems, either using natural boundaries such as lakes and islands (Carpenter et al. 2001),
or artificial boundaries (Krebs et al. 1995), have been
used. These designs would be better for continuing to
address the role of scale in BEF at larger spatial scales,
but offer much less control of starting conditions, fewer
replicates (often only 1), and are far more difficult and
costly to monitor. Realistically, model systems will be
limited in the scales that they can incorporate. However, if they can be expanded in size, albeit to a limited
degree, from the current small spatial scales, it may be
possible to integrate results from these experiments
with experiments based on different experimental
designs and incorporating larger spatial scales. Simply
having multiple spatial scales will allow a start to be
made in addressing the role of scale in BEF.
Working at increasing spatial scales has the associated problems of increased requirements of space,
time and financial costs, with a possible compromise
being obtained by a reduction in the number of replicates. The great need to address the role of scale in
BEF with the associated likelihood of decreasing the
number of experimental replicates has led to the suggestion that we may have to be prepared to accept a
lower level of statistical rigour in experimental design
and analysis (Bengtsson et al. 2002).
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Dimensional analysis offers potential for designing
model systems that will allow results to be extrapolated
to larger spatial scales (Petersen & Hastings 2001,
Englund & Cooper 2003). The technique involves
determining dimensionless variables by rearranging
different measurements of the systems so that their
units cancel each other out. The relative values of the
component variables can be adjusted to maintain the
same value of the dimensionless variable in the model
system as in the ecosystem. The lack of flexibility in
controlling organism characteristics for scaling in this
way strongly limits this approach (Englund & Cooper
2003). However, the greatest limitation is due to our
lack of knowledge of the scaling relationships that
drive ecosystem dynamics (Petersen & Hastings 2001,
Englund & Cooper 2003). These limitations will be
exacerbated in multi-trophic studies, since the level
and dynamics of scaling will vary between species,
making a common scaling relationship for all species
involved unlikely.
An alternative approach is the translation of results
across scales using scaling models, incorporating
known empirical relationships or mechanistic models
(Schneider et al. 1997, Englund & Cooper 2003). Application of this methodology to open predation experiments (Englund et al. 2001) has been used to identify
scale domains (Wiens 1989), ranges in scale over which
there is no or only weak scale dependence, but
between which there is strong scale dependence or
changes in the drivers of the process of interest. The
defining of scaling relationships in the open predation
experiments was accomplished via a meta-analysis
of past experiments performed at different scales
(Englund et al. 2001). Identifying such scale domains
explicitly shows the scales over which we need to be
particularly careful about scaling effects. Again the
major limitation in translating results between spatial
scales is our lack of knowledge of scaling processes;
complex multi-scale experiments or meta-analyses are
required to develop empirical scaling relationships,
and scaling mechanisms are poorly understood. Multiscale experiments in which the same treatment is
applied at different spatial scales as part of an integrated experimental design will generate less ambiguous results than meta-analyses (Chen et al. 1997).
As part of an assessment of the various research paradigms for addressing multi-scale processes, strategic
cyclical scaling was considered to be the most appropriate paradigm to use (Root & Schneider 1995). This
paradigm involves using observations at large scales to
direct the testing of mechanistic processes in smallscale experiments, the results of which are used to
make predictions at larger scales. This cyclic process
builds up knowledge of processes and mechanisms
across a spectrum of scales. Gaps in our knowledge of

scaling processes for a particular system can be explicitly visualised with scope diagrams (Schneider et al.
1997), and these represent a possible guiding methodology in the recommended strategic cyclical scaling
paradigm.

Multiple trophic levels
Ecosystems are composed of several trophic levels
with interactions between these trophic levels. Therefore, any theory of BEF that does not take this dimension of ecosystems into account will necessarily be
incomplete. This raises concerns about current work
using model systems. There has been an overwhelming concentration on experimentation with plants (a
single trophic level), and multiple trophic levels have
been explicitly incorporated into only a few model systems addressing BEF (Naeem & Li 1997, Petchey et al.
1999, Naeem et al. 2000, Duffy et al. 2001, 2003, 2005).
Effects of biodiversity are just as likely, or more
likely, to be driven by the consumer level as the level
of plants (Petchey et al. 1999, Duffy 2002, 2003), and
these effects will lead to further effects via trophic
interactions (Naeem et al. 2000, Worm & Duffy 2003,
Duffy et al. 2005). It has been suggested that changes
in ecosystem processes resulting from changes in biodiversity at the consumer level are likely to be more
idiosyncratic than would be the case with changes in
plant biodiversity (Duffy 2002). So, not only is there the
complication of added complexity due to interaction
between individuals in the different trophic levels, but
changes in biodiversity at these different levels could
result in very different ecosystem responses (Petchey
et al. 1999, Duffy 2002, 2003, Worm & Duffy 2003). This
has experimental support. Aquatic microcosms have
shown different patterns of species loss at different
trophic levels, resulting in complex responses in ecosystem functioning (Petchey et al. 1999). In estuarine
mesocosms increased grazer diversity led to increased
seagrass diversity only when a predator species was
present (Duffy et al. 2005).
Many of the problems of extending model systems to
incorporate multiple trophic levels are in common with
those of extending spatial and/or temporal scale, these
3 aspects of ecosystems being intimately linked. The
inclusion of multiple trophic levels requires systems of
larger spatial scales and therefore has higher financial
and physical costs, resulting in a trade-off with replication. A further complication is that the effects of different trophic levels can operate at different temporal and
spatial scales (Bengtsson et al. 2002, Raffaelli et al.
2002, Raffaelli 2006, in this Theme Section). For example, the soil community appears to respond with a
marked time lag behind plants, indicating a decou-
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pling of temporal dynamics between these 2 trophic
compartments (Van der Putten et al. 2000).
Organisms at some trophic levels tend to be more easily identified, and by more people, than those at other
trophic levels, so that taxonomic resolution declines at
lower trophic levels, especially in invertebrate (but not
plant-based) webs (Raffaelli et al. 2002). Although model
systems can overcome this problem in principle by using
clearly separate species in the system, biases will inevitably result, whilst the systematics of many lower
taxa, such as those in sediments (meiofauna) and soils
(mites), are extremely challenging or even unresolved.
Despite these issues, multi-trophic model systems
have been constructed, although they have rarely
addressed BEF directly and have incorporated limited
numbers of species (Naeem & Li 1997, Petchey et al.
1999, Naeem et al. 2000, Duffy et al. 2001, 2003, 2005).
As with incorporating larger spatial scales, there is
potential here also for using naturally enclosed ecosystems such as lakes and islands (Carpenter et al. 1995,
2001, Krebs et al. 1995). However, the level of control,
the number of replicates and the level of information
on the states of the system with time in these experiments will be inherently much lower.
Understanding BEF dynamics in the context of multiple-trophic levels will be essential to making properly
informed predictions of the consequences of decreasing biodiversity. As a result, the need for incorporating
multiple-trophic levels in model systems is probably
the most pressing (Raffaelli 2006). However, achieving
this represents a considerable challenge.

Variation
There are 3 principal sources of variation which
need to be considered when addressing BEF issues.
Firstly, biodiversity, viewed as a constant and independent factor within each biodiversity treatment in the
experimental design, will be variable over space and
time in real ecosystems. Secondly, there will be variation in the level of ecosystem functioning under consideration due to biodiversity and, thirdly, residual
variation due to other independent factors.
Ecosystem functioning will vary in space and time,
and these dynamics need to be understood. Model systems, with high levels of replication, and strong control
over initial conditions are ideal for measuring this
inherent variation in functioning at constant biodiversity, at least at small spatial scales. However, current
experimental designs are not conducive to measuring
the effect of variation (temporal or spatial) in biodiversity on ecosystem functioning (Benedetti-Cecchi 2003).
The majority of ecological experiments attempt to
relate the effect of mean intensity of the independent
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variable (biodiversity) to the resulting mean intensity
and variation in the dependent variable (ecosystem
functioning). Variation in the independent variable
tends to be ignored, with experimental design incorporating the independent variable as a constant
factor (Benedetti-Cecchi 2003). However, experimental designs that begin to address the role of temporal
and spatial variation in the independent variable are
starting to appear (e.g. Navarrete 1996, BenedettiCecchi 2000). For example, variance in the spatial distribution of resource populations can be sensitive to
changes in the variance of the consumer–resource
trophic interaction (Benedetti-Cecchi 2000), in addition to the mean effect of the consumers. A consumer–
resource model incorporating this effect was able to
replicate patterns in empirical data, which previous
models had not been able to produce (BenedettiCecchi 2000).
Such considerations have not yet been applied to
most BEF experiments. The general experimental
design has been addressed recently (Benedetti-Cecchi
2003), allowing the separation of effects between the
intensity and variability (temporal or spatial) of an
ecosystem process driver. The design must be structured so that the intensity and variability are arranged
as independent factors (i.e. orthogonal). It should also
be noted that this independence does not hinder examining relationships between the 2 factors via tests on
interaction terms (Benedetti-Cecchi 2003).
Although these experimental designs separating
intensity and variability of independent factors were
constructed with consumer–resource interactions in
mind, it should be possible to adapt them for addressing
BEF questions, and model systems offer great potential
in this respect. The strong control in determining
starting conditions and the relative ease of producing
replicates should provide for experimental designs in
which biodiversity level and variation are orthogonal,
therefore allowing for the separation of effects due to
variation in biodiversity. However, since heterogeneity
is linked intricately to scale, the small spatial and short
temporal scales of most model systems impose a
limitation on the levels of variation in biodiversity
that can be addressed using this methodology.

Environmental stochasticity
Related to the role of the environment in BEF is the
issue of environmental stochasticity. In the real world,
environmental variables change with time, and these
changes incorporate a stochastic component. A stochastic variable has a random probability distribution
that can be analysed statistically, but not predicted
precisely. Demographic stochasticity describes un-
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certainties relating to characteristics of individuals,
whereas environmental stochasticity describes uncertainties imposed at the population level by the environment (Bonsall & Hastings 2004). Stochasticity in models has often been treated as random fluctuations, with
no temporal correlation (Halley 1996), also known as
white noise. However, so-called ‘reddened’ spectra,
with positive temporal autocorrelation between fluctuations (Halley 1996), may be more appropriate for
environmental fluctuations (Mandelbrot & Wallis
1969), particularly in marine systems (Steele 1985).
Environmental stochasticity is a well-known determinant of population dynamics (May 1973, Lande 1993),
and long-term population records appear to show reddened spectra (Pimm & Redfearn 1988), suggesting a
connection between reddening of environmental drivers and reddening of population dynamics. If this connection is real, the level of temporal autocorrelation in
environmental drivers is likely to play a role in BEF
dynamics, possibly causing BEF relationships to change
independently of changes in species composition
(Johnson 2000).
Aquatic microbial systems are excellent for testing
connections between characteristics of environmental
variation and BEF, providing high levels of control over
environmental conditions and the capacity to run
experiments over many generations (ensuring that the
results are driven by population dynamics). They have
already been used to demonstrate that single-species
microbial population dynamics can be sensitive to the
colour of temperature fluctuation with time (constant,
white, or reddened) (Petchey 2000). In a more recent
experiment, similar temperature fluctuations have
been applied in conjunction with varying species richness to test for effects on changing total community
biomass (Petchey et al. 2002a). Results indicated that
change in total biomass was unaffected by the temperature regime. However, the authors point out that biomass in each microcosm was estimated only twice and
therefore measured long-term change in biomass and
not fluctuations in biomass, and that this restriction
meant they were unable to separate change due to stochastic fluctuations and change due to directional
changes (Gaston & McArdle 1994). To do this requires
experimental designs with a number of samples and a
frequency of sampling appropriate for obtaining an
estimate of the general trend and therefore enabling
the partitioning of change due to stochastic environmental fluctuations (Gaston & McArdle 1994). Future
experiments aiming to relate environmental stochasticity to variation in ecosystem functioning through
time will also need to ensure that a number of samples
is taken from each microcosm at each time. This will
enable an estimate of sampling error for each ecosystem functioning estimate and therefore enable an esti-

mate of the true but unknown level of ecosystem
functioning (Gaston & McArdle 1994). Any measure of
variation of ecosystem functioning across time will
then be an estimate of the variation in ecosystem functioning, rather than an estimate of the variation in
ecosystem functioning estimates (Gaston & McArdle
1994).

CONCLUSIONS AND RECOMMENDATIONS
This review has shown that model systems have
been much used recently in trying to gain an understanding of BEF. Generally using isolated, small-scale
collections of species, they are simplistic systems that
are designed to be tractable whilst distilling out essential characteristics of BEF. The high level of control
over starting and environmental conditions, along with
good levels of reproducibility and replication make
model systems a potentially very powerful tool for
understanding BEF.
These systems have been heavily criticised in the literature because of their artificiality and their simplicity
compared to real ecosystems. But this is to view model
systems in the wrong context. The criticisms are really
limitations to the methodology; they do not make the
methodology invalid or less valid than alternative
approaches which have their own faults. Model systems need to be viewed as part of a holistic approach to
understanding BEF that utilises a range of methodologies. In this context model systems are a tool with
strengths and weaknesses, but with strengths that
complement those from other methodologies. The
complexity of ecosystems is enormous, and model systems are a reductionist methodology designed to
address possible links between biodiversity and
ecosystem functioning in a simplistic and therefore
understandable context. They are tools for examining
these links in isolated fine detail; they are not designed
to address how ecosystems function as a whole. The
high level of control and monitoring that is possible
makes these systems particularly suitable for investigating mechanistic processes. We therefore endorse
the strategic cyclic paradigm (Root & Schneider 1995)
with an emphasis on the use of model systems to investigate possible mechanisms underlying BEF, evidence
of which can then be tested for in larger-scale experiments and field observations (Fig. 2). Although this
paradigm was suggested originally to deal with issues
of different scales between the different methodologies used to investigate BEF, the cyclic procedure is
just as valid for dealing with other issues, such as multiple trophic levels.
Model systems, particularly the microbial microcosms, offer a strong connection with theoretical mod-
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Theoretical
models

Fig. 2. Suggested nested hierarchical
integration of different methodologies in understanding mechanisms
driving biodiversity–ecosystem functioning (BEF) based on the strategic
cyclical scaling paradigm (Root &
Schneider 1995). Light grey arrows
indicate verification processes, dark
grey arrows indicate the generation
of mechanistic hypotheses and predictions. Connections between any 2
methodologies are not precluded but
would represent cases where extra
caution in interpretation may be
required

Model
systems

‘Natural
model
systems’

Field
experiments

Field
observations /
manipulations

Increasing spatial scale

Increasing complexity

elling. This is of great potential benefit as predictions
from theoretical models (including many of the simplifying assumptions) can be rigorously tested under
highly controlled conditions. We suggest that particular use of this strong link be made to generate theoretical models of BEF that can be strengthened by the
validation of matching of model predictions from
theoretical models with model system behaviour.
If there is to be effective integration of the different
methodologies, there will need to be a common language. Although dimensional analysis (Petersen &
Hastings 2001, Englund & Cooper 2003) can be difficult and care must be taken to provide ecologically
meaningful dimensions, it provides a framework for
translating results and concepts across different
methodologies and between different systems. We
therefore advocate its regular use in model systems
and suggest that it be part of an increase in metaanalyses trying to identify commonalities and differences across systems as well as scales, providing a
more complete view of mechanisms underlying BEF.
A greater effort needs to be made to put the results of
model systems into proper ecological context. This will
enhance coherency in the general BEF debate by highlighting common factors and differences between different model systems, and between model systems and
other methodologies. For example, some model systems will be driven by population dynamics, whereas
others will be strongly driven by initial starting conditions, making it difficult to integrate the results from

the 2 groups. Similarly some model systems will be
based on ecosystems strongly influenced by stochastic
factors and others on ecosystems where this is not the
case. BEF dynamics will alter according to such considerations, and results from model systems need to be
put into context to facilitate an understanding of how
these considerations can alter BEF. This needs to be
recognised so that debate is not over differences due to
a lack of understanding of relevant contexts, but over
true differences and similarities in different situations.
A second vigorous debate in the literature has been
over the implications of hidden treatments with species
selection conducted randomly, leading to the questioning of the significance of results from BEF model systems. The debate over the sampling effect is illustrative of what can be gained from the use of model
systems. It has led to a clarification and increased
understanding of possible mechanisms linking biodiversity to ecosystem functioning, and to much more
robust and rigorous experimental designs for the
future.
There are 2 main concerns over hidden treatments:
the match between the random selection of species
method and reality and the resulting effects of the statistical sample distributions on the validity of the statistical analyses. The random-selection method can
reflect reality in ecosystems in which population
dynamics are strongly driven by stochastic processes
or by a number of interacting processes (Fridley 2001).
The relevance of randomisation must therefore be
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judged in the context of the ecosystem being
addressed. If random selection is not realistic, speciesrichness treatments could be chosen using expert
knowledge or using weighted choices based on likelihood of extinction. Microcosm experiments in which
many generations will elapse could be allowed to
progress for different amounts of time, allowing extinction of species to occur ‘naturally’ and therefore determine realistic species combinations to be used in BEF
model systems.
ANOVA has been used extensively in the analysis of
BEF model systems. Hidden treatment effects can lead
to heterogeneity of variance, breaking one of the
assumptions underlying this method. However,
ANOVA is robust to this assumption under certain circumstances. Problems are much more pronounced
when sample sizes differ (Box 1953). However, if samples are balanced, heterogeneity of variance is usually
only a serious problem when one of the samples has a
larger variance than the others (Underwood 1998). The
effects of heterogeneity of variance are also significantly reduced as the number of treatments increases
and when sample sizes are large (usually taken to be
> 6) (Underwood 1998). If heterogeneity of variance is
judged to be likely, these considerations in experimental design should be regarded as a priority.
A second concern about the effects of hidden treatments on the interpretation of results from ANOVA is
asymmetry in similarity of quasi-replicates between
species-rich and species-poor treatments, leading to
differences in the interpretation of experimental error.
This can be minimised, as well as gaining more information about the mechanisms involved, by explicitly
incorporating the likely environmental sources of
experimental error as factors in the ANOVA design.
Ecosystem functioning has usually been measured
by a single metric (e.g. primary production). This collapsing of a multi-dimensional characteristic into a single dimension offers tractability, but decreases the
level of information gained, as well as leading to possible misinterpretations due to a lack of perspective. We
suggest an expansion in the number of metrics used to
measure ecosystem functioning in a model system as a
way of increasing the level of understanding of the
mechanistic processes driving BEF.
Similarly, ‘biodiversity’ is a multi-dimensional concept that is collapsed into 1 dimension for BEF modelsystem studies, usually species richness, since this is a
metric that is both intuitive and easily measured and
manipulated. Future experiments will need to address
other components of biodiversity (e.g. evenness) to
gain a more complete understanding of BEF. This
could be done by repeating experiments using a measure of biodiversity other than species richness or with
the new measure plus richness. Dealing with the mul-

tiple dimensions of biodiversity is likely to be harder
than expanding the dimensionality of ecosystem functioning, as biodiversity is a treatment rather than a
response, and the possible permutations within and
amongst the newly applied metrics of biodiversity will
increase the already large number of replicates
required for BEF model system studies. An ANOVA
design with crossed biodiversity factors would be
appropriate and allow for the measurement of interaction terms between the different biodiversity dimensions.
The focus on species richness as the metric for biodiversity has started to change towards functional richness. This is a trend that should continue, but it will not
be without difficulties. Functional richness is a measure based on ecological behaviour and is therefore
much more suitable than species richness for generating a mechanistic understanding of BEF. Where functional richness has been compared to species richness,
it has shown greater explanatory power for levels of
ecosystem functioning (Petchey et al. 2004). The main
difficulty is generating sensible functional groupings
that relate properly to the ecosystem function of interest, although progress in this has already been made
(Petchey & Gaston 2002, Petchey 2004).
Although model systems are by design simplistic, it
is clear that they can be extended or experimental
designs can be altered, in order to investigate issues of
BEF not yet addressed. Complexity can be increased,
whilst keeping the systems tractable, so that the role of
vital components of BEF can be investigated, such as
spatial scale and multiple trophic levels. The key is to
ensure that these extensions integrate well with other
experimental methodologies.
Natural microcosms are small, contained habitats
that are naturally populated by minute organisms (Srivastava et al. 2004). Although they offer a valuable link
between the simpler model systems and extremely
complex ecosystems (Srivastava et al. 2004), they have
been used relatively little and not to address BEF.
Examples of such systems include aquatic rock pools
(Romanuk & Kolasa 2002), marine pen shells (Munguia
2004), pitcher plants (Kneitel & Miller 2002) and tree
holes (Fincke et al. 1997, Srivastava & Lawton 1998).
These systems offer several benefits: real multiple
trophic combinations of species with a shared evolutionary past and a level of openness of individual
microcosms arranged in a natural hierarchical spatial
structure (Srivastava et al. 2004). These benefits result
in a reduction in the level of control and tractability,
but not to the levels of whole ecosystems. The decrease
in tractability and increase in generality mean that use
of model systems and natural microcosms can be complementary methodologies — model systems testing if
hypothesised effects occur, whilst natural microcosms
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test if these effects are important in the real world
(Srivastava et al. 2004).
Model systems have already proved to be of value in
BEF research and are likely to continue to be useful.
They will not provide us with an overall understanding
of how ecosystems function, but they are capable of
providing valuable insights into how small, isolated
components of ecosystems work. Model systems have
great strengths, but also strong limitations that must be
recognised when trying to put experimental results
into context. They offer an extremely valuable
methodology that must be integrated with other
methodologies, such as observation and manipulation
of ecosystems, in order to provide a more complete
understanding of BEF. This integration of methodologies will be challenging, but is a necessity if we are to
understand BEF. Marine ecology has a long history in
the experimental design of, and interpretation of results
from, model systems. This knowledge and experience
can play a valuable role in enhancing our understanding of BEF in marine ecosystems and more generally.
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